
ABSTRACT 

LEE POW, CRYSTAL STEPHANIE DAWNA. Biological Effects of Complex Estrogenic 

and other Endocrine Active Mixtures in Aquatic Systems. (Under the direction of Dr. Seth 

W. Kullman). 

 

Estrogenic endocrine active compounds (EACs) are of growing concern to natural resource 

managers and policy makers because of their adverse effects on individual fishes and fish 

populations. These compounds are linked to demasculinization and feminization of male fish. 

For example, reduced sperm production, suppression of secondary sex characteristics (SSC), 

induction of vitellogenin (VTG; a female specific egg-yolk protein) and the presence of 

oocytes within the testis (intersex) are found in male fish. Chronic exposure to estrogenic 

EACs can lead to skewed sex ratios, reduced breeding capacity and overall decline in fish 

populations. In spite of extensive documentation of adverse effects in fish populations, there 

remain knowledge gaps in understanding estrogenic EAC disruption in individuals and 

populations.  

To address these gaps, this dissertation investigates factors influencing organismal effects 

that could ultimately lead to population declines. Chapter 2 presents an assessment of 

molecular initiating events leading to induction of VTG. Estrogenic EACs mediate their 

activity through estrogen receptors (ERs), of which teleost fish have at least three subtypes 

(ERα, ERβ1 and ERβ2). However, the role of the three ER subtypes in gene expression 

following estrogen exposure is unclear. To this end, I developed a transient transactivation 

assay that incorporates luciferase reporters comprised of 3kb of the VTGI and VTGII 

promoter regions. Results indicate that all three Japanese medaka (Oryzias latipes) mERs are 

capable of initiating transactivation of both VTG I and VTG II, with mERβ2 exhibiting the 

greatest potency and efficacy. Promoter deletion analysis illustrated that ligand-specific 



receptor activation and utilization of regional-specific estrogen response elements may be 

associated with differential activities of the three mER subtypes. I also established a possible 

link of mERα expression and transaction of mERβs to VTG induction. Results provide 

insight into VTG gene and other ER-mediated regulatory functions associated endocrine 

activities and endocrine disruption in teleost species. 

In Chapter 3, the prevalence of intersex and relationships to specific EACs are analyzed. 

Estrogenic EACs are ubiquitous in surface waters, yet little information links intersex to 

specific estrogen contaminants in wild fishes. To investigate this relationship I sampled 20 

putative point source, nonpoint source and reference sites for the prevalence of estrogenic 

EACs and intersex in two very common genera of sport fish, Micropterus and Lepomis. 

Through the survey, intersex was identified in both genera, with a higher prevalence in 

Micropterus, for which I found links to hydrophobic EACs. In contrast, intersex in Lepomis 

was highly correlated to EACs abundant in the water column. In this chapter, I identify 

specific classes of EACs contributing to the intersex condition in male fish and provide a 

framework for better understanding and managing factors contributing to intersex in wild 

sport fishes.  

Chapter 4 describes the effect of early-life exposure on reproductive impairment in medaka 

populations, a model fish species. Previous work indicates that exposure during development 

leads to impaired reproductive success, yet questions remain regarding differential 

reproductive effects of exposure during specific developmental stages. In Chapter 4, I 

examined reproductive dysfunction following exposure during four critical windows: gonad 

development, gonad differentiation, development of SSC and gametogenesis. Results 

demonstrated that exposure during all four windows reduced reproductive capacity in 



medaka breeding populations, though the most sensitive window was development of SSCs. 

Assessment of the four windows suggests that time of exposure and dosage of estrogen can 

impact the magnitude of disruption. Results also implied that duration of exposure and 

recovery period can impact the magnitude of disruption. Findings from this chapter provide a 

better understanding of developmental windows in susceptibility of reproductive disruption 

in fish populations. 
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CHAPTER 1 

Introduction 

Over a half a century ago, Rachel Carson’s “Silent Spring” (1) brought to the public eye 

the decline in bird populations caused by dichlorodiphenyltrichloroethane (DDT), an 

organochlorine insecticide used extensively since the 1940’s. The publication of this book 

sparked the environmental movement, which ultimately led to the 1967 ban of DDT use in 

the United States (US) and the formation of the Environmental Protection Agency in 1972. It 

wasn’t until a few decades later that DDT exposures were implicated in eggshell thinning and 

feminization of male birds, as described in Theo Colborn’s “Our Stolen Future” (2). In this 

book, DDT was one of many compounds identified as endocrine active contaminants (EACs) 

that pose a threat to the health of humans and wildlife. Unfortunately, decades later EACs 

continue to be a problem and mounting evidence indicates that they pose significant threat to 

aquatic organisms throughout the globe (3-8).  

Endocrine active compounds are exogenous compounds or mixtures that alter functions of 

the endocrine system and cause adverse effects in an organism, its progeny or its subsequent 

progeny (9). The endocrine system is composed of a complex network of glands involved in 

brain and reproductive development, growth and immune functions (10,11). The network is 

connected by chemical messengers known as hormones, which travel through the 

bloodstream to target tissue, where the hormone binds to target receptors causing a cascade 
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of molecular events leading to physiological changes. There are several mechanisms of 

disruption for EACs, including; 1) binding and activating target receptors (receptor agonists), 

2) binding and preventing activation of target receptors (receptor antagonists), 3) altering 

hormone synthesis, 4) altering hormone metabolism and 5) altering receptor expression (12). 

One class of EACs, estrogenic EACs, is the focus of this dissertation. Exposure to 

estrogenic contaminants reduce sperm production (13-15), skew sex ratios (towards a female-

dominant population), reduce breeding capacity and cause declines in fish populations 

(14,16-21). For example, in a series of lake studies conducted in Canada, Kidd et al. (21) 

document the crash of fathead minnow (Pimephales promelas) populations following two 

years of chronic exposure to 5-6 ng/L of EE2, the active ingredient in most birth control pills.  

Adverse effects on individuals due to EAC exposure are widespread and pervasive 

(13,15,19,22-27), probably due to the abundant sources of estrogenic EACs, which enter 

aquatic systems via point sources (permitted direct discharge effluent pipes) and non-point 

sources (potential for indirect diffusion through run off). Fish are susceptible to 

environmental contaminants due to their aquatic habitats, making them sentinel species of 

human and ecosystem health (28,29). As such, numerous accounts of adverse effects in fish 

downstream of anthropogenic sources of estrogenic EACs (15,19,30-32) is alarming at an 

ecological scale. As such, monitoring fish health has become an important issue and over the 

years several biomarkers have been identified to monitor the extent of exposure to estrogenic 

EACs in fish populations. Biomarkers are measurable biological responses in individual 

organisms that are indicative of exposure. For example, a commonly used and very sensitive 

biomarker of estrogen exposure is vitellogenesis in male fish (15,19,21,22,33). Another 
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identifier of estrogen exposure is the suppression of primary and secondary sex 

characteristics (SSC; 15,26,34-38). A more recent hallmark of estrogen exposure is intersex, 

the presence of oocytes within the testis of male fish and there is mounting evidence this is 

presently a widespread phenomenon (19,23,31,32,39). 

While biomarkers are typically useful at the individual level, stakeholders and regulatory 

organizations are typically interested in population- and community-level effects. However, 

the assessment of population and community effects of estrogenic EACs is often not time or 

cost effective. Environmental studies are also challenging to interpret because it is difficult to 

find pristine reference sites (40) and to control for environmental variables. Fortunately, the 

link between biomarkers and population effects has been extensively studied and modeled 

through the Biomarker Concept (Figure 1), in which molecular initiating events (MIE) can 

ultimately lead to population-level effects through a cascade of changes (41). For example, 

binding of an estrogenic EAC can lead to cellular changes like vitellogenesis or oogenesis. 

Both vitellogenin induction and intersex prevalence have been linked to reduced production 

and motility of sperm, reduced fertilization and reduced hatching success of progeny 

(14,18,42-45). Biomarkers are upstream effects that lead to or coincide with reproductive 

impairment, which can ultimately cause population decline (downstream effects). Ultimately, 

therefore, it is imperative to understand the complexities driving estrogenic EAC disruption 

in fish populations. In spite of the magnitude of information documenting adverse effects, 

ambiguities remain associated with events leading to changes in fish populations.  

To address these holes in our current knowledge, this dissertation focuses on factors 

driving upstream events that can ultimately lead to downstream effects in fish populations. 
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Chapter 2 presents an in-depth assessment of the MIE leading to induction of vitellogenin 

(VTG). In Chapter 3, a comprehensive analysis of the prevalence of intersex and 

relationships to specific EACs is presented. Chapter 4 describes the effect of early-life 

exposure on reproductive impairment in Japanese medaka (Oryzias latipes) populations, a 

small aquarium fish model.  

Molecular Mechanisms of Estrogenic EACs  

Estrogenic EACs mediate their activity through estrogen receptors (ERs), a subfamily in 

the nuclear receptor super family, and regulate many cellular and physiological functions 

spanning from bone growth to reproductive maturation (46). Like all nuclear receptors, ERs 

are composed of six distinct domains (A-F) and their structures have been highly conserved 

throughout evolution (47-52). At the N-terminus, the A/B domain facilitates transactivation 

through activation function-1 (AF-1). Downstream is the C domain, a highly conserved DNA 

binding domain (DBD), which enables dimerization and DNA binding through two zinc-

finger motifs. Adjacent to the C domain is the D domain which contains T-A-boxes that aid 

in dimerization. The next, a highly conserved ligand binding domain (LBD) is the E domain, 

which drives ligand-dependent transactivation with the AF-2 region. At the C-terminus is the 

F domain, whose role is still not quite understood. Aberrant activation of ERs has been 

linked to deleterious effects in humans, fish and wildlife (7,19,22,26,31,32,53,54). 

There are two functional ER subtypes (ERα and ERβ) in mammals due to a genome 

duplication event, where the entire genome of an organism duplicates. Duplicated genes can 

undergo neo-functionalization (acquisition of new functions), sub-functionalization (division 

of original gene function) or non-functionalization (duplicated gene has no function; 55,56). 
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Mammalian ER subtypes underwent sub-functionalization that have distinct tissue 

distribution and physiological roles (46,57). Unlike mammals, teleost fish underwent a 

second whole genome duplication event, resulting in at least three ER subtypes (ERα, ERβ1 

and ERβ2; 58-62). Phylogenic analysis of ER subtypes across several fish species found 

distinct clustering groups composed of ERαs or ERβs (47,58,60,63-66), suggesting sub-

functionalization between ERαs or ERβs. However, sub-functionalization of teleost ERs 

remain ambiguous, giving rise to uncertainties driving molecular changes.  

To tackle the uncertainties of MIEs driving estrogenic EAC activity, Chapter 2 investigates 

the role of three ERs in inducing VTG. Originally, the scientific community believed that 

vitellogenesis expression was driven through transactivation of ERα because VTG induction 

is accompanied by a sharp increase in hepatic ER(67,68). However, other studies suggest 

that ERβs are also necessary for VTG induction, possibly in a priming capacity of ERα 

(69,70). Some studies have even documented a direct role of ERβ subtypes in VTG 

transcriptional activation. To clarify MIE leading to VTG induction, in Chapter 2 I assess the 

role of three medaka ER subtypes in VTG induction. Transactivation assays coupled with 

gene expression analysis (ER, ERβ1, ERβ2, VTGI and VTGII, described in Appendix A) 

were assessed to develop a better understanding of the molecular initiating events that lead to 

vitellogenesis and other estrogen responsive genes.  

Classes of Estrogenic EACs 

Many classes of chemicals bind ERs and disrupt natural estrogen activity. Natural steroidal 

estrogens (e.g.17β-estradiol [E2β]), synthetic steroidal estrogens (e.g. 17α-ethynylestradiol 

[EE2] and Diethylstilbestrol [DES]), plant-derived phytoestrogens (e.g. isoflavones), and 
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industrial derived estrogen mimics (e.g., polychlorinated biphenyls [PCBs], polycyclic 

aromatic hydrocarbons [PAHs] and bisphenol-A) make up the vast group of estrogenic 

EACs. This extensive list of estrogen mimics is due to the promiscuous nature of ERs, whose 

ligands are typically phenolic with a stilbene backbone (e.g. DES; 71,72), however there are 

many exceptions to these properties (e.g. nonyphenol, endosulfan; 73-75). Estrogenic EACs 

are abundant and detected in surface waters throughout the US and globe (76-85). Numerous 

studies have documented elevated concentrations of estrogenic EACs downstream of human- 

derived sources like wastewater treatment plant (WWTP) effluent pipes (15,78,80,81,86,87) 

and concentrated animal feeding operations (CAFOs; 32,87-89). 

Accompanying the detection of estrogenic EACs, endocrine disruption in fish populations 

is a widespread problem associated with anthropogenic sources of contaminants 

(13,19,22,24,26,27). In Chapter 3, I evaluate the relationship of EACs to endocrine 

disruption in wild fish. The cellular presence of intersex in male fish has been linked to 

proximity of WWTP effluent pipes (31,79) and CAFOs (32,89,90). In spite of the global 

detection of intersex and known relationships to anthropogenic sources, few studies have 

investigated the relationship of intersex to specific estrogen contaminants detected in aquatic 

systems. To investigate the relationship between estrogenic EACs and intersex, in Chapter 3 

I describe a statewide survey in North Carolina. Twenty sites were selected from a GIS-based 

map developed with permitted point and non-point discharges throughout the state, which is 

described in Appendix B. Two very common and widely distributed genera in the US, 

Micropterus and Lepomis, were targeted at each site. Intersex and estrogenic EACs were 
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quantified simultaneously to establish a link of exposure to prevalence and severity of 

cellular changes.  

Windows of Susceptibility  

Estrogenic EACs induce reduced sperm production, skewed sex ratios and reduced 

breeding capacity in fish populations (14,16-20). The effects observed in fish populations can 

arise from exposure during organizational or activational development (91,92). 

Organizational development occurs during early life and exposure to estrogenic EACs can 

impact primordial cell differentiation and gonad growth and development. These effects are 

time sensitive and irreversible (7,91,92). Activational development occurs later in life, and 

exposure typically affects development of SSC and reproductive maturation. Activational 

windows are not time sensitive and recovery occurs after removal of estrogenic EACs 

(7,91,92). While it has been established that exposures to estrogenic EACs during these 

developmental windows can lead to overall breeding impairment (20,26,34,93-99), there 

remains a paucity of information regarding differential reproductive effects of exposure 

within defined life stages. In Chapter 4, I examine reproductive dysfunction following EAC 

exposure during four critical windows in medaka development.  

Medaka is a model species for investigating effects on reproductive development. They 

undergo genetic sex determination via the Y-specific DM-domain (dmy) gene (100,101). The 

dmy gene is also known as DM-related transcription factor 1bY (dmrt1bY) and is located on 

the Y chromosome. Up-regulation of dmy results in the expression of dmrt1 (a paralog gene), 

a transcription factor required for testicular development (101). The genetic sex of an 

individual can be assessed with a simple polymerase chain reaction (PCR). These extensively 
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studied fish have many attributes that make them ideal for the investigation in Chapter 4. For 

example, gonad development in medaka occurs during embryogenesis and at hatch their 

bilateral lobed gonads have developed but are undifferentiated. After hatching and until 

about day 25, gonads have differentiated into ovaries or testis (normally dependent on the 

presence of dmy gene; 101,102). By 70 days post hatch the SSC are present (Figure 2), 

females have a smaller and right-angled, triangle-shaped anal fin where males have a larger 

parallelogram-shaped anal fin. The anal fin of males has the appearance of a saw-toothed 

edge with papillary processes on their posterior rays. The dorsal fin in males is longer and 

has a cleft between 5th and 6th ray. Females have fleshy and more prominent urogenital 

papillae than males (36,103). These hardy fish have a generation time of 2-4 months and 

females produce 10-30 eggs per day (104). In chapter 4, I compare reproductive impairment 

of medaka following exposure during gonad development, gonad differentiation, 

development of SSC and gametogenesis. 

With an ever-growing global population, increased output of contaminants into the 

environment is inevitable. This is troublesome, with numerous and widespread cases of 

endocrine disruption (13,15,19,22-27). Thus, it is critical to understand links of EAC 

exposures to molecular, individual and population-level disruptions in fish. The following 

chapters seek to shed light on the steps from molecular to individual responses that ultimately 

lead to population-level effects. Data from this research will be useful to policy makers, 

natural resource managers and human health officials as we work to gain a better 

understanding of how these contaminants affect aquatic systems and fishes, which is 

necessary to develop tools to mitigate these impacts.  
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FIGURES 

 

Figure 1. Schematic of Biomarker Concept that diagrams movement from molecular change 

to ecosystem changes. Changes due to estrogenic endocrine active contaminants are shown 

under the arrow. 
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Figure 2. Sex Specific Characteristics in Medaka. a:Anus, af:anal fin, d:dorsal fin, u: 

urinogenital papillae, v:ventral fin, p:papillar process. Image taken from Yamamoto 1953 

(102). 
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ABSTRACT: Teleost fish express at least three ER subtypes due to two genome duplication 

events. To date however, the role of ER subtypes in regulating induction/repression of 

estrogen responsive genes remains ambiguous. Here we investigate putative roles of Japanese 

medaka (Oryzias latipes) mER subtypes in transactivation of medaka vitellogenin (VTG) I 

and II. We use transient transactivation assays that incorporate luciferase reporters comprised 

of 3 kb of the VTGI and VTGII promoter/enhancer regions with four steroidal estrogens 

(17β-estradiol, estrone, estriol, and 17α-estradiol). Results indicate that all three mERs are 

capable of initiating transactivation of both VTG I and VTG II, with mERβ2 exhibiting the 

greatest efficacy and potency. Promoter/enhancer deletion analysis suggests that ligand 

specific receptor transactivation and utilization of regional specific estrogen response 

elements are likely associated with differential activities of each mER. Further, a comparison 

of in vivo gene expression and transactivation of each ER subtype suggests that 

transactivation of mERβs and in vivo expression of mERα is essential in regulation of VTG. 

Here we illustrate preferential ligand/receptor/promoter interactions that may have direct 

implications into VTG gene and other ER mediated gene regulatory functions associated with 

endocrine activities, and endocrine disruption in teleost species.  
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INTRODUCTION 

Endocrine active compounds (EACs) are exogenous compounds or mixtures that alter 

functions of the endocrine system with the potential to cause adverse effects on individuals, 

their progeny or their subsequent progeny (1). Estrogenic EACs, a subclass of EACs, are 

comprised of a multitude of chemical classes including: natural estrogens (e.g., 17β-estradiol 

[E2β] and isoflavones), synthetic estrogens (e.g., 17α-ethynylestradiol and diethylstilbestrol) 

and estrogen mimics (e.g., polychlorinated biphenyls, polycyclic aromatic hydrocarbons, 

bisphenol-A; 14). Many classes of these compounds have been detected in surface waters 

throughout the United States (2-6) and have become of increasing concern over the past few 

decades due to potential impacts on wildlife and human populations (7-13). However, 

estrogen contaminated waters are directly linked to a number of adverse affects in fish, 

including the aberrant expression of vitellogenin (VTG), a female specific egg yolk protein, 

in male fish (15-18). On a chronic level continuous exposure of estrogenic contaminants may 

result in feminization and/or demasculinization within teleost populations which may be 

linked to decreased reproductive output, compromised immunity, altered sex ratios, and 

ultimately population collapse (19-24). With the risk to population, community and 

ecosystem sustainability, it is critical to gain a better understanding of the molecular 

initiating events (MIE) leading to adverse effects following exposure to estrogenic EACs.  

Estrogens and estrogenic EACs predominately modulate molecular, biochemical and 

ultimately physiological activities through the modulation of estrogen receptor (ERs) 

signaling. Estrogen receptors belong to a superfamily of nuclear receptors that regulate 

multiple cellular and physiological functions spanning from bone growth to reproductive 
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maturation (25). Estrogen receptors are predominantly ligand-dependent transcription factors, 

which facilitate cellular responses to endogenous and exogenous ligands by coordinating 

complex transcriptional responses (1,2). Classically, ligand activated ERs homodimerize, 

translocate into the nucleus, bind to estrogen response elements (EREs) and facilitate 

recruitment of co-regulators that govern gene transcription. Non-classically, ERs may 

heterodimerize with other trans-factors, interact with non-canonical DNA response elements 

and undergo ligand independent transactivation (25-27). 

In humans, there are two functional ER subtypes (hERα and hERβ) that have distinct tissue 

distribution and physiological roles (25,28). In spite of hERβ arising from a genome 

duplication of hERα, ligand selectivity and specificity have diverged between the two 

receptors (27,29-32). Human ERα and hERβ receptor target specificity is further enhanced 

through preferential interactions with non-canonical EREs (27,31). Juxtapose to humans, 

teleost fish express at least three ERs (ERα, ERβ1, and ERβ2) resulting from a subsequent 

genome duplication event (33-37). Similar to mammalian ERs, ligand binding assays indicate 

sub-functionalization of teleost ERs, with subtypes exhibiting differential ligand selectivity 

and specificities (38-41). Additionally, teleost ER subtypes exhibit distinct tissue (e.g. liver, 

gonads, brain, muscles, kidney) distribution patterns (33,35,42-46) and dissimilar tissue 

specific induction/repression patterns following estrogen exposure (42,43,47-49). Although a 

breadth of knowledge has accumulated since the discovery of a third ER in teleost fish, the 

respective function of all ER subtypes in transactivation of estrogen responsive genes 

remains equivocal. 
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Vitellogenin is perhaps the most widely used biomarker of estrogen exposure in oviparous 

species (50-56). Studies in numerous fish species have shown that VTG induction is 

accompanied by a sharp increase in hepatic ERα expression with little change in hepatic ERβ 

(45,48), implying that ERα may be the principle receptor mediating VTG gene expression. 

Studies in zebrafish (Danio rerio) and goldfish (Carassius auratus) compliment this model 

with ERβ subtypes providing a supporting role through estrogen induced up-regulation of 

ERα (57,58). Other studies have postulated that ERα is essential to initiate estrogen induced 

expression of VTG and other estrogen responsive genes (e.g. the egg envelope protein 

choriogenin [CHG]), with ERβ subtypes necessary to sustain expression (59,60). These 

emerging models suggest that the ERβ subtypes may be critical to the early stages of 

vitellogenesis in the normal reproductive cycle of females, as well as to VTG/CHG induction 

in male fish that are exposed to estrogenic EACs. Yet, to date, few studies have demonstrated 

a direct role of ERβ subtypes in regulating VTG transcriptional activation.  

This study seeks to elucidate the roles of the three ER subtypes in driving the 

transactivation of estrogen responsive genes, using Japanese (Oryzias latipes) as a model 

organism, and VTG as a model gene. The roles of medaka mERα, mERβ1 and mERβ2 in 

driving VTG expression are investigated using a series of transient transactivation assays, in 

which HeLa cells were co-transfected with mERs and putative regulatory regions of the 

VTGI or VTGII gene promoters. Medaka and other teleost fish have two VTG transcripts 

also resulting from a genome duplication event (61). VTG promoter/enhancer deletion 

analysis was conducted to assess regulatory roles of putative EREs found within VTGI and 

VTGII promoters. Further, a comparison of in vivo gene expression with transactivation of 
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the three ER subtypes was used to ascertain the in vivo roles of ER subtypes following 

estrogen exposure. Test compounds include four steroidal estrogens that are commonly 

detected in wastewater effluents: 17β-estradiol (E2β), estrone (E1), estriol (E3) and 17α-

estradiol (E2α).  

EXPERIMENTAL METHODS 

Chemicals and Environmental Mixture: Standards of steroidal estrogens (E2β, E1, E2α, 

and E3) were purchased from Steraloids Inc. (Newport, Rhode Island) and made into 10 mM 

stock solutions in ethanol (EtOH). Stocks were serial diluted to 10 mM, 1mM, 0.1 mM, 0.01 

mM and 0.001 mM and used across all experiments. All solutions were stored at −20 °C in 

order to preserve chemical integrity.  

Constructs: Medaka ER subtypes were originally received as a generous gift from Dr. 

Taisen Iguchi (National Institute for Basic Biology, Japan) in pCMV3.1 vector (43). 

Receptors were further subcloned as full-length open reading frame (ATG start to TAG stop) 

in the pSG5 vector. Advantage® 2 polymerase chain reaction (PCR) long distance protocol 

(Clontech Laboratories Inc., Mountain View, CA) was used to isolate 3.2 kb of the medaka 

VTGI promoter (pVTGI) from a medaka bacterial artificial chromosome clone (ola-068M06, 

NIBB/NBRP Medaka, Japan). Primers for pVTGI were designed using Primer3 (62,63) with 

overhanging restriction enzyme sites (Table supporting information [SI] 1, Appendix C). 

Amplicons from PCR reactions were cloned into pCR™2.1-TOPO vector using TOPO® 

Cloning Reaction protocol (Life Technologies, Grand Island, NY). Promoter fragments were 

subsequently subcloned using restriction enzymes (KpnI, XhoI) into the pGL4.10 firefly 

(Photinus pyralis) luciferase reporter vector (Promega, Madison, WI). We received the 3 kb 
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promoter region of VTGII (pVTGII) as a generous gift from the Dr. Zhiyuan Gong (National 

University of Singapore, Singapore) in pEGFP (64). Promoter fragment was subcloned using 

XhoI and HindIII restriction enzymes into pGL4.10 vector.  

Transient Transfection: HeLa cells, human cervical adenocarcinoma cells, were 

maintained in Dulbecco’s Modified Eagle Medium (DMEM, Corning Inc., Corning, NY) 

fortified with 10% vol/vol fetal bovine serum (FBS, Corning Inc.), 2.0mM L-glutamine 

(Corning Inc.), and 1% antibiotic/antimycotic (Sigma- Aldrich, St. Louis, MO). During the 

assay, cells were maintained in hormone free media containing 10% dextron/charcoal striped 

FBS (DCC-FBS, Corning Inc.). Cells were seeded at a density of 104 cells per well in 96-

well plates (Corning Inc.) and allowed to attach overnight in 37 °C incubator with 5% CO2 

and humidity. Cells were then transfected with 50 ng of pGL4-luc reporter (firefly) construct 

(pVTGs) and 100 ng of pSG5-ER (mERα, mERβ1 or mERβ2) using Lipofectime 2000 (Life 

Technologies, Grand Island, NY). To control for variations in transfection efficiency, 20 ng 

of pRL-tk-luc (Promega), a renilla (Renilla reniformis) luciferase gene with constitutively 

active herpes simplex virus thymidine kinase promoter was co-transfected. Twenty-four 

hours post transfection, cells were dosed with compounds of interest, as well as, a solvent 

control (EtOH). Following a 24 hr dosing period, luciferase was read using a Dual-Glo 

Luciferase Assay System (Promega, Madison, WI) and FLOUstar Omega Filter-based multi-

mode microplate reader (BMG Labtech, Ortenberg, Germany). Luciferase readings were 

initially normalized to Renilla luciferase to obtain firefly:renilla (FR) ratio. This ratio was 

further normalized to EtOH response (FR/EtOH) to obtain fold transactivation (FT). 
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Transactivation of mERs by Steroidal Estrogens: The capacity of steroidal estrogens to 

transactivate mERs was assessed by transient transfection assay described above. Assays 

were conducted with E2β, E1, E2α, or E3 concentrations ranging between 0.0001 and 10,000 

nM. Sigmoid dose concentration-response curves were generated for each compound with all 

receptor/reporter pairs (mERα-pVTGI, mERβ1-pVTGI, mERβ2-pVTGI, mERα-pVTGII, 

mERβ1-pVTGII, and mERβ2-pVTGII). Fold transactivation was plotted against log 

transformed concentration and fitted to the following symmetric logistic function,  

Equation (Eq. )1: FT = Bottom + 
Top − Bottom

1 + 10hillslope(LogEC50−LogX)
 

with bottom values constrained to 1, using GraphPad Prism software (GraphPad, San Diego, 

CA). (Note: Top values were not constrained because of difference in ligand/receptor 

efficacies i.e. EMAX) Steroid estrogens responses were expressed as concentration that evoked 

half the maximum response (EC50). The maximum efficacy (EMAX) of each compound is 

additionally reported for each compound/receptor/reporter combination. Each dose was run 

in triplicates on a plate and analysis was conducted based on 3-4 technical assays replicates.  

Relative Potency of Steroidal Estrogens and Receptors: To compare potency between 

compound with different EMAX, data was further normalized to EMAX (Top value) and bottom 

of E2β for each receptor by calculating percent induction as described for Yeast Estrogen 

Screen (YES) in Appendix A. 

Eq. 2: Percent Induction =
FT − BottomE2β

TopE2β − BottomE2β
× 100% 

Percent induction was plotted against log-transformed concentration, which was fitted to a 

symmetric logistic function (Eq. 1) with bottom constrained to 0. To compare potency among 
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the four steroidal estrogens the concentration that produced 20% response (EC20) was used to 

calculate relative E2β potency (REP).  

Eq. 3: REP =
EC20 of E2β

EC20 of x
× 100 

To compare potency among the three estrogen receptor subtypes, EC20 was used to calculate 

relative mERα potency (RαP). 

Eq. 4: RαP =
EC20 of mERα

EC20 of mERx
 

VTG Promoter Deletion Analysis: Estrogen response elements (EREs) within both 

medaka VTGI and VTGII proximal promoters were identified using NUBIscan V2.0 

(University of Basel, Basel, Switzerland). The location of eight inverted repeat 3 (IR3) 

response elements were identified within the cloned 3.2 kb fragment of the pVTGI promoter 

and eleven IR3 response elements were identified within the cloned 3.0 kb fragment of the 

pVTGII promoter (SI Table 2). Putative EREs were used to establish deletion constructs 

comprised of 100%, 50% and 25% of the ~3kb proximal regulatory sequence of each pVTG 

via PCR, using Advantage® 2 PCR kit protocol. Amplified regions of each promoter were 

cloned into pCR™2.1-TOPO vector (as described above) and subsequently subcloned into 

pGL4.10. The VTGI 100%, 50% and 25% promoters contained eight, six and four putative 

EREs, respectively. The VTGII 100%, 50 and 25% promoter contained eleven, seven and 

three putative EREs, respectively (Figure SI 1). Analysis of promoter deletion constructs was 

conducted with 1,000 nM of each steroidal hormone to ensure maximal induction and data 

was analyzed as FT. Each compound was run in triplicates on a plate and mean FTs were 

calculated based on 2-3 technical assay replicates. 



 

  

36 

Medaka Exposure and Gene Expression Analysis: Adult Orange-Red (OR) male 

medaka (6-8 months post hatch) were exposed to one of five treatments (0.01% EtOH, 0.64 

nM E2β, 1.42 nM E1, 89.20 nM E3 and 21.59 nM E2α), each treatment exhibited equal 

potency in the YES assay, documented in Appendix A. All medaka care and maintenance 

protocols were approved by NCSU Institutional Animal Care and Use Committee (IACUC). 

Briefly, 60 male fish were separated into 24 2-L beakers (three fish per replicate) and four 

beakers were randomly assigned treatments. During seven-day experiment, fish were 

maintained in 1.5 L rearing media (5.1 mM NaCl, 0.12 mM KCl, 0.198 mM MgSO4·7H20, 

and 0.081 mM CaCl2·2H20 in picopure water) spiked with treatment, with 100% renewal of 

media every 24 hr. Water was maintained at 25 °C (standard deviation: 2°C) and pH ~7.4. 

Fish were reared under strict light:dark cycle (16:8) and fed Otohime B1 dry food (Reed 

Mariculture, Campbell, CA) several times a day. At day seven, fish were euthanized using 

300 mg/L of tricaine methanosulfate (MS-222, Sigma-Aldrich) and livers were excised, 

transferred to cryovials, immediately frozen in liquid nitrogen, and then stored at −80 °C 

until gene expression analysis. Total RNA was isolated from individual medaka livers using 

RNA-Bee reagent (IsoTex Diagnostics, Friendswood, TX). Using the High Capacity cDNA 

Reverse Transcription Kit (Applied Biosystems, Grand Island, NY) cDNA was generated 

from 2 μg of RNA. Hepatic expression of VTGI (AB064320), VTGII (AB074891), mERα 

(AB033491.1), mERβ1 (NM_001104702.1), and mERβ2 (NM_001128512) were assessed 

using quantitative PCR (qPCR) primers (SI Table 3). The housekeeping gene, 18S 

(AB105163), was also quantified as an internal control. Analysis was performed in 96-well 

Optical Reaction Plates (Applied Biosystems) using the ABI 7300 Real-Time PCR system 



 

  

37 

(Applied Biosystems). Gene expression was quantified using SYBR Green PCR Master Mix 

(Applied Biosystems). Each reaction was performed in triplicate. To quantify relative gene 

expression, the threshold cycle (Ct) for 18S amplification was first subtracted from Ct of 

target gene amplification to yield ΔCt. Data was then normalized to solvent control by 

subtracting the mean ΔCt of the EtOH treatments from ΔCt of all treatments to yield ΔΔCt. 

Fold induction of target gene was obtained by 2-ΔΔCt.  

Comparison of mER Transactivation to in vivo VTG expression: To establish a link 

between mER activity and in vivo induction of VTG, transactivation assays were conducted 

with the concentrations of steroidal estrogens used in the medaka exposure above; 0.64 nM 

E2β, 1.42 nM E1, 89.20 nM E3, 21.59 nM E2α and 0.01% EtOH. Transactivation assay was 

conducted with all receptor/full (100%) VTG reporter pairs. Each compound was run in 

triplicate on a plate and mean FTs were calculated based on 2-3 technical assay replicates. 

Mean FTs were then used in a bioinformatics summary as described below.  

Statistical Analysis: Graphs were developed and statistical analysis was conducted in 

GraphPad Prism 5 (La Jolla, CA). Sharpiro-Wilk test and Barlette’s test were used to test 

data for normality and equal variances, respectively. One-way ANalysis Of VAriance 

(ANOVA) was used to investigate the difference in potency (LogEC50) and efficacy (EMAX) 

from transactivation assessment. Pairwise analysis was analyzed with a Tukey’s Multiple 

Comparison Test. The 95% confidence interval (CI) was used to determine difference in 

REP, EEQ and RαP among the receptors and compounds. One-way ANOVA was used to 

assess the effect of treatment on mortality in medaka exposures. Fold transactivation from 

promoter deletion analysis failed the normality test and Wilcoxon pairwise analysis was 
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conducted to determine effects of treatment and promoter region on FT. Two-way 

hierarchical clustering (Ward’s method) of in vitro transactivation and in vivo response from 

medaka exposure was conducted using JMP Pro 11 statistical software (Cary, NC). Cluster 

analysis included five treatments (0.01% EtOH, 0.64 nM E2β, 1.42 nM E1, 89.20 nM E3 and 

21.59 nM E2α), in vitro transactivation of three ERs (mERα, mERβ1, and mERβ2) and in 

vivo fold induction of five genes (mERα, mERβ1, mERβ2, mVTGI and mVTGI). 

RESULTS 

VTG Transactivation of Steroidal Estrogens: Assessment of ER transactivation with 

steroidal estrogens (E2, E2β, E1 and E3) demonstrates that each ligand functions as either 

a full or partial agonist for all three receptor subtypes (ER, ERβ1, ERβ2) with both pVTGI 

and pVTGII reporter constructs (Figure SI 2 and Table SI 4). Comparison of logEC50 values 

indicates that E2β exhibited the highest potency of the four steroidal estrogens regardless of 

receptor subtype (Figure 1 A and B) with one exception: E2β and E3 demonstrated 

equipotentcy with mERα-pVTGII transactivation. Conversely, E1 was the least potent 

compound exhibiting logEC50 values, which was 0.1-1.4 fold higher than all other steroidal 

estrogens. There were some exceptions noted: E1 and E2α were equipotent (p>0.05) in 

transactivation of both mERα and mERβ2 with the pVTGI reporter and mERβ2 with pVTGII 

reporter. Similarly, E3 and E2α exhibited equipotentcy (p>0.05) in transactivation of mERα 

and mERβ1 with pVTGI and mERα with the pVTGII reporter. In contrast, logEC50 of E3 

was 2.2-4.2 fold greater than logEC50 of E2α in transactivation of mERβ1 and mERβ2 with 

pVTGII.  
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Analysis of EMAX (Figure 1 C and D) revealed that regardless of ligand or pVTG reporter, 

efficacy was 81.8-210.3 fold greater (p<0.0001) with mERβ2 compared to mERβ1 and 

mERα receptor subtypes, which were not statistically different (p>0.05) across ligands tested. 

Efficacy of mERα-pVTGI receptor/reporter combination was consistent between E2β, E3 

and E2α as ligands, each exhibiting 2.2-3.2 fold greater (p<0.0001) activity than E1 (Figure 

1C). EMAX of mERβ1-pVTGI was equivalent (p<0.05) with E2β and E1 as ligands, both of 

which were 4.0-6.8 fold greater (p<0.0001) than both E3 and E2α, which gave equivalent 

(p<0.05) EMAX values. For mERβ2-pVTGI, EMAX was 62.5-102.2 fold greater (p<0.0001) 

with E2β compared to the other steroidal estrogens. Efficacy of mERβ2-pVTGI was 39.7 

fold greater (p<0.0001) with E3 compared to E2α. EMAX of both E3 and E2α were not 

statistically different (p>0.05) from E1. For mERα-pVTGII EMAX was equivalent (p>0.05) 

between E2β and E3, and both were 4.5-6.7 fold greater (p<0.0001) than E1. Efficacy of both 

E1 and E3 were not statistically different (p>0.05) from E2α with mERα-pVTGII. Efficacy 

of mERβ1-pVTGII was also equivalent (p>0.05) with E1 and E2α, which were both 8-16.1 

fold less (p<0.0001) than E3. EMAX with E2β was 55.9-67.0 greater (p<0.0001) than all other 

steroidal estrogens with mERβ2-pVTGII. There was no statistical difference (p>0.05) in 

EMAX with mERβ2-pVTGII among E1, E3 and E2α. 

Relative Potency of Steroidal Estrogens and Receptors: To compare the potency among 

the four steroidal estrogens and three receptors with different EMAX values, data was 

normalized to EMAX of E2β within each receptor subtype (Figure SI 3) as described in 

experimental methods. The concentration that yielded 20% induction (EC20) was used for 

comparison in lieu of EC50 because percent induction of E1 and E2α did not always exceed 
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50% (Table 1). Relative E2β Potency (REP) revealed that transactivation of mERα was about 

one to two orders of magnitude less with E1, E3 and E2α compared to E2β with both pVTGI 

and pVTGII. Transactivation of mERβ1 was two orders of magnitude less with E3 and E2α 

and three orders of magnitude less with E1 compared to E2β with both pVTGs. 

transactivation of mERβ2 was two orders of magnitude less with E3 and three orders of 

magnitude less with E1 and E2α compared to E2β with both pVTGs.  

Relative alpha potency (RαP) revealed that transactivation with E2β was about 7.06-15.16 

times more potent with mERβ1 and mERβ2 compared to mERα for both pVTGs. 

Transactivation with E3 was 13.45 and 15 times more potent with mERβ1 compared to 

mERα for pVTGI and pVTGII, respectively. For both pVTGs, transactivation with E3 was 

equipotent with mERβ2 and mERα. transactivation with E1 and E2α were equipotent with all 

three medaka ERs for both pVTGs. 

VTG Promoter Deletion Analysis: To identify potential DNA motifs responsible for ER-

mediated VTG induction, transfection studies were conducted using select VTG promoter 

deletion constructs. Promoter deletion, as depicted in SI Figure 1, resulted in 100%, 50% and 

25% of the ~3kb promoter/enhancer fragment. Transactivation data with pVTGI as a reporter 

indicates that the 100%, 50% and 25% reporters were active with each ER subtype (ER, 

ERβ1, ERβ2) and each ligand (E2β, E2, E1, E3) tested (Figure 2 A-C) with the following 

exception: E2α did not activate mERα-50%pVTGI. Fold transactivation of mERα-

100%pVTGI was 2.0 times greater (p=0.0189) than mERα-25%pVTGI with E2β (Figure 

2A). Transactivation of mERα with E2β for both 25%pVTGI and 100%pVTGI were not 

different (p>0.05) from 50%pVTGI. This pattern (25%<100%, 25%≈50%, 50%≈100%) was 
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also observed with E2β-mERβ1, E3-mERα, E3-mERβ1 E3-mERβ2 and E2α-mERβ1 with 

the pVTGI promoter fragments. Transactivation of mERα-100%pVTGI was 1.8-2.4 times 

greater (p<0.03) than mERα-50%pVTGI and mERα-25%pVTGI with E1 (Figure 2A). This 

pattern (25%≈50%<100%) was also observed with E2β, E1 and E2α with mERβ2 and 

pVTGI promoter fragments (Figure 2C). Fold transactivation of E2α with mERα-

100%pVTGI was 2.9 times greater (p=0.0373) than mERα-50%pVTGI. Fold transactivation 

of E1 with mERβ1-25%pVTGI was 2.4-3.2 times greater (p<0.01) than 50%pVTGI and 

100%pVTGI, which were equivalent (Figure 2B).  

Transactivation data with pVTGII as a reporter indicates that the only 100% and 50% 

reporters were active with each ER subtype (ER, ERβ1, ERβ2) and each ligand (E2, E2, 

E1, E3) tested (Figure 2 D-F) with the following exceptions: E2β transactivated mERα-

25%pVTGII, E3 and E2α transactivated mERβ2-25%pVTGII. Transactivation of mERα-

100%pVTGII and mERα-50%pVTGII were equivalent (p>0.05) and was 5.3-6.9 times 

greater (p=0.0002) than mERα-25%pVTGII with E2β (Figure 2D). This pattern 

(25%<50%≈100%) was also observed with E3-mERβ2 and E2α-mERβ2 with the pVTGII 

promoter fragments (Figure 2F). For all other receptors and steroidal estrogens, there was no 

significant difference (p>0.05) between 50%VTGII and 100%pVTGII. 

Medaka exposure and gene expression: To assess the relationship between ER 

expression and VTG induction in vivo results from a seven-day exposure described in 

Appendix A were incorporated into this study. Exposure to E2 resulted in an 8.9x104 fold 

induction of VTGI, 1.2x105 fold induction of VTGII and 89.3 fold induction of mERα over 

control values (Table 2). Exposure to E1 resulted in 3.2x104, 1.0x105 and 69.6 fold induction 
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of VTGI, VTGII and mERα, respectively. Exposure to E3 resulted in 1.4x105, 2.9x105 and 

83.4 fold induction of VTGI, VTGII and mERα, respectively. And exposure to E2α resulted 

in a 2.2x103, 1.2x104 and 29.6 fold induction of VTGI, VTGII and mERα, respectively. In 

contrast to mERα and VTGs, all estrogen treatments resulted in significant down-regulation 

(0.3-0.5) of hepatic mERβ1 and mERβ2 expression relative to EtOH treatment.  

Comparison of mER Transactivation to in vivo VTG expression: To assess the 

relationship between transactivation of mER subtypes and in vivo induction of VTG, 

transactivation assays were conducted with the concentrations utilized in the medaka 

exposure. At these concentrations, each steroidal estrogen was capable of transactivating 

each of the three mER subtypes using both pVTG reporters with some notable exceptions: 

0.64 nM E2β transactivation of mERα-pVTGII and 1.42 nM E1 transactivation of mERα and 

mERβ1 with both VTG reporters were equivalent (p>0.05) to EtOH (control) treatment 

(Table 3). Fold transactivation of 0.64 nM E2β, 89.20 nM E3 and 21.59 nM E2α were 

equivalent (p>0.05) with mERα-pVTGI and was 3.7-8.6 fold larger than EtOH treatment. 

Similarly, E2β, E3 and E2α treatments were equivalent (p>0.05) and ranged between 11.2-

17.9 FA with mERβ1-pVTGI. Both 0.64 nM E2β and 89.20 nM E3 treatments were 

approximately 106.4-130.7 fold greater (p<0.001) than EtOH. The 1.42 nM E1 and 21.59 nM 

E2α were 3.2-15.1 fold greater (p<0.05) than EtOH treatment.  

Transactivation of mERα-pVTGII was 2.2 fold and 12.2 fold greater (p<0.01) with 21.59 

nM E2α and 89.20 nM E3, respectively, than the EtOH treatment. Fold transactivation of 

0.64 nM E2β, 89.20 nM E3 and 21.59 nM E2α were equivalent (p>0.05) with mERβ1-

pVTGII and was 25.0-112.6 fold larger than EtOH treatment. Similarly, both 0.64 nM E2β 
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and 89.20 nM E3 treatments were approximately 160.0-169.8 fold greater (p<0.01) than 

EtOH with mERβ2-pVTGII. Both 1.42 nM E1 and 21.59 nM E2α were 3.2-29.9 fold greater 

(p<0.05) than EtOH treatment with mERβ2-pVTGII. 

To establish the relationship between in vivo VTG induction and transactivation of mER 

subtypes two-way hierarchical cluster analysis were conducted with gene expression data 

(Table 2) and transactivation data (Table 3) using each pVTG reporter separately. Cluster 

analysis of “treatment groups” resulted in three clusters using pVTGI (Figure 4A). One 

cluster consisted of E2β and E3 treatments. Another cluster consisted of E1 and E2α 

treatments. The EtOH treatment did not cluster with the other treatments. Comparatively, 

cluster analysis of VTGII (Figure 4B) treatment groups resulted in several distinct clusters. 

One cluster consisted of E2β, E1 and E2α treatments with E1 and E2 forming a distinct 

subcluster. E3 and EtOH formed distinct individual branches.  

Clustering of individual assay activities (fold induction of genes and in vitro FT of the 

mER subtypes) with VTGI resulted in unique clusters. With pVTGI (Figure 4A), in vivo 

expression of mERβ1 and mERβ2 formed a unique cluster with the farthest distance from in 

vivo expression of mVTGI. in vivo expression of mERα clustered with remaining assays but 

was the farthest distance from in vivo expression of mVTGI. Fold transactivation of mERα 

and mERβ1 clustered together and away from in vivo expression of mVTGI. in vivo 

expression of mVTGI clustered with FT mERβ2. Results from hierarchical clustering of 

assays with VTGII were the identical to VTGI. 

DISCUSSION 
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Here we present the results of an investigation of the transactivation capacity of three mER 

subtypes with VTG as a prototypic target gene to elucidate differential roles of teleost ER 

subtypes in estrogen induced gene induction. Through the use of novel luciferase reporter 

constructs incorporating 3 kb upstream regions of mVTGI and mVTGII genes, we illustrated 

distinct ligand potency and receptor efficacy patterns among three mER subtypes. In 

addition, through bioinformatics assessment we documented possible roles of the three mER 

subtypes in VTG induction.  

Comparison between gene expression and transactivation of the medaka ERs suggest all 

three mERs play a role in vitellogenesis. Our result corroborate findings from Yamaguchi 

and colleagues that propose mERα plays a role in initiating mVTG expression and mERβs 

enhance and sustain mVTGs and mCHG expression (59,60). Following exposure to the four 

steroidal estrogens, we demonstrated a significant increase in mERα, simultaneously with an 

increase in VTG and little to no change in expression of mERβs, similar to findings in 

several fish species (42,47,48,65-67). In support of this observation, our cluster analysis 

demonstrated a close relationship between elevated expression levels of mERα and 

expression levels of both mVTGI and mVTGII. Supporting the mechanistic hypothesis that 

ERα up-regulation is associated with initiating VTG induction. In addition, hierarchical 

cluster analysis documented a close association of in vivo induction of VTGI and to 

transactivation of mERα and mERβs, corroborating previous studies that illustrate both ERα 

and ERβs are necessary for vitellogenesis in medaka, zebrafish and goldfish (57-59). The low 

transactivation capacity of mERα observed in this study supports a putative necessity for 

ERα up-regulation to achieve VTG induction. Despite the subtle decrease or no change in 
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expression of ERβs, it is possible that ERβs have the ability to sustain and enhance 

expression of VTGs with their high transactivation capacity. Utilization of mERα and mERβs 

selective agonist in vivo in conjunction with transactivation assay may provide additional 

insight. 

While documenting significant relationships among all three mERs and vitellogenesis, we 

also observed distinct groupings among the four steroidal estrogens across in vivo and in 

vitro assays, suggesting ligand-specific receptor preferences. Gene expression of VTGs and 

transactivation of all mERs were equivalent when using 0.64 nM E2β and 89.20 nM E3 

treatments. Consistently, E2β and E3 exhibited greater potency with mERβ1 and mERβ2 

than with mERα; this coincides with ligand affinity data in medaka (Appendix A) and in 

Atlantic croaker (Micropoganias undulates; 38), which found that E2β and E3 have a higher 

affinity for the ERβs compared to ERα. It is possible that E2β and E3 elicit similar structural 

and transactivational modifications (such as recruitment of coregulators) to mERs that result 

in comparable functional activities. Tohyama et al. (68) illustrate that binding to specific 

residues within the binding pocket of mERs confers ligand-specific activity. This could also 

account for the similarities between E1 and E2α. The 1.42 nM E1 and the 21.59 mM E2α 

treatments were equivalent with gene expression of VTG and transactivation of only mERα. 

This is noteworthy since E1 and E2α have similar transactivation patterns. The potency of E1 

was equivalent to potency with mERβs relative to mERα. This was the same for E2α. Ligand 

binding data also illustrate that both compounds have greater affinity for ERα than the ERβs 

(Appendix A and 38).  
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In addition to distinct activity patterns among the four steroidal estrogens, there were 

distinct patterns in ligand potencies among the three medaka ERs, which hint at possible 

issues in current environmental assessment practices. We observed that the most potent 

ligand was consistently E2β across the three receptors independent of pVTG reporter. This 

was followed by E3 and E2α, which were frequently equipotent. The least potent estrogen 

was often E1. By comparison, in mammalian cells based on estrogen screening assays, 

commonly used in environmental assessments (51,69-75), the rank order in potency is 

typically E2β>E1>E2α>E3 (40,76,77), suggesting that mammalian and teleost ER potencies 

may have diverged over time. For example, transactivation results with medaka and in 

another study with carp (Cyprinus carpio; 35) suggest that E1 is generally the least potent or 

equal in potency to E3 and E2α. In addition, another study found that E1 and E2β were 

equipotent with roach (Rutilus rutilus) ERs (both ERα and ERβ; 78). Further supporting this 

hypothesis, Davis et al. demonstrate that mammalian selective ERα/β specific agonist and 

antagonist do not translate to tilapia (Oreochromis mossambicus) ERs (47).  

In regards to screening for estrogenic EACs, our results suggest that mammalian based 

assays such as the YES and the KBluc may not recapitulate in vivo activities regulating 

estrogenic responses in teleosts. In most mammalian cell based estrogen screening assays the 

four steroidal estrogens tested in this study function as full agonists (76,77). In contrast, we 

demonstrated that steroidal estrogens functioned as either full or partial agonist for the three 

mERs. In comparison to E2β as a full agonist, E1, E3 and E2α were generally partial agonist 

with the three mER subtypes. The diversion in ligand potency and efficacy, in conjunction 

with the lack of continuity with selective ER agonist and antagonist, demonstrate specific 
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transitions between receptor-ligand interactions over the course of teleost-mammalian ER 

evolution.  

Receptor-based differences in ligand specificity, gene expression patterns and 

potency/efficacy may imply that current testing methods are not adequate in assessing risk to 

fish health. For example, efficacy for all steroidal estrogens was always greater with mERβ2 

compared to both mERα and mERβ1, similar to that observed by Chakraborty et al. (43). 

This efficacy pattern is also analogous to the pattern observed in tilapia and zebrafish 

(79,80). However, other species of fish, such as largemouth bass and carp, exhibit an 

opposite pattern of receptor activity with ERα having a greater efficacy compared to ERβs 

(34,35). These discrepancies among several species suggest that interspecies differences may 

exist in the activity of these receptors, perhaps indicating that ER sub-functionalization did 

not co-evolve across teleost fish. Lange et al. (81) document differences in sensitivities to 

five estrogens (E2β, E1, E3, 17α-ethynylestradiol and diethylstilbestrol) among six fish 

species (medaka, carp, zebrafish, fathead minnow [Pimephales promelas], roach [Rutilus 

rutilus] and stickleback [Gasterosteus aculeatus]), suggesting that assays using ERs from a 

single species may not be sufficient in assessing potential risk to fish populations and 

communities.  

In addition to differences in efficacy among the three medaka ER subtypes, the overall 

magnitude of efficacy observed in our assays were much greater (10-100 fold) than that 

observed in other studies examining ER transactivation (27,35,43,66,79,80,82,83). These 

assays typically use a reporter construct regulated by repeats of synthetic EREs. In contrast, 

here we used reporter constructs regulated by ~3kb medaka VTG regulatory regions 
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containing multiple EREs, suggesting that assays using synthetic EREs may be under-

estimating the functional activation capacity in vivo.  

Throughout this discussion we illustrate ligand- and receptor-specific potency and efficacy 

among the test compounds and three mERs; however, it is unclear what mechanistic receptor 

functions are associated with these differences. Promoter deletion analysis revealed that 

ligand-receptor pairs utilize specific and distinct regions of DNA regulatory regions, which 

varied between VTGI and VTGII. Similarly, a study of human ERs illustrates that the two 

subtypes bind to specific and sometimes different chromatin binding regions (31). Hall et al. 

document that binding of human ERs to specific canonical and non-canonical EREs affects 

co-regulator recruitment and receptor configurations, ultimately leading to different 

transcriptional activity (27). A similar mechanism may explain differential and specific 

transactivational activities among the three medaka ERs. Further investigation of co-

regulator recruitment and chromatin binding assays may shed more light on the divergences 

among the three ER subtypes. 

To elucidate the role of mERs in vitellogenesis, we employed novel estrogen responsive 

assays, providing evidence that all three mERs are involved in VTG induction, enhancing the 

current understanding of MIEs leading to estrogen response in fish. Simultaneously, we shed 

light on potential discrepancies between mammalian and piscine ER subtypes, as well as 

inefficiencies with synthetic EREs. In environmental studies, estrogenic activity is typically 

assessed by cell-based bioassay utilizing mammalian ERs and reporter constructs driven by 

synthetic EREs (51,69-75). Given these discrepancies and shortcomings, it is important to re-

examine current ecological toxicity testing methods.   
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FIGURES  

 

Figure 1. Mean (± standard error) potency (log transformed EC50-nM, A and B) and efficacy 

(EMAX, C and D) of pVTGI (A and C) and pVTGII (B and D) with medaka subtypes. Data 

extrapolated from dose response curves (SI Figure 1) using 17β-estradiol (E2β – black), 

estrone (E1 – dark grey), estriol (E3 – light grey) and 17α-estradiol (E2α – horizontal 

stripes). Letters denote significant difference (Tukey’s post hoc test, p<0.05) among steroidal 

estrogens in logEC50 and EMAX for each receptor and VTG. Upper case letters denote 

significant difference (Tukey’s post hoc test, p<0.0001) in EMAX among receptors.   
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Figure 2. Mean (± standard error) fold transactivation of 25% (solid white), 50% (horizontal 

stripes) and 100% (diagonal stripes) of pVTGI (A-C) and pVTGII (E-F) Promoters with 

medaka subtypes. Transcriptional activity of medaka ERα (A and E), ERβ1 (B and F) and 

ERβ2 (C and G) generated with fixed concentrations of 17β-estradiol (E2β), estrone (E1), 

estriol (E3) and 17α-estradiol (E2α). Letters denote a significant difference (Wilcoxon post 

hoc test, p<0.05) among promoter regions for each treatment. Asterisks denote significant 

difference (Kruskal-Wallis, p<0.05) of compound from EtOH treatment for each region.   
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Figure 3. Hierarchical clustering analysis of genes analyzed and fold transactivation (FT) for 

VTGI (A) and VTGII (B) from medaka exposure. Relative up-regulation of genes (in vivo) 

and high fold transactivation are expressed from high (grey) to low (black) relative to each 

parameter. A two-way cluster was conducted with the five treatments: 17β-estradiol (E2β), 

estrone (E1), estriol (E3) and 17α-estradiol (E2α) and activity: gene expression and 

transactivation using Ward’s method. 
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TABLES 

Table 1. EC20 (nM), relative E2β potency (REP) and relative alpha potency (RαP) for steroidal estrogens with medaka estrogen 

receptors  

ER Estrogen 
pVTGI pVTGII 

EC20 (nM) REP RαP EC20 (nM) REP RαP 

m
E

R
α

 

E2β 0.31 100.00 1.00 0.81 100.00 1.00 

95% CI 0.12-0.84 37.01-270.13 0.37-2.70 0.29-2.25 36.17-276.42 0.36-2.76 

E1 17.69 1.76 1.00 20.10 4.05 1.00 

95% CI 5.60-55.90 0.56-5.57 0.32-3.16 4.72-85.50 0.95-17.22 0.24-4.25 

E3 6.24 5.00 1.00 12.98 6.27 1.00 

95% CI 2.00-19.46 1.60-15.61 0.22-3.12 6.11-27.60 2.95-13.32 0.27-2.13 

E2α 4.23 7.38 1.00 7.44 10.94 1.00 

95% CI 1.85-9.67 3.23-16.90 0.44-2.29 3.07-18.02 4.51-26.52 0.41-2.42 

m
E

R
β

1
 E2β 0.04 100.00 7.06 0.08 100.00 10.67 

95% CI 0.02-0.09 49.67-201.32 3.51-14.21 0.03-0.21 36.16-276.56 3.86-29.52 
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Table 1. Continued  

m
E

R
β

1
 

E1 

95% CI 

5.38 

2.15-13.48 

0.82 

0.33-2.06 

3.29 

1.31-8.23 

30.17 

7.16-127.20 

0.25 

0.06-1.06 

0.67 

0.16-2.81 

E3 

95% CI 

0.46 

0.20-1.08 

9.53 

4.10-22.17 

13.45 

3.92-31.29 

0.87 

0.47-1.58 

8.81 

4.83-16.06 

15.00 

4.72-27.34 

E2α 

95% CI 

0.63 

0.17-2.35 

7.02 

1.88-26.12 

6.71 

1.80-24.97 

2.76 

1.61-4.71 

2.77 

1.62-4.73 

2.70 

1.58-4.61 

m
E

R
β

2
 

E2β 

95% CI 

0.03 

0.01-0.11 

100.00 

26.93-371.43 

10.56 

2.84-39.23 

0.05 

0.01-0.16 

100.00 

30.19-331.13 

17.26 

5.21-57.17 

E1 

95% CI 

9.20 

3.64-23.26 

0.32 

0.13-0.81 

1.92 

0.76-4.86 

22.67 

10.18-50.50 

0.21 

0.09-0.46 

0.89 

0.40-1.97 

E3 

95% CI 

2.10 

0.89-4.95 

1.40 

0.60-3.31 

2.96 

0.85-6.98 

2.30 

0.51-10.47 

2.05 

0.45-9.30 

5.64 

0.71-25.62 

E2α 

95% CI 

11.05 

5.48-22.27 

0.27 

0.13-0.54 

0.38 

0.19-0.77 

37.12 

21.46-64.21 

0.13 

0.07-0.22 

0.20 

0.12-0.35 

mER: medaka ER. E2β: 17β-estradiol. E1: estrone. E3: estriol. E2α: 17α-estradiol. pVTG: vitellogenin promoter. 95% CI: 95% 

confidence interval. EC20: 20% maximal response concentration   
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Table 2. Mean (±standard error) fold induction of genes expression from medaka exposure 

Treatment mVTGI mVTGII mERα mERβ1 mERβ2 

0.64 nM E2β 8.9x104 (2.9x104) 1.4x105 (2.9 x104) 89.3 (15.1) 0.4 (.04) 0.5 (0.1) 

1.42 nM E1 3.2x104 (1.3x104) 1.0 x105 (2.8x104) 69.6 (18.6) 0.5 (0.09) 0.4 (0.1) 

89.20 nM E3 1.4x105 (4.7x104) 2.9x105 (4.5x104) 83.4 (12.3) 0.3 (0.04) 0.3 (0.05) 

21.59 nM E2α 2.2x103 (2.1x103) 1.2Ex104 (7.1x103) 29.6 (8.0) 0.4 (0.07) 0.5 (0.1) 

0.01% ETOH 3.3 (2.0) 2.6 (1.2) 1.2 (0.3) 1.2 (0.2) 1.1 (0.2) 

mER: medaka ER. E2β: 17β-estradiol. E1: estrone. E3: estriol. E2α: 17α-estradiol. VTG: vitellogenin.  
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Table 3. Mean (±standard error) fold transactivation of medaka estrogen receptors with exposure concentrations.  

Treatment 
VTGI VTGII 

mERα mERβ1 mERβ2 mERα mERβ1 mERβ2 

0.64 nM E2β 4.6 (1.9)a,b 15.5 (3.3)a 106.4 (23.0)a 3.2 (1.1)a,c 42.0 (5.7)a 160.0 (28.8)a 

1.42 nM E1 2.1 (0.7)b,c 2.4 (0.5)b 3.2 (0.8)b 1.3 (0.4)a,c 2.1 (0.8)b 3.2 (0.6)b 

89.20 nM E3 8.6 (2.4)a 17.9 (3.2)a 130.7 (25.0)a 12.2 (2.4)b 112.6 (38.9)a 169.8 (28.5)a 

21.59 nM E2α 3.7 (0.9)a,b 11.2 (2.3)a 15.1 (3.5)c 2.2 (0.4)a 25.0 (8.8)a 29.9 (6.5)c 

0.01% EtOH 1.0 (0.1)c 1.0 (0.2)b 1.0 (0.1)d 1.0 (0.2)c 1.0 (0.1)b 1.0 (0.1)d 

mER: medaka ER. E2β: 17β-estradiol. E1: estrone. E3: estriol. E2α: 17α-estradiol. VTG: vitellogenin. Letters denote significant 

difference (Kruskal-Wallis, p<0.05) among treatments for each receptor/reporter pair.  
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ABSTRACT: Male fish are susceptible to developing the intersex condition, characterized 

by the presence of testicular oocytes. In this study, the relationship between intersex and 

exposure to estrogenic endocrine active contaminants (EACs) was assessed for two genera of 

sport fish, Micropterus and Lepomis at 20 sites throughout North Carolina, United States. 

Relationships between EACs and the prevalence and severity of intersex were measured at 

putative anthropogenic sources of EACs throughout North Carolina identified as ‘point’, 

‘nonpoint’ and ‘reference’ site categories. Additionally, seasonal variation in EAC 

occurrence and fish intersex was characterized. In the environment EACs were not related to 

season. Polycyclic aromatic hydrocarbons, polychlorinated biphenyls, industrial EACs, and 

estrogens were abundant at point-source sites; however, we identified no seasonal or source 

type variation in the prevalence or severity of intersex. Intersex was identified in both genera, 

with a higher prevalence and severity in Micropterus spp., which was highly correlated to the 

hydrophobic EACs. In contrast, intersex was less common and severe in Lepomis spp. and 

was highly correlated to EACs abundant in the water column. Our results link genus-specific 

prevalence of intersex to specific EAC classes in common sport fish species. 
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INTRODUCTION 

An escalating issue within the scientific community is the demasculinization (reduced 

expression of male-specific characteristics) and feminization (increased expression of 

female-specific characteristics) of male fish inhabiting waters contaminated with estrogenic 

endocrine active compounds (EACs; 1-8). Estrogenic EACs are composed of several 

chemical classes, including natural estrogens (e.g., 17β-estradiol [E2β] and isoflavones), 

synthetic estrogens (e.g., 17α-ethynylestradiol [EE2] and diethylstilbestrol) and estrogen 

mimics (e.g., polychlorinated biphenyls [PCBs], polycyclic aromatic hydrocarbons [PAHs] 

and bisphenol-A; 9-16). These compounds originate from point sources (PS) and non-point 

sources (NPS). Point sources (e.g., waste water treatment plants [WWTPs] and industrial 

factories) are permitted for direct discharge of effluent into water systems, whereas non-point 

sources (e.g., concentrated animal feeding operations [CAFOs] and agricultural waste 

sources) have the potential for indirect diffusion of EACs into water systems through run-off. 

Of great concern are the numerous studies documenting EACs in surface waters throughout 

the globe (3,21,26,50-53). Further complicating the issue is the elevated concentrations of 

estrogenic EACs downstream of WWTP effluent pipes (3,17-26) and CAFOs (18,21,27,28). 

Estrogenic EACs released into the environment can vary throughout the year due to seasonal 

output from agricultural pesticide application, land application of CAFO waste and 

variability in the efficiency of WWTPs (29,30). 

Seasonal variation in EAC concentrations may influence aquatic ecosystems and fish 

health. Exposure to estrogenic contaminants has been linked to adverse effects in a variety of 

fish species (4,5,25,31-33). For example, estrogenic EACs induce the expression of 
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vitellogenin (VTG) in male fish, an egg yolk precursor protein normally found in gravid 

females (3,25,28,34). Estrogenic contaminants also reduce sperm (8,25,31) and egg (34-38) 

production in fish populations. Several studies have documented seasonal variation in 

hormone abundance, gonadal malformations, and vitellogenin production in male fish 

(22,28,39,40). Seasonal variation has also been documented in the intersex condition 

(28,40,41), which is characterized by the presence of both male and female gonad tissue 

within the testis of fixed-sex (gonochoristic) species (42). Intersex is a hallmark of estrogen 

exposure, a growing global concern (5,7,21,43-45), and has been documented in fish from 

aquatic systems throughout North America (4-6,41,43,44,46) and Europe (7,31,47). 

Prevalence of intersex has been linked to proximity to WWTP effluent pipes (7,48) and 

CAFOs (21,28,49). The United States Geological Survey (USGS) recently examined the 

occurrence of intersex in nine river basins across the United States (US; 5). Results from this 

study demonstrated the highest incidence of intersex (80%) in the southeastern US, with the 

national maximum prevalence in the Pee Dee River basin of North Carolina and South 

Carolina. 

In spite of the widespread detection of intersex, few studies have investigated the direct 

relationship between intersex and EACs. Kolpin et al. documented links between intersex 

and atrazine, sitosterol, tran-nonachlor and stigmastanol in smallmouth bass (Micropterus 

dolomieu - SMB; 46). However, EACs are typically detected as complex mixtures in surface 

waters throughout the US (3,26,46,50,51). To better understand the relationship between 

EACs and intersex, a statewide reconnaissance of the presence of EACs and intersex was 

conducted in North Carolina water bodies. Two important genera from the Centrarchidae 
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family were targeted: Micropterus (black bass) and Lepomis (sunfish), both of which are 

widely distributed and commonly sought sport fishes. Micropterus are zooplanktivorous 

early in life and become piscivorous with growth, generally feeding on insects, fish and 

crustaceans as adults (52-54). Micropterus spp. attain large sizes and usually occupy high 

trophic levels in aquatic systems. Similar to Micropterus, Lepomis spp. are typically 

zooplanktivorous early in life but become omnivorous as they get larger (55,56), but do not 

reach sizes as large as Micropterus spp.; they are generally not considered piscivorous and 

typically occupy a lower trophic level than Micropterus species.  

The primary objective of this study was to examine relationships between EACs detected 

in surface waters throughout North Carolina and the occurrence and severity of intersex in 

Micropterus and Lepomis species. A secondary objective was to examine variations in EAC 

contamination and intersex among four seasons and three source types, PS, NPS and 

reference (REF) sites. 

EXPERIMENTAL METHODS 

Site Selection: To obtain a comprehensive analysis of intersex throughout North Carolina, 

20 sites spanning the state were selected based on a previous geographical information 

system-based analysis of putative sources of EDCs in North Carolina water bodies 

(Appendix B). Briefly, a map of potential EDC contamination was generated using existing 

data collected from the National Pollutant Discharge Elimination System (NPDES), the 

Environmental Protection Agency (EPA) and the North Carolina Department of 

Environmental and Natural Resources (NCDENR). Initially, thirty-four sites were sampled 

and analyzed based on putative estrogenic potential to impact the water system and 
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estrogenic bioactivity was validated using a cell-based bioassay. Previously measured 

estrogenic activity and site accessibility were among the criteria for site selection. To enable 

analysis of a broad range of contaminants, 8 sites associated with potential PS discharge and 

8 NPS sites were selected from across the state. Four reference (REF) sites were selected 

based on lack of upstream contaminant sources from GIS analysis. Four of these 20 sites (2 

PS, 1 NPS and 1 REF) were evaluated during four consecutive seasons to assess potential 

seasonal influences on the presence of EACs and occurrence of intersex. However, a poultry 

farm was discovered 3.6 km upstream of one of the REF sites was discovered upon 

completion of winter sampling. This site was consequently re-categorized as a NPS site, 

which left 3 REF sites (sites 1-3), 8 PS sites (sites 4-11) and 9 NPS sites (sites 12-20) for 

statewide study, and 2 PS sites (6 and 10) and 2 NPS sites (12 and 20) for resampling each 

season as part of the seasonal objective. Statewide sampling occurred at 20 sites from March 

to June 2012 (spring, Table 1). Additional seasonal sampling occurred during August-

September 2012 (summer), October 2012 (fall) and January 2013 (winter). 

Water Estrogenic Bioactivity: To estimate total estrogenic activity of surface waters at 

each site, a single subsurface water sample was obtained by holding certified-solvent 

(ethanol [EtOH] and acetone) rinsed and baked (300 °C for 18 hr) amber glass bottles 0.5 m 

below the water surface with the opening held parallel to surface. To prevent bacterial 

degradation, samples were acidified to a pH of 2 with hydrochloric acid. Samples were 

packed on ice and transported to North Carolina State University (NCSU, Raleigh, NC), 

where they were stored at 4 °C until filtration and extraction within 24-72 h. Prior to solid 

phase extraction (SPE), samples were filtered with glass fiber filters (1.2 and 0.7 μm) to 
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remove particulate matter and prevent clogging of SPE cartridge prefilters. Roughly two 

liters of each sample were extracted onto one pretreated (methanol rinsed) 500 mg Oasis® 

HLB Vac Cartridge (Waters, Milford, MA) and stored at room temperature in foil. Cartridges 

were eluted using a successive series of solvents including dichloromethane (DCM; 12 mL), 

methanol (12 mL) and acetone (12 mL). Following extraction with DCM, extracts were 

evaporated under a gentle stream of nitrogen at 45 °C to approximately 1 mL. After methanol 

and acetone elution, extracts were evaporated at 35 °C. Following acetone elution, samples 

were solvent exchanged into EtOH to a final volume of 1 mL. Mean recoveries of SPE 

deionized water and river matrix spiked with E2β were 112.3% (standard deviation: 13.5%) 

and 46.0% (15.4%), respectively. Samples were stored at -20 °C until analyzed with T47D-

KBluc bioassay.  

The T47D-KBluc bioassay was used to assess the estrogenic potency of grab water 

samples. This assay utilizes T47D human breast adenocarcinoma cells that express both 

human estrogen receptors (alpha and beta) and are stably transfected with an estrogen-

responsive luciferase reporter gene construct. The assay was conducted as described in detail 

in Appendix A. Briefly, cells were maintained in RPMI 1640 media (without phenol red, 

with glutamine; Sigma- Aldrich, St. Louis, MO) supplemented with 2.5 g/L glucose (Gibco, 

Waltham, MA), 10 mM HEPES (Hyclone, Logan, UT), 1 mM sodium pyruvate (Hyclone), 

1.5 g/L sodium bicarbonate (Fisher, Pittsburgh, PA), 10% vol/vol fetal bovine serum (FBS; 

Corning Inc., Corning, NY), 100 units/mL penicillin, 100 μg/mL streptomycin (Gibco), and 

0.25 μg/mL amphotericin B (Sigma Aldrich). One week prior to performing the assay, cells 

were grown in hormone-free media containing 10% dextran-charcoal treated (DCC) FBS 
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(Corning Inc.). During the assay, cells were maintained in media with 5% DCC-FBS. Cells 

were seeded at a density of 104 cells per well in 96-well plates (Corning Inc.) and allowed to 

attach overnight in a 37 °C incubator with 5% CO2 and humidity. Aliquots (5-20 μL) of grab 

sample extracts were stored in open micro-centrifuge tubes to evaporate EtOH solvent. 

Analytes were reconstituted in 1 mL assay media spiked with 0.01% EtOH and serial diluted 

(six or twelve points) to achieve a dose-response curve. Cells were dosed with media 

containing reconstituted extract and incubated for 16-24 h. Each treatment was screened in 

conjunction with E2β (Steraloids, Newport, Rhode Island) as a positive control, a solvent 

blank (0.1% EtOH), and anti-estrogen ICI 182,780 (Tocris Bioscience, Bristol, United 

Kingdom). Following treatment, cells were washed with Dulbecco’s phosphate saline buffer 

(Gibco) and harvested in 25 μL lysis buffer (Promega, Madison, WI). Luciferase activity was 

quantified using a FluoStar Omega microtiter plate reader (BMG Labtech, Ortenberg 

Germany) after addition of D-luciferin (Promega) and reaction buffer (25 mM glycylglycine, 

15 mM MgCl2, 5 mM ATP, and 50 mg bovine serum albumin). Samples were run with four 

replicates per plate and all sample responses were normalized to negative control (EtOH). 

The sigmoidal concentration-response curve of the E2β standard was fitted to a symmetric 

logistic function using GraphPad Prism software (GraphPad, San Diego, CA). Each extract 

was normalized to the maximum response evoked by E2β to determine percent induction. 

Percent induction of each extract was fit to a sigmoidal response curve. Concentration factors 

that evoked 50% induction (CF50) for each extract and concentrations of E2β that evoked 

50% induction (EC50) for the standard on each plate were used to calculate a E2β equivalents 

quotient (EEQ) for each extract.  
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EEQ =
EC50

CF50
 

Quotient and molecular weight of E2β was used to calculate E2β equivalent concentrations 

(E2β Eq). 

E2β Eq = EEQ × 272.38 × 106 (
ng

L
) 

Final E2β Eq were calculated based on 3-4 runs of the assay. 

Water Contaminant Load: Two universal passive sampling devices (PSDs) were used as 

described by O’Neal (57). Briefly, stainless steel inlet filters were packed with 200 ± 1 mg 

Oasis® HLB sorbent and washed prior to use with alternating washes of DCM and acetone. 

Until deployment, PSDs were caged, wrapped in combusted foil (baked at 300 °C overnight) 

and sealed in Ziploc bags. Cages were deployed roughly one meter from the riverbank. Each 

cage was attached to a brick to minimize movement downstream and a mini buoy to ensure it 

remained in the middle of water column. Cages containing PSDs were deployed for 

approximately 30 days to obtain a long-term assessment of contaminants present. Upon 

completion of deployment, cages were retrieved and PSDs were removed and wrapped in 

combusted foil. Devices were transported on ice to NCSU and were stored at -20 °C until 

extraction. Immediately before extraction, biofouling or extraneous solid material was 

removed from each PSD by gently brushing while rinsing under deionized water. The PSD 

was placed in a disposable 15 mL centrifuge tube and centrifuged at 3000 rpm at room 

temperature for 15 min to remove water. At this point, PSDs for hormones and industrial 

EACs were treated separately than those for the other organic contaminants.  
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For hormones and industrial EACs, the PSD was placed in a 20 mL vial and 10 mL of 

ethyl acetate was added along with surrogate internal standards (50 μL of 20 μg/mL 

diethylstilbestrol and 17β-estradiol-d5 in acetonitrile). The vials were capped, secured to a 

shaker table and shaken at 150 rpm for 1 h. This was repeated a second time. Extracts were 

combined and concentrated at 60 °C under a gentle steam of nitrogen to approximately 1 mL. 

Extracts were filtered through a 0.45 μm polytetrafluoroethylene filter into a 1.5 mL 

microvial, evaporated at ambient temperature under a gentle stream of nitrogen to dryness, 

and cap-sealed under Argon gas.  

For all other organic chemicals, prior to extraction surrogate internal standards 

(naphthalene–d8, acenaphthene–d10, chrysene-d12 and perylene-d12) were added to each 

PSD. Devices were extracted using 20 mL of DCM shaking in 20 mL vials at 180 rpm for 1 

hr. This was repeated twice and then PSDs were dried through a column containing 

anhydrous sodium sulfate, and then concentrated in an autosampler vial to approximately 0.5 

mL by nitrogen evaporation at 35 °C under 5 psi prior to analysis. 

Sediment Contaminant Load: Composite sediment samples were obtained using a Petite 

Ponar dredge; four to six grabs of the top 5 cm of sediment were collected and placed in 500 

mL amber glass jar. Sediment samples were stored at -20 °C until extraction. Sediments were 

Soxhlet extracted using US Environmental Protection Agency Method 3540C (58). Fifteen 

grams of sediment were dried with anhydrous sodium sulfate and then extracted with 250 mL 

of a 1:1 solution of acetone:DCM for 18 h. Extracts were cleaned using gel permeation 

chromatography to remove non-target co-extractables from extract prior to chemical analysis. 
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Extracts were concentrated to 0.5 mL under a gentle stream of nitrogen and a recovery 

internal standard was added prior to analysis. 

Chemical Analysis: To assess a wide range of EACs, six groups of 134 contaminants 

(Table supporting information [SI] 1, Appendix C) were selected for analysis in this study. 

The six groups were classified as industrial compounds, hormones, PAHs, PCBs, 

organochlorine pesticides (OCPs), and current use pesticides (CUPs). Contaminants were 

analyzed using an Agilent 6890 gas chromatograph (GC) connected to an Agilent 5973 mass 

selective detector (MSD) and operated in Select Ion Monitoring (SIM) mode for 29 PAHs as 

described by Luellen and Shea (59). Twenty-one PCBs and 28 OCPs, were analyzed as 

described in Heltsley et al. (60) and 48 CUPs were analyzed as described by O’Neal (57). 

Analytes were separated on a Restek Rtx-5MS column (30 m x 250 μm dia. x 0.25 μm film 

thickness) with a 5 m integrated guard column. Seven hormones and two industrial 

compounds were derivatized with BSTFA+1%TMCS in pyridine and then analyzed by 

GC/MS SIM with backflushing after a blank injection with pyridine to condition the column. 

Detection limits in sediment were: 0.1 ng/g for PCBs and OCPs, 1.0 ng/g for PAHs, and 2.0 

ng/g for CUPs (all ng/g dry weight) and for PSDs were: 0.2 ng/L for PAHs, PCBs, and OCPs 

and 0.5 ng/L for CUPs (based on water concentration equivalent for PSD deployed for 30 

days). Concentrations in the water (ng/L) were determined by calibrating PSD concentrations 

by compound sampling rates (50). Contaminants were further analyzed for activity in the US 

Tox21 database. Activity in two ER agonist tests (AID=743079 and 743077) and two 

androgen receptor (AR) antagonist tests (AID=743042 and 743035) were surveyed.  
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Fish Sampling and Health Parameters: Micropterus spp. and Lepomis spp. were 

collected by pulsed-DC powered, boat-mounted and backpack electrofishing. Statewide 

sampling occurred at all twenty sites during spring 2012. Subsequently, during summer 2012, 

fall 2012 and winter 2013 fish were sampled at four sites (sites 6, 10, 12 and 20) for seasonal 

analysis. Fish were captured and processed according to a NCSU IACUC approved protocol. 

Males were selected by external sexually dimorphic characteristics (if observable) and 

palpating ripe fish to induce milting. Fish presumed to be females were released to original 

sources. Collected fish were euthanized using 300 mg/L of tricaine methanosulfate (MS-222, 

Sigma-Aldrich) buffered with sodium bicarbonate and testicular tissues were extracted. All 

fish were weighed (g) and measured for total length (TL, mm) and relative weight (WR, a 

condition factor) was calculated as follows incorporating a standard weight regression for 

each species (61). 

WR =
body weight

10a+b×Log total lenght
× 100 

Testis weight (g) was measured to calculate gonadosomatic index (GSI), an indicator of 

reproductive investment, 

GSI =
gonad weight

body weight
× 100 

and the weight of the liver (g) was measured to determine hepatosomatic index (HSI), 

another indicator of health. 

HSI =
liver weight

body weight − gonad weight
× 100 
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For HSI, gonad weights were subtracted from body weight to minimize the effect of the 

reproductive cycle on this index.  

Histological Assessment: Testis tissue samples were fixed in Modified Davidson Fixative 

(35.15% distilled water, 31.35% EtOH, 22% formaldehyde [37-40%], and 11.5% glacial 

acetic acid) for 24 h. Media was replaced with 70% EtOH and samples were held at room 

temperature until processing. Following specific chain-of-custody procedures, tissue samples 

were processed, embedded in paraffin, sectioned at 5 µm, stained with hematoxylin and eosin 

(H&E) by the NCSU College of Veterinary Medicine Histopathology Laboratory (Raleigh, 

NC) and analyzed via light microscopy. To quantify intersex, testicular slides were examined 

for incidence and severity of intersex based on Blazer et al. (6) ranking. Intersex severity was 

ranked from 1 through 4: rank 1 indicates the presence of a single oocyte, rank 2 indicates the 

presence of multiple oocytes that are not closely associated, rank 3 indicates the presence of a 

single closely associated cluster of oocytes, and rank 4 indicates multiple clusters of oocytes 

or more than five closely associated oocytes. Absence of intersex was given a rank of 0 for 

analysis.  

Statistical Analysis: Statistical analysis was conducted using JMP Pro 11 statistical 

software (SAS, Cary, NC). All continuous variables were examined for normality using the 

Shapiro-Wilk normality test prior to statistical analysis. Because data were not normally 

distributed, non-parametric procedures were applied. Spearman correlations were utilized to 

investigate collinearly between EACs. Highly correlated compounds within EAC classes 

were combined to minimize co-linearity and redundancy in statistical analysis as described in 

SI. Results are reported for EAC classes (estrogens, industrial EACs, CUPs, OCPs, PAHs 
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and PCBs) or sub-classes (triazines, chlordane constituents, and 

dichlorodiphenyltrichloroethane [DDT] and its metabolites) rather than for individual 

contaminants due to high correlation, with two exceptions: metolachlor in the water and 

hexachlorobenzene in the sediment, neither of which were correlated with other compounds. 

Spearman correlations were also used to assess the relationship between fish health 

parameters and severity ranking. Kruskal-Wallis analysis was conducted to evaluate the 

effects of season and source site type (PS, NPS, REF) on water bioactivity, EAC 

concentrations, fish health parameters and severity rank. Kruskal-Wallis analysis was also 

conducted to investigate the relationship between intersex condition and health parameters, 

as well as the relationship of species or genus to severity ranking. Logistic regression was 

used to ascertain relationships among species and genera to intersex condition. Occurrence of 

intersex was converted to percent of individual fish per site to assess the effect of season and 

source type on site-specific rates of intersex using Kruskal-Wallis analysis. Pairwise 

comparison was conducted using Wilcoxon pairwise analysis. To assess the relationship 

between EAC mixtures and intersex, principal component analysis (PCA) was conducted 

with percent intersex, average severity rank and EAC concentrations for each site as 

variables. Analysis was weighted by the number of fish collected per site.  

RESULTS  

Water Estrogenic Bioactivity: Equivalent E2β concentrations ranged between 0.36 and 

8.76 ng/L throughout this study (Table 1). There was no significant difference (p>0.05) in 

E2β Eq. among the three source types (REF, NPS and PS) nor was there a significant 

difference (p>0.05) among the four seasons. 
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Water Contaminant Load: Of the 134 chemicals analyzed in the study, 44 were detected 

in the water column (Table SI 2). In the water, CUPs were the most frequently detected EAC 

group; at least one of the four CUPs detected in the water was found at 14 sites. Four 

hormones were detected at 11 sites; as no androgen hormones were detected in the water; 

thus, “hormones” will hereafter be referred to as “estrogens”. At least one of the two 

industrial EACs was detected at eight sites. PAHs, PCBs and OCPs are only reported from 

the summer, fall and winter from the four seasonal sites, due to technical issues associated 

with spring sample analysis. At least three of the seven OCPs were detected at all four 

seasonal sites and at least one of the 22 PAHs was detected in the water at the four seasonal 

sites. The least abundant EACs in the water were PCBs; at least two of four PCBs were 

detected at two of the seasonal sites. Industrial EACs were only detected at PS sites (Table 

2). Mean concentration of total estrogens was 1.3 ng/L higher (p=0.0020) at PS sites 

compared to NPS sites. There were no other differences detected (p>0.05) in EACs among 

the three source types or the four seasons (Table 3).  

Sediment Contaminant Load: Of the 134 chemicals analyzed in the study, 53 were 

detected in the sediment (Table SI 2). At least 15 of the 29 PAHs detected in the sediment 

were found at all 20 sites, making PAHs the most frequently detected EAC group. At least 

one of the six OCPs was detected at 14 sites and at least one of the 15 PCBs was detected in 

the sediment at 11 sites. The least abundant group of EACs in the sediment was CUPs, where 

one of the two CUPs was detected at one site. Hormones and industrial EACs were not 

detected in the sediment in this study. Total PAHs were 787.3-1160.2 ng/g higher (p=0.0059) 

at PS sites compared to NPS and REF sites (Table 2). Mean concentration of total PCBs was 
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1.8 ng/g higher (p=0.0014) at PS sites compared to NPS sites. There were no other 

differences detected (p>0.05) in EACs among the three source types. There was no seasonal 

trend in sediment EAC detection (Table 3). 

Fish Health Parameters: Lepomis spp. (n=302) were collected at all sites (Table 4). 

Collections included 106 bluegill (L. macrochirus - BG), 1 dollar sunfish (L. marginatus - 

DS), 16 green sunfish (L. cyanellus - GS), 98 redbreast sunfish (L. auritus - RB), 77 redear 

sunfish (L. microlophus - RE), 1 spotted sunfish (L. punctatus - SS) and 3 warmouth (L. 

gulosus - WM). Due to the low detection frequency (collections at ≤2 sites) of DS, GS, SS 

and WM, these species were excluded from statistical analysis. Micropterus spp. (n=122) 

were collected at 16 sites and included 93 largemouth bass (M. salmoides - LMB) and 29 

smallmouth bass. Values used to calculate WR can be found in SI Table 4. No BG, RE, or 

LMB were sampled at REF sites. Fish weight, GSI, HSI and WR of BG were greater (p<0.05) 

at NPS sites compared to PS sites (Figure 1). The weight, HSI and WR of RB sampled at NPS 

and PS were greater (p<0.05) compared to REF sites. The GSI of RB sampled at PS sites was 

higher (p=0.0147) than the GSI of RB sampled at NPS sites (Figure 1C). The HSI of RE 

sampled at PS sites was higher (p=0.0315) than RE sampled NPS sites (Figure 1D). There 

were no other differences (p>0.05) in health parameters among the three source types for the 

five species. 

Intersex Occurrence: Intersex prevalence was uniform among source types, seasons and 

species within genera; however, there were intraspecies variations in health parameters 

between intersex and normal fishes. While GS, DS, SS or WM were not included in 

statistical analysis, it is noteworthy that intersex was not detected in those species. There was 
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no difference (p>0.05) in prevalence of intersex among BG (10.4% of 106 individuals), RB 

(13.3% of 98 individuals) and RE (7.8% of 77 individuals). Intersex among Lepomis was 

detected in 30 of the 302 (9.9%) collected individuals (Table 4), and ranged from 10-37.5% 

of collected individuals across 13 sites (or 23 of the 32 sampling events including seasonal 

samples; Table 5). Intersex in BG, RB and RE was not significantly different (p>0.05) 

among the three source types or the four seasons (Figure 2A and 2C). The weight and TL of 

normal RB was greater (p<0.05) than RB with intersex (Figure 3A and B). We also found 

that the GSI of normal RE was about five times greater (p=0.0166) than the GSI of RE with 

intersex (Figure 3C). This was not observed in BG. There were no other significant (p>0.05) 

differences among relationships between health parameters and intersex in Lepomis spp.  

There was no difference (p>0.05) in intersex between Micropterus spp.: 63.4% of 93 LMB 

and 51.7% of 29 SMB collected exhibited intersex (Table 4). Of the 122 Micropterus males 

collected, 73 (59.8%) were found to be intersex. The prevalence of intersex ranged from 14-

100% of Micropterus spp. collected per site at 13 sites (or 21 of the 23 sampling events 

including seasonal samples; Table 5). For both LMB and SMB, there was no significant 

difference (p>0.05) in intersex among source type or season (Figure 2A and C). The TL, 

weight and WR of SMB with intersex were all greater (p<0.05) than normal SMB (Figure 3). 

There were not variations in health parameters between normal and intersex LMB. Logistic 

regression analysis indicated a significant difference (p<0.0001) in intersex between genera; 

intersex was 12.9 (95% CI: 7.6-21.8) times more likely to be present in Micropterus than in 

Lepomis (Table 5). 
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Intersex Severity: Similar to intersex prevalence, severity ranking was uniform among 

source types, seasons and species within genera; however, there were intraspecies variations 

in health parameters between intersex and normal fishes. Within Lepomis spp., only one fish 

was found to have a severity rank of 4, a BG at site 17 (a NPS site, Tables 4 and 5). There 

was no difference detected (p>0.05) in severity among the three Lepomis spp. Low severity 

rankings (1 or 2) were found in 81.8% of the 11 BG with intersex. Similarly, more than 65% 

of intersex RE and RB were assigned a severity rank of 1 or 2. The average severity rank for 

Lepomis ranged from 0.1 at site 19 (a NPS site) to 0.75 at site 4 (a PS site, Table 5). Severity 

rankings in BG, RB and RE were not different (p>0.05) among the three source types or the 

four seasons (Figure 2B and D). The weight and TL of RB had an inverse relationship (ρ=-

0.25 to -0.27, p<0.05) to severity ranking (Figure 4A and B). The GSI of RE also had an 

inverse relationship (ρ=-0.28, p=0.0137) to severity ranking (Figure 4C). There were no 

difference in health parameters between intersex and normal BG. There were no other 

significant relationships (p>0.05) between severity ranking and health parameters in Lepomis 

spp.  

There was no difference (p>0.05) in severity ranking between Micropterus spp.; 58% of 

the intersex LMB and 47% of intersex SMB were ranked as 3 or 4 (Table 4). Average 

severity rank ranged from 0.29 at site 5 (a PS site) to 4 at sites 6 and 10 (both PS sites, Table 

5) Severity rankings in LMB and SMB were not significantly different (p>0.05) among the 

three source types or the four seasons (Figure 2B and D). The weight and GSI of SMB had a 

positive relationship (ρ=0.47 to 0.52, p<0.05) to severity ranking (Figure 4B and C). There 

were no difference in health parameters between intersex and normal LMB. There were no 
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other significant relationships (p>0.05) between severity and health parameters in 

Micropterus spp. The mean severity ranking for Lepomis spp. was significantly lower 

(p<0.0001) than the mean severity ranking for Micropterus spp. (Table 5). 

Relationship of EACs to Intersex: The relationship of EACs to intersex and severity 

ranking was analyzed by genus (combining species within each genus). Two retained 

principal components of Lepomis occurrence and severity ranking accounted for 51.2% of 

the variability in the data (Figure 5A), loadings and variance can be found in Table SI 4. For 

this genus, there was a distinct clustering of sites that had low incidence of both intersex and 

severity ranking, as well as low concentrations of EACs (Table 6). Prevalence and severity of 

intersex clustered closely with the hydrophilic contaminants (industrial EACs, estrogens and 

triazines) in the water and farther from the hydrophobic compounds (chlordanes, DDTs, 

PAHs and PCBs) in the sediment. In the case of Micropterus (Figure 5B), two principal 

components accounted for 45.8% of the variability in the data (Table SI 4). Similar to the 

Lepomis PCA, the Micropterus PCA produced a cluster of sites, however, these sites ranged 

from low to high incidence of intersex and low to moderate severity rankings while still 

having lower concentration of EACs (Table 6). Occurrence of intersex in Micropterus 

clustered between the hydrophobic compounds in the sediment and water and farther from 

hydrophilic compounds in the water.  

DISCUSSION 

A distinct difference in prevalence of intersex and severity was observed between two 

genera of the Centrarchidae family. We found a high incidence and severity of intersex in 

SMB and LMB, which corroborates previous studies that have documented high prevalence 
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of intersex in Micropterus (2,5,46,55). To our knowledge, this is the first study to document 

intersex in wild-caught Lepomis spp. In a controlled setting, a previous investigation 

documented intersex at similar rates to ours (13.3%) in BG populations fed 50 mg/kg of an 

E2β-spiked diet (62), but we are not aware of other studies documenting intersex in Lepomis. 

Occurrence and severity of intersex in both genera were correlated to several classes of 

EACs, similar to a study on the Potomac River of the mid-Atlantic US coast, that found links 

between atrazine, sitosterol, tran-nonachlor and stigmastanol and intersex in SMB (46). 

These results imply that intersex is not driven solely by single compounds but rather by 

mixtures of compounds that are possibly acting in an additive or synergistic manner. 

Our results suggest that Micropterus has a higher predisposition for, and degree of, severity 

of intersex than Lepomis, and there are a number of potential explanations for this pattern. 

One possible explanation relates to baseline level of intersex; an important consideration that 

remains unresolved by our study is the expected baseline level of intersex in fish populations 

(i.e., the expected prevalence in the absence of contaminant influence) and whether that 

baseline varies by species. Our results indicated that at low concentrations of EACs, intersex 

in Lepomis ranged between 0-7.5%. In contrast, at similarly low EAC concentrations, 

intersex in Micropterus ranged between 0-45.9%. It is possible that the higher incidence of 

intersex in Micropterus compared to Lepomis is in part attributable to baseline differences 

between the genera. Bahamonde et al. reviewed 15 studies of 11 different fish species and 

documented variation in baseline levels among the species (42). Without a clear 

understanding of baseline levels of intersex in these fish species or in the water bodies we 
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examined, it is not possible to rule out baseline differences as a mechanism driving our 

genus-specific results.  

These differences could also be driven by responsiveness of estrogen receptors (ERs) 

among the species (63). The underlying mechanism of action for estrogenic compounds is 

activation of ERs, a class of highly conserved ligand-dependent transcription factors (64). 

Despite the evolutionary conservation of ERs, studies have documented differential 

activation of ER receptors among numerous fish species (63,65). A comparison of the 

activational capacity among Lepomis spp. and Micropterus spp. ERs might shed light on 

differential prevalence and severity of intersex among these species. 

In addition to differences in intersex prevalence and severity, there were also genus-

specific differences in associations between intersex and EAC classes. Intersex in Lepomis 

was strongly associated with EACs predominant in the water (industrial EACs, estrogens and 

CUPs), which are typical ER agonists (as confirmed by the Tox21 database; 66,67). In 

contrast, PAHs, OCPs and PCBs prevalent in the sediment were important correlates with 

intersex occurrence and severity in Micropterus. These classes of hydrophobic EACs are not 

considered traditional estrogen mimics, and a Tox21 database query confirmed that only four 

have the ability to activate ERs. Analysis of Tox21 androgen antagonists (68,69) indicated a 

relationship between Micropterus spp. and androgen antagonists (chlordane and 4,4’-DDD: 

reported in SI). While it is unclear how non-traditional EACs are facilitating feminization in 

male fish, there is an apparent link to intersex in Micropterus (and lack of one to intersex in 

Lepomis). This divergence in relationships may be driven by differences in the ecological 

niches of the two genera. Hydrophobic contaminants are environmentally persistent and can 
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bioaccumulate and biomagnify up trophic levels (70-75). Ultimately, apex predators such as 

Micropterus spp. have high concentrations of these contaminants in their tissues (2,21,33), 

which may account for the relationship between the hydrophobic EACs (OCPs, PAHs and 

PCBs) and intersex in Micropterus spp. The absence of this relationship in Lepomis spp. may 

be explained by the fact that they are not apex predators, and thus would exhibit less 

bioaccumulation and biomagnification. Bioaccumulation and biomagnification of 

hydrophobic EACs could account for the high prevalence and severity rank in Micropterus 

spp. Comparing the tissue abundance of contaminants between the two genera could clarify 

the relationship observed between Micropterus spp. intersex and the more hydrophobic 

EACs. 

Finally, limitations in our study design likely prevent us from fully explaining the genus-

specific patterns that we quantified. We investigated 134 target chemicals, but this is only a 

fraction of the compounds that can be found in surface waters and associated with sediment. 

For example, phytoestrogens (plant-derived estrogens), which are known to activate ERs (76) 

and cause feminization in male fish (77), were not analyzed due to the current capability of 

our analytical lab, however, they have been detected in surface waters throughout the US 

(46,77,78). Another limitation to this study was the inability to survey chemicals along large 

stretches of the 20 rivers sampled. Micropterus spp. generally have a larger home range than 

Lepomis spp. (79-81), which may account for the lack of association between water-born 

EACs and intersex in Micropterus spp., i.e., effects might be masked by movement patterns 

of Micropterus spp. or intersex maybe associated with chemicals far from collection sites.  
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In addition to relationships between intersex and EACs, we observed species- and genus-

specific differences between intersex and fish health parameters. Previous attempts to link 

these metrics have produced equivocal results. For example, no significant relationship was 

identified between intersex and GSI or HSI in rainbow darters (Etheostoma caeruleum; 82), 

which is consistent with the lack of patterns we found for both BG and LMB in the present 

study. Conversely, we observed decreases in weight, TL and GSI in RB and RE in 

association with intersex prevalence and severity. This pattern has been previously observed 

in roach (Rutilus rutilus; 31). In contrast, TL, weight and GSI in SMB had a positive 

relationship to severity ranking and were larger in intersex fish. It is unclear what might be 

influencing these differences in health parameters among the five species analyzed. In one 

study, flutamide (anti-androgen) and EE2 exposure resulted in decreased expression of 

growth factors (GFs, growth hormone and insulin-like growth factor) in the liver and testis of 

male fathead minnows (83). Reduction in weight and TL in RB and RE may be driven by 

estrogen/anti-androgen mediated GFs suppression. In the same study, however, Filby et al. 

(83) document an increase of GFs within the ovaries of female fathead minnows. It is 

possible that an increase in GFs led to increases in TL and weight in SMB in our study, 

however, these patterns were not observed in LMB. Research focused on connecting GF 

increase or suppression with the intersex condition could provide valuable insight into 

mechanisms underlying these associations. 

We also found a relationship between fish health parameters and source type for several of 

our study species. Whereas there was no source-specific variation in Micropterus spp. health 

parameters, those differences were detected among Lepomis spp. The GSI and HSI of both 
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RE and RB, as well as the weight and WR of RB, were greater at PS sites. These findings are 

similar to those documented in male rainbow darters and fathead minnows, where exposure 

to WWTP effluent caused an increase in HSI and GSI (44,84). Both studies suggest that this 

increase may be a result of extra-source nutrients and productivity derived from WWTP 

effluent. During our sampling, we noted an abundance of Lepomis spp. aggregating near 

effluent pipes, possibly in response to elevated nutrients and associated forage that might 

promote the larger sizes of RB and RE we found in these PS sites. Conversely, we found that 

weight, GSI, HSI and WR of BG were greater at NPS compared to PS sites. The variation in 

BG health parameters may be driven by expression of GFs, which can be attenuated by 

estrogenic EACs predominant at PS sites; however, the conflicting patterns seen among 

Lepomis spp. makes this result difficult to interpret. Differences in life history patterns and 

energy allocation strategies could also be important drivers of the source-specific differences 

in health parameters that we measured. 

There was also source-specific variation in the abundance and type of EACs in both the 

water and sediment matrices. In the water, industrial EACs and estrogens, which typically 

enter aquatic systems through WWTP effluent pipes (3,20,25,29,84,85), were more prevalent 

at PS sites than NPS and REF sites. Similarly, PAHs and PCBs in the sediment were more 

abundant at PS sites, consistent with previous work documenting elevated EACs associated 

with anthropogenic sources (26,86-89). Despite the source-specific variations observed in 

EAC concentrations, there was no similar variation in intersex of the five species assessed. 

There was also no seasonal variation in EACs or intersex. This is probably due to the lack of 

variation in total estrogenic activity. Estrogenic EACs mediate their toxicity in an additive 
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fashion (11,17,90). However, estimated total E2β concentrations in the water were relatively 

low across our study sites and did not vary with source type or season, possibly accounting 

for minimal variation in intersex. 

Summary 

This study corroborates aspects of a comprehensive USGS investigation (5), that indicated 

high prevalence of intersex in black basses in the southeastern US. In 20 North Carolina 

rivers, intersex occurred in approximately 60% of male Micropterus but was sparse in 

Lepomis. Source type influenced the type and abundance of EACs and certain fish health 

parameters, but did not relate to intersex. In sum, these findings demonstrate a clear 

divergence between wild Micropterus and Lepomis in terms of sensitivity to environmental 

EACs. Despite seasonal variation in EAC prevalence, we documented no seasonality in 

intersex for any of our study species. Similar to findings in the Potomac River (46), intersex 

was not correlated with a single compound but rather with several classes of EACs. The 

identification of specific EAC classes driving estrogenic activity in wild and recreationally-

important fishes is an important step in understanding the intersex condition and its potential 

influence on fish populations and fisheries.   
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FIGURES 

 

Figure 1. Mean (± standard error) total length (A), weight (B), gonadosomatic index (C), 

hepatosomatic index (G) and relative weight (E) according to species at different source 

types. Different letters denote significant differences (Wilcoxon, p<0.05) among REF (white 

bars), NPS (grey bars), and PS (black bars) for each species: bluegill (BG, n=106), redbreast 

(RB, n=98), redear (RE, n=77), largemouth bass (LMB, n=93) and smallmouth bass (SMB, 

n=29). Bars represent mean ± SEM. 
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Figure 2. Percent intersex (± standard error) per-site (A and C) and average severity ranking 

(B and D) according to species. Graphs A and B depict distribution among REF (white bars), 

NPS (grey bars) and PS (black bars) sites. Graphs C and D depict distribution among four 

seasons: spring ’12 (white bars with horizontal stripes), summer ’12 (light grey bars with 

horizontal stripes), fall ’12 (dark grey bars with horizontal stripes) and winter ’13 (white bars 

with vertical stripes) within each species. Different letters denote significant difference 

(Wilcoxon, p<0.05) within species for source type and season: bluegill (BG, n=106), 

redbreast (RB, n=98), redear (RE, n=77), largemouth bass (LMB, n=93) and smallmouth 

bass (SMB, n=29). 
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Figure 3. Mean (± standard error) total length (A),weight (B), gonadosomatic index (C), 

hepatosomatic index (G) and relative weight (E) of normal (white bars) and intersex males 

(black bars) according species: bluegill (BG, n=106), redbreast (RB, n=98), redear (RE, 

n=77), largemouth bass (LMB, n=93) and smallmouth bass (SMB, n=29). Different letters 

denote significant differences (Kruskal-Wallis, p<0.05) within each species. 
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Figure 4. Mean (± standard error) total length (A), weight (B), gonadosomatic index (C), hepatosomatic index (G) and relative 

weight (E) severity ranking according to species: bluegill (BG, n=106), redbreast (RB, n=98), redear (RE, n=77), largemouth bass 

(LMB, n=93) and smallmouth bass (SMB, n=29). Asterisks denote significant difference (Spearman Correlation, p<0.05) between 

severity ranks.  

  

BG RB RE LMB SMB
0

50

100

150

Species

R
el

a
ti

v
e 

W
ei

g
h

t

BG RB RE LMB SMB
0.0

0.5

1.0

1.5

2.0

2.5
*

*

Species

G
o
n

a
d

o
so

m
a
ti

c 
In

d
ex

BG RB RE LMB SMB
0.0

0.5

1.0

1.5

2.0

2.5

Species

H
ep

a
to

so
m

a
ti

c 
In

d
ex

BG RB RE LMB SMB
0

200

400

600

800

1000

*

*

W
ei

g
h

t 
(g

)

BG RB RE LMB SMB
0

100

200

300

400

500

*

T
o
ta

l 
L

en
g
th

 (
m

m
)

A B

C ED

Severity Rank

0 1 2 3 4



 

  

98 

 

Figure 5. Principal component analysis of sediment (dotted black lines) and water (dashed black lines) endocrine active 

compounds, estimated E2β equivalents (E2β Eq, solid black line) with severity and incidence of intersex (solid grey lines) within 

Lepomis spp. (n=281, A) and Micropterus spp. (n=122, B). Labels are percent intersex per site (grey to black, see legend). Dotted 

black circle denotes distinct cluster.  
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TABLES 

Table 1. GIS-based source type, sampling seasons and concentration of EACs between water and sediment at 20 sites  

S
ea

so
n

 

Site 

Properties 
Water EACs (ng/L) Sediment EACS (ng/g) 

N
u
m

. 

T
y
p
e 

E
2
 E

q
 

M
et

o
la

ch
lo

r 

T
ri

az
in

es
 

E
st

ro
g
en

s 

In
d
u
st

ri
al

 

O
C

P
s 

P
A

H
s 

P
C

B
s 

C
U

P
s 

C
h
lo

rd
an

es
 

D
D

T
s 

H
ex

ac
h
lo

ro
b

en
ze

n
e 

P
A

H
s 

P
C

B
s 

S
p
ri

n
g
 2

0
1
2
 

1 REF 0.8 0.0 0.0 0 0 NA NA NA 0.0 0.0 0.0 0.0 20.7 0.3 

2 REF 1.4 0.0 0.0 0 0 NA NA NA 0.0 0.0 0.0 0.0 504.1 0.0 

3 REF 1.4 0.0 0.0 0.2 0 NA NA NA 0.0 0.0 3.2 0.0 61.9 0.0 

4 PS 1.2 23.4 0.0 3 1.2 NA NA NA 0.0 0.9 1.5 0.0 1629.5 0.2 

5 PS 2.6 18.1 0.0 0 0.2 NA NA NA 0.0 1.0 0.0 0.0 1155.1 0.3 

6 PS 1.4 0.0 16.3 0.7 0.3 NA NA NA 0.0 0.1 0.0 0.0 669.2 1.2 

7 PS 1.7 5.9 6.5 0.1 0.3 NA NA NA 0.0 0.0 0.6 0.0 837.5 0.0 

8 PS 1.2 0.0 13.2 0.6 0.5 NA NA NA 0.0 2.5 9.8 0.0 4114.3 9.8 

 



 

  

100 

Table 1. Continued 
S

p
ri

n
g
 2

0
1
2
 

9 PS 1.1 0 0 0.3 0.6 NA NA NA 0 1 0 0.2 1710.2 2.1 

10 PS 2.6 16.6 85 5.4 3 NA NA NA 0 0 0.3 0 694.2 0.6 

11 PS 0.4 0 0 0.9 0 NA NA NA 0 0.3 1.3 0 301.2 0.6 

12 NPS 0.6 9.7 8 0 0 NA NA NA 2 0.4 1.1 0 241.4 0.2 

13 NPS 1.7 7.1 20.2 0 0 NA NA NA 0 0.1 0.1 0 163 0.3 

14 NPS 0.4 11.2 3.4 0 0 NA NA NA 0 0.3 1.9 0 54.9 0 

15 NPS 5.1 30.1 0 0 0 NA NA NA 0 0 0.5 0 347.5 0 

16 NPS 0.7 0 0 1.2 0 NA NA NA 0 0 0.3 0 8.6 0 

17 NPS 0.9 0 0 0 0 NA NA NA 0 0 0 0 359.6 0 

18 NPS 0.8 0 0 1.1 0 NA NA NA 0 0 0 0 1325.3 0 

19 NPS 1.2 14.6 13.9 0 0 NA NA NA 0 0 0 0 1207.3 0.2 

20 NPS 1.8 0 0 0 0 NA NA NA 0 0 0 0 590.8 0 

S
u
m

m
er

 2
0
1
2

 

6 PS 0.7 0 0 1.7 1.2 0.7 26.6 0.1 0 0.9 0 0 1561.9 6.4 

10 PS 1.7 0 12.1 2 3.5 0.3 9.2 0.2 0 0 0.4 0 492.5 0.2 

12 NPS 1.1 0 0 0 0 1.2 9.2 0 21.6 0.4 2.3 0 499.8 0 
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Table 1. Continued 
 20 NPS 0.7 0 0 0 0 0.2 5.4 0 0 0 0 0 100.1 0 

F
al

l 
2
0

1
2
 

6 PS 8.8 0 0 1.1 1.5 0.4 15.9 0 0 0.1 0 0 636.4 1.3 

10 PS 1.5 0 0.1 1.1 1.1 0.1 11.3 0 0 0 0.4 0 1116.4 1.1 

12 NPS 1 0 0 0 0 0.4 17.7 0 6.8 0.6 3 0 689.8 0.1 

20 NPS 0.4 0 0 0 0 0.1 5.9 0 0 0 0 0 27 0 

W
in

te
r 

2
0
1
3

 

6 PS 1.1 0 0 1.9 1.7 0.2 12.6 0 0 0.9 0 0 1642.3 1 

10 PS 0.8 0 0 1.8 1.7 0.2 5.9 0 0 0 0.1 0 260 8.1 

12 NPS 1 0 0 0 0 0.3 8.5 0 2.3 0.2 1.3 0 184.1 0 

20 NPS 2.9 0 0 0.1 0 0 0 0 0 0 0 0 84.1 0 

Ref: reference. PS:point sources. NPS:non-point source. NA. not applicable due to processing error. E2β Eq: 17β-estradiol 

Equivalent concentration. Triazines: total triazine pesticides. Industrial: bisphenol A and nonylphenol. Estrogens: total synthetic 

and natural estrogens. OCPs: organochlorine pesticides. Chlordanes: total chlordane. DDTs: total DDTs and DDT metabolites. 

PAHs: polycyclic aromatic hydrocarbons. PCB: polychlorinated biphenyls.  
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Table 2. Mean (± SD) estimated E2β equivalence (E2β Eq) and concentration of endocrine 

active compounds (EACs) detected in water and sediment among source types. 

 EACs 
Source Type 

REF NPS PS 

W
at

er
 (

n
g
/L

) 

E2β Eq 1.07 (0.45)a 1.23 (1.20)a 1.91 (2.07)a 

Metolachlor 0.01 (0.01)a 5.20 (8.82)a 4.57 (8.29)a 

Triazines 0.00 (0.00)a 3.24 (6.36)a 9.51 (22.50)a 

Industrial 0.00 (0.00)a 0.00 (0.00)a 1.19 (1.05)b 

Estrogens 0.12 (0.16)a,b 0.17 (0.43)a 1.46 (1.41)b 

OCPs NA 0.15 (0.33)a 0.13 (0.21)a 

PAHs NA 3.33 (5.39)a 5.82 (8.28)a 

PCBs NA 0.00 (0.00)a 0.02 (0.06)a 

S
ed

im
en

t 
(n

g
/L

) 

CUPs 0.00 (0.00)a 2.18 (5.67)a 0.00 (0.00)a 

Chlordanes 0.00 (0.00)a 0.14 (0.21)a 0.55 (0.71)a 

DDTs 1.59 (2.25)a 0.75 (1.01)a 1.04 (2.57`)a 

Hexachlorobenzene 0.00 (0.00)a 0.00 (0.00)a 0.01 (0.06)a 

PAHs 41.29 (29.11)a 414.23 (417.79)a 1201.48 (978.72)b 

PCBs 0.15 (0.21)a,b 0.06 (0.11)a 2.35 (3.25)b 

SD: standard deviation. REF: reference. PS:point sources. NPS:non-point source. NA. not 

applicable due to processing error. E2β Eq: 17β-estradiol Equivalent concentration. 

Triazines: total triazine pesticides. Industrial: bisphenolA and nonylphenol. Estrogens: total 

synthetic and natural estrogens. OCPs: organochlorine pesticides. Chlordanes: total 

chlordane. DDTs: total DDTs and DDT metabolites. PAHs: polycyclic aromatic 

hydrocarbons. PCB: polychlorinated biphenyls. Letters denote significant differences 

(p<0.05) among source types  
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Table 3. Mean (± SD) estimated E2β equivalence (E2β Eq) and concentration of endocrine active compounds (EACs) detected in 

water and sediment among seasons. 

 
EACs 

Season 

Spring 2012 Summer 2012 Fall 2012 Winter 2013 

W
at

er
 (

n
g
/L

) 

E2β Eq 1.58 (0.42) a 1.04 (0.25) a 2.90 (1.97) a 1.46 (0.50) a 

Metolachlor 6.57 (8.09) a 0.00 (0.00) a 0.01 (0.01) a 0.01 (0.01) a 

Triazines 27.31 (39.02) a 3.03 (6.06) a 0.03 (0.04) a 0.01 (0.02) a 

Estrogens 1.53 (2.59) a 0.93 (1.08) a 0.56 (0.65) a 0.94 (1.04) a 

Industrial 0.82 (1.46) a 1.17 (1.65) a 0.65 (0.76) a 0.85 (0.97) a 

OCPs NA 0.62 (0.45) b 0.25 (0.17) b 0.15 (0.11) a 

PAHs NA 12.58 (9.50) a 12.72 (5.27) a 6.72 (5.26) a 

PCBs NA 0.08 (0.10) a 0.00 (0.00) a 0.00 (0.00) a 

S
ed

im
en

t 
(n

g
/L

) CUPs 0.50 (1.01) a 5.40 (10.79) a 1.70 (3.40) a 0.57 (1.13) a 

Chlordanes 0.14 (0.20) a 0.33 (0.42) a 0.17 (0.29) a 0.25 (0.41) a 

DDTs 0.36 (0.53) a 0.69 (1.11) a 0.85 (1.43) a 0.37 (0.64) a 

Hexachlorobenzene 0.00 (0.00) a 0.00 (0.00) a 0.00 (0.00) a 0.00 (0.00) a 
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Table 3. Continued 

 
PAHs 548.91 (209.71) a 663.59 (627.33) a 617.38 (448.38) a 542.63 (736.67) a 

PCBs 0.50 (0.51) a 1.65 (3.18) a 0.64 (0.68) a 2.28 (3.91) a 

SD: standard deviation. NA. not applicable due to processing error. E2β Eq: 17β-estradiol Equivalent concentration. Triazines: 

total triazine pesticides. Industrial: bisphenolA and nonylphenol. Estrogens: total synthetic and natural estrogens. OCPs: 

organochlorine pesticides. Chlordanes: total chlordane. DDTs: total DDTs and DDT metabolites. PAHs: polycyclic aromatic 

hydrocarbons. PCB: polychlorinated biphenyls. Letters denote significant differences (p<0.05) among the four seasons. 
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Table 4. Incidence of intersex and severity rank for Lepomis spp. and Micropterus spp. 

Genus Species 
Intersex and Severity Rank 

n 
Incidence 1 2 3 4 

Lepomis 

BG 11 5 4 1 1 106 

DS 0 0 0 0 0 1 

GS 0 0 0 0 0 16 

RB 13 4 5 4 0 98 

RE 6 3 1 2 0 77 

WM 0 0 0 0 0 3 

All1 30 12 10 7 1 281 

Micropterus 

LMB 59 11 14 17 17 93 

SMB 15 3 5 4 3 29 

All 74 14 19 21 20 122 

BG:bluegill. DS:dollar sunfish. GS:green sunfish.RB:Redbreast. RE:redear. 

WM:warmouth. LMB:largemouth. SMB:Smallmouth. 1Includes only BG, RB and RE (DS, 

GS and WM were not detected frequently). 
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Table 5. GIS-based source type, sampling seasons, species, prevalence of intersex(%) and mean severity rank (±SD) for Lepomis 

spp. and Micropterus spp. by site. 

S
ea

so
n

 Site Properties Lepomis spp. Micropterus spp. 

Num. Type Species (n) 
Intersex 

(%) 

Severity 

Rank 

Species 

(n) 

Intersex 

(%) 

Severity 

Rank 

S
p
ri

n
g
 2

0
1
2
 

1 REF RB(10) 10 0.30 (0.30) SMB(3) 67 1.67 (0.88) 

2 REF WM(2) 0 0.00 (0.00) NS NS NS 

3 REF RB(10) 20 0.30 (0.21) NS NS NS 

4 PS RB(8) 38 0.75 (0.41) SMB(3) 100 2.00 (0.58) 

5 PS RE(8), BG(2) 10 0.10 (0.10) LMB(7) 14 0.29 (0.29) 

6 PS BG(10) 0 0.00 (0.00) LMB(8) 50 1.13 (0.48) 

7 PS RE(6), RB(2), BG(2) 0 0.00 (0.00) LMB(7) 86 2.00 (0.49) 

8 PS BG(10) 0 0.00 (0.00) LMB(4) 100 3.25 (0.25) 

9 PS RB(9), WM(1) 33 0.67 (0.37) NS NS NS 

10 PS BG(10) 30 0.50 (0.27) LMB(4) 75 2.00 (0.71) 

11 PS RB(10) 10 0.30 (0.30) LMB(1) 0 0.00 (0.00) 

12 NPS BG(10) 20 0.30 (0.21) LMB(10) 80 2.00 (0.45) 
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Table 5. Continued 
S

p
ri

n
g
 2

0
1
2
 

13 NPS RB(10) 0 0.00 (0.00) NS NS NS 

14 NPS RB(10) 10 0.20 (0.20) NS NS NS 

15 NPS BG(6), RB(4) 10 0.20 (0.20) LMB(7) 43 0.86 (0.55) 

16 NPS RE(10) 0 0.00 (0.00) LMB(10) 50 1.30 (0.52) 

17 NPS BG(10) 10 0.40 (0.40) LMB(4) 75 2.25 (1.03) 

18 NPS RE(4), BG(3), DS(1) 0 0.00 (0.00) NS NS NS 

19 NPS RB(5), BG(5) 10 0.10 (0.10) LMB(10) 70 1.30 (0.33) 

20 NPS RB(5), GS(2) 0 0.00 (0.00) SMB(3) 33 0.67 (0.67) 

S
u
m

m
er

 2
0
1
2
 6 PS BG(7), RE(1) 0 0.00 (0.00) LMB(1) 100 4.00 (0.00) 

10 PS BG(10) 30 0.40 (0.22) NS NS NS 

12 NPS RE(10) 10 0.20 (0.20) NS NS NS 

20 NPS RB(10) 0 0.00 (0.00) SMB(5) 40 0.80 (0.49) 

F
al

l 
2

0
1
2
 6 PS BG(9), RE(1) 0 0.00 (0.00) NS NS NS 

10 PS BG(8) 13 0.38 (0.38) LMB(4) 100 4.00 (0.00) 

12 NPS BG(1), RE(9) 30 0.50 (0.31) LMB(5) 80 2.60 (0.75) 
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Table 5. Continued 

 20 NPS RB(3), RE(8) 0 0.00 (0.00) SMB(9) 44 1.22 (0.55) 

W
in

te
r 

2
0
1
3

 

6 PS RE(10) 10 0.30 (0.30) LMB(10) 70 2.20 (0.55) 

10 PS BG(2), RB(2), RE(1), SS(1) 20 0.20 (0.20) LMB(1) 0 NS 

12 NPS BG(1), RE(9) 0 0.00 (0.00) LMB(3) 67 2.67 (1.33) 

20 NPS GS(14) 0 0.00 (0.00) SMB(6) 50 1.50 (0.81) 

SD: standard deviation. BG:bluegill. DS:dollar sunfish. GS:green sunfish.RB:Redbreast. RE:redear. WM:warmouth. 

LMB:largemouth. SMB:Smallmouth.  
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Table 6. Mean/minimum intersex occurrence and mean (SD in parentheses) severity rank and endocrine active compounds (EAC) 

group concentrations from PCA clustering 

 Variable 
Lepomis PCA Micropterus PCA 

Clustered Sites (n=12) Other Sites (n=18) Clustered Sites (n=15) Other Sites (n=8) 

In
te

rs
ex

 

Occurrence (%)1 7.5/0.0 13.0/0.0 45.9/0.0 88.1/70.0 

Severity Rank (0-4) 0.17 (0.16) 0.23 (13.61) 1.18 (0.78) 2.76 (0.88) 

W
at

er
 E

A
C

s 
(n

g
/L

) 

E2β Eq 1.75 (2.56) 1.40 (0.25) 1.48 (1.26) 1.23 (0.62) 

Metolachlor 4.25 (9.08) 4.77 (0.55) 4.58 (9.13) 6.21 (9.32) 

Triazines 0.95 (2.41) 9.29 (7.82) 2.45 (5.42) 13.27 (29.40) 

Industrial 0.12 (0.42) 0.84 (0.05) 0.16 (0.43) 1.09 (0.99) 

Estrogens 0.29 (0.49) 1.09 (889.62) 0.32 (0.56) 1.71 (1.80) 

OCPs 8.93 (4.86) 13.20 (3.04) 0.15 (0.11) 0.36 (0.27) 

PAHs 0.24 (0.12) 0.45 (0.66) 5.13 (3.11) 17.04 (6.94) 

PCBs 0.00 (0.00) 0.05 (2.35) 0.00 (0.00) 0.02 (0.05) 

 

CUPs 0.36 (0.83) 1.58 (5.24) 0.15 (0.58) 1.10 (2.41) 

Chlordanes 0.11 (0.16) 0.47 (1.41) 0.11 (0.26) 0.77 (0.80) 
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Table 6. Continued 

S
ed

im
en

t 
E

A
C

s 

(n
g
/g

) 

DDTs 0.81 (1.00) 1.03 (20.14) 0.28 (0.47) 2.01 (3.30) 

Hexachlorobenzene 0.00 (0.00) 0.01 (6.95) 0.00 (0.00) 0.00 (0.00) 

PAHs 195.27 (190.30) 1131.07 (0.40) 410.19 (398.84) 1461.23 (1189.28) 

PCBs 0.20 (0.40) 1.76 (0.08) 0.71 (2.07) 2.44 (3.65) 

PCA: principal component analysis. SD: standard deviation. 1Intersex per site is expressed as mean/minimum. E2β Eq: 17β-

estradiol Equivalent concentration. Triazines: total triazine pesticides. Estrogens: total synthetic and natural estrogens. OCPs: 

organochlorine pesticides. PAHs: polycyclic aromatic hydrocarbons. CUPs: bifenthrin and chloryprifos. Chlordanes: total 

chlordane. DDTs: total DDTs and DDT metabolites. PCB: polychlorinated biphenyls 
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ABSTRACT: Estrogens and estrogen mimics are commonly found in surface waters 

associated with human derived activity and result in deleterious effects to fish populations. 

Exposure during gonadal development and reproductive maturation has been extensively 

studied, and are known to lead to reduced reproductive capacity and declines in populations. 

However, few studied have compared the magnitudes of disruption following exposure 

during distinct windows in development. Reproductive capacity was assessed in Japanese 

medaka (Oryzias latipes), an extensively studied fish model, after exposure to two 

concentrations of 17β-estradiol (2 ng/L and 50 ng/L) during four distinct early life stages: 

gonad development, gonad differentiation, development of secondary sex characteristics 

(SSC) and gonad maturation. Exposure during all four windows reduced reproductive 

capacity in medaka breeding pairs. Comparison of the four windows illustrate that hindrance 

of SSC development appears to have devastating effects on reproductive success. Results 

suggest that window of exposure, dosage, duration of exposure, and duration of recovery 

period may impact magnitude of disruption. We also identified possible compensatory 

mechanism through which fish may have adapted to estrogen exposure. This study 

documents differential effects among four critical life stages providing further insight in the 

dynamic factors contributing to reproductive disruption in fish. 
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INTRODUCTION 

Many classes of chemicals have been found to bind estrogen receptors and disrupt 

endogenous estrogen signaling in humans and wildlife (1-6), predominantly targeting males. 

These estrogenic endocrine active compounds (EACs) are exogenous compounds or mixtures 

that alter functions of the endocrine system with the potential to cause adverse effects on 

individuals, their progeny or their subsequent progeny (7). Many estrogenic EACs have been 

detected in surface waters throughout the United States (2,8-11) and have been linked to a 

number of adverse effects in fish. For example, vitellogenesis, the induction of a female 

specific egg yolk precursor protein, has been demonstrated as a sensitive biomarker of 

estrogenic EAC exposures in male fish (1,6,12-14). Estrogen contaminants can also suppress 

primary and secondary sex characteristics (SSC) in male fish (1,5,15,16) and alter testicular 

development and function via a marked increase in apopotosis of spermatogonia cells 

(primordial germ cells), reduced spermatogenesis and feminization of the seminiferous 

tubules (5,17-20). The culmination of these cellular events often results in a defined 

reduction of male reproductive output (5,17). Equally important at the population level are 

effects of estrogenic contaminants on female teleost reproduction. Exposure to estrogen 

contaminated waters can disrupt hormonal feedback signals, modulate endogenous 

circulating hormone levels, and alter ovarian development (12,21-23). Exposure has also 

been found to delay oocyte development and cause the formation of atretic oocytes 

(18,19,21,24). The effects in male and female fish can be linked to reduced breeding capacity 

and declines in fish populations (12,14,25-29). 
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Disruption of reproductive success can occur during two critical periods of development: 

organizational or activational (30,31). Organizational exposures occur during critical life 

stages and impacts primordial cell differentiation, growth and/or gonad development. 

Exposure during this sensitive phase in development can lead to detrimental, organizational 

effects, which are generally permanent. In contrast, exposures that occur within the 

activational phase of development typically influence reproductive maturation including 

spermatogenesis and oogenesis. These exposures occur at later windows in life and can lead 

to activational effects, which can be mitigated after termination of exposure and are typically 

associated with a biological compensatory response that facilitates a reduction in exposure 

and/or effect (32,33). While numerous studies have documented impaired fertility and 

fecundity in fish following chronic exposures to estrogens and estrogen mimics within both 

the organizational and activational phases (5,14,23,24,34-37), there remains a paucity of 

information regarding differential reproductive effects of exposure within defined life stages. 

This study examined reproductive dysfunction following exposure during four critical 

windows of development in Japanese medaka (Oryzias latipes).  

A successful model species for reproductive toxicity testing, medaka is an extensively 

studied small laboratory fish model. Medaka undergo genetic sex determination via the Y-

specific DM-domain gene (dmy; 38,39). The dmy gene is located on the Y chromosome and 

up-regulation results in the expression of dmrt1, a transcription factor required for testicular 

development (39). Development in medaka has been well characterized. During 

embryogenesis gonadal tissue develops and bilateral lobed gonads are present but are 

undifferentiated at hatch (39,40). From hatch to 30 dph, gonads undergo rapid differentiation 



 

  

 

 

130 

(39,40). Differentiation of medaka testis is driven by the presence of dmy, which can be 

detected shortly before hatch (39,41). In the absence of dmy, gonads differentiate into 

ovaries. Hormones produced by the gonads regulate SSC development, which occurs from 

about 30 dph to 70 dph (15,42). Medaka are sexually dimorphic, expressing both male and 

female SSC that are critical for reproduction. Medaka also have a rapid generation time (2-4 

months) and at reproductive maturity produce 10-30 eggs per female per day (43).  

To compare critical windows of exposure, medaka populations (male and female) were 

exposed during both organizational development periods (gonad development and gonad 

differentiation) and activational development periods (SSC development and gametogenesis) 

to two concentrations of 17β-estradiol (E2β; 2 ng/L and 50 ng/L). At time of reproductive 

maturity, reproductive output (fertility and fecundity) was determined as a measure of 

estrogenic effect. Here we demonstrate differential impacts of estrogenic EACs on 

reproductive parameters within defined windows of development.  

EXPERIMENTAL METHODS 

Exposure Stocks: 17β-estradiol (E2β) was purchased from Steraloids (Newport, Rhode 

Island), dissolved in ethanol (EtOH) to generate two stocks 500μg/L and 20μg/L, which were 

stored at −20 °C in order to preserve chemical integrity. The same stocks were used 

throughout the entire experiment to make 50ng/L and 2ng/L treatments. Exposure media 

(1000mL) was spiked with 100μL of stock solutions to achieve an EtOH concentration of 

0.01%. An EtOH (0.01%) treatment was used as a solvent control. Analytical analysis using 

LC-MS/MS indicated that stocks were within 97.5% (standard deviation: ±10.6%) of 

nominal concentrations.  
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Medaka Rearing: Medaka care and maintenance protocols were approved by North 

Carolina State University’s (NCSU) Institutional Animal Care and Use Committee (IACUC). 

Orange-red (OR) outbred-medaka fish were obtained from breeding colony at the NCSU 

Aquatic Research Facility. During all four windows (Figure 1), fish were maintained in 

rearing media (5.1 mM NaCl, 0.12 mM KCl, 0.198 mM MgSO4·7H20, and 0.081 mM 

CaCl2·2H20 in picopure water) throughout the experiment. Treatments were conducted in 

glass beakers by static renewal with 100% renewal every three days. During exposure 

windows, water temperature, pH and ammonia were maintained at 24.2 °C (±0.9 °C), pH 7.1 

(±0.3) and 0.0 ppm (±0.1 ppm), respectively. Following exposure, fish were maintained 

under standard recirculating rearing media in Aquatic Habitat (AHAB) Culturing Unit 

(Aquatic Habitats, Apopka, FL). Water temperature, conductivity and pH were monitored 

and maintained at 24.9 °C (±1.2 °C), 1.7 μS/cm (±0.3 μS/cm) and pH 7.3 (±0.3), 

respectively. Fish were kept under a strict light:dark cycle of 16:8 hr and fed dry food 

(Otohime B1, Reed Mariculture, Campbell, CA). 

Window 1-Gonad Development (4 hours post fertilization [hpf] to hatch): Embryos 

were collected from breeding colony and assessed for fertilization under a dissecting 

microscope (42). Roughly 322 embryos were split into groups of 20-25 embryos, and 

randomly assigned treatments (EtOH, 2ng/L E2β, 50 ng/L E2β), with five replicate groups 

per treatment. Fertilized eggs were cleaned and maintained in 20 mL glass beakers 

containing 10 mL of treated rearing media. Mortality and hatch success were monitored 

daily. At time of hatch, total body length was analyzed (see below). Larvae were transferred 

to clean media and maintained in 1.5 L tanks with static renewal of untreated media every 
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three days. At 30 days post hatch (dph), larvae were transferred into AHAB for grow-out 

period and breeding assessment. At approximately 100 dph, fish were anesthetized to 

measure length, analyze SSC and genotype (see below). Genotypic males and females were 

maintained separately until pairing into breeding groups. Twelve breeding pairs were formed 

at 112 dph from each treatment for breeding assessment (see below). 

Window 2-Gonad Differentiation (hatch to 30 dph): Larvae (n=300) were collected on 

day of hatch from breeding colony and divided into 15 groups of 20 hatchlings. Groups were 

randomly assigned to a treatment (EtOH, 2ng/L E2β, 50 ng/L E2β) with five replicate groups 

per treatment. Larvae were maintained in 1 L beakers containing 0.5 L of treatment media for 

30 days and mortality was monitored daily. At 30 dph, larvae were removed from treatments 

and imaged (see below) to determine length. Fish were transferred into AHAB for grow-out 

and breeding assessment. At approximately 100 dph, fish were anesthetized to measure 

length, analyze SSC and genotype. Genotypic males and females were maintained separately 

until pairing into breeding groups. Twelve breeding pairs were formed at 112 dph from each 

treatment for breeding assessment. 

Window 3-Development of SSC (30 dph to 80 dph): Juvenile fish at 30 dph (n=300) 

were collected from breeding colony and divided into 15 groups of 20 individuals. Groups 

were randomly assigned to a treatment (EtOH, 2ng/L E2β, 50 ng/L E2β) with five replicate 

groups per treatment. Due to high mortality during this window, the entire experiment was 

repeated two additional times. Fish were maintained in 2 L beakers containing 1.5 L of 

treatment media and mortality was monitored daily. At 80 dph, fish were removed from 

treatments; at that time fish total body length, SSC, and genotype were assessed. Fish were 
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transferred into AHAB for grow-out period and breeding assessment. At ~100 dph, fish were 

anesthetized to measure length, analyze SSC and genotype. Genotypic males and females 

were maintained separately until pairing into breeding groups. Twelve breeding pairs were 

formed at 112 dph from each treatment for breeding assessment.  

Window 4-Gametogenesis (post 112 dph): Sixty fish at ~100 dph were collected from 

breeding colony. Fish were anesthetized to measure length, analyze SSC and genotype. 

Genotypic males and females were maintained separately until pairing into breeding groups. 

At 112 dph, 30 males and 30 females were divided into pairs with one male and one female 

each. Breeding pairs were kept in 1 L beakers with 0.5 L media and breeding was monitored 

for seven days to determine baseline levels of reproductive output. At 119 dph, males and 

females were independently separated for a seven-day depuration period, by placement into 

individual labeled containers with 0.5L rearing media. Males and females were subsequently 

returned as identical breeding pairs and randomly assigned treatments (EtOH, 2ng/L E2β, 50 

ng/L E2β) at 126 dph. Breeding was subsequently assessed daily for fourteen days. 

Following exposure (at 133 dph), a subset of breeding pairs form each treatment were 

maintained in untreated media for an additional fourteen days to assess reproductive 

parameters within a defined recovery period.  

Length and SSC: To determine impacts of treatments on phenotypic sex determination 

and growth, length and SSC were characterized throughout this experiment. Following 

windows 1 and 2 exposures, total length was measured by placing live fish in beaker and 

imaging when still. Images were taken using a Nikon SMZ1500 (Nikon Instruments, Inc. 

Melville, NY) coupled with NIS Elements F 3.2 software. Total length was calculated using 
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measurement tool in Adobe Photoshop CS5 (Adobe Systems, Inc. San Jose, CA). Following 

windows 3 and at reproductive maturity for all windows (~100 dph) fish were anesthetized in 

cold water (~4°C) for 30 seconds and imaged to assess SSC and total body length. A 5mm 

fin clip was also taken for genotyping before returning animals to rearing media. Gross 

assessments of SSC included determining presence or absence of urogenital papillae (Figure 

2A), papillary processes (Figure 2B) and dorsal notch.  

Fin Clip Genotype: Genotyping for dmy was conducted using fin clip as described above. 

Dorsal fin clips were cut and dissolved in Proteinase K in NTES buffer (50 mM Tris-HCl, 50 

mM EDTA, 100 mM NaCl, 0.5% SDS, pH 8.0) overnight. Genomic DNA was extracted 

using saturated NaCl and purified with EtOH washes. Using genomic DNA, forward (5’-

CATGAGCAAGGAGAAGCA-3’) and reverse primers (5’-GGCCGGGTCCCCGGGTG-3’) 

were used in polymerase chain reaction (PCR) to co-amplify dmrt1ay and dmy. Forward 

primers was designed using Primer3 (44,45) to a conserved region of both dmrt1ay 

(NM001278904), an the autosomal paralog, and dmy (NM001104680). Reverse primer was 

designed according to Matsuda et al. (38). Based on number of amplicons PCR reactions 

differentiated between male (dmrt1ay, dmy) and female (dmrt1ay) genotypes. (Figure 2C). 

Presence or absence of dmy amplicon was used to identify genetic males and females, 

respectively. All mating pairs were established based on genotypic sex determination.  

Breeding Assessment: At 112 dph, a single genotypic male and a single genotypic female 

from each treatment window were combined into breeding pairs. For windows 1, 2 and 3 

breeding pairs were monitored in 1.5 L (7 days) followed by 3 L AHAB tanks for 7 days.  

AHAB tanks contained mesh filters baffles or netting (Figure supporting information [SI] 1, 
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Appendix E) to ensure capture of deposited eggs from each pair. To minimize the effects of 

other variables other than E2β treatments on reproduction endpoints, window 4 breeding 

pairs were maintained in 1L beakers containing 0.5 L treatment media for the entirety of the 

experiment (i.e., baseline, exposure and recovery periods). Eggs were collected daily from 

each breeding pair for 14 days. Individual eggs were assessed for fertilization under a 

dissecting microscope (42).  

Statistical Analysis: Graphs and statistical analysis was conducted using GraphPad Prism 

5 (La Jolla, CA). Sharpiro-Wilk test and Barlette’s test were used to test data for normality 

and equal variances, respectively. A One-way ANalysis Of VAriance (ANOVA) was used to 

evaluate the effect of treatment on time to hatch from window 1 and length from all 

windows, coupled with Tukey’s multiple comparison test. Data that did not meet 

assumptions of normality and/or equal variation was analyzed using non-parametric analysis. 

The affect of treatment on hatch success, time to hatch, and survival was analyzed using the 

Kruskal Wallis test, coupled with Wilcoxon multi-comparison test. Chi-square (𝜒2) analysis 

was conducted to determine effect of treatments on genotypic sex ratio, phenotypic sex ratio 

and SSC. To assess the affect on fertility and fecundity, cumulative egg production and 

cumulative fertilized eggs were analyzed within each breeding group. An Analysis of Co-

Variance (ANCOVA) was used to assess cumulative fecundity and fertility differences 

among treatments. To analyze accumulation of eggs, cumulative egg production at day 14 

was normalized to control treatment, where EtOH was set to 100% (CumMAX). ANOVA was 

used to analyze difference in CumMAX and cumulative egg production or fertilization rate 

(slope) among treatments. 
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RESULTS 

Window 1-Gonad Development (4 hpf to hatch): Hatching success (survival) ranged 

between 84.76% and 87.62% within window 1 and there was no statistical difference 

(p>0.05) among treatment groups (Table 1). No difference was observed (p>0.05) in time to 

hatch or total body length at hatch among treatments. At reproductive maturity (~100 dph) 

there was also no significant difference (p>0.05) in total body length. Analysis of genotype 

(presence/absence of dmy) and phenotype (expression of SSC) revealed three XY females 

(expression of urogenitial papillae, no expression of dorsal cleft or papillary processes) and 

two XX males (expression of the dorsal cleft and papillary processes, no expression of 

urogenital papillae) were observed in 50 ng/L E2β treatment (Table 2). However, there were 

no statistical differences (p>0.05) in both genetic and phenotypic sex ratios among the three 

treatments. Papillary processes were visibly absent in three XY males from E2β treatments, 

one from 2ng/L E2β treatment and two from 50 ng/L E2β treatment. Conversely, a 

urogenitial papillae was present in a single XY male from 50ng/L E2β treatment. There was 

no overall significant difference (p>0.05) in the SSC expression among any treatment groups 

exposed within window 1.  

In window 1, there was no significant difference (F-test, p>0.05) in cumulative egg 

production (CumMAX and rate) among treatment groups (Figure 3A, Table 3). Conversely, 

there was a significant effect (p<0.05) of treatment on fertility (CumMAX and rate). The 

CumMAXs for 2 ng/L and 50 ng/L E2β treatments were 7.3-8.3% less than in EtOH treatment. 

Egg fertilization rate (slope) with EtOH treatment was 0.4-0.5 more egg per day than with 

both E2β treatments (Figure 3D). Two XY females from 50 ng/L E2β treatment were paired 
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with two XY males from 50 ng/L E2β treatment and underwent breeding assessment (SI 

Figure 2 and SI Table 1). Reproductive capacity was 36.9-70.2% larger (p<0.0001) than 

EtOH treatment. In gender switched breeding pairs, rate of egg production increased 

(p<0.0001) by 3.3 eggs per day and fertilization rate increased (p<0.0001) by 1.3 eggs per 

day compared to EtOH treatment.  

Window 2-Gonad Differentiation (hatch to 30 dph): Animals from exposure in window 

2, exhibited no difference (p>0.05) in mortality (70.00% and 85.00%) among the treatment 

groups (Table 1). There was also no difference (p>0.05) in length at post-exposure or at 

reproductive maturity (~100 dph). Analysis of genotype and phenotype found one XX male 

from 2 ng/L E2β treatment and three XY females from 50 ng/L E2β treatment (Table 2). 

However, there were no significant differences (p>0.05) in phenotypic or genotypic sex 

ratios among the three treatments. Papillary processes were visibly absent in one XY male 

from 50 ng/L E2β treatment. Conversely, urogenitial papillaes was present in two XY males 

from 50ng/L E2β treatment. There was no overall difference (p>0.05) in the SSC expression 

among any treatment groups.  

At reproductive maturity CumMAX of fecundity from 2 ng/L E2β was attenuated 16.5-

17.5% smaller (p<0.0001) compared to EtOH and 50 ng/L E2β treatments (Figure 3B, Table 

3), which were not different from one another (p>0.05). Similarly, 2 ng/L E2β treatment 

produced 0.7-0.8 less eggs per day (p=0.0101) compared to both EtOH and 50 ng/L E2β 

treatments, which were also not different (p>0.05). Breeding pairs in 2 ng/L and 50 ng/L E2β 

treatments fertilized 16.3% and 10.2% fewer eggs (p<0.0001) compared to EtOH treatment, 

respectively (Figure 3E). The same pattern was observed with fertilization rate, eggs 
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fertilized per day were 0.5-0.6 more eggs (p<0.0001) in EtOH treatment compared to 2 ng/L 

and 50 ng/L E2β treatments. Three XY females from 50 ng/L E2β treatment were paired with 

three XY males from 50 ng/L E2β treatment and underwent breeding assessment (SI Figure 2 

and SI Table 1). There were no difference (p>0.05) in CumMAX or rate of egg production 

between gender switched breeding pairs and EtOH treatment. Cumulative fertilized eggs was 

13.4% lower (p<0.001) than EtOH treatment in window 2. Egg fertilization rate was 1.2 less 

eggs per day (p<0.0001) with gender switched breeding pairs compared to EtOH treatment.  

Window 3-Development of SSC (30 dph to 80 dph): Window 3 exposures were repeated 

three times and overall survival at the end of exposure was substantially lower than other 

windows. Following exposure in window 3, survival ranged between 34.25% and 42.18% 

and there was no difference (p>0.05) among any treatment groups (Table 1). There was also 

no difference (p>0.05) in length post-exposure or at reproductive maturity (~100 dph). 

Analysis of genotype and phenotype revealed 1 XX male from 2 ng/L E2β treatment and 13 

XY females from 50 ng/L E2β treatment (Table 2). While there was no treatment effect 

(p>0.05) on genotypic sex outcomes, phenotypic sex ratio was altered (p=0.0296) by E2β 

treatments. Both E2β treatments shifted phenotypic sex ratio to a female dominant 

population. In addition, attenuation of males SSC and proliferation of female SSC by E2β 

treatment was significant (p<0.0001) in window 3. Papillary processes were visibly absent in 

1 and 18 XY males from 2 ng/L and 50 ng/L E2β treatments respectively. Conversely, 

urogenitial papillaes were present in 2 XY males from 2 ng/L E2β treatment and 22 from 50 

ng/L E2β treatment. In 13 XY males from 50ng/L E2β treatment the dorsal cleft was not 

present.  
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There was a no significant difference (p<0.05) in the CumMAX of egg production or 

fertilization between 2 ng/L E2β and EtOH controls (Figure 3C and F, Table 3). The 50ng/L 

E2β treatment attenuated fecundity and fertilization by 45.7-57.4% compared to EtOH and 2 

ng/L E2β treatments. There was a significant (p<0.0001) dose dependent decrease egg 

production and fertilization rates. The 2 ng/L E2β treatment reduced egg production rate and 

fertilization rate by 0.5 eggs per day, relative to EtOH control. Egg production rate and 

fertilization rate in 50 ng/L E2β treatment was reduced by 3.0-3.3 eggs per day compared to 

EtOH treatment. Two XY females from 50 ng/L E2β treatment were paired with two XY 

males from 50 ng/L E2β treatment and produced no eggs (SI Figure 2 and SI Table 1). In 

addition, two XY females from 50 ng/L E2β treatment were paired with two XX females 

from 50 ng/L E2β treatment. Maximum cumulative fecundity and fertility were 20.4-34.9% 

lower (p<0.001) than EtOH treatment. Eggs production and fertilization rate was 1.3-2.5 eggs 

per day fewer (p<0.0001) than EtOH control. 

Window 4-Gametogenesis (post 112 dph): Exposures conducted in window 4 resulted in 

no mortality (Table 1). Prior to conducting the experiment there was no difference (p>0.05) 

in the length (Table 1) or expression of SSC (Table 2) among the three treatments. Breeding 

groups that produced cumulatively less than 30 eggs during baseline period were excluded 

from window 4 analyses. As a result, 1 breeding group from ETOH and 2ng/L E2β treatment 

each were excluded from reproductive assessment and three breeding groups from 50 ng/L 

E2β treatment. There were no difference (p>0.05) in fertility and fecundity during the 

baseline period among the three treatments (Figure 4, Table 4).  
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During the exposure period, there was a decrease (p≤0.01) in CumMAX and rate of egg 

production rate. Cumulative egg production in 2ng/L E2β and 50 ng/L E2β treatments were 

not different (p>0.05), but both treatments produced 10.6-14.6% less eggs than EtOH 

treatment. Similarly, egg production rate was not statistically different between both E2β 

treatments, but 2ng/L E2β and 50 ng/L E2β produced 0.6 fewer eggs per day relative to 

EtOH control. Cumulative fertilized eggs of 50 ng/L E2β treatment was 7.1-10.1% lower 

(p<0.001) than EtOH and 2 ng/L E2β treatments, which were both not significantly different 

(p>0.05). There was also no significant different (p>0.05) in the fertilization rate among the 

treatments.  

Conversely, during the recovery period breeding pairs exhibited an inverse effect compared 

to exposure period. Both fecundity and fertility were higher (p<0.0001) in fish from both E2β 

treatments compared to EtOH treatment. During the recovery period cumulative egg 

production of 50 ng/L E2β treatment was 65.8-75.9% higher than EtOH and 2 ng/L E2β 

treatments, which were both not significantly different (p>0.05). There was a dose dependent 

compensatory response during the recovery period with egg production rate, fertilization rate 

and CumMAX of fertilized eggs. Egg production rate and fertilization rate of 2 ng/L E2β and 

50 ng/L E2β treatments increased by 1.0-3.8 eggs per day relative to EtOH treatment. In 

addition, 2 ng/L E2β treatment increased CumMAX of fertilized eggs by 13.1%, relative to 

EtOH control and cumulative fertilized eggs in 50 ng/L E2β treatment was 76.7% higher 

compared to EtOH treatment. 

DISCUSSION 
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Previous studies of estrogen exposure during specific windows (5,23,29,46-51) or through 

complete life cycles (5,14,23,24,34-37) establish that exposure during critical developmental 

windows can lead to impaired reproductive success. While documenting direct effects of E2β 

exposures on breeding capacity following exposure during four critical windows in medaka 

development. We also illustrate distinct patterns in reproductive sensitivities to exposure 

during specific windows in development. Assessment of the four windows illustrates that 

E2β exposure had no non-target pathologies. Consistent with previous studies in medaka and 

fathead minnows (Pimephales promelas; 18,52-55), estrogen exposure had no effects on 

hatch success, time to hatch, survival or length following exposure during all four windows. 

Similarly, E2β had no affect on length at reproductive maturity (1-4 months following 

exposure). Exposure to E2β did have its intended effect, resulting in reduced breeding 

capacity in medaka.  

Our study suggests that E2β exposure has the ability to impact reproduction resulting in 

impaired fecundity and fertility, corroborating studies documenting impaired reproductive 

function long after estrogen exposure cessation (23,47). While reproductive disruption was 

documented in window 1, relative to control treatment (EtOH) window 1 (gonad 

development) had the smallest impact on reproductive capacity. Similarly, Nakamura and 

Takahashi illustrate no effects to testes or ovary development in tilapia (Tilapia mossambica) 

exposed to 17α-ethinylestradiol (EE2) prior to gonad differentiation (56). During the gonad 

development process there is a substantial period in which the gonads are present but 

undifferentiated in several fish species (40,57-59). Results seen in both medaka and tilapia 
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suggest that during this period, estrogen exposure may have minimal effects on reproductive 

disruption.  

Another possible explanation for the marginal reproductive dysfunction found in window 1 

may be the length of recovery and exposure period. Relative to windows 2 and 3, window 1 

had the longest recovery period and shortest exposure period. These differences could 

account for window 1 having a smaller impact on breeding capacity relative to windows 2 

and 3. In another study with medaka, a long-term exposure (80 days) to E2β reduced 

fecundity and fertility in medaka populations, but no effects were observed following a short-

term exposure (30-days; 49). Similarly, E2β exposure in window 4 yielded a lower 

magnitude of reproductive disruption. Exposure period in window 4 was also shorter relative 

to windows 2 and 3. Suggesting that length of exposure during early life stages and length of 

recovery following exposure can affect the magnitude of reproductive disruption.  

While documenting affects of exposure and recovery time on reproductive disruption, that 

the window of exposure did impact the magnitude of dysfunction. Comparison of the four 

windows suggest that exposure during window 1 (gonad development) and window 4 

(gametogenesis) had the lowest impact on reproductive function. In contrast, exposure during 

window 2 (gonad differentiation) and window 3 (SSC development) had a larger impact on 

reproductive function, with window 3 having the largest. During courtship, medaka males 

use their anal and dorsal fins to hold the female and keep their cloaca in close proximity (71). 

The 50 ng/L E2β treatment during development of SSC caused a 51.6-57.4% reduction in 

breeding success. Other studies have found reduced female preference and reproductive 

success in males exhibiting reduced male specific SSC (1-3). Results here support these 
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finding that SSC are very critical in reproductive capacity in fish populations. In addition to 

the large magnitude in reproduction disruption, we observed a strong shift in phenotypic sex 

ratio and feminization/demasculinization of SSC following E2β exposure in window 3. 

Similar to studies with fathead minnow that document feminization/demasculinization of 

SSC in males exposed to estrogen contaminated water (1,16,55,72). Window 3 was the only 

window to have a significant effect on phenotypic sex ratio, suggesting that exposure during 

30-80 dph is a sensitive window in medaka.  

Through our investigation of E2β effects on breeding capacity, we also illustrated possible 

inherent mechanisms to compensate reproductive disruption following estrogen exposure. 

Window 4 was a perfect example of “activational disruption” and compensatory 

mechanisms. Activational effects occur during later life stages which can be mitigated after 

exposure cessation (30,31). In addition, biological compensatory responses can occur that 

facilitates a reduction in effect (32,33). This was observed with window 4. Exposure to E2β 

resulted in 10.2-14.6% reduction in breeding capabilities during gametogenesis. Following 

termination of exposure, E2β treatment groups documented a complete recovery in breeding 

capacity. In fact, during recovery period of window 4, reproduction increased 13.1-76.7% 

relative to EtOH treatment. These results like those documented with cichlid fish 

(Cichlasoma dimerus) and fathead minnows (32,33), suggesting an inherent of compensatory 

mechanism following exposure to E2β in some fish species.  

Another possible compensatory mechanism observed in the study was the presence of sex-

reversed individuals (i.e., genetic males that were phenotypically females and vise versa). 

Breeding of XY females paired with XY males from 50 ng/L E2β treatment in window 1 
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displayed a substantial increase (36.9-70.2%) in reproductive output compared to EtOH 

treatment. This observation could possibly be a mechanism to overcompensate for the slight 

reproductive disruption (8.3%) observed in fertility of the normal population (XY males with 

XX females) exposed to 50 ng/L E2β.  

In addition, to XY females in the 50 ng/L E2β treatments from windows 1-3, there were 

XX males in 2ng/L E2β treatment. In wild medaka populations reproductively functional XX 

males are not uncommon (60,61). Several fish species are known to begin their reproductive 

life as one sex (male or female) and then switch to a another later in life (62). In a study with 

cichlid fish, the absence of males can induce one or more dominant females to switch to fully 

functional males (62,63). While only significant in window 3, E2β treatments during 

windows 1-3 resulted in a shift to a female dominant population (phenotypically), similar to 

other teleost fish (25,26,47,64). The production of XX males observed in this study could be 

a compensatory mechanism to the observed impacts on sex ratios.  

Another possible compensatory mechanisms was observed in window 2. Non-monotonic 

dose response curves (or “U”-shaped curves) are typical of endocrine active compounds 

(4,65,66) and are possibly compensatory mechanism following endocrine disruption 

(32,67,68). Effect of E2β treatments on fertility and fecundity diverted from the typical 

monotonic dose response effects during window 2. During this window, 2 ng/L E2β resulted 

in a larger reduction in reproductive capacity compared to 50 ng/L E2β. Comparably, other 

studies have documented non-monotonic effects of estrogen contaminants on aromatase and 

gonadotropin-releasing hormone expression in fish (69,70). Our data suggest a non-
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monotonic response on reproductive success 3 months after E2β exposure during gonad 

differentiation, however further analysis with more doses are needed to be conclusive. 

Exposure to E2β caused a reduction in breeding success in medaka populations from all 

four windows assessed, with fertilization being a more sensitive endpoint than fecundity. 

Exposure to E2β attenuated fertilization capacity during all four windows. In contrast, E2β 

exposure did not affect fecundity during all four windows. This sensitivity in fertilization 

may be attributed to a larger impact on male reproductive capabilities. Estrogen exposure can 

result in apopotosis of spermatogonia cells and feminization of the seminiferous tubules 

(5,17,18,19,20). Impairment in testis function may account for the consistent reduction in 

fertilization. 

Here we present four important life stages critical in reproductive success, with distinct 

patterns in disruption among the windows. However, it is unclear what is governing these 

differential patterns among the four windows. Other factors, not addressed in this scope of 

this study could also account for the altered reproductive capacity in medaka. Estrogens can 

affect activational and organization development in the brain, ultimately altering breeding 

(e.g. dancing, competing, and recruiting) and parental (e.g nest building and nest guarding) 

behavior in fish populations (51,73-77). In addition, reproductive development is managed 

by precise gene regulatory networks (e.g., hypothalamus-pituitary-gonadal axis and 

hypothalamus-pituitary-gonadal-liver axis; 17,55,74,78,79). Investigating the affect of 

estrogen exposure on brain development and gene expression analysis may shed light on 

behavioral and molecular components driving the difference observed.  
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While corroborating previous studies documenting deleterious reproductive effects 

following exposure to E2 (5,23,29,48-51), we also provide further insight into critical 

windows in development. Results suggest that not only did time of exposure and dosage have 

an effect on the magnitude of reproductive disruption, but also the length of exposure and 

recovery periods. We also observed a few possible inherent compensatory mechanisms to 

estrogen exposure. Nonetheless, this study illustrates the sensitivity of reproductive function 

in fish populations. With human population projected to continue its exponential increase, 

anthropogenic contaminants are undoubtedly going to continue ending up in surface waters 

throughout the globe. Ironically, estrogen contaminants like E2β and EE2 (active birth 

control ingredient) make up a component of these contaminants. Understanding the dynamics 

of reproductive disruption is critical to prevent population and community level effects and 

this study pinpoints key factors attributing to reproductive disruption. 
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FIGURES  

 

Figure 1. Summary of pre-exposure (dotted line), exposure (solid line) and grow out (dashed 

line) periods for Windows (W) 1-4. 
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Figure 2. Secondary sex characteristics and gel-electrophoresis for genotyping. Females (A) 

have a smaller and right angle triangle shaped anal fin where males (B) have a larger 

parallelogram shaped anal fin. The anal fin of males has the appearance of saw-tooth edge 

with papillar processes on their posterior rays. Females have fleshy more prominent 

urogenital papillae. Gel-electrophoresis (C) was assessed for the presence and absence of 

dmy PCR product. 
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Figure 3. Cumulative fecundity (A, C, and E) and fertility (B, D and F) of reproductively 

mature breeding pairs of windows 1-3. Breeding pairs of EtOH (light grey), 2ng/L E2β (grey) 

and 50 ng/L E2β (black) breeding groups that were exposed during gonad development (A 

and B, 4hpf to hatch), gonad differentiation (C and D, hatch to 30 dph), and development of 

secondary sex characteristics (E and F, 30 dph to 80 dph). 
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Figure 4. Cumulative fecundity (A) and fertility (B) of reproductively mature breeding pairs. 

Breeding pairs of EtOH (light grey), 2ng/L E2β (grey) and 50 ng/L E2β (black) breeding 

groups that were exposed during three experimental periods (baseline, exposure and 

recovery) during gametogenesis (post 112 dph)  
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TABLES  

Table 1. Percent survival and mean length of medaka from four windows 

Window Treatment N 

Survival Length (mm) 

Survival (%)1 Time to Hatch (d) Post Exposure 
Reproductive 

Maturity 

1 

EtOH 105 84.89 (24.15)a 11.31 (0.40)a 5.53 (0.11)a 26.60 (1.76)a 

2ng/L E2β 105 86.12 (16.34)a 11.77 (0.46)a 5.55 (0.10)a 26.64 (1.40)a 

50ng/L E2β 112 84.89 (24.15)a 11.13 (0.69)a 5.65 (0.13)a 24.76 (1.84)a 

2 

EtOH 100 81.00 (14.75)a NA 9.21 (0.41)a 25.62 (1.20)a 

2ng/L E2β 100 85.00 (7.91)a NA 9.52 (0.86)a 25.65 (1.08)a 

50ng/L E2β 100 70.00 (39.21)a NA 8.67 (0.30)a 25.71 (0.23)a 

3 

EtOH 190 42.18 (22.46)a NA 19.17 (2.28)a 24.37 (1.71)a 

2ng/L E2β 203 35.12 (25.00)a NA 18.77 (2.77)a 23.76 (0.58)a 

50ng/L E2β 224 34.25 (35.76)a NA 19.52 (2.82)a 23.99 (1.93)a 

4 
EtOH 20 100 (0.00)a NA NA 26.50 (2.56)a 

2ng/L E2β 20 100 (0.00)a NA NA 26.23 (2.89)a 
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Table 1. Continued 

 
50ng/L E2β 20 100 (0.00)a NA NA 25.36 (2.72)a 

1Survival was determined post exposure. Standard deviation in parentheses. d: days. mm: millimeters. NA: not applicable. 

Letters denoted significant difference (F-test or Kruskal-Wallis, p<0.05) between treatments within each window. 

  



 

  

 

 

153 

Table 2. Genotype and phenotype of male and females medaka from four windows 

Window Treatment 
Genotypic Phenotypic Secondary Sex Characteristics of XY Males 

Male/Female Dorsal Cleft Papillary Processes Urogenital Papillae 

1 

EtOH 29/23 29/23 29 29 0 

2ng/L E2β 27/20 27/20 27 26 0 

50ng/L E2β 30/25 29/26 30 28 1 

2 

EtOH 38/19 38/19 38 38 0 

2ng/L E2β 27/30 28/29 27 27 0 

50ng/L E2β 23/21 20/24 22 23 2 

3 

EtOH 33/25 33/25 33 33 0 

2ng/L E2β 22/27 20/29 22 21 2 

50ng/L E2β 29/21 16/34 16 11 22 

4 

EtOH 10/10 10/10 10 10 0 

2ng/L E2β 10/10 10/10 10 10 0 

50ng/L E2β 10/10 10/10 10 10 0 

Genotype and Secondary sex characteristics were analyzed at approximately 100 dph.   
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Table 3. Mean maximum cumulative (CumMAX) eggs and slope of fertility and fecundity of breeding pairs from windows One, two 

and three  

Window Treatment N 
Fecundity Fertility 

CumMAX
 1 Slope CumMAX

1 Slope 

1 

EtOH 12 100.00 (1.59)a 5.63 (0.11)a 100.00 (1.68)a 5.37 (0.11)a 

2ng/L E2β 12 98.56 (2.23)a 5.45 (0.08)a 92.67 (2.34)b 4.83 (0.10)b 

50ng/L E2β 10 99.23 (1.79a 5.57 (0.14)a 91.65 (1.86)b 4.93 (0.11)b 

2 

EtOH 12 100.00 (1.51)a 6.72 (0.10)a 100.00 (1.71)a 6.31 (0.10)a 

2ng/L E2β 12 83.55 (1.22)b 6.06 (0.18)b 83.68 (1.44)b 5.68 (0.17)b 

50ng/L E2β 12 101.01 (1.54)a 6.88 (0.24)a 89.83 (1.60)c 5.85 (0.14)c 

3 

EtOH 12 100 (2.55)a 6.47 (0.14)a 100.00 (2.46)a 6.32 (0.14)a 

2ng/L E2β 11 94.07 (1.90)a 5.96 (0.14)b 93.39 (1.95)a 5.80 (0.13)b 

50ng/L E2β 10 48.36 (1.88)b 3.45 (0.07)c 42.60 (2.13)b 3.01 (0.10)c 

1Maximum cumulative eggs normalized to ETOH treatment. Standard deviation can be found in parentheses. Letters denoted 

significant difference (ANCOVA, p<0.05) between treatments within each window 
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Table 4. Mean maximum cumulative (CumMAX) eggs and slope of fertility and fecundity of breeding pairs during three periods 

analyzed during window four  

Period Treatment N 
Fecundity Fertility 

CumMAX
 1 Slope CumMAX

1 Slope 

Baseline 

EtOH 9 100.00 (2.78)a 9.04 (0.21)a 100.00 (3.37)a 8.23 (0.21)a 

2ng/L E2β 9 91.61 (2.44)a 8.85 (0.23)a 100.00 (2.60)a 8.67 (0.22)a 

50ng/L E2β 7 91.40 (3.01)a 8.60 (0.16)a 100.00 (3.48)a 8.13 (0.16)a 

Exposure 

EtOH 9 100.00 (1.53)a 8.32 (0.19)a 100.00 (1.71)a 7.66 (0.16)a 

2ng/L E2β 9 89.41 (1.09)b 7.72 (0.15)b 96.97 (1.19)b 7.51 (0.14)a 

50ng/L E2β 7 85.45 (1.37)b 7.73 (0.10)b 89.86 (1.45)b 7.32 (0.12)a 

Recovery 

EtOH 3 100 (0.00)a 4.43 (0.28)a 100.00 (0.00)a 4.33 (0.27)a 

2ng/L E2β 4 110.09 (3.26)a 5.51 (0.26)b 113.08 (3.34)b 5.37 (0.26)b 

50ng/L E2β 6 175.85 (2.76)b 8.30 (0.13)c 176.74 (2.83)c 7.95 (0.14)c 

1Maximum cumulative eggs normalized to EtOH treatment. Standard deviation can be found in parentheses. Letters denoted 

significant difference (ANCOVA, p<0.05) between treatments within each window 
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CHAPTER 5 

Conclusions 

Estrogenic endocrine active compounds (EACs) are linked to deleterious effects in fish 

populations (1-8). Estrogenic EAC can feminize male fish, causing the expression of 

vitellogenin, an egg yolk precursor protein normally found in gravid females (1,4,6,9), and 

the development of intersex, the growth of oocytes within the testis (2-4,7,10,11). 

Demasculinization in male fish has also been documented. Suppression of male specific 

secondary sex characteristics (1,5,12-14) and reduced sperm production (1,15,16) are 

associated with exposure to estrogenic contaminants and other EACs. Exposure to estrogen 

contaminated waters can also impact the health of female fish, leading to a decrease in 

hormone levels, delayed oocyte development and atretic oocytes (11,13,15,17). The effects 

on individuals can be linked to reduced breeding capacity and loss of population abundance, 

which have been documented in estrogen-exposed fish populations (4,16,18-20). 

In chapter 2, I described work that indicates that all three medaka mERs are capable of 

initiating transactivation of both VTG I and VTG II, with mERβ2 exhibiting the greatest 

potency and efficacy. Utilizing promoter deletion analysis, I illustrated that ligand-specific 

receptor activation and that utilization of regional specific estrogen response elements 

(EREs) may be associated with differential activities of the three mER subtypes. I also used a 

bioinformatics assessment to establish a possible link of mERα expression and transaction of 
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mERβs to VTG induction. In this chapter, I illustrated ligand/receptor/promoter interactions 

that may have direct implications in regulation of VTG gene and other ER mediated genes. In 

environmental studies estrogenic activity is typically assessed by cell-based bioassay using 

mammalian ERs and reporter constructs driven by synthetic EREs (21-28). I also 

documented discrepancies between mammalian ERs and fish ERs, as well as inefficiencies 

with synthetic EREs. Considering these findings it may be critical to reconsider the tools 

used in ecological toxicity testing. 

In chapter 3, I evaluated the relationship of EACs to the presence and severity of intersex 

in two common genera. In 20 North Carolina rivers, intersex occurred in approximately 60% 

of male Micropterus but was sparse in Lepomis (approximately 10%). Intersex in Lepomis 

spp. was strongly associated with EACs predominant in the water (industrial EACs, 

estrogens and CUPs). In contrast, PAHs, OCPs and PCBs prevalent in the sediment were 

correlated to intersex occurrence and severity in Micropterus spp. Differences in life history 

patterns may be important drivers of the EAC-specific differences in intersex I observed. 

Findings demonstrate a clear divergence between wild Micropterus and Lepomis spp. in 

terms of sensitivity to environmental EACs. Interestingly, I found no difference in intersex 

among fish at putative point source, nonpoint source or reference sites in NC. In Chapter 3, I 

established an important foundation for understanding the intersex condition and which has 

the potential to influence fish populations and fisheries. Information provided in this chapter 

can be used by regulatory agencies to prioritize contaminant cleanups and discharge 

prevention/reduction for the EACs implicated in causing intersex. The differences between 
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the two genera suggest that field assessments of a single species/genera may fall short of 

addressing toxicity of other species inhabiting an aquatic system. 

In chapter 4, I investigated reproductive disruption during several stages of early life 

development as a result of exposure to EDCs. I exposed a model fish species, medaka, to 

high (50 ng/L) and low (2 ng/L) doses of 17β-estradiol, a commonly used estrogen standard. 

Fish were exposed during four critical windows of reproductive development (gonad 

development, gonad differentiation, development of SSC, and Gametogenesis) and 

reproduction was assessed two weeks to four months post exposure. Exposure during all four 

windows reduced reproductive capacity and further assessment suggest that time, duration 

and dosage of exposure, as well as duration of recovery period may impact the magnitude of 

dysfunction. This chapter provided insight into the influence of exposure to EDCs during 

specific developmental windows and provides insight into how these disruptions might 

influence fish populations. Data from this chapter can aid regulatory agencies in identifying 

protective windows in reproductive development and maturation, which can ultimately be 

used to prevent reproductive disruption in fish populations.  

In this dissertation, I span a spectrum of effects in fish populations due to estrogenic EAC 

exposure. Data from these chapters provide a comprehensive assessment of molecular 

initiating events in estrogenic response, relationships of estrogen-mediated disruption to 

specific EACs to intersex, and insight into the factors leading to reproductive impairment in 

fish populations. Results of this research provide a framework for efforts to mitigate the 

effects of endocrine disruption in wild fish populations and insight into strategies that might 

prevent further damage due to EACs in the environment.   
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ABSTRACT: This study seeks to delineate the ligand interactions that drive biomarker 

induction in fish exposed to estrogenic pollutants, and provide a case study on the capacity of 

human (h) estrogen receptor (ER)-based in vitro screening assays to predict estrogenic effects 

in aquatic species. Adult male Japanese medaka (Oryzias latipes) were exposed to solutions 

of singular steroidal estrogens, or to the estrogenic extract of an anaerobic swine waste 

lagoon. All exposure concentrations were calibrated to be equipotent based on the yeast 

estrogen screen (YES), which reports activation of hERα. These exposures elicited 

significantly different magnitudes of hepatic vitellogenin and choriogenin gene induction in 

the male medaka. Effects of the same YES-calibrated solutions in the T47D-KBluc assay, 

which reports activation of hERα and hERβ, generally recapitulated observations in medaka. 

Using competitive ligand binding assays, it was found that the magnitude of 

vitellogenin/choriogenin induction by different estrogenic ligands correlated positively with 

preferential binding affinity for medaka ERβ subtypes, which are highly expressed in male 

medaka liver prior to estrogen exposure. Results support emerging evidence that ERβ 

subtypes are critically involved in vitellogenesis and choriogenesis, with the ERα:ERβ ratio 

being of particular importance. Accordingly, incorporation of multiple ER subtypes into 

estrogen screening protocols may increase predictive value for the risk assessment of aquatic 

systems, including complex estrogenic mixtures. 

INTRODUCTION 

Estrogenic contaminants, including steroidal estrogens as well as a variety of 

anthropogenic chemicals, are commonly detected in aquatic environments due to inputs from 

wastewater (1), and have gained notoriety as endocrine disrupting compounds (EDCs; 2). 
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Exposure of male fish to estrogenic pollutants is linked to numerous adverse reproductive 

effects, including the development of testicular oocytes, reduced sperm counts and sperm 

motility, testicular fibrosis, and reduced fecundity (3-5). In addition to these apical endpoints, 

widely studied proximal biomarkers of estrogenic EDC exposure in male fish include hepatic 

induction of the egg precursor proteins vitellogenin (Vtg) and choriogenin (Chg), which are 

normally only produced by females in response to circulating serum estrogen.  

Effects of estrogenic compounds are mediated in large part through nuclear estrogen 

receptors (ERs), which regulate genomic responses via action as ligand-activated 

transcription factors. Much interest has been garnered in determining the roles of multiple ER 

subtypes in modulating estrogenic responses in fish. While mammals have been found to 

have two nuclear ER subtypes (ERα and ERβ), teleost fish have at least three (ERα, ERβ1, 

and ERβ2), with the second ERβ subtype having arisen as a result of a genome duplication 

event in the teleost lineage (6,7). These three ER subtypes have been shown in many cases to 

have distinctive tissue distribution patterns (8-11), dissimilar ligand affinities (12-14), and 

different patterns of gene regulation following ligand exposure (8,11,15-17). Such 

differences offer evidence that these receptors have non-redundant physiological functions. A 

fourth ER subtype, ERα2, has additionally been identified in rainbow trout (Oncorhynchus 

mykiss; 18) as well as some cyprinid species (19,20), likely attributable to a single and more 

recent gene duplication event in these species (18).  

There remains significant debate surrounding the respective roles of piscine ER subtypes in 

regulating Vtg and Chg induction in response to estrogenic ligands. Studies in a variety of 

fish species have shown that Vtg induction is accompeconanied by a sharp increase in 
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hepatic ERα expression, and little change of hepatic ERβ subtype expression (8,17,21), 

implying that ERα is the principle receptor mediating regulation of the Vtg gene. 

Furthermore, ERβ1 and ERβ2 of largemouth bass (Micropterus salmoides) have been found 

to have an inhibitory effect on recombinant ERα-mediated transcription in vitro (15). 

Conversely, recent studies using gene knockdown in goldfish (Carassius auratus) primary 

hepatocytes (22) and zebrafish (Danio rerio) embryos (23) demonstrate that ERβ1 and/or 

ERβ2 subtypes are required for estrogen-mediated up-regulation of hepatic ERα as well as 

Vtg induction. This emerging model suggests that ERβ subtypes play a critical role in 

vitellogenesis in the normal reproductive cycle of females, as well in male fish exposed to 

estrogenic EDCs. 

The sub-functionalization of ERs presents an interesting challenge to the use of in vitro 

estrogen screening assays as ecological risk assessment tools for aquatic environments. 

Classical estrogen screening assays, e.g. the yeast estrogen screen (YES; 24), the T47D-

KBluc assay (25), as well as the ER transcriptional assays used by the US EPA Endocrine 

Disruptor Screening Program (EDSP; 26,27), report activation of the human (h) ERα and/or 

ERβ, and thus are inherently anthropocentric in terms of their molecular targets. 

Nevertheless, results from these assays are commonly extrapolated to other species, 

including fish. These assays are also often used to assess the estrogenic potency of aquatic 

environmental samples, which is reported in terms of 17β-estradiol (E2β) equivalents (EEQ). 

Such standardized assays offer a rapid, sensitive, and cost-effective means of screening for 

the presence of estrogenic compounds, and thus have great utility for hazard characterization. 

However, given the complex involvement of multiple ER subtypes in modulating estrogenic 
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response in fish, the relationship between assay-derived EEQs and Vtg/Chg induction is 

unlikely to be straightforward. 

In this study, the ability of assay-derived EEQs to recapitulate estrogenic effects in fish 

was examined, using Japanese medaka (Oryzias latipes) as a model. Stock solutions of 

estrogenic compounds were prepared at concentrations determined to be of equal potency in 

the YES, which reports activation of the hERα. Test compounds included E2β, estrone (E1), 

17α-estradiol (E2α), and estriol (E3); all steroidal estrogen species that are commonly 

detected in wastewater effluents (28). Also tested was an extract from the anaerobic waste 

lagoon of a commercial swine operation: a potently estrogenic environmental matrix that 

contains a mixture of estrogen species, with E1 being the predominant estrogenic compound 

in the waste (29). Effects of these YES-calibrated solutions in medaka following waterborne 

exposure were determined using quantitative real-time PCR (qPCR), and affinity of these 

solutions for medaka (m) ERα, mERβ1, and mERβ2 was determined using competitive 

ligand binding assays. Additionally, in order to compare the YES to another classical 

screening assay that reports both hERα and hERβ, the same YES-calibrated stock solutions 

were also tested in the T47D-KBluc assay. 

MATERIALS AND METHODS 

Test compounds: The same stock solutions were used across all experiments in this study, 

with stocks stored at -20°C in order to preserve chemical integrity. E2β, E1, E2α, and E3 

standards were purchased from Steraloids Inc (Newport, Rhode Island). The E2β standard 

was dissolved in ethanol and diluted to concentration of 8.8 mM. All other estrogen standards 

were dissolved in ethanol and diluted to levels found to have an EEQ of 8.8 mM ± 5% in the 
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YES assay, as described below. Swine lagoon extract was prepared from the anaerobic 

lagoon slurry of a commercial swine sow operation, which receives waste from 

approximately 2500 gestating sows (29). Details on the field site and extraction procedure are 

provided in Supporting Information; see also Yost et al (29). Estrogen concentrations in all 

stock solutions, determined using liquid chromatography/tandem mass spectrometry, are 

provided in Table SI-1. 

 YES Assay: The YES utilizes a recombinant yeast line that expresses hERα, as well as a 

β-galactosidase reporter driven by estrogen responsive elements (ERE; 24). For the assay, 

yeast cells were dosed with a serial dilution of E2β stock solution alongside a serial dilution 

of E1, E2α, E3, or lagoon extract stock solution; details in Supporting Information. Sigmoid 

concentration-response curves were fit using GraphPad Prism version 6.0 for Mac OS X 

(GraphPad Software, La Jolla, California USA, www.graphpad.com). EEQs were calculated 

as the ratio of the concentration of E2β that evoked a half-maximal response (EC50E2β) to the 

dilution factor of E1, E2α, E3, or lagoon extract stock solution that evoked a half-maximal 

response (DF50). All stock solutions were confirmed to have the same EEQ ± 5% in the YES 

assay, based on average values from 3-4 runs of the assay. 

T47D-KBluc Assay: Stock solutions which had been calibrated to be equipotent in the 

YES were subsequently run in the T47D-KBluc estrogen screening assay, which utilizes a 

T47D human breast cancer cell line that maintains endogenous levels of hERα and hERβ, 

and stably expresses a luciferase reporter driven by a triplet ERE (25). For the assay, cells 

were dosed with a serial dilution of E2β stock solution alongside a serial dilution of E1, E2α, 

E3, or lagoon extract stock solution in RPMI 1640 media (Sigma Aldrich, St. Louis, MO; 5% 
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dextran charcoal-treated fetal bovine serum vol/vol); details in Supporting Information. 

Sigmoid concentration-response curves were fit using GraphPad Prism software, and EEQ 

for each stock solution was calculated as a ratio of EC50E2β to DF50. Final EEQs were 

calculated based on average values from 2-3 runs of the assay.  

Medaka exposures: Adult male medaka, between six and eight months of age, were 

obtained from the breeding colony at NCSU Environmental and Molecular Toxicology 

(description in Supporting Information). Fish were exposed for 7 days to E2β at 0.64 nM 

(176 ng/l; actual concentration); to E1, E2α, E3, or swine lagoon extract, each at a YES-

derived EEQ of 0.64 nM ± 5%; or to a negative (ethanol) control. Exposures were conducted 

in 2-liter glass beakers containing 1 liter of exposure media. For each treatment, 12 fish were 

randomly distributed between four replicate beakers, 3 fish per beaker. Exposure media were 

prepared daily by spiking 4 liters of rearing media (5.1 mM NaCl, 0.12 mM KCl, 0.198 mM 

MgSO4•7H20, and 0.081 mM CaCl2•2H20 in picopure water) with estrogen stock solution 

or with ethanol, for a final ethanol concentration of > 0.01% in all media. Freshly prepared 

batches of media were then aliquoted equally between quadruplicate beakers in each 

treatment. Treatments were maintained by static renewal, with 100% renewal of media every 

24 h. Survival rate through the experiment was 75-91%, with no significant relationship 

between survival and treatment. At 7 days, all fish were euthanized with tricaine 

methanesulfonate in accordance with the IACUC-approved protocol. Livers were excised, 

transferred to cryovials, and immediately frozen in liquid nitrogen, then moved to storage at -

80°C. 
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RNA isolation and cDNA production: Total RNA was isolated from individual medaka 

livers using RNA-Bee reagent (IsoTex Diagnostics, Friendswood, TX) according to the 

manufacturer’s protocol. RNA integrity was assessed using the Agilent 2100 Bioanalyzer and 

RNA 6000 Nano Kit (Agilent Technologies, Santa Clara, CA). All samples were found to 

have RNA integrity numbers of 9 or greater, indicating high-quality RNA. cDNA was then 

synthesized using 2 g RNA with the High Capacity cDNA Reverse Transcription Kit 

(Applied Biosystems, Grand Island, NY). 

qPCR: Hepatic expression of 8 target genes was quantified using qPCR. Vtg-1 

(AB064320) and Vtg-2 (AB074891) are two distinct polypeptides that are precursors for the 

Vtg phospholipoproteins in egg yolk. Chg-H (D89609), Chg-H minor (Chg-Hm - 

AB025967), and Chg-L (AF500194) are the three glycoproteins that comprise the zona 

pellucida (ZP), which is the thick inner layer that makes up the bulk of the egg envelope; 

Chg-H and Chg-Hm are identified as being in the ZPB protein family, while Chg-L is in the 

ZPC protein family (30).30 mERα (AB033491.1), mERβ1 (NM_001104702.1), and mERβ2 

(NM_001128512.1) are the three medaka nuclear estrogen receptor subtypes. 18S rRNA was 

quantified as an internal control. Vtg and Chg primers were designed according to Zhang et 

al (31), and 18S primers designed according Zhang et al (32). Primers for mERs were 

designed using the Primer3 program (http://frodo.wi.mit.edu/). See Supporting Information 

for primer sequences, validation procedures, and qPCR reaction conditions.  

To quantify relative gene expression, the threshold cycle (Ct) for 18S amplification was 

first subtracted from Ct for target gene amplification to yield ΔCt. 18S expression did not 

vary significantly with treatment. To determine fold change in each target gene following 
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estrogen exposure, mean ΔCt of the negative control group was subtracted from ΔCt of each 

sample to yield ΔΔCt. Fold change in target gene expression was then calculated using 2ΔΔCt 

(33). As an additional comparison, the relative levels of the three mERs were compared 

within the negative control treatment and within the E2β treatment, using mERα expression 

as a calibrator. Mean mERα ΔCt within a treatment was subtracted from the ΔCt of each 

mER in the same treatment, and fold expression relative to mERα was then calculated using 

2–ΔΔCt. 

Statistical Analysis: Using GraphPad Prism, target gene expression in each estrogen 

treatment was compared to gene expression in the negative control and E2β treatments using 

unpaired t-test (α = 0.05). Correlation (R2) between expression of each mER subtype and 

other target genes was then determined using linear regression. To compare relative 

expression of mERs within the control and E2β treatments, the expression of each mER 

subtype was compared to the expression of mERα within the same treatment using unpaired 

t-test (α = 0.05).  

Ligand binding assay: Bacterial lysates containing full-length mERα, mERβ1, or mERβ2 

proteins were produced using bacterial expression systems, and assays were carried out as 

described by Hawkins et al. (14; details in Supporting Information). For each mER subtype, 

saturation binding analysis was first performed by incubating lysate with a range of [3H]E2β 

concentrations between 0.5–19 nM, and Kd values for specific binding to each receptor were 

determined using GraphPad Prism. Competition analysis was then performed on all mER 

subtypes by incubating lysate with a saturating concentration of [3H]E2β (2-3 nM, 

determined from saturation analysis) and a range of competing analyte concentrations. 
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Sigmoidal competition curves were fit to specific binding data, and the concentration of each 

steroidal estrogen competitor that inhibited 50% of [3H]E2β binding (IC50) was determined 

for each mER using GraphPad Prism, using the steps outlined in Supporting Information. 

Relative binding affinity (RBA) was calculated as the ratio of the IC50 of E2β to the IC50 of 

other steroidal estrogen competitors. For lagoon extract, the concentration factor of sample 

extract which inhibited 50% of [3H]E2β binding (CF50) was determined for each mER. Each 

assay was performed at least twice in order to calculate final Kd, IC50, and CF50 values. 

RESULTS  

Calibration of stock solutions in YES assay: Estrogen and lagoon extract stock solutions 

used in this study were all found to have YES-derived EEQs of 8.8 mM ± 5% (Figure 1; 

values in Table SI-1).  

T47D-KBluc assay: Stock solutions that had been calibrated to be equipotent in the YES 

were subsequently tested in the T47D-KBluc assay. Results indicate that the YES-calibrated 

stock solutions were not equipotent in the T47D-KBluc (Figure 1; values in Table SI-1). 

Relative to the YES, E1 and lagoon slurry extract were both slightly more potent in the 

T47D-KBluc, and E3 was approximately 10-fold more potent in the T47D-KBluc. 

Meanwhile, E2α was 3.3-fold less potent in the T47D-KBluc versus the YES. As with the 

YES, the same E2β stock solution at a concentration of 8.8 mM was used as the calibration 

standard in this assay. 

Medaka gene expression (qPCR): Fold change in hepatic gene expression in male 

Japanese medaka following estrogen exposure is shown in Figure 2. As expected, the 

expression of Vtg and Chg was upregulated with estrogen exposure (Figure 2A); however, 
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magnitude of gene induction was strikingly and often significantly different between 

exposures. Gene induction by E2β exposure averaged 27,004-fold (Vtg-1), 73,735-fold (Vtg-

2), 12,730-fold (Chg-H), 3,796-fold (Chg-Hm), and 324-fold (Chg-L). Comparatively, 

induction of these genes in E1 exposures was 36-82% of that induced by E2β, and in lagoon 

extract exposures was 16-59% of that induced by E2β. As shown in Figure 2A, the difference 

between these exposures and E2β was often statistically significant; this was especially true 

for lagoon extract exposure. Meanwhile, gene induction by E2α was only 2-15% of that 

evoked by E2β, making E2α the least potent of these estrogen treatments in the medaka. 

Expression of Vtg/Chg was always significantly lower in E2α exposures relative to E2β, and 

was not significantly different from the negative control for Vtg-1 and Vtg-2 induction. 

Conversely, E3 exposure almost always elicited the greatest magnitude of response of all the 

estrogens, often significantly greater than E2β, with upregulation in Vtg and Chg that was 

91-241% of that observed in E2β-exposed fish. 

Relative to the negative control, expression of mERα was significantly upregulated by all 

estrogen exposures (Figure 2B). Magnitude of mERα upregulation was not significantly 

different between E2β (72-fold induction), E1 (56-fold induction), lagoon extract (59-fold 

induction), and E3 (67-fold induction) exposures; however, induction by E2α exposures (24-

fold induction) was significantly lower than that induced by E2β. Meanwhile, all estrogen 

exposures resulted in significant downregulation (2- to 4-fold) of hepatic mERβ1 and mERβ2 

expression relative to negative control. The greatest magnitude of mERβ downregulation was 

by E3 exposure, which was significantly lower than that of the E2β exposure. 
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 A significant correlation was observed between mERα expression and expression of 

Vtg/Chg genes (p < 0.0001 for all), with linear regression analysis indicating R2 of 0.5405 

for correlation of mERα and Vtg-1, and R2 ranging from 0.8065 to 0.8551 for correlation of 

mERα and Vtg-2/Chg genes. No linear correlation was observed between expression of 

mERα and mERβ1 (R2 = 1.83E-6; p = 0.9913) or mERβ2 (R2 = 8.86E-4; p = 0.8109). 

Similarly, linear correlation was poor between mERβ1 and Vtg-1 (R2 = 0.002872, p = 

0.6667), Vtg-2 (R2 = 0.05925; p = 0.0472), Chg-L (R2 = 0.04323; p = 0.0914), Chg-H (R2 = 

0.05959; p = 0.0465), and Chg-HM (R2 = 0.06816; p = 0.0328); and mERβ2 and Vtg-1 (R2 = 

0.002861; p = 0.6673), Vtg-2 (R2 = 0.04610; p = 0.08100), Chg-L (R2 = 0.03588; p = 

0.3588), Chg-H (R2 = 0.04187; p = 0.0967), and Chg-HM (R2 = 0.04876; p = 0.0725). 

Expression of the two mERβ subtypes, however, was highly correlated (R2 = 0.7713; p < 

0.0001).  

Using mERα expression as a calibrator, it was estimated that expression of mERβ2 in 

control fish was significantly greater (av 30-fold) than mERα (Figure 3A), making mERβ2 

the most highly expressed ER subtype in control male medaka liver. Average mERβ1 

expression in control fish was also significantly greater than ERα (av 8-fold). Following 

estrogen exposure, the receptor population shifted dramatically. mERα became the most 

highly expressed hepatic ER subtype in E2β-exposed fish, with expression significantly 

elevated an average of 23-fold above mERβ1, and 5-fold above mERβ2 (Figure 3B). 

Ligand binding assay: Saturation binding curves for the three mERs are shown in Figure 

SI-1, and competitive binding curves are shown in Figure SI-2. Results of competitive ligand 

binding assays are provided in Table 1. Saturation binding analysis with [3H]E2β 
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demonstrated that Kd values were similar for mERβ1 (1.017 nM) and mERβ2 (1.107 nM), 

while the Kd for mERα was higher (1.654 nM). This indicates that the [3H]E2β ligand has a 

greater affinity for the mERβ1 and mERβ

ligand is similar between the two mERβ subtypes. In competitive ligand binding assays, 

IC50s for E2β with each receptor followed the rank order of mERβ1 ≈ mERβ2 > mERα 

(Table 1). Overall, both saturation binding analysis and competitive binding results indicate 

that E2β has approximately 1.5- to 1.7-fold greater affinity for mERβ subtypes versus the 

mERα. 

In competitive ligand binding assays, all test compounds including lagoon extract were 

able to displace [3H]E2β binding to all three mERs (Figure SI-2). RBAs for the five estrogen 

treatments indicate that E2β is the strongest competitor and E2α or E3 are the weakest 

competitor for all three mER subtypes (Table 1). However, when IC50s of each compound are 

compared across the three receptors, it is evident that each ligand has a unique pattern of 

binding preferences. In contrast to E2β, IC50s for E1 followed the rank order of mERα > 

mE2β1 ≈ mERβ2, and indicate that E1 has an approximately 1.7-fold greater affinity for 

mERα than for either of the mERβ subtypes. Similar to E1, E2α had IC50s following a rank 

order of mERα > mERβ1> mERβ2. E3 displayed IC50s following the rank order of mERβ1 > 

mERβ2 > mERα, indicating that, like E2β, this ligand also has greater binding affinity for the 

mERβ subtypes compared to the mERα; however, while E2β had a similar affinity for the 

two mERβ subtypes, E3 had a 1.9-fold higher affinity for the mERβ1 versus the mERβ2.  

Finally, CF50s of swine lagoon extract followed the rank order of mERα > mERβ1 ≈ 

mERβ2, and indicate that the mixture of compounds in this extract has approximately 1.7 to 
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1.9-fold greater binding affinity for the mERα versus the mERβ (Table 1). Notably, this is 

the same rank order of binding affinity observed for E1, which is the predominant species of 

steroidal estrogen found in the lagoon extract (Table SI-1). 

DISCUSSION 

Piscine responses to estrogenic EDC exposure are driven by the complex interplay of 

ligand interactions with multiple ER subtypes, which may be difficult to predict using 

classical hER-based transactivation assays. In this study, qPCR results clearly indicate a 

discrepancy between the activity of various steroidal estrogens in the YES assay and effects 

on exposed male medaka. This discordance is not unexpected, given the inherent challenges 

of extrapolating not only from an in vitro system to a living organism, but also between 

human and medaka molecular targets. While ER ligand binding domains are well conserved 

evolutionarily, several key amino acid changes have been identified in ER ligand binding 

pockets of teleost fish relative to humans, which may suggest functional differences.14 

Nevertheless, RBAs of steroidal estrogens for hERα have been reported to follow the rank 

order of E2β (100) > E1 (60) > E2α (58) > E3 (14; 34), which is similar to those reported 

here for mERα. Likewise, EC50s for the in vitro transactivation of recombinant mERα have 

been reported to follow the rank order of E2β > E1 > E3 (35). Our laboratory has determined 

that the relative potencies of steroidal estrogens in the YES follow the same rank order, of 

E2β (100) > E1 (47) > E2α (2.9) > E3 (0.7; 29). These similarities suggest that sequence 

differences between hERα and mERα are not likely a predominant factor contributing to 

discordance between YES-derived EEQs and Vtg/Chg induction in medaka for the suite of 

compounds examined in this study. Indeed, other studies have indicated that ligand 
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specificity of ERα for common xenoextrogens is often well conserved across species (36), 

but it should be noted that this might not be the case for all compounds. For instance, a recent 

study demonstrated that several subtype-specific ligands of mammalian ERs did not maintain 

the same selectivity in Mozambique tilapia (Oreochromis mossambicus), indicating that 

agonistic characteristics cannot always be extrapolated between species (37). The YES assay 

is also notably unable to detect the estrogenic activity of chlorinated chemicals, which has 

led to its exclusion from the US EPA EDSP (38). However, this limitation is not applicable 

to the suite of estrogens used in this study. 

 Although numerous other variables could potentially come into play, such as metabolic 

differences or variations in nuclear receptor coactivators between yeast cells and medaka 

hepatocytes, ligand binding data suggest that lack of recapitulation of EEQs in vivo may be 

due in part to ligand interactions with ERβ subtypes, which are not accounted for by the 

YES. Of note, ligand interactions with plasma membrane-bound ERs (e.g. GPR30) in vivo 

may also contribute to our observed differences, but this mechanism is not considered here. 

The potential involvement of such receptors in this response should not be conclusively 

discounted, although it has been demonstrated in rainbow trout that the synthetic estrogen 

17α-ethynylestradiol (EE2) does not stimulate Vtg induction via membrane-bound ERs (39). 

In medaka, the magnitude of Vtg and Chg mRNA induction elicited by estrogen exposure 

followed the consistent rank order of E3 > E2β > E1 ≈ lagoon extract > E2α. Expression of 

Vtg and Chg genes was highly correlated with mERα expression, and poorly correlated with 

mERβ subtype expression, which is consistent with observations in other studies (8,17,21). 

However, when data from competitive ligand binding assays is compared with medaka gene 
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expression data, it is evident that the compounds which elicited the most robust biomarker 

induction in medaka, i.e. E2β and E3, both exhibited preferential binding affinity for the two 

mERβ subtypes over mERα. In contrast, E2α, E1 and swine lagoon extract, all of which 

elicited comparatively weak responses in the exposed medaka, exhibited greater affinity for 

mERα than for mERβ subtypes. These binding preferences are the same as those reported in 

another teleost fish species, Atlantic croaker (Micropogonias undulates; 14). Similarly, in 

humans, E2β and E3 are shown to have greater affinity for hERβ relative to hERα, while E1 

and E2α have greater affinity for hERα relative to hERβ (34). This concordance between 

species indicates that these binding preferences may be well conserved evolutionarily. 

The correlation between ERβ affinity and Vtg/Chg induction is particularly interesting in 

light of recent findings indicating a primary role for ERβ subtypes in the initiation of 

vitellogenesis. Nelson and Habibi (22) used selective gene knockdown on goldfish (gf) 

primary hepatocytes to examine the functional roles of ER subtypes on Vtg and gfERα 

mRNA expression. gfERβ1 was found necessary for maintaining baseline expression of 

gfERα, and both gfERβ subtypes contributed to upregulation of gfERα and Vtg following 

estrogen exposure. The authors speculated that gfERβ-mediated upregulation of gfERα 

primes hepatocytes for further stimulation by estrogen, switching the liver into the mode for 

Vtg production. A more recent study by Griffin et al. (23) took a similar approach using gene 

knockdown in zebrafish (zf) embryos, and determined that both zfERα and zfERββ (ortholog 

to mERβ1) were needed to induce zfERα and Vtg, while the role of zfERβα (ortholog to 

mERβ2) was unclear. These authors envisioned a scenario in which zfERα and zfERββ act 

cooperatively to upregulate zfERα and Vtg upon estrogen stimulation. 
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Nelson and Habibi reported ERβ1 to be the most highly expressed hepatic ER subtype in 

male and early recrudescent female goldfish, and ERα to be the most highly expressed of 

these receptors in females approaching sexual maturity. In this study, we found mERβ2 to be 

the most highly expressed ER subtype in adult male medaka liver, which is consistent with 

previous reports in medaka (40). Following 7-day exposure to estrogens, mERα was 

significantly upregulated and mERβ subtypes significantly downregulated relative to 

negative controls, shifting the receptor population so that mERα was the most highly 

expressed hepatic ER subtype. Interestingly, these expression patterns are similar to that 

observed in female fish in response to natural fluctuations in circulating estradiol levels. In 

seasonal spawning species such as largemouth bass (8) and rainbow trout (41), females have 

been demonstrated to have elevated hepatic expression of ERβ2 during the early vitellogenic 

stages of the reproductive cycle, while ERα is the most highly expressed subtype during the 

later stages of Vtg production and oocyte maturation. Hepatic expression of ERβ1 is reported 

to be relatively static throughout the reproductive cycle of females in these species; however, 

slight but significant changes in ERβ1 expression are positively correlated with ERα 

expression (8,41), supporting the hypothesis that ERβ1 regulates baseline expression of ERα. 

It should also be noted that ERβ1 and/or ERβ2 subtypes across a variety of fish species are 

reported to have greater binding affinity for E2β (10,14,42) and greater sensitivity to E2β-

mediated transactivation (7,10,12,13,43) relative to ERα, which is consistent with binding 

results in our study. This heightened responsiveness to the endogenous ER ligand perhaps 

also supports a role for ERβ subtypes in the generation of the estrogenic response. 
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The hypothesis regarding ERβ as an inducer of hepatic ERα contrasts with reports that ERβ 

can oppose ERα-mediated transcription (44). Using human (45) and largemouth bass (15) ER 

transactivation assays, it has been shown that the addition or coexpression of ERβ attenuates 

the transcriptional activity of ERα. This has been attributed in part to the formation of ERα/β 

heterodimers that possess limited transactivational capacity, and indicates that the ratio of 

these subtypes within cells is a critical determinant of transcriptional activity (45). ERα and 

ERβ have been found to have opposing actions in a number of scenarios, including regulation 

of the cyclin D promoter (46), and transcriptional activation at activating protein 1 (AP1; 47) 

and stimulating protein 1 (SP1) response elements (48). These trends may represent tissue- 

and/or species-specific differences in functional relationships between nuclear ER subtypes. 

Notwithstanding, it is noted that E3 exposure in our study generated both the greatest 

magnitude of Vtg/Chg upregulation, and greatest magnitude of ERβ1/ERβ2 downregulation. 

The inverse relationship between these genes potentially indicates oppression of ERα-

mediated Vtg/Chg expression by ERβ subtypes. However, such a relationship was only 

observed for E3, and not for the other estrogen exposures. Although no firm conclusions can 

be drawn, it is possible that either or both of these hypotheses regarding the functional 

relationship of ERα/ERβ played into the results observed in our study. The contrasting nature 

of these hypotheses begs the question of whether the functional roles of multiple ER subtypes 

differ throughout the chronology of the piscine estrogenic response, perhaps with ERβ 

subtypes playing a supporting role of ERα following initial exposure to estrogen, but a 

different role in primed hepatocytes. 
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Since the swine lagoon extract employed in our study is representative of a suite of 

compounds that could reasonably be encountered in surface waters adjacent to livestock 

operations, it was of particular interest that the medaka response to this exposure often 

differed significantly from the response to E2β. E1 is the most abundant steroidal estrogen in 

the lagoon extract, and comparison of gene expression results demonstrates that E1 and the 

lagoon extract elicited similar magnitudes of Vtg and Chg mRNA induction. Likewise, E1 

and swine lagoon extract exhibited nearly identical binding behavior, with both treatments 

having approximately 2-fold greater affinity for mERα versus the mERβ subtypes. Given this 

correlation, E1 seems to be the principle compound driving Vtg and Chg induction in 

medaka exposed to this estrogenic mixture. The hormone composition in this swine lagoon 

extract is typical of many livestock waste facilities, with E1 being by far the predominant 

estrogen species present in the waste (49). E1 is also often found to be the most abundant 

steroidal estrogen in municipal wastewater effluents and impacted surface waters (50), and 

thus is arguably one of the most widespread estrogenic EDCs in aquatic environments. Our 

results suggest that caution should be taken when representing the estrogenic potency of 

these effluents and surface waters using E2β as a calibration reference (i.e. assay-derived 

EEQs).  

While a direct comparison was not made between the T47D-KBluc assay and medaka gene 

expression, EEQs derived using the two screening assays suggests that the T47D-KBluc may 

be more predictive than the YES of Vtg/Chg induction by this suite of compounds. E2α was 

less potent and E3 was more potent in the T47D-KBluc versus in the YES, mirroring the Vtg 

and Chg gene expression responses observed in medaka. T47D cells have been shown using 
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Western blot to express slightly higher endogenous levels of ERβ relative to ERα (51). As 

male medaka also possess higher baseline hepatic levels of ERβ relative to ERα, the relative 

levels of these receptors in T47D cells may enhance the translational capacity of this assay to 

Vtg/Chg induction in these fish. Other cellular factors might also be expected to play a role, 

such as different suites of endogenous nuclear receptor coregulators in human cells versus 

yeast cells. Conversely, E1 and lagoon slurry extract were slightly more potent in the T47D-

KBluc versus in the YES, which does not reflect the effects of these compounds in medaka. 

This may be due to the cellular expression of E2β dehydrogenase, an enzyme highly 

expressed in T47D cells (52) that may increase estrogenic potency via the formation of E2β 

from E1. Notably, a recent study found that municipal wastewater effluent elicited far greater 

effects in fathead minnows (Pimephales promelas) than predicted based on the T47D-KBluc 

assay; the authors speculated that this was likely due to enterohepatic recirculation of EE2 in 

fish (53). Such effects are less likely for swine effluent, as synthetic hormones are not used in 

US swine production (29). 

In sum, results herein indicate that significant discrepancies exist between the YES assay 

and the induction of estrogenic biomarkers in a well-characterized model species, Japanese 

medaka. These discrepancies may be influenced by ligand interactions with piscine ERβ 

subtypes. Vtg and Chg are widely used biomarkers of endocrine disruption, with the Vtg 

biomarker demonstrated via meta analysis to have a significant quantitative relationship with 

fecundity in both female and male fish (54). Results of our study should not discount the 

advantages of the YES assay: the YES is arguably easier and less expensive than vertebrate 

cell-based assays such as the T47D-KBluc, and fits into framework of the adverse outcome 
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pathway (55) by identifying ER activation as an anchoring mode of action. However, results 

suggest direct extrapolation between YES-derived EEQs and effects in fish may be 

problematic. The T47D-KBluc may offer better predictive capacity for effects in fish, 

although direct comparison between T47D-KBluc and in vivo effects would be necessary in 

order to substantiate this observation. Perhaps future studies could examine variables 

including the ERα:ERβ ratio on the translational capacities of in vitro screening assays to 

effects in living organisms. Another observation in our study is the utility of recombinant 

protein binding assays to highlight the interactions between ligand and specific receptor 

subtypes, potentially helping to “bridge the gap” between screening assays and effects in 

whole organisms. Recombinant proteins could provide a favorable alternative to the cytosolic 

preparations that are often used for ER binding assays—for instance, the rat uterine cytosol 

that is used to assess ER binding in the US EPA EDSP Tier 1 screening battery (56). Another 

example is the use of trout liver cytosol to assess ER binding, which is performed in concert 

with trout liver slice Vtg induction to prioritize estrogenic compounds in another tiered 

approach by the US EPA (57). The use of recombinant proteins could potentially enhance 

these assays by providing specificity and allowing ligand interactions with individual 

receptor subtypes to be observed; these ligand interactions could then be linked to apical 

effects via further testing in higher tiered assays. Given the apparent complex involvement of 

ERα and ERβ subtypes in generating the estrogenic response, the inclusion of multiple ER 

subtypes in screening batteries could provide insight into the mechanisms of estrogenic 

activity, as well as enhance the translational capacities of in vitro assays for risk assessment. 
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This includes the assessment of complex and environmentally relevant mixtures, such as 

livestock waste effluents. 
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FIGURES 

 

Figure 1: Estrogenic potency (EEQ) of the steroidal estrogen and lagoon extract stock 

solutions in the YES and T47D-KBluc estrogen screening assays. Mean ± standard error of 

the mean (SEM) is shown (n = 3-4 for YES assay; n = 2-3 for T47D-KBluc assay). 
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Figure 2: Fold change (log scale) in hepatic expression of A) Vtg and Chg genes and B) ER 

genes in medaka exposed to E2β, E1, E2α, E3, or swine lagoon extract at a YES-derived 

EEQ of 0.64 mM. Mean ± SEM is shown (n = 9-11). Significant difference between each 

exposure and the negative control is given by the letters “a” (not significantly different from 

control) or “b” (significantly different from control) (p < 0.05). Additionally, significant 

differences between each exposure and the E2β exposure group are indicated by asterisks. * 

(p < 0.05), ** (p < 0.01), ***(p < 0.001), and ****(p < 0.0001). 
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Figure 3: Relative hepatic expression of the three mER subtypes, normalized to mERα 

expression, in (A) male medaka from the negative control group and (B) male medaka 

exposed to E2β. Mean ± SEM (n = 9) is shown. Asterisks indicate significant difference 

relative to mERα expression (p > 0.05). * (p < 0.05), ** (p < 0.01), ***(p < 0.001), and 

****(p < 0.0001). 
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TABLES 

Table 1: IC50 (nM) and relative binding affinity (RBA) of steroidal estrogen competitors for mERα, mERβ1, and mERβ2, 

determined using the competitive ligand binding assay. *For the swine lagoon extract competitor, “CF50” is indicated rather than 

IC50.  

Test 

Compounds 

mERα mERβ1 mERβ2 

IC50 (nM) RBA (%) IC50 (nM) RBA (%) IC50 (nM) RBA (%) 

E2β 3.1 100.0 1.8 100.0 2.1 100.0 

E1 8.4 36.7 14.4 12.6 14.4 14.6 

E2α 13.8 22.4 18.8 9.6 31.1 6.8 

E3 78.7 3.9 18.1 10.0 34.2 6.1 

Lagoon extract 13.7* N/A 26.6* N/A 23.9* N/A 
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SUPPLEMENTAL INFORMATION 

Swine operation site description:  The field site for this project is a commercial swine 

farrowing animal feeding operation (AFO) in North Carolina, centrally located in the major 

swine production region of the state. This operation utilizes a waste management scheme that 

is typical of swine AFOs in the southeastern United States. The anaerobic lagoon from which 

the lagoon slurry was collected receives waste from barns housing approximately 2500 sows, 

all of which are breeding, gestating, or lactating. Lagoon slurry is ultimately land applied to 

crop fields as a nutrient amendment, with no additional treatment performed on the waste 

prior to land application. A thorough discussion of the lagoon system, and the occurrence of 

estrogenic compounds in this lagoon, is provided in Yost et al. (1). 

Lagoon slurry sample extraction: 30 liters of slurry was collected from the lagoon on 

April 14, 2010. Samples were centrifuged to remove suspended solids, and then sequentially 

filtered with 2.7 μm and 1.2 μm glass fiber filters. This yielded 26.65 liters of liquid, which 

was then extracted using solid phase extraction (SPE). SPE proceeded immediately after 

sample centrifugation and filtration. 500 mg Supelclean™ LC-18 SPE cartridges (Supelco, 

Bellefonte, PA) were pre-conditioned with 5 ml of pico-pure water followed by 5 ml of 5% 

methanol/95% pico-pure water. Aliquots of filtered lagoon slurry were then passed through 

Visiprep™ Large Volume Samplers (Supelco, Bellefonte, PA) and loaded onto individual 

cartridges at a rate of 10-15 ml per minute. After samples were loaded, the cartridges were 

washed with 1 ml of picopure water, and then dried by running the vacuum pump for 5-10 

minutes. Extracts were eluted by passing two 4 ml aliquots of methanol through the 
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cartridges. The eluents were evaporated to near dryness using a gentle stream of N2 and 

warming (40°C) in a water bath, and 10 μl of picopure water was added to each extract to 

prevent evaporation to complete dryness. Extracts were resuspended in two washings of 

ethanol to a final volume of 1ml. In order to prepare ample extract for use in this study, fifty 

1 ml extracts were prepared, and then combined to make a single 50 ml composite in ethanol. 

This 50 ml composited extract was used throughout the duration of this study, with storage at 

-20°C in order to preserve chemical integrity. As 26.65 liters of liquid were concentrated to 

50 ml of extract, the concentration factor of the sample extract was determined to be 533. 

LC/MS-MS Analysis: Concentrations of steroidal estrogens were quantified in all stock 

solutions using ultra pressure liquid chromatography (UPLC) / tandem mass spectrometry 

(MS-MS). For analysis, an aliquot of each stock solution was shipped on ice to the US 

Geological Survey Organic Geochemical Research Laboratory (OGRL) in Lawrence, KS. At 

OGRL, quantification of analytes was performed using Waters Acquity H-class Bio UPLC 

system with API 5500 triple quadrupole mass spectrometer. E1, E2β, E2α, and E3 were 

analyzed in negative ion mode and separated using a water/methanol gradient, with a post 

column infusion of a 10 mM ammonia hydroxide solution to enhance ionization. More 

details on the LC/MS-MS procedure can be found in Yost et al.1 Results of the LC/MS-MS 

analysis of the stock solutions can be found in Supplementary Table SI-1. 

Yeast Estrogen Screen: The YES utilizes a yeast cell line that has been stably transfected 

with the human estrogen receptor alpha (hERα), as well as a β-galactosidase (lac-Z) reporter 

that is driven by estrogen responsive elements (ERE). The assay was performed using the 
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protocol of Routledge and Sumpter (2), with modifications as described in Chen et al. (3). All 

stock solutions were first diluted 1:200 in a solution of 90/10% water/ethanol to get within 

the working range of the assay. For each treatment, 200 μl of this diluted stock was added in 

duplicate to a 1 ml deep 96-well plate, and serially diluted 1:2 in a solution of 90/10% 

water/ethanol (12 dilutions total), leaving 100 μl of serially diluted stock solution in each 

well. E2β stock solution served as dose-response standard on each assay plate, and four wells 

with 90/10% water/ethanol served as the negative control. 300 μl of diluted yeast solution, at 

an optical density (OD) of 0.08 (620 nm), was added to each well. Plates were loosely 

covered with KimWipes (Kimberly Clark) and incubated at 37°C with gentle shaking. 

Following three days of incubation with yeast solution, an assay buffer containing ortho-

nitrophenyl-β-galactoside (Calbiochem, EMD Chemicals, Inc; San Diego, CA) was added, 

producing a colorimetric response at 405 nm. After 20 minutes of incubation with the assay 

buffer (at 37°C, with gentle shaking), the reaction was stopped with addition of a 1 M 

sodium carbonate solution, and the plates were centrifuged at 3,000 rpm for 10 minutes. 100 

L of the resulting supernatant was taken from each well and transferred to a new 96-well 

microtiter plate to determine OD at 405 nm and 620 nm.  

For data analysis, OD620 (yeast cells) was subtracted from OD405 (β-galactosidase) in 

each well, and values in all wells were then normalized to the negative control. The sigmoid 

concentration-response curve of the E2β standard was fit to a symmetric logistic function 

using GraphPad Prism software (GraphPad, San Diego, CA), and the response of each stock 

solution was expressed as a percentage of the maximum response evoked by E2β. The 
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concentration of E2β that evoked a half-maximal response (EC50E2β), and the dilution factor 

of E1, E2α, E3, or lagoon extract stock solution that evoked a half-maximal response (DF50), 

were fit using the software. EEQ for each stock solution was then calculated as a ratio of 

EC50E2β to DF50. Final EEQs were calculated based on 3-4 replicate runs of the assay. 

T47D-KBluc assay: The T47D-KBluc assay utilizes a human breast cancer cell line that 

has been stably transfected with a luciferase reporter driven by a triplet ERE. This assay 

reports activation of endogenous hERα and hERβ. Cell maintenance and assays were 

performed as described by Wilson et al. (4). Stock cells were maintained in RPMI 1640 

media (without phenol red, with glutamine; Sigma-Aldrich, St. Louis, MO) supplemented 

with 2.5 g/l glucose, 10 mM HEPES, 1 mM sodium pyruvate, 1.5 g/l sodium bicarbonate, 

10% vol/vol fetal bovine serum (FBS), 100 units/ml penicillin, 100 μg/ml streptomycin, and 

0.25 μg/ml amphotericin B (Gibco; purchased as a 100x mixture of antibiotics/antimycotics). 

One week prior to use in the assay, cells were moved to a modified media containing 10% 

vol/vol dextran-coated charcoal-treated (DCC) FBS with no antibiotics/antimycotics. 

Modified media containing 5% vol/vol DCC-FBS and no antibiotics/antimycotics was used 

when plating cells for assays.  

For the assay, cells were seeded at 10,000 cells/well in 96-well luminometer plates 

(Corning Inc, Corning, NY), with overnight incubation to allow for cell attachment. Cells 

were dosed with a serial dilution of E2β stock solution in RPMI 1640 media (5% vol/vol 

DCC-FBS), with final E2β concentrations ranging from 10 fM to 300 pM; and, on the same 

plate, a serial dilution of E1, E2α, E3, or lagoon extract in RPMI 1640 media, at YES-derived 
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EEQs ranging from 10 fM to 300 pM. Final ethanol concentration in all doses was 0.1%. 

Also included on each plate was a negative (ethanol) control, which was used for sample 

normalization; an ICI 182,780 estrogen receptor antagonist (1 μM; in ethanol), which was 

used as a qualitative control for background; and ICI 182,780 plus E2β, which was used as a 

qualitative control for reporter specificity. All doses were performed in quadruplicate wells 

on each plate, with 100 μl of dosing solution in each well. Following overnight incubation 

(18 – 24 hr), cells were rinsed with phosphate buffered saline (pH 7.4) at room temperature, 

and 25 μl reporter lysis buffer (Promega, Madison, WI) was added to each well to harvest 

cells. Luciferase activity was quantified using a FLUOStar Omega microplate reader (BMG 

Labtech) with the automated injection of 25 μl reaction buffer (25 mM glycylglycine, 15 mM 

MgCl2, 5 mM ATP, and 0.1 mg/ml bovine serum albumin, pH 7.8) followed by 25 μl 1 mM 

D-luciferin (Promega, Madison, WI) into each well, as described by Wilson et al.4  

For data analysis, luciferase activity in all wells was first normalized to the negative 

(ethanol) control. The sigmoid concentration-response curve of E2β was then fit to a 

symmetric logistic function using GraphPad Prism software, and the response of each stock 

solution (E1, E2α, E3, or lagoon extract) was expressed as a percentage of the maximum 

response evoked by E2β. As with the YES assay, EEQ was then calculated as the ratio of 

EC50E2β to DF50. Final EEQs were calculated based on average values from 2-3 runs of the 

assay. 

Medaka culture: Adult male Japanese medaka used in this study were obtained from the 

breeding colony at NCSU Environmental and Molecular Toxicology. Fish care and 
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maintenance in this colony was provided daily in accordance with NCSU IACUC-approved 

animal protocol (NCSU# 07-183-B). Broodstock were housed in a charcoal filtrated and UV-

treated recirculating aquatic system. Water temperature and pH were monitored daily and 

maintained at ~25°C +/- 2°C and ~7.4, respectively, and broodstock were maintained under a 

strict light:dark cycle of 16:8 hr. Dry food (Otohime B1, Reed Mariculture, Campbell, CA) 

was fed several times per day via automated feeders with daily supplementation of newly-

hatched Artemia nauplii.  

qPCR: Primer sequences, sources, and amplicon sizes are listed in Supplementary Table 

SI-2. All primers were verified to have approximately equal efficiencies (90-100%) using a 

serial dilution of cDNA. A subset of cDNA was amplified using a primer set that spanned a 

single intron (mERβ2), separated using gel electrophoresis, and verified to have a single 

amplicon, indicating no significant genomic DNA contamination. 

qPCR was performed in 96-well Optical Reaction Plates (Applied Biosystems, Grand 

Island, NY) using the ABI 7300 Real-Time PCR system. Each 25 μL qPCR reaction mixture 

consisted of 12.5 μL SYBR Green PCR Master Mix (Applied Biosystems, Grand Island, 

NY); 1 μL forward primer (10 μM); 1 μL reverse primer (10 μM); 8.5 μL of sterile, nuclease-

free water; and 2 μL of cDNA template. cDNA concentrations used were 0.75 ng/μL for Vtg 

genes, Chg genes, and 18S, and 7.5 ng/μl for mER genes. Each reaction was performed in 

triplicate. qPCR conditions were as follows: 50°C for 2 minutes and 95°C for 10 minutes, 

followed by 40 cycles of 15 seconds at 95°C and 1 minute at 60°C.  
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Ligand Binding Assay: Bacterial expression systems: Plasmid constructs containing full-

length medaka (m) ERα, mERβ1, and mERβ2 coding sequences were provided to our 

laboratory by the laboratory of Dr. Taisen Iguchi. To produce heterologous proteins for use 

in ligand binding assays, these cDNA were subcloned into pET-32a(+) vectors for expression 

in BL21(DE3)PLyss chemically competent E. coli cells. Transformed cells were grown in 

LB media (50 mg/L ampicillin) at 37°C with shaking at 200 rpm until the cells reached an 

approximate OD of 0.5 – 0.8 at 600 nm. Translation was then induced through addition of 1 

mM isopropyl-b-d-thiogalactopyranoside, with 20 μM ZnCl2 added to aid in ER protein 

folding, and cells were moved to incubation at 25°C with shaking at 200 rpm for 3 hr to 

allow protein expression to occur. Cells were then centrifuged at 4600 rpm for 30 minutes at 

4°C, supernatant was discarded, and pellets were stored at -80°C.  

From frozen pellets, cell lysate was prepared for use in the assays. Cells were weighed and 

then resuspended in ice-cold assay buffer (20 mM HEPES, 150 mM NaCl, 10% wt/vol 

glycerol, 1.5 mM EDTA, 6 mM monothioglycerol, and 10 mM NaMoO4 in pico-pure water) 

at a volume of 3.5 ml buffer per gram pellet. Chicken egg white lysozyme (Calbiochem, 

EMD Chemicals, Inc; San Diego, CA) was added to final concentration of 1 mg/ml, and 

protease inhibitor cocktail III (Calbiochem, EMD Chemicals, Inc) was added at a volume of 

14 μl per ml of buffer. This mixture was incubated on ice for 5 minutes, and then sonicated 

(twelve 1-second bursts at 30% power). The crude lysate was centrifuged at 4600 rpm for 30 

minutes at 4°C. Resulting supernatant was aliquoted into fresh microtubes, and stored at -

80°C prior to use in the assays.  
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Saturation binding assays: Assays were carried out according to the protocol by Hawkins 

et al. (5). For each lysate preparation, the dilution factor of lysate resulting in a saturating 

concentration of 2-3 nM E2β was first determined through preliminary testing (data not 

shown). This dilution factor of lysate was then used for both saturation and competition 

binding assays. A dilution series of [3H]E2β was prepared in assay buffer. 350 μl lysate, 

diluted in ice-cold assay buffer, was combined with 50 μl of each prepared dosage of 

[3H]E2β in disposable glass culture tubes (Fisher Scientific, Waltham, MA), resulting in final 

[3H]E2β –19 nM. For each concentration of [3H]E2β 

tested, 4 μl of ethanol or 100 mM diethylstilbestrol (DES, in ethanol; final concentration of 1 

mM) were added to duplicate tubes in order to determine total binding and non-specific 

binding, respectively. Tubes were shaken vigorously to mix, and then were incubated 

overnight in ice baths at 4°C. The following day, an equal volume (400 μl) of charcoal buffer 

(assay buffer with 0.1% dextran and 0.5% charcoal) was added to each tube. Tubes were 

incubated in an ice bath for 10 minutes, then centrifuged at 4600 rpm for 10 minutes at 4°C 

in order to precipitate charcoal. The resulting supernatant, containing bound [3H]E2β, was 

transferred to scintillation vials (Fisher Scientific, Waltham, MA), and 5 ml of Scintisafe 

Econo scintillation fluid (Fisher Scientific, Waltham, MA) was added. [3H] was then 

measured using a Beckman LS 6500 scintillation counter. Specific binding was calculated as 

the difference between total and non-specific binding [in disintegrations per minute (DPMs)] 

for each concentration of [3H]E2β. One-site hyperbolic binding curves were fit, and Kd for 

specific binding to each receptor was then determined using GraphPad Prism software. 
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Saturation binding curves are provided in Supplementary Figure SI-1. Assays were 

performed at least twice in order to calculate final Kd values. 

Competitive ligand binding assays: Assays were carried out according to the protocol by 

Hawkins et al. (5) In disposable glass culture tubes, 350 μl of diluted lysate was spiked with 

50 μl of a saturating concentration of [3H]E2β (final concentration of 2-3 nM, determined 

from saturation analysis) and a range of competing analyte concentrations. 4 μl of competitor 

was added to duplicate tubes; final concentrations of steroidal estrogen competitors ranged 

between 100 fM to 10 μM depending upon the compound, while the final concentration 

factor of swine lagoon extract competitor ranged from 5.33 to 5.33e-6. Ethanol and DES 

controls were included for each curve in order to determine total binding and non-specific 

binding, respectively. Tubes were incubated in ice baths overnight at 4°C, and [3H] was 

measured in the bound fraction as described above.  

For data analysis, specific binding was determined for each concentration of competitor by 

subtracting the value for non-specific binding. The specific bound level for each 

concentration of competitor was then expressed as a percentage of maximal specific bound. 

Sigmoidal curves were fit, and the concentration of each steroidal estrogen competitor that 

inhibited 50% of [3H]E2β binding (IC50), or the concentration factor of lagoon extract which 

inhibited 50% of [3H]E2β binding (CF50), was determined for each mER using GraphPad 

Prism software, following the steps outlined below. For each steroidal estrogen competitor, 

relative binding affinity (RBA) was also calculated for each receptor as the ratio of the IC50 

of E2β to the IC50 of each steroidal estrogen. Competition binding curves are provided in 
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Supplementary Figure SI-2. Each assay was performed at least twice in order to calculate 

final IC50 and CF50 values. 

It was observed that the top and bottom of the competition curves did not always 

correspond exactly with 100% and 0%, respectively. This was particularly evident for the 

lagoon extract, for which the competition curve leveled out somewhat above 0% (see 

Supplementary Figure SI-2); perhaps due in part to interference from unknown compounds in 

the lagoon matrix, or due to the presence of weak binders such as phytoestrogens. As a result, 

IC50 calculated directly from these curves would not necessarily correspond to 50% bound, 

and thus would not be correct for comparison between receptors and between competitors. 

Therefore, an alternative approach was taken in order to more accurately calculate the IC50 

and CF50 values, without artificially constraining the curves. The concentration (or 

concentration factor) of competitor that inhibited 50% of [3H]E2β binding was first 

determined by constraining the top of the curve to 100 and the bottom of the curve to 0. The 

top/bottom constraints were then removed from the curve, and it was determined which value 

“F” on the y-axis of the unconstrained curve corresponded with the concentration that 

inhibited 50% of binding. ICF was then calculated from the unconstrained curve using the 

GraphPad Prism “Find ECanything” equation. This value is reported as IC50 or CF50 in the 

main text. Through this approach, the IC50 and CF50 values more accurately represent the 

concentration that inhibited 50% of [3H]E2β  binding, rather than simply the value halfway 

between the top and bottom of the unconstrained curve. 
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Table SI-1: Actual concentrations of steroidal estrogens in each of the stock solutions, determined using LC/MS-MS; and 

estrogenic potency (EEQ, in μM) of each stock solution in the YES and T47D-KBluc bioassays. 

Test Compound 

Actual concentrations (mM) YES assay T47D-KBluc assay 

E2β E1 E2α E3 
EEQ 

(mM) 

Lower 

95% 

CL 

Upper 

95% 

CL 

EEQ 

(mM) 

Lower 

95% 

CL 

Upper 

95% 

CL 

E2β 8.80 - - - 8.80 - - 8.80 - - 

E1 - 19.30 - - 9.07 8.56 9.60 13.69 10.07 18.65 

E2α - - 293.70 - 8.81 8.38 9.34 2.63 1.88 3.72 

E3 - - - 1213.70 9.25 8.77 9.78 92.66 65.10 131.91 

Lagoon extract 0.44 66.00 1.46 0.22 8.81 8.46 9.25 15.86 11.86 21.27 
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Table SI-2: Primer sequences used for qPCR amplification, amplicon sizes, and literature references for the source of the primer 

sequence (if applicable). 

Gene Forward Sequence (5'-3') Reverse Sequence (5'-3') 
Amplicon 

Size (bp) 
Reference 

Vtg-1 ACTCTGCTGCTGTGGCTGTAG AAGGCGTGGGAGAGGAAAGTC 85 (6) 

Vtg-2 TCGCCGCAAGAGCAAGAC CTGGAGGAGCTGGAAGAACTG 150 (6) 

Chg-L TCCTGTCTCTGACTCTGAATGG GCTTGGCTCGTCCTCACC 137 (6) 

Chg-H TGGCAAGGCACTGGAGTATCAC CTGAGGCTTCGGCTGTGGATAG 143 (6) 

Chg-Hm GGAGCCATTACCAGGGACAG AAGTTCCACACGCAAGATTCC 143 (6) 

mERα ATCGCTCCCGGTTCTATATCAG AAGCATCACCTTGTCCCAAC 188  

mERβ1 ACCACCTGCACTGCATGAAGA TGCTGGTAGTCCAGGCTTT 195  

mERβ2 TGACAGCTTCTCTGACCAGCA CACTGATCTGGCGAGATGTAAC 222  

18S CGTTCAGCCACACGAGATTG CCGGACATCTAAGGGCATCA 56 (7) 
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Figure SI-1: Saturation binding of [3H]E2β to (A) mERα, (B) mERβ1, and (C) mERβ2. 

Specific ligand binding mean ± standard error of the mean (n = 2 or 3) is shown. 

 

 
 

Figure SI-2: Competitive ligand binding of steroidal estrogens and swine lagoon extract to 

(A, D) mERα, (B, E) mERβ1, and (C, F) mERβ2. Specific ligand binding mean ± standard 

error of the mean (n = 2 or 3) is shown. 
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ABSTRACT: The presence of endocrine disrupting compounds (EDCs), particularly 

estrogenic compounds, in the environment has drawn public attention across the globe, yet 

we currently lack a clear understanding of the extent and distribution of estrogenic EDCs in 

surface waters and their relationship to potential sources. The objective of our study was to 

identify and examine the potential input of estrogenic EDC sources in North Carolina 

waterbodies using a Geographic Information Systems (GIS) mapping and analysis approach. 

Existing data from state and federal agencies were used to create point and nonpoint source 

maps depicting the cumulative contribution of potential sources of estrogenic EDCs to North 

Carolina surface waters. Water was collected from 33 sites (12 associated with potential 

point sources, 12 associated with potential nonpoint sources and 9 reference), to validate the 

predictive results of our GIS analysis. Estrogenicity (measured as 17β-estradiol equivalence; 

EEQ) ranged from 0.06 to 56.9 ng/L. However, the majority of our sites (88%) had water 

EEQ concentrations below 1 ng/L. Sites associated with point and nonpoint sources had 

significantly higher EEQ levels than reference sites. Results suggested that water EEQ was 

reflective of GIS predictions, confirming the relevance of landscape-level influences on 

water quality and validating our GIS approach to characterize such relationships.  

INTRODUCTION 

The presence of endocrine disrupting compounds (EDCs) such as estrogens and estrogen 

mimics in aquatic systems and biota has drawn public concern (1,2). Evidence linking EDCs 

with fish reproductive impairment and increased susceptibility to infection indicate that 

waters impacted by EDCs may lead to fish population declines (3,4). However, one of the 

many troubling aspects of EDCs is that we currently lack a clear understanding of the 
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individual and population level impacts on the fish themselves, or on the wildlife and humans 

that may consume fish and drink the contaminated water (5). An important first step toward 

addressing these knowledge gaps and developing mitigation strategies is understanding the 

extent and distribution of EDCs in surface waters. This information is also critical for 

identifying potential geographic ‘hotspots’ of health concern that may require remedial 

action.  

Endocrine disruption occurs when an “exogenous chemical interferes with the production, 

release, transport, binding, action or elimination of natural endogenous hormones” (1). This 

can result from a vast number of compounds; however, much of the current aquatic research 

on EDCs has focused on chemicals that interfere with the estrogen receptor (4,6). These 

chemicals can include natural estrogens (e.g., 17β-estradiol), synthetic estrogens (e.g., 17α-

ethinylestradiol) and estrogen mimics (e.g., bisphenol A, 4-nonylphenol), all of which have 

been associated with high incidence of testicular oocytes (intersex), and the expression of 

vitellogenin in male fish, a yolk precursor produced in the liver that is stimulated by estrogen 

(typically seen only in females; 7,8). The primary sources of natural and synthetic estrogens 

to the aquatic environment are municipal and agricultural waste flows. Therefore, 

waterbodies downstream of wastewater treatment facilities and areas with high agricultural 

run-off have been strongly associated with these estrogenic effects (9,10). Vajda et al. (10) 

for example, documented gonadal intersex, altered sex ratios, reduced gonad size and 

vitellogenin production in male fish downstream of sewage treatment facilities. A recent 

comprehensive study reported widespread incidence of intersex fish in United States 

waterbodies (11). Of particular concern in North Carolina, USA, is that the highest recorded 
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rate (64 - 91% of collected fish) of intersex largemouth bass (Micropterus salmoides) in this 

national study occurred in the Yadkin-Pee Dee River, which originates in and flows through 

the state. Moreover, in many cases fish and other wildlife have been suggested to serve as 

sentinels for environmental and public health, particularly in relation to EDCs (12,13). 

Indeed, EDCs have been putatively linked with the increased prevalence of a number of 

human diseases and undesirable population trends (5,6,13,14). 

Despite the prevalence of estrogenic effects on fish and wildlife, little is known about the 

extent and distribution of these chemicals in surface waters or how environmental 

concentrations relate to potential sources of estrogenic EDCs. The objective of our study was 

to identify and examine potential inputs of estrogenic EDC sources in North Carolina 

waterbodies using a Geographic Information Systems (GIS; ArcGIS 10, ESRI) mapping and 

analysis approach.  

MATERIALS AND METHODS 

The location and relative size of estrogenic EDC sources, including wastewater treatment 

facilities (both sewage and industrial), confined animal feeding operations (CAFOs; e.g., 

swine, poultry, cattle), agricultural applications of municipal biosolids, and superfund sites as 

putative sources of estrogenic EDC contamination (e.g., PCBs; 15,16) were all incorporated 

into our GIS analysis to create point and nonpoint source maps depicting the potential inputs 

of estrogenic EDCs across North Carolina. This approach allowed us to identify waterbodies 

throughout the state that have the potential to be significantly impacted by 1 or more sources 

of estrogenic EDCs and aided in the identification of relatively unimpacted waterbodies, with 

few or no apparent estrogenic EDC sources of contamination. Our approach assessed 
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numerous potential diffuse sources of estrogenic EDCs at the landscape-level. We also 

sampled and tested the estrogenicity of surface waters throughout North Carolina to 

determine the validity of our GIS analysis and to examine the extent of estrogenic 

compounds in surface waters across the state.  

Point source map 

As part of the national pollution discharge elimination system (NPDES) and North 

Carolina Department of Environment and Natural Resources (NCDENR) regulations, a 

permit is required for any wastewater discharge in North Carolina. The 2010 data from these 

maximum permitted discharges were acquired through the NCDENR (C. McNutt and M. 

Fleahman, NCDENR, Raleigh, NC, USA, personal communication) and used along with 

2011 USEPA superfund site data to create a map depicting the potential input of estrogenic 

EDCs to waterbodies, based on the number and relative size of estrogenic EDC sources. The 

types of wastewater facilities included in our analysis were municipal sewage and industrial 

discharges. Of sites with industrial discharge, those with ≤10% of effluent from human waste 

treatment were examined further to determine if the facility was likely to discharge any 

chemicals previously identified as an estrogenic EDC (Supplemental Information, Table SI). 

If not, then it was censored from our database (e.g., a pickle company with 100% industrial 

discharge). In addition, data on treatment type at each wastewater facility were unavailable. 

However, personal communication with personnel at NCDENR (C. McNutt and M. 

Fleahman, NCDENR, Raleigh, NC, USA, personal communication) suggested that while 

there is a range of treatment types across the state the majority were equipped with tertiary 

treatment. 
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To measure the potential impact of these discharges on waterbodies in North Carolina we 

used the maximum permitted volume of discharge for each facility, measured in thousands of 

gallons of permitted discharge per day (Figure 1). Actual permitted discharge data were not 

available. This metric was used as a measure of relative facility size and was summed and 

loge transformed for each 12-digit hydrologic unit code (HUC; 17) in North Carolina to 

determine the relative potential impact of the estrogenic EDC sources within small sub-

basins (Figure 2). Active superfund sites (i.e., those not considered “cleaned-up” by the 

USEPA) were also included in our analyses. However, only those superfund sites that had 

been contaminated by chemicals putatively linked to endocrine disruption (e.g., DDT, PCBs, 

mercury; 18-20) were included in our database. Additionally, because there was no measure 

of the relative size of the potential estrogenic EDC input at each superfund site, we used the 

average loge transformed maximum permitted discharge from the NCDENR database as a 

measure of the potential estrogenic EDC input. Our original database of estrogenic EDC 

point sources included 1289 records; following adjustment (only including records putatively 

linked to sources of estrogenic endocrine disruption) the database included 1121 records 

(Figure 1). Sources summed by each 12-digit HUC were classified into color-coded groups 

ranging from low to high using natural breaks in the data in GIS (Figure 2). Further, 

summing the relative estrogenic EDC input by each 12-digit HUC provided inherent 

standardization because a 12-digit HUC is the sixth and smallest level of watershed 

subdivision by the US Geological Survey, representing similarly-sized subwatersheds.  
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Nonpoint source map 

North Carolina Department of Environmental and Natural Resources (NCDENR) 2010 

permit data for animal operations and the agricultural application of municipal biosolids from 

wastewater treatment facilities were used to create a nonpoint source map depicting 

waterbodies with the potential input from estrogenic EDCs based on the number and relative 

size of estrogenic EDC sources. Relative facility size was measured using the permitted 

number of animals allowed at a particular location. Although coarse, this measure estimated 

the relative estrogenic EDC impact of each facility on surface waters. This measure was loge 

transformed and used to characterize the potential input of the facilities within each 12-digit 

HUC. Additionally, because there was no measure of the relative size of potential estrogenic 

EDC input at each site where municipal (human) waste was land applied and only relative 

measures for agricultural sites were available, the average loge transformed permitted number 

of animals was used as a measure of potential input for those locations (Figure 2). As with 

our point source map, the summed nonpoint source impact for each 12-digit HUC was also 

classified into color coded groups ranging from low to high using natural breaks in the data 

in GIS (Figure 2). 

Water sampling and analyses 

Following development of both point and nonpoint source maps, we identified 33 sites 

across North Carolina to sample water for assessment and validation; 12 were associated 

with potential point sources, 12 with potential nonpoint sources, and 9 reference sites that 

were not associated with any known or suspected contaminant source (Figure 3). These sites 

were chosen to span from low to high in potential estrogenic EDC inputs based on our 
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mapped and color-coded designations (Figure 2), to span various ecoregions and by 

accessibility to sampling sites. In addition, while we attempted to make sample locations in 

HUCs where only point or nonpoint sources were present and succeeded in most cases (63% 

of sample sites were taken in a HUC with only point or nonpoint sources present), a few did 

have both sources present. In those rare cases, we only chose sample locations where the 

predicted impact for the HUC in the opposing map (e.g., nonpoint source designation for a 

point source sample) was relatively low (< 23 loge(permitted discharge) and < 23 

loge(permitted animals); see Figure 2) and chose a sample site that was as far upstream of the 

undesired source as access would allow but also downstream of at least 1 of the target source 

types. At each site, grab water samples (2 L) were collected by hand from surface waters in 

pre-cleaned 2 L amber bottles during fall-winter (November 2011 to February 2012) and 

extracted using Oasis HLB (Waters) solid phase extraction (SPE) cartridges. Compounds of 

interest were eluted using consecutive elutions of dichloromethane (DCM), methanol and 

acetone. Mean recovery of SPE from laboratory de-ionized water spiked with 17β-estradiol 

(E2β) was 112.3% (standard error = 13.5%). Sample extracts were concentrated up to 

approximately 2000X in ethanol and stored at -20°C until analysis with the Yeast Estrogen 

Screen (YES) bioassay. The YES bioassay was performed according to the method by 

Routledge and Sumpter (21) and modified by Chen et al. (22). Briefly, 200 µL of sample 

extract were added to a 96-well plate and serially diluted 1:2 in a solution of 90% water and 

10% ethanol (12 dilutions total). Each sample was run in duplicate on the same plate. The 

estrogen E2β served as a dose-response standard and was added to a separate row on the 

same plate from a standard solution prepared in 10% ethanol. The serially-diluted samples 
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and E2β standard were allowed to incubate with yeast solution (yeast nitrogen base, peptone, 

and sucrose) for 3 days. On the third day, an assay buffer containing ortho-nitrophenyl-β-

galactoside (Calbiochem) was added, producing a colorimetric response at 405 nm. The 

reaction was stopped with 200 L of a 1-M sodium carbonate solution, and the plates were 

centrifuged at 3,000 rpm for 10 minutes. A portion (100 L) of the resulting supernatant 

were taken from each well and transferred to a new 96-well microtiter plate to determine the 

optical density OD at 405 nm and 620 nm.  

Data analysis for YES assays was conducted as follows: for each dilution point, OD 620 

was subtracted from OD 405 to account for colorimetric interference from yeast cells. This 

value was then normalized to the negative control. The sigmoid concentration-response curve 

of the E2β standard was fitted to a symmetric logistic function using GraphPad Prism 

software (GraphPad). The response of the standard and the sample were expressed as a 

percentage of the maximum response evoked by E2β, and the concentration of E2β that 

induced a half-maximal response (EC50) was then fitted using the software. For each sample, 

the concentration factor of sample extract that induced a half-maximal response (CF50) was 

also fitted using the software. The estrogenic activity of each sample, expressed as E2β 

equivalents (EEQ), was then calculated as EEQi = EC50 / CF50i where EC50 is the observed 

half-maximal estrogenic activity of the E2β standard, and CF50i is the observed half-

maximal estrogenic activity of sample i. Using these EEQs, an equivalent E2β concentration 

for each sample was calculated as Equivalent E2β concentration= EEQ x 272.83 where 

272.83 is the molecular weight of E2β. The estradiol, E2β, response was consistent across all 

assay plates, producing a mean EC50 of 98.2 ng/L with a standard error of 3.9 ng/L. 
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Statistical analyses 

Water samples taken within 12 digit-HUCs were hypothesized to be associated with 

potential point sources, nonpoint sources and no sources (reference) of estrogenic EDCs. 

Previous research suggested that many estrogenic EDCs degrade relatively quickly in water 

and concentrations would be expected to decline as distance from a source increased (23,24). 

However, because the objective of this study was to discern the landscape-scale influx of 

estrogenic EDCs into surface waters and accessibility to sample sites in each HUC were not 

an equal distance from the closest source, we did not control for the distance each water 

sample was taken from the closest estrogenic EDC source (e.g., wastewater treatment plant) 

in each HUC. It was then necessary to standardize EEQ data by the distance each sample was 

taken from the closest source. To standardize these data, we measured the shortest linear 

distance from the source to the sample site along the waterway 5 times in ArcGIS. EEQ data 

were then divided by the mean of these five measurements and multiplied by the mean of all 

distances measured. This standardization ensured that differences in EEQ values were not 

driven by distance from the closest source within the HUC (e.g., the sample taken closest to 

an estrogenic EDC source had the highest EEQ concentration) in our analyses and thus, were 

more representative of the average concentration in the HUC and not a single source. The 

mean and standard deviation for distances from sample sites to the closest point and nonpoint 

sources were 2.47 ± 2.39 km, excluding reference sites. With reference sites these values 

were much higher, as would be expected (7.44 ± 9.40 km). All data were loge transformed to 

meet assumptions of normality and equality of variance for parametric tests. Comparisons of 

water estrogenicity data among source type (nonpoint, point, and reference) were conducted 
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using one-way analysis of variance (ANOVA). To determine whether our mapping approach 

was predictive of estrogen activity in water, we compared EEQ values to relative estrogenic 

EDC inputs predicted by our GIS analysis using 3 candidate standard least squares linear 

regression models. These models included the predicted input from our GIS map, the 

ecoregion where the sample was taken (25), and both of these parameters together. We 

included ecoregion (coastal plain, southeastern plain, piedmont, and mountain) in our models 

because of its common use among agency biologists and because these specified regions can 

stratify the environment by its probable response to disturbance (26). These models were 

tested for each map (point and nonpoint source). Model significance was determined with 

ANOVA (P < 0.05) and model fit was compared using the adjusted regression coefficient 

(adjusted R2). While map predictions were categorical, we ran models treating these data as 

ordinal and then again as continuous to ensure the relation with predicted input was not an 

artifact of data treatment. All statistical analyses were conducted using JMP software 

(version 8.0, SAS Institute Inc.).  

In addition, EEQ values were also compared with the levels deemed “safe” (<1 ng/L) and 

“high risk” (>10 ng/L) by the Environment Agency of the United Kingdom (27,28). We used 

these criteria because the United States Environmental Protection Agency (USEPA) does not 

currently have criteria by which to compare estrogenicity from mixtures of estrogenic EDCs 

in water to adverse affects on aquatic life. The USEPA has a criterion for a single type of 

estrogenic EDC (EE2; 29). However, there are numerous other estrogenic compounds in 

waterbodies that may contribute to estrogenic effects observed in aquatic life (30). 

RESULTS 



 

 

 

241 

Our GIS analysis suggested that point and nonpoint source contributions of estrogenic 

EDCs were distributed somewhat regionally across the state, with nonpoint source inputs 

concentrated in southeastern North Carolina and point source contributions concentrated in 

central and western North Carolina (Figure 2A, 2B). Concentrations of estrogen activity in 

water sampled across the state, measured as EEQ, ranged from 0.06 to 56.9 ng/L. The 

concentrations at a majority of our sites (29 of 33; 88%) were below 1 ng/L (range 0.06 – 0.9 

ng/L). Of the remaining sites, 9% (3 of 33) were between 1 ng/L and 10 ng/L (range = 1.1 – 

4.3 ng/L; 2 of which were from point source sites and 1 from a reference site) and only 1 site 

(3%) was above 10 ng/L (56.9 ng/L; a point source site), measures deemed intermediate and 

high risk by the Environment Agency of the United Kingdom (27,28). Further, all of the 

nonpoint sources had EEQ concentrations < 1ng/L. However, water samples associated with 

point and nonpoint sources had significantly (P < 0.01) higher concentrations of estrogenic 

activity compared to reference sites (Figure 4).  

Model analyses showed that our point and nonpoint source map predictions successfully 

explained variation in estrogenic activity of surface water at a landscape scale (P = 0.01; 

Table 1). Relative predicted input from our point source map explained 38% of the variation 

in the EEQ data and showed an increase in estrogenic activity with increased relative input 

predicted by our GIS analysis (Figure 5A). Although the point source model including 

predicted input and ecoregion was significant (P = 0.01; adjusted R2 = 0.54) and accounted 

for additional variation in the data, ecoregion alone was only marginally significant in this 

model (P = 0.07), with the southeastern portion of the state having the highest predicted 

estrogenic EDC concentrations. Relative predicted input from our nonpoint source map 
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explained 66% of the variation in the data and also showed an increase in estrogenic activity 

with increased relative input (Table 1; Figure 5B). Similar to our results for the point source 

map, the nonpoint source model including both ecoregion and predicted input was significant 

and explained more variation in the data (P < 0.01; adjusted R2 = 0.72); however, again 

ecoregion in this model was not significant (P = 0.15). We also identified an outlier in our 

database, a sample taken at a reference site that had much higher estrogenic activity than 

expected (EEQ = 1.12 ng/L, mean of other reference sites = 0.29 ng/L). After further on-the-

ground investigation, as well as evaluating the analytical run for this sample, we found no 

known source that could explain the higher concentration at this site. Removal of this outlier 

from the database did not drastically change the fit of either point (P = 0.01, adjusted R2 = 

0.40) or nonpoint source (P < 0.01, adjusted R2 = 0.74) models with predicted input alone. 

Ecoregion was, however, elevated to significance (P = 0.02) in the point source model 

including both predicted input and ecoregion when the outlier was excluded (P < 0.01, 

adjusted R2 = 0.63). Further, treating predicted input data as a continuous variable did not 

change our overall results, though it did slightly reduce regression coefficients (Table 1). 

Flow varied widely among samples sites (the range in the 2 yr recurrent peak flow was 2-

1206 m3/s; 31). However, flow was not significantly different among point, nonpoint and 

reference sites (P = 0.14), did not relate to water estrogenicity (P = 0.99) and, despite the 

wide range, a significant relationship between water estrogenicity and predicted input was 

still evident.  

DISCUSSION 
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Our GIS analysis applied readily available permit data to identify waterbodies impacted 

and un-impacted by estrogenic EDCs throughout North Carolina, informed water sampling 

locations and provided the foundation for future investigations of estrogenic EDC effects on 

resident aquatic biota. Despite the relatively course metrics and conservative approach used 

in the present study, our point and nonpoint source maps were predictive of relative 

estrogenic activity in surface waters at a landscape scale. While there are numerous other 

demographic factors that can impact the level of estrogenic EDCs in surface waters, 

particularly on a scale smaller than our study (e.g., number of human females in the local 

population, particularly those using oral contraceptives like EE2, local population size, 

sewage treatment type, the operational age and condition of a treatment plant, pesticide use 

and water chemistry; 32,33), many of these are difficult to measure and data are not readily 

available. In addition, while compromised septic systems are a potential source of estrogenic 

EDCs, these data were unavailable for our study as well as for others (34), signifying that 

better records of the location and condition of septic systems be made available. Some other 

models have used more detailed information to predict the inputs of estrogenic EDCs on 

waterbodies (35); however, because those models incorporated factors more difficult to 

compile, their utility and reproducibility for state and federal resource management agencies 

and other decision makers are somewhat limited. Here, we used only data that were available 

from state and federally mandated permits to create maps and then validated that they are 

predictive of water estrogenicity. Further, while hydrological data have also been used in the 

past, our approach of using the EEQ concentrations (ng/L) from the receiving waterbody and 

not the effluent, takes into account discharge and to some degree the degradation of 
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estrogenic EDCs with distance from the source. We suggest that this type of predictive 

mapping is a necessary step for studies on estrogenic EDCs to better understand the potential 

inputs and sources of estrogenic EDCs across large geographic areas. 

Estrogenic EDCs in water 

The majority (88%) of EEQ concentrations measured across the state were below 1 ng/L, a 

level considered to hold no risk for aquatic species by the Environment Agency of the United 

Kingdom (27,28). Of the remaining sites, 9% were considered of intermediate risk and only 1 

site (3%) was considered high risk. All but 1 of these higher risk sites were associated with 

point sources. Indeed, the site with the highest concentration was the same site in Hinck et 

al., (11) from the Yadkin-Pee Dee River in North Carolina that was associated with some of 

the highest percentages of intersex largemouth bass sampled across the nation. However, 

recent research suggests that low doses of EDCs found in the environment (below the lowest 

observable adverse effect level; LOAEL) may indeed cause negative effects on fish and 

wildlife (20). These negative consequences may be a function of nonmonotonic dose-

response curves, where the lowest and highest concentrations of EDCs have the most adverse 

affects (20,36). As such, additional work is needed to better understand low dose effects of 

EDCs on the endocrine and immune systems of aquatic biota, wildlife and humans.  

The higher concentration of estrogenic activity from samples taken in 12-digit HUCs with 

point and nonpoint estrogenic EDC sources suggests that both types of sources affected water 

concentrations of estrogenic EDCs during fall and winter (when our samples were collected). 

Although concentrations of EDCs in point source effluent can fluctuate temporally, 

wastewater treatment facilities operate continuously, likely releasing estrogenic EDCs on a 
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regular basis (2). Conversely, nonpoint sources, such as CAFOs, generally apply animal 

waste to agricultural land on a seasonal basis as an integral part of the waste management 

plan (37). Because discrete (grab) water samples only represent conditions at the time of 

sampling and can miss episodic events such as surface run-off from agricultural fields after 

waste has been applied, we suggest that our samples may not be representative of the year-

round concentrations occurring in waters surrounding nonpoint sources. Other studies have 

reported seasonal changes in EDCs in surface run-off associated with agricultural 

applications, with the highest levels usually occurring in spring after crop planting (38,39). 

Of particular concern are the relatively high detectable levels of estrogenic EDCs in surface 

waters found during our fall sampling, when surface run-off would likely be less than during 

other times of the year (e.g., after spring crop planting and fertilization and during summer 

low flows). Further, point sources are also expected to have slightly higher EDC 

concentrations in spring than fall, when our samples were taken, because microbes that 

degrade waste are less efficient in cool spring temperatures (40). 

Predicted input 

Point and nonpoint source contributions of estrogenic EDCs were regional in occurrence. 

The majority of nonpoint source inputs occurred in southeastern North Carolina, where much 

of the row crop and animal agriculture is located, whereas the higher potential inputs from 

point source contributions were concentrated in central and western North Carolina, home to 

larger urban and suburban land uses. Model analysis showed that our point and nonpoint 

source maps were predictive of the relative levels of estrogenic EDCs in surface waters and 

could be used to identify areas likely to be impacted by these compounds. While numerous 
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point sources such as wastewater treatment plants have been associated with estrogenic 

EDCs in surface waters and affects on fish and wildlife (i.e. vitellogenin production and 

intersex) these affects are often only associated with 1 or a small few point sources (7, 8-10). 

Here our study examines the cumulative relative impact of estrogenic EDC sources at a much 

larger scale. Previous studies have also linked elevated levels of estrogens in surface runoff, 

receiving waters, and groundwater with agricultural applications of organic waste, 

particularly in relation to CAFOs (38, 41). For example, Finlay-Moore et al, (42) reported 

surface runoff EEQ from broiler litter from 50 to 2300 ng/kg dry weight waste while adjacent 

groundwater estrogen ranged from 6 to 66 ng/kg dry weight. In other studies, runoff from 

sites with land application of manure and poultry litter resulted in elevated levels of estrogen 

in runoff and adjacent streams (43,44). Despite the fact that these compounds degrade 

relatively quickly in surface waters (hours to months; 23,24) and our samples were taken a 

few months following peak seasonal applications of waste (38,39), our map predictions were 

still reflective of the level of estrogenic compounds in the water. Environmental exposure of 

low estrogenic EDC concentrations to fish likely occur intermittently over a generation due 

to seasonal applications of waste to agricultural fields, changes in precipitation that can dilute 

or concentrate estrogenic EDCs, fish movement in and out of areas with estrogenic EDC 

contamination, or other temporal variation in source influxes. A study by Panter et al. (45) 

demonstrated that intermittent exposures of estrogens caused a greater response (increased 

vitellogenin concentration) in male fish than continuous exposure. They also suggested that 

estrogenic effects would be sustained for long periods after the transient exposure. These 

results imply that a metric such as fish intersex, which incorporates the long term and 
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intermittent low dose exposures that occur in aquatic systems, may be even more reflective 

of our map predictions than a static water sample taken at a single point in time.  

Although ecoregion was only marginally significant in our point source model with both 

factors (predicted input and ecoregion), the inclusion of this factor did improve the fit of the 

model. In addition, because most ecoregions for the point source and nonpoint source maps 

separately had samples sizes less than 5, the lack of significance for ecoregion may have 

been an artifact of the relatively low sample size across each ecoregion. Regardless, this lack 

of significance was unexpected because the ecoregions sampled in our study are classified as 

vastly different environments that likely respond differently to disturbance and pollutants 

(26). In addition, others have demonstrated that differences in water retention and chemistry, 

similar to those among the ecoregions that we sampled, can impact the concentration of 

estrogenic EDCs and other aquatic contaminants (46,47). For instance, the southeastern plain 

consists of low elevation, flat plains that are poorly drained, which would be expected to 

slow the removal of estrogenic EDCs from surface waters in this ecoregion (25). Also, Liu 

and Liu (46) demonstrated that photodegradation of estrogen decreased with pH, suggesting 

lower rates of estrogen removal from surface waters at lower pH values. Waterbodies in the 

southeastern and coastal plain ecoregions are generally more acidic (lower pH) than the 

mountain and piedmont ecoregions of North Carolina (25,47). Despite these differences, our 

results suggest that ecoregion characteristics did not strongly influence the concentrations of 

estrogenic EDCs measured in surface waters.  

One of our reference sites, located within a 12-digit HUC predicted to have little to no 

estrogenic EDC input, had a relatively high EEQ concentration and no known source that 



 

 

 

248 

could explain the contamination. We suggest that unrecorded historical contamination (i.e. 

legacy effects; 48) or a chemical or compound not yet identified as an estrogenic EDC 

resulted in the higher level of estrogenic activity measured at this site. The removal of this 

outlier did not change our overall results suggesting that while our model is robust and 

relevant for North Carolina, and the technique of creating a predictive map is beneficial, sites 

considered reference (relatively uncontaminated) should be treated with caution and sampled 

to ensure low estrogenic EDC contamination. Current research is identifying new chemicals 

and compounds that interact with the estrogen receptor, block the androgen receptor or alter 

steroid synthesis (2,49). For example, a recent study suggested that cyanobacteria in small 

impoundments may have estrogenic affects on fish (49). While our sites were all lotic, in 

contrary to those lentic systems studied by Kellock and Bringolf (49), their findings suggest 

that causal relationships among compound or condition and estrogenic effects are complex, 

and caution should be exercised when identifying reference or relatively uncontaminated 

sites.  

Adverse health effects have demonstrated the need to better manage exposure to estrogenic 

EDCs for fish and wildlife that directly rely on suitable environmental conditions for 

reproduction and survival, as well as for implications to the human population (3-6,12-14). 

Here we provide an important first step in developing management strategies by reporting the 

extent and distribution of estrogenic EDCs in surface waters in relation to multiple sources, 

and by demonstrating a landscape-level mapping approach to identify areas with potential 

relative inputs from estrogenic compounds. The next steps should be to gain a better 

understanding of the temporal changes of EEQ concentrations across this geographic range in 
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relation to potential sources, particularly with spring crop-planting, and to determine how a 

biotic metric such as fish intersex, which incorporates long term and intermittent low dose 

exposures, relates to spatial predictions based on potential inputs.  
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FIGURES 

 

Figure 1. Data compiled from the National Pollutant Discharge Elimination System, North 

Carolina Department of Environmental and Natural Resources, and United States 

Environmental Protection Agency used to identify locations and relative size of potential 

estrogenic endocrine disrupting compound (EDC) sources. TGD = thousands of gallons per 

day, CAFO = concentrated animal feeding operations, Agr = agriculture. Ecoregions are 

indicted on the map by background shading (25). 
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Figure 1. 
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Figure 2. Potential inputs of sources of estrogenic endocrine disrupting compounds (EDCs) 

across North Carolina from (A) point (i.e., wastewater treatment facilities and superfund 

sites) and (B) nonpoint sources (i.e., concentrated animal feeding operations, agricultural 

application of municipal waste; Figure 1). Inputs were measured by permitted discharge in 

thousands of gallons per day for point sources and by permitted number of animals for 

nonpoint sources. These inputs were summed by 12-digit hydrological unit codes (HUC). 

Darker colors indicate higher relative inputs.  
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Figure 2. 
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Figure 3. Water sampling sites where estrogenic activity was measured. Twelve of these sites 

were associated with point sources of estrogenic endocrine disruption compounds (EDCs), 12 

were associated with nonpoint sources of estrogenic EDCs, and 9 were not associated with 

any sources based on our data (reference; Figure 1). Ecoregions are indicted on the map by 

background shading (25).  
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Figure 3. 
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Figure 4. Mean and standard error (error bars) of water estrogenic activity (EEQ) from sites 

associated with point sources of estrogenic endocrine disrupting compounds (EDCs), sites 

associated with nonpoint sources of estrogenic EDCs and reference sites associated with no 

sources of estrogenic EDCs based on our data (Figure 2). Std = standardized. Different 

capital letters signify a statistically significant difference in means (P < 0.05).  
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Figure 5. Mean and standard error (error bars) of estrogenic activity (EEQ) by predicted 

inputs (based on the permitted discharge and permitted number of animals) from (A) point 

and (B) nonpoint source maps (Figure 3). Ordinal and continuous models were significant (P 

< 0.01) in both cases (Table 1). Ordinal model results are depicted. Samples size for each 

model was 21. Std = standardized. Equations for regression lines in these figures are (A) 

y=0.38x-1.18 and (B) y=0.30x-0.88. R2 = adjusted R2values. Colors represent predicted input 

levels in Figure 2. 

  

5 
 

Figure 5. 

 



 

 

 

255 

TABLES 

Table 1. Model parameters and regression statistics for three standard least squares 

regression models developed to explain water estrogenic activity at sites associated with 

point and nonpoint sources.  

  

Ordinalb  Continuousb 

Point source models N P R2c  P R2c 

Ecoregion, Predicted Inputa 21 0.01 0.54  <0.01 0.52 

Predicted Inputa 21 0.01 0.38  0.01 0.30 

Ecoregion 21 0.20 0.10  0.20 0.10 

Nonpoint source models N P R2c  P R2c 

Ecoregion, Predicted Inputa 21 <0.01 0.72  <0.01 0.69 

Predicted Inputa 21 <0.01 0.66  <0.01 0.66 

Ecoregion 21 0.06 0.23  0.06 0.23 

aInputs predicted by the number and relative size of potential sources of estrogenic EDCs 

to the sampled waterbody and color-coded in Figure 2. bModels were run with the factor 

predicted input treated as ordinal and continuous. cR2 values represent the adjusted R2. 
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SUPPLEMENTAL INFORMATION 

Table S1. A list of all of the data where domestic (effluent from human waste) were ≤ 10% of discharge from industrial 

wastewaster and were still included in our analyses due to a previously identified link of the facility or chemicals from the facility 

with estrogenic EDCs. 

PERMIT NUMBER FACILITY NAME OWNER ORGANIZATION 

NC0001881 Phillips Plating Company Phillips Plating Company Inc 

NC0003395 Acme Facility Hexion Speciality Chemicals Inc 

NC0005177 Lithium Division Plant FMC Corporation 

NC0005177 Lithium Division Plant FMC Corporation 

NC0006351 Chemical Specialties Chemical Specialties Inc 

NC0023591 Silver Line Plastics Corporation Silver Line Plastics Corp 

NC0023591 Silver Line Plastics Corporation Silver Line Plastics Corp 

NC0045608 Ward Transformer Company Ward Transformer Company 

NC0059234 Wilmington Facility WWTP BASF Corporation 

NC0023710 McMurray Building Martin County Economic Development Corporation 

NC0003875 Castle Hayne Manufacturing Facility WWTP Elementis Chromium L P 

NC0003875 Castle Hayne Manufacturing Facility WWTP Elementis Chromium L P 

NC0003875 Castle Hayne Manufacturing Facility WWTP Elementis Chromium L P 

NC0003875 Castle Hayne Manufacturing Facility WWTP Elementis Chromium L P 

NC0005266 LP Roaring River WWTP Louisiana Pacific Corporation 

NC0005312 561 Main Street plant True Textiles Inc 

NC0003719 Cedar Creek Site DAK Americas, LLC 
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Table SI. Continued 

REGION COUNTY PERMITTED_DISCHARGE (TGD) PERCENT DOMESTIC PERCENT INDUSTRIAL 

Washington Craven 100000 0 100 

Wilmington Columbus 200000 0 100 

Mooresville Gaston 615000 0 50 

Mooresville Gaston 615000 0 50 

Mooresville Cabarrus 25000 0 100 

Asheville Buncombe 240000 0 100 

Asheville Buncombe 240000 0 100 

Raleigh Wake 50000 0 100 

Wilmington New Hanover 330000 0 100 

Washington Martin 450000 1 99 

Wilmington New Hanover 815000 2 98 

Wilmington New Hanover 815000 2 98 

Wilmington New Hanover 815000 2 98 

Wilmington New Hanover 815000 2 98 

Winston-Salem Wilkes 2000000 3 97 

Winston-Salem Surry 4000000 8 92 

Fayetteville Cumberland 500000 9 91 
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Table SI. Continued  

PERCENT STORMWATER LATITUDE__ LONGITUDE_ 

0 35.17222 -77.04722 

0 34.32917 -78.20444 

50 35.26222 -81.29917 

50 35.26222 -81.29917 

0 35.33000 -80.62444 

0 35.61944 -82.56889 

0 35.61972 -82.56889 

0 35.90167 -78.77389 

0 34.32389 -78.01389 

0 35.81167 -76.88806 

0 34.37611 -77.86528 

0 34.37611 -77.86528 

0 34.37778 -77.85833 

0 34.37778 -77.85833 

0 36.19389 -81.03306 

0 36.24444 -80.83944 

0 34.97833 -78.78389 
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APPENDIX C 

Supporting Information for Chapter 2  

 

 

 



 

 

 

267 

SI Table 1: Primers list for promoter isolation of medaka VTGI promoter and promoter analysis regions 

Target Forward Primer (5’-3’) Reverse Primer (5’-3’) 
Amplicon 

(bp) 

pVTGI ACTGGTACCCGAAATGAGCCAGTTGAGGT ACTAGATCTCTGAATGGGGTTGTGAGGAT 3,262 

25%pVTGI CCCATATCAGGACTGAGGACA CTGAATGGGGTTGTGAGGAT 777 

50%pVTGI CCTTGATTAAGGCACAAAGCA CTGAATGGGGTTGTGAGGAT 1,592 

25%pVTGII CCCTACACACCCCTACACAAA GATGAGCTGTGATCGAGTGC 1,540 

50%pVTGII AAGTGTGGAAACCACTGATTCAT GATGAGCTGTGATCGAGTGC 734 

pVTG: vitellogenin promoter. 
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Table SI 2: Tentative estrogen response elements from medaka VTGI and VTGs deletion construct. 

Promoter Position (strand) Score p-value Half-site E value Sequence 

pVTGI 

319(+) 0.5511 1.5125 2.1155 AAGACAttgTCAACT 

1505(+) 0.5553 1.1628 1.6426 AAAACAtggTGGTCT 

1805(+) 0.5198 1.7765 2.6991 GGAACAataTGGAGT 

1952(+) 0.5874 0.0979 <0.0059 TTATCAagtTGACCT 

2848(+) 0.5498 0.7912 0.7546 AGTACAttaGGTCCA 

3050(+) 0.6196 0.5221 0.7598 TGTTCAagtTTAACT 

3098(+) 0.6103 0.4951 0.8288 AGGTGAcccTGACTT 

3117(+) 0.5002 0.9565 0.7646 AGCTCAccgTAACTT 

pVTGII 

 

542(+) 0.6183 0.3786 0.3594 GGGTCAtctAGACCC 

717(+) 0.5486 1.3108 2.0301 TGCACAcacTGCACG 

1010(+) 0.5809 0.5101 0.4528 ACAGCAtgaTGTACT 

1123(+) 0.6596 0.205 0.3546 CGTACAtttTGCGCT 

1968(+) 0.7782 0.0433 0.0512 TGGTCAattTGACCC 

2029(+) 0.5919 0.6923 0.8192 AGCACAggtTTGCCT 

2104(+) 0.5326 1.8009 2.3882 AGGAGAgtgTCAGCT 
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pVTGII 

2104(+) 0.5326 1.8009 2.3882 AGGAGAgtgTCAGCT 

2335(+) 0.5703 0.8504 0.9659 AGAGGActtTGTGCT 

2537(+) 0.6821 0.1603 0.1993 AGAACActcTGACTT 

2834(+) 0.6194 0.4804 0.5498 AGCACAgtcTAATCT 

2974(+) 0.5117 0.797 0.6151 AGCTCAtcaTGAGGG 

NUBIscan V2.0 search of for inverted repeat 3 (IR3) response elements. pVTG: vitellogenin promoter. 
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Figure SI 1. Diagram of 100%, 50% and 25% promoter regions of medaka vitellogenin 

promoter I (pVTGI) and pVTGII. “X”s denotes putative estrogen response elements. 
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Table SI 3: Quantitative polymerase chain reaction (qPCR) primers 

Target Gene Forward Primer (5’-3’) Reverse Primer (5’-3’) 
Amplicon 

Size (bp) 

VTGI{Zhang:2008cw} ACTCTGCTGCTGTGGCTGTAG AAGGCGTGGGAGAGGAAAGTC 85 

VTGI{Zhang:2008cw} TCGCCGCAAGAGCAAGAC CTGGAGGAGCTGGAAGAACTG 150 

mERα{Yost:2014df} ATCGCTCCCGGTTCTATATCAG AAGCA TCACCTTGTCCCAAC 188 

mERβ1{Yost:2014df} ACCACCTGCACTGCA TGAAGA TGCTGGT AGTCCAGGCTTT 195 

mERβ2{Yost:2014df} TGACAGCTTCTCTGACCAGCA CACTGATCTGGCGAGATGTAAC 222 

18S{Zhang:2007jj} CGTTCAGCCACACGAGA TTG CCGGACATCTAAGGGCATCA 56 

VTG: vitellogenin. mER: medaka estrogen receptor.  
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Figure SI 2. Steroidal estrogen regulated transactivation of vitellogenin promoter I (pVTGI; A-C) and pVTGII (E-F) with medaka 

subtypes. Transcriptional activity of medaka estrogen receptor alpha (mERα; A and E), mERβ1 (B and F) and mERβ2 (C and G) 

generated using 17β-estradiol (E2β – black), estrone (E1 – dark grey), estriol (E3 – light grey) and 17α-estradiol (E2α – dashed 

black) show differential activation patterns. 
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Table SI 4: Curve parameters from dose response curves of steroidal estrogens  

Reporter mER 
Curve 

Parameter 

Compound 

E2β E1 E3 E2α 

p
V

T
G

I 

m
E

R
α

 

Top 

95% CI 

7.2 

6.3-8.1 

4.0 

3.5-4.5 

6.2 

5.0-7.4 

6.6 

5.6-7.6 

LogEC50 

95% CI 

0.1 

-0.2- 0.3 

1.9 

1.6-2.2 

1.4 

1.0-1.9 

1.3 

0.9-1.6 

EC50 

95% CI 

1.1 

0.6-2.1 

73.8 

38.0-143.2 

27.8 

10.4-74.2 

18.3 

8.8-38.2 

m
E

R
β

1
 

Top 

95% CI 

19.9 

18.4-21.5 

17.6 

15.0-20.2 

13.6 

12.3-14.9 

13.1 

10.5-15.6 

LogEC50 

95% CI 

-0.9 

-1.1- -0.6 

1.6 

1.2-2.0 

0.2 

-0.1-0.4 

0.6 

0.1-1.0 

EC50 

95% CI 

0.1 

0.1-0.2 

37.5 

14.6-96.2 

1.4 

0.8-2.6 

3.9 

1.4-11.2 

m
E

R
β

2
 

Top 

95% CI 

217.5 

186.7-248.4 

154.7 

133.1-176.2 

155.0 

137.6-172.3 

115.3 

94.04-136.5 

LogEC50 

95% CI 

-0.7 

-1.2--0.3 

1.7 

1.3-2.0 

0.7 

0.5-0.9 

1.6 

1.3-1.8 

EC50 

95% CI 

0.2 

0.1-0.5 

45.9 

21.4-98.4 

5.0 

3.2-7.9 

37.2 

20.0-69.2 

p
V

T
G

II
 

m
E

R
α

 Top 

95% CI 

14.5 

12.4-16.5 

7.7 

5.8-9.7 

12.2 

10.0-14.5 

9.9 

7.4-12.4 
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Table SI 4: Continued 
p
V

T
G

II
 

m
E

R
α

 
LogEC50 

95% CI 

0.5 

0.2-0.9 

2.1 

1.5-2.7 

1.6 

1.3-1.8 

1.3 

0.8-1.7 

EC50 

95% CI 

3.3 

1.4-7.5 

120.0 

31.4-458.3 

36.4 

20.4-64.9 

18.1 

6.7-48.9 

m
E

R
β

1
 

Top 

95% CI 

28.6 

24.9-32.3 

17.0 

14.9-19.1 

23.1 

20.4-25.8 

15.1 

13.5-16.7 

LogEC50 

95% CI 

-0.7 

-1.1- -0.3 

1.8 

1.5-2.0 

0.2 

-0.1-0.5 

0.8 

0.6-1.0 

EC50 

95% CI 

0.2 

0.1-0.5 

57.7 

30.6-108.8 

1.6 

0.8-2.9 

6.3 

4.4-9.2 

m
E

R
β

2
 

Top 

95% CI 

165.6 

143.6-187.7 

98.8 

87.5-110.0 

107.8 

85.5-130.1 

109.9 

90.4-129.5 

LogEC50 

95% CI 

-0.9 

-1.3- -0.5 

1.8 

1.6-2.1 

0.6 

0.3-0.9 

1.8 

1.7-2.0 

EC50 

95% CI 

0.1 

0.1-0.3 

66.7 

37.4-119.0 

3.7 

1.8-7.5 

64.9 

45.0-93.5 

mER: medaka ER. E2β: 17β-estradiol. E1: estrone. E3: estriol. E2α: 17α-estradiol. pVTG: 

vitellogenin promoter. 95% CI: 95% confidence interval. EC50: 50% maximal response 

concentration   
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Figure SI 3. Percent Induction of Steroidal estrogen regulated transactivation of vitellogenin promoter I (pVTGI; A-C) and 

pVTGII (E-F) with medaka subtypes. Transcriptional activity of medaka estrogen receptor alpha (mERα; A and E), ERβ1 (B and 

F) and ERβ2 (C and G) generated using 17β-estradiol (E2β – black), estrone (E1 – dark grey), estriol (E3 – light grey) and 17α-

estradiol (E2α – dashed black) show differential activation patterns.  
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APPENDIX D 

Supporting Information for Chapter 3  
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Table SI 1: Chemical list of current use pesticides (CUPs), hormones, industrial compounds, organochlorine pesticides (OCPs), 

polycyclic aromatic hydrocarbons (PAHs), and polychlorinated biphenyls (PCBs) 

CUPs Hormones 
Industrial 

EACs 
OCPs PAHs PCBs 

Acetochlor 17α-Estradiol BisphenolA 2,4'-DDD 1-Methylfluorene PCB 8 

alachlor 17β-Estradiol Nonylphenol 2,4'-DDE 1-Methylnaphthalene PCB 18 

Atrazine 17β-Testosterone 
 

2,4'-DDT 1-Methylphenanthrene PCB 28 

Atrazine-desethyl Epitestosterone 
 

4,4'-DDD 2-Methylnaphthalene PCB 44 

Atrazine-desisopropyl Estriol 
 

4,4'-DDE 2,3,5-Trimethylnaphthalene PCB 52 

Benfluralin Estrone 
 

4,4'-DDT 2,6-Dimethylnaphthalene PCB 66 

Bifenthrin Ethynyl estradiol 
 

Aldrin Acenaphthene PCB 77 

Butylate 
  

Chlorothalonil Acenaphthylene PCB 101 

Chlorothalonil 
  

cis-Chlordane Anthracene PCB 105 

Chlorpyrifos 
  

Dieldrin Benz[a]anthracene PCB 118 

Cyfluthrin 
  

Endosulfan I Benzo[a]pyrene PCB 126 

Cypermethrin 
  

Endosulfan II Benzo[b]fluoranthene PCB 128 

Dacthal 
  

Endosulfan Sulfate Benzo[e]pyrene PCB 138 
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Table SI 1. Continued 

Deltamethrin   Endrin Benzo[g,h,i]perylene PCB 153 

Dimethenamid 
  

Endrin Ketone Biphenyl PCB 180 

Dimethoate 
  

γ-BHC (Lindane) Chrysene PCB 187 

EPTC 
  

Heptachlor Coronene PCB 195 

Esfenvalerate 
  

Heptachlor epoxide Dibenz[a,h,]anthracene PCB 201 

Ethalfluralin 
  

Hexachlorobenzene Dibenzofuran PCB 206 

Ethoprop 
  

Methoxychlor Dibenzothiophene PCB 209 

Fenpropathrin 
  

Mirex Fluoranthene 
 

Flumetralin 
  

Trans-Chlordane Fluorene 
 

Fonofos 
  

Trans-Nonachlor Indeno[1,2,3-cd]pyrene 
 

Lambda cyhalothrin 
  

α-BHC Naphthalene 
 

Malathion 
  

β-BHC Perylene 
 

Methidathion 
  

δ-BHC Phenanthrene 
 

Methyl parathion 
   

Pyrene 
 

Metolachlor 
   

Retene 
 

Metribuzin 
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Table SI 1. Continued 

Napropamide      

Pebulate 
     

Pendimethalin 
     

Permethrin 
     

Phorate 
     

Phosmet 
     

Prometon 
     

Prometryn 
     

Propachlor 
     

Propazine 
     

Propiconazole 
     

Simazine 
     

Tebuthiuron 
     

Terbufos 
     

Triallate 
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Table SI 1. Continued 

Tribufos      

Trichlorfon 
     

Trifluralin      
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Correlation Analysis of Endocrine Active Compounds: In the water column samples, 

three triazine herbicides were moderately correlated (Spearman’s coefficient (ρ) =0.41±0.10, 

mean ± standard deviation, p<0.05). Metolachlor did not correlate to other CUPs (ρ, p>0.05). 

Three natural estrogens (E2β, estriol, estrone and a synthetic estrogen (EE2) identified in 

water samples were highly correlated (mean ± standard deviation: 0.73±0.13, p≤0.001). Both 

industrial compounds (bisphenol A and nonylphenol) were positively correlated (0.95, 

p<0.0001). The 22 PAHs in the water were highly correlated (0.75±0.19, p<0.05). All seven 

OCP class EACs in the water, three constituents of chlordane (cis-chlordane, trans-chlordane 

and trans-nonachlor), two DDT metabolites (4,4’-DDD and 4,4’-DDE), hexachlorobenzene, 

and dieldrin were highly correlated (0.64±0.18, p<0.05). All four PCBs detected in the water 

(PCB 52, PCB 101, PCB 153 and PCB 138) and were highly correlated (0.78±0.17, 

p<0.0001). Due to high correlation, the triazines herbicides, industrial compounds, estrogen 

hormones, PAHs, PCBs and OCPs were combined into six compound groups for analysis. 

The six groups were total triazine, total industrial compounds, total estrogens, total PAHs, 

total PCBs and total OCPs. Metolachlor was analyzed as a single compound.  

All PAHs were strongly correlated in the sediment (0.74±0.17, p<0.05). Six OCPs, 

hexachlorobenzene, three chlordane constituents (trans-nonachlor, trans-chlordane and cis-

chlordane), DDT and DDT metabolites (4,4’-DDD and 4,4’-DDE) were detected in the 

sediment. Correlation between hexachlorobenzene and other OCPs was not significant (ρ, 

p>0.05), nor was there a correlation between chlordane constituents and DDTs (ρ, p >0.05). 

Spearman correlation (0.38±0.08, p<0.05) revealed a moderately weak relationship between 

DDT and DTT metabolites. The chlordane constituents were highly correlated with each 



 

 

 

282 

other (0.93±0.06, p<0.0001). The fifteen PCBs detected also exhibited a strong correlation 

with each other (0.64 ±0.19, p <0.05). Two CUPs (bifenthrin and chlorpyrifos) were highly 

correlated (0.52, p=0.0021). Due to high correlation between individual compounds, five 

compound groups were used for further analysis (total PAHs, total DDTs, total chlordanes, 

total CUPs and total PCBs). Hexachlorobenzene was analyzed as a single compound. 
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Table SI 2. Detection frequency of endocrine active compounds (EACs) classes in water and sediment 

Site Parameters Water Detection (n) Sediment Detection (n) 
S

ea
so

n
 

S
it

e 

S
o
u
rc

e 
T

y
p
e 

C
U

P
s 

(4
8
) 

H
o
rm

o
n
es

 (
7
) 

In
d
u
st

ri
al

 (
2
) 

O
C

P
s 

(2
8
) 

P
A

H
s 

(2
9
) 

P
C

B
s 

(2
1
) 

C
U

P
s 

(4
8
) 

H
o
rm

o
n
es

 (
7
) 

In
d
u
st

ri
al

 (
2
) 

O
C

P
s 

(2
8
) 

P
A

H
s 

(2
9
) 

P
C

B
s 

(2
1
) 

S
p
ri

n
g
 2

0
1
2

 

1 REF 0 0 0 0 0 0 0 0 0 0 20 2 

2 REF 0 0 0 0 0 0 0 0 0 0 25 0 

3 REF 1 1 0 0 0 0 0 0 0 3 15 0 

4 PS 1 4 2 0 0 0 0 0 0 4 29 1 

5 PS 1 0 2 0 0 0 0 0 0 3 25 1 

6 PS 1 3 2 0 0 0 0 0 0 1 27 5 

7 PS 2 1 2 0 0 0 0 0 0 1 27 0 

8 PS 2 3 2 0 0 0 0 0 0 5 27 7 

9 PS 0 2 2 0 0 0 0 0 0 4 27 5 

10 PS 4 4 2 0 0 0 0 0 0 1 28 5 

11 PS 0 1 0 0 0 0 0 0 0 4 24 2 
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Table SI 2. Continued 

 12 NPS 2 0 0 0 0 0 1 0 0 4 24 1 
S

p
ri

n
g
 2

0
1
2
 

13 NPS 3 0 0 0 0 0 0 0 0 4 27 2 

14 NPS 2 0 0 0 0 0 0 0 0 4 18 0 

15 NPS 1 0 0 0 0 0 0 0 0 1 26 0 

16 NPS 1 1 0 0 0 0 0 0 0 1 16 0 

17 NPS 0 0 0 0 0 0 0 0 0 0 19 0 

18 NPS 1 2 0 0 0 0 0 0 0 0 25 0 

19 NPS 2 0 0 0 0 0 0 0 0 0 28 2 

20 NPS 0 0 0 0 1 0 0 0 0 0 25 0 

S
u
m

m
er

 2
0
1
2

 6 PS 0 4 2 4 17 2 0 0 0 3 28 8 

10 PS 2 4 2 5 15 4 0 0 0 1 23 1 

12 NPS 0 0 0 7 12 0 2 0 0 5 27 0 

20 NPS 0 0 0 4 14 0 0 0 0 0 28 0 

F
al

l 
2
0
1
2

 

6 PS 2 4 2 3 15 0 0 0 0 1 28 4 

10 PS 2 3 2 3 17 0 0 0 0 1 28 4 
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Table SI 2. Continued 

 
12 NPS 1 0 0 5 17 0 1 0 0 5 28 1 

20 NPS 0 0 0 3 13 0 0 0 0 0 24 0 

W
in

te
r 

2
0
1
3

 

6 PS 0 4 2 4 17 2 0 0 0 3 28 8 

10 PS 2 4 2 5 15 4 0 0 0 1 23 1 

12 NPS 0 0 0 7 12 0 2 0 0 5 27 0 

20 NPS 0 0 0 4 14 0 0 0 0 0 28 0 

Site Detection 

Frequency1 14 11 8 4 4 2 1 0 0 14 20 11 

REF: reference. PS:point sources. NPS:non-point source. CUPs: current use pesticides. OCPs: organochlorine pesticides. PAHs: 

polyaromatic hydrocarbons. PCB: polychlorinated biphenyls. 1Detection frequency among 20 sites 
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Table SI 3. Species-specific standard weight equation parameters 

Genera Species Slope (a) Intercept (b)  Minimum TL (mm) 

Lepomis BG(1) -3.371 3.316 80 

DS(1) NA NA NA 

GS(1) -3.216 3.101 60 

RB(2) -4.755 2.997 NA 

RE(1) -3.263 3.119 70 

SS(1) NA NA NA 

WM(1) -3.284 3.241 80 

Micropterus  LMB(1) -3.587 3.273 150 

SMB(1) -3.491 3.2 150 

TL: total length, NA= not available 
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Table SI 4. Loading Coefficients and variance of Principal Component Analysis for Lepomis 

and Micropterus 

 

Lepomis PCA Micropterus PCA 

PC1 PC2 PC1 PC2 

Intersex 
Occurrence (%) -0.09 0.79 0.71 -0.08 

Severity Rank (0-4) -0.10 0.78 0.72 -0.16 

W
at

er
 E

A
C

s 
(n

g
/L

) 

E2β Eq -0.10 0.10 -0.18 0.30 

Metolachlor -0.20 0.32 -0.02 0.46 

Triazines -0.06 0.63 0.30 0.73 

Industrial -0.01 0.81 0.40 0.74 

Estrogens -0.07 0.86 0.37 0.65 

OCPs 0.72 -0.28 0.31 -0.09 

PAHs 0.93 -0.14 0.65 0.01 

PCBs 0.67 0.24 0.36 -0.46 

S
ed

im
en

t 
E

A
C

s 
(n

g
/g

) 

CUPs -0.02 -0.34 0.12 -0.47 

Chlordanes 0.86 0.13 0.81 -0.14 

DDTs 0.76 -0.10 0.74 -0.08 

Hexachlorobenzene 0.19 0.36 NA NA 

PAHs 0.85 0.30 0.84 0.09 

PCBs 0.71 0.18 0.69 -0.28 

Variance 28.2 23.0 29.8 16.0 

PCA: principal component analysis. PC: principal component. E2β Eq: 17β-estradiol 

Equivalent concentration. Triazines: total triazine pesticides. Estrogens: total synthetic and 

natural estrogens. OCPs: organochlorine pesticides. PAHs: polycyclic aromatic 

hydrocarbons. CUPs: bifenthrin and chloryprifos. Chlordanes: total chlordane. DDTs: total 

DDTs and DDT metabolites. PCB: polychlorinated biphenyls  
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Tox21 ER agonist and AR antagonist analysis: To investigate exclusive ER agonist and 

AR antagonist from the list of 134 compounds, the Tox21 database was screened. Three 

chlordane constituents, six PAHs and all but one PCB (PCB 153) were not screened in the 

program (Table SI 5). Analysis of the Tox21 program revealed that all estrogens and 

industrial EACs were active Tox21 ER agonists. Two OCPs and two PAHs were also active 

Tox21 ER agonist. All CUPs and PCB 153 were inactive in Tox21 ER agonist assays. 

Cluster analysis with Lepomis spp. and Tox21 ER agonist accounted for 65.5% of variability 

in data. Intersex occurrence and severity clustered with EACs predominant in the water 

column (Figure SI 1A). Cluster analysis with Micropterus spp. and Tox21 ER agonist 

accounted for 72.4% of the variability in the date. Loadings and variance can be found in 

Table SI 6. Analysis of only Tox21 ER agonist revealed that occurrence and severity of 

intersex both clustered with hydrophobic EACs (Figure SI 1B).  

Analysis of Tox21 database revealed that three estrogens, three OCPs and bisphenolA were 

Tox21 AR antagonist (Table SI 5). All CUPs, PAHs and PCB 153 were inactive as Tox21 

AR antagonist. Cluster analysis with Lepomis spp. and Tox21 AR antagonist accounted for 

72.0% of variability in data and intersex occurrence and severity clustered close to 

hydrophilic EACs (Figure SI 2A). Cluster analysis with Micropterus spp. and Tox21 AR 

antagonist accounted for 70.0% of the variability in the date. Occurrence and severity of 

intersex in Micropterus spp. clustered with hydrophobic EACs (Figure SI 2B).  
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Table SI 5. Tox21 status for estrogen receptor (ER) agonist and androgen receptor (AR) antagonist of detected chemicals 

Compound Information ER Agonist Assay AR Antagonist Assay 

Class Compound CAS# CID BG11 HEK2932 MDA3 GeneBLAzer4 

C
U

P
s 

Atrazine 1912-24-9 2256 Inactive NT Inactive Inactive 

Atrazine-desethyl 6190-65-4 22563 Inactive NT Inactive Inconclusive 

Bifenthrin 82657-04-3 5281872 Inactive Inactive Inactive Inconclusive 

Chlorpyrifos 2921-88-2 2730 Inactive Inactive Inactive Inconclusive 

Metolachlor 51218-45-2 4169 Inactive Inactive Inactive Inconclusive 

Simazine 122-24-9 5216 Inactive Inactive Inactive Inactive 

E
st

ro
g
en

s 

17β-Estradiol (E2β) 50-28-2 5757 Active Active Inactive Inconclusive 

Estrone (E1) 50-27-1 5870 Active Active Inactive Active 

Estriol (E3) 57-63-6 5756 Active Active Inactive Active 

Ethynyl estradiol (EE2) 53-16-7 5991 Active Active Active Active 

In
d

u
st

ri
al

 

BisphenolA 80-05-7 6623 Active Active Active Inconclusive 

Nonylphenol 25154-52-3 1752 Active Inactive Inactive Inconclusive 

 



290 

 

 

 

 

Table SI 5. Continued 
O

C
P

 

4,4'-DDD 72-54-8 6294 Inconclusive Inactive Inconclusive Active 

4,4'-DDE 72-55-9 3035 Inconclusive Inactive Inactive Inactive 

4,4'-DDT 50-29-3 3036 Active Active Inactive Inactive 

cis-Chlordane 5103-71-9 NA NA NA NA NA 

Trans-Chlordane 5103-74-2 NA NA NA NA NA 

Trans-Nonachlor 39765-80-5 NA NA NA NA NA 

Chlordane 
 

5993 Inconclusive Active Inactive Active 

Dieldrin 60-57-1 969491 Inconclusive Inconclusive Inconclusive Active 

Hexachlorobenzene 118-74-1 8370 Inactive Inactive Inactive Inactive 

P
A

H
 

1-Methylfluorene 90-12-0 15604 NT NT NT NT 

1-Methylnaphthalene 832-69-9 7002 Inactive Inactive Inactive Inactive 

1-Methylphenanthrene 91-57-6 13257 NT NT NT NT 

2-Methylnaphthalene 2245-38-7 7055 Inactive Inactive Inactive Inactive 

2,3,5-Trimethylnaphthalene 581-42-0 16732 NT NT NT NT 

2,6-Dimethylnaphthalene 83-32-9 11387 Inactive Inactive Inactive Inactive 
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Table SI 5. Continued 
P

A
H

 

Acenaphthene 208-96-8 6734 Inactive Inactive Inactive Inactive 

Acenaphthylene 120-12-7 9161 Inactive Inactive Inactive Inactive 

Anthracene 56-55-3 8418 Inconclusive Inactive Inactive Inactive 

Benz[a]anthracene 50-32-8 5954 Active Active Inactive Inconclusive 

Benzo[a]pyrene 205-99-2 2336 Inconclusive Inconclusive Inconclusive Inconclusive 

Benzo[b]fluoranthene 192-97-2 9153 Inactive Inconclusive Inactive Inconclusive 

Benzo[e]pyrene 191-24-2 9128 Inactive Inactive Inactive Inconclusive 

Benzo[g,h,i]perylene 207-08-9 9117 Inactive Inactive Inactive Inactive 

Benzo[k]fluoranthene 92-52-4 9158 Inactive Inconclusive Inconclusive Inconclusive 

Biphenyl 218-01-9 7095 Inactive Inactive Inactive Inactive 

Chrysene 191-07-1 9171 Inactive Inactive Inactive Inactive 

Coronene 53-70-3 9115 NT NT NT NT 

Dibenz[a,h,]anthracene 132-64-9 5889 Inactive Active Inactive Inconclusive 

Dibenzofuran 132-6-0 568 Inactive Inactive Inactive Inactive 

Dibenzothiophene 206-44-0 3023 Inactive Inactive Inactive Inactive 
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Table SI 5. Continued 
P

A
H

 

Fluoranthene 86-73-7 9154 Active Active Inactive Inconclusive 

Fluorene 193-39-5 6853 Inactive Inactive Inactive Inactive 

Indeno[1,2,3-cd]pyrene 91-20-3 9131 NT NT NT NT 

Naphthalene 198-55-0 931 Inactive Inactive Inactive Inactive 

Perylene 80-01-8 8142 Inactive Inactive Inactive Inactive 

Phenanthrene 129-00-0 995 Inactive Inactive Inactive Inactive 

Pyrene 483-65-8 31423 Inactive Inactive Inactive Inconclusive 

Retene 37680-66-3 10222 NT NT NT NT 

P
C

B
 

PCB 018 37680-66-3 37803 NT NT NT NT 

PCB 028 7012-37-5 23448 NT NT NT NT 

PCB 044 41464-39-5 38875 NT NT NT NT 

PCB 052 35693-99-3 37248 NT NT NT NT 

PCB 066 32598-10-0 36185 NT NT NT NT 

PCB 077 32598-13-3 36187 NT NT NT NT 

PCB 101 37680-73-2 37807 NT NT NT NT 
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Table SI 5. Continued 
P

C
B

s 

PCB 105 32598-14-4 36188 NT NT NT NT 

PCB 118 31508-00-6 35823 NT NT NT NT 

PCB 138 35065-28-2 37035 NT NT NT NT 

PCB 153 35065-27-1 37034 Inactive Inactive Inactive Inactive 

PCB 170 35065-30-6 37037 NT NT NT NT 

PCB 180 35065-39-3 37036 NT NT NT NT 

PCB 187 52663-68-0 40475 NT NT NT NT 

PCB 206 40186-72-9 38411 NT NT NT NT 

PCB 209 2051-24-3 16318 NT NT NT NT 

CUPs: current use pesticides. OCPs: organochlorine pesticides. PAHs: polyaromatic hydrocarbons. PCB: polychlorinated 

biphenyls. NA: not applicable in Tox21 system. NT: Not tested in Tox21 assays.1(3). 2(4). 3(5). 4(6). 
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Figure SI 1. Principal component analysis of sediment (dotted black lines) and water (dashed black lines) Tox21 estrogen receptor 

agonist with severity and incidence of intersex (solid grey lines) within Lepomis spp. (n=281, A) and Micropterus spp. (n=122, B). 

Labels are percent intersex per site (grey to black, see legend). 4,4’-DDT was not detected at any of the sites Micropterus spp. 

were collected.  

A B 
Intersex (%) 
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Figure SI 2. Principal component analysis of sediment (dotted black lines) and water (dashed black lines) Tox21 androgen receptor 

antagonist with severity and incidence of intersex (solid grey lines) within Lepomis spp. (n=281, A) and Micropterus spp. (n=122, 

B). Labels are percent intersex per site (grey to black, see legend). 
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Table SI 6. Loading Coefficients and variance of Principal Component Analysis for Lepomis 

and Micropterus with Estrogen Receptor Agonist 

 

Lepomis PCA Micropterus PCA 

PC1 PC2 PC1 PC2 

Intersex 
Occurrence (%) 0.59 -0.35 0.62 0.37 

Severity Rank (0-4) 0.56 -0.28 0.60 0.33 

W
at

er
 E

A
C

s 
(n

g
/L

) 

BisphenolA 0.84 -0.39 0.82 -0.49 

Nonylphenol 0.73 -0.32 0.91 -0.35 

EE2 0.53 -0.42 0.43 -0.76 

E2β 0.88 -0.30 0.86 -0.43 

E1 0.91 -0.19 0.85 -0.35 

E3 0.81 -0.42 0.76 -0.58 

Chlordane 0.03 0.39 0.38 0.54 

Fluoranthene 0.63 0.49 0.26 0.63 

S
ed

im
en

t 
E

A
C

s 
(n

g
/g

) Chlordane 0.40 0.81 0.58 0.51 

4,4'-DDT -0.11 -0.14 NA NA 

Fluoranthene 0.61 0.76 0.83 0.41 

Benz[a]anthracene 0.47 0.81 0.68 0.48 

Dibenz[a,h,]anthracene 0.51 0.84 0.71 0.55 

Variance 39.1 26.4 47.6 24.8 

PCA: principal component analysis. PC: principal component. EE2: ethynyl estradiol. E2β: 

17β-estradiol. E1: estrone. E3: estriol. Chlordanes: total chlordane.  
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Table SI 7. Loading Coefficients and variance of Principal Component Analysis for Lepomis 

and Micropterus with Androgen Receptor Antagonist 

 

Lepomis PCA Micropterus PCA 

PC1 PC2 PC1 PC2 

Intersex 
Occurrence (%) 0.76 0.12 0.73 0.39 

Severity Rank (0-4) 0.70 0.11 0.74 0.36 

W
at

er
 E

A
C

s 
(n

g
/L

) 

BisphenolA 0.90 0.10 0.80 -0.53 

EE2 0.69 -0.05 0.56 -0.61 

E1 0.87 0.27 0.85 -0.37 

E3 0.88 0.06 0.77 -0.58 

Chlordane -0.12 0.91 0.24 0.52 

4,4'-DDD -0.15 0.78 0.56 0.55 

S
ed

im
en

t 

E
A

C
s 

(n
g
/g

) Chlordane -0.08 0.92 0.51 0.53 

4,4'-DDD -0.24 0.91 0.33 0.80 

Variance 39.8 32.2 40.8 29.2 

PCA: principal component analysis. PC: principal component. EE2: ethynyl estradiol. E1: 

estrone. E3: estriol. Chlordanes: total chlordane.  

  



298 

 

 

 

 

REFERENCES 

1. Zale AV, Parrish DL, Sutton TM, editors. Fisheries Techniques. 3rd ed. American 

Fisheries Society, Bathesda, Maryland; 2013.  

2. Childress WM, Branch TPAWDIF. Standard Weight Curves Defined from Texas 

Length and Weight Data. 1989.  

3. National Center for Biotechnology Information. qHTS assay to identify small 

molecule agonists of the estrogen receptor alpha (ER-alpha) signaling pathway using the 

BG1 cell line [Internet]. Available from: https://pubchem.ncbi.nlm.nih.gov/bioassay/743079 

4. National Center for Biotechnology Information. qHTS assay to identify small 

molecule agonists of the estrogen receptor alpha (ER-alpha) signaling pathway: Summary 

[Internet]. Available from: https://pubchem.ncbi.nlm.nih.gov/bioassay/743077 

5. National Center for Biotechnology Information. qHTS assay to identify small 

molecule antagonists of the androgen receptor (AR) signaling pathway using the MDA cell 

line-PubChem [Internet].Available from: https://pubchem.ncbi.nlm.nih.gov/bioassay/743042 

6. National Center for Biotechnology Information. qHTS assay to identify small 

molecule antagonists of the androgen receptor (AR) signaling pathway [Internet]. Available 

from: https://pubchem.ncbi.nlm.nih.gov/bioassay/743035 

 

  



299 

 

 

 

 

APPENDIX E 

Supporting Information for Chapter 4  
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Figure SI 1. AHAB breeding tanks: 1.5 L tank with net trap for breeding groups on left. 3 L 

tank with baffle trap on right. 

  



301 

 

 

 

 

 

Figure SI 2. Breeding study of Sex-revered males from windows one, two and three. 

Cumulative fecundity (A) and cumulative fertility (B) of sex-reversal male with genetic 

males breeding pairs from window 1 (closed circle), window 2 (closed square), and window 

3 (closed triangle). 1Window 3 sex-reversal male were also paired with genetic females (open 

triangles). 
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Table SI 1. Mean maximum cumulative (CumMAX) eggs and slope of fertility and fecundity 

from breeding pairs of sex-reversed males from window 1-3  

Window N 
Fecundity Fertility 

CumMAX
 1 Slope CumMAX

1 Slope 

1 2 170.24 (4.65)*** 8.93 (0.25)*** 136.86 (6.28)*** 6.71 (0.28)*** 

1 3 97.89 (1.68) 6.34 (0.17) 86.61 (2.07)** 5.15 (0.17)*** 

3 2 -3.62 (0.00)*** 0.00 (0.00)*** -2.99 (0.00)*** 0.00 (0.00)*** 

32 2 79.60 (4.82)** 5.19 (0.55)* 65.12 (4.95)*** 3.85 (0.53)*** 

1Maximum cumulative eggs normalized to EtOH treatment from matching windows (Table 

4). 2Window 3 breeding pairs of sex-reversed males paired with genetic female. Standard 

deviation can be found in parentheses. * denoted significant difference from EtOH treatment 

from corresponding windows. *p<0.01, **p<0.001, ***p<0.0001 
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