
 

 

ABSTRACT 

HAIN, ERNST FREDERICK. Impacts of Land Use and Landscape on Population and 

Genetic Structure of Amphidromous Hawaiian Gobies. (Under the direction of James F. 

Gilliam and Stacy A.C. Nelson). 

The influence of habitat fragmentation on population dynamics within watersheds is 

not well understood, particularly for species known to disperse great distances. Effective 

conservation management, however, relies in part on an understanding of the role 

connectivity plays in maintaining viable populations over time and space. To evaluate the 

effects of landscapes and spatial structure on population persistence, demographic and 

genetic surveys were conducted on native amphidromous Gobioid fishes of the Hawaiian 

Archipelago. First, the accuracy and biases of a novel population estimation technique, 

snorkel surveys, was compared with individual and batch mark-recapture techniques. Density 

estimates from visual surveys and mark-recapture were strongly correlated (P< 0.0001), 

although visual survey estimates were generally higher than mark-recapture estimates and 

undersampled large fish. Estimates from batch mark-recapture were not significantly 

different from those from visual surveys at the same sites, though they did exhibit wider 

variance. These results indicate that visual surveys provide an efficient means to generate 

useful estimates of the abundance of Awaous stamineus, and potentially other stream fish as 

well. Next, we compared population densities at adult habitats with land use/land cover data 

from multiple spatial assessment units (SAU), as well as stream community and local habitat 

data. General linear models and Akaike Information Criterion (AIC) were used to select best-

fit models for each species (R2 values ranged from 0.25 to 0.40). The two Sicydine species 



 

 

(Lentipes concolor and Sicyopterus stimpsoni), which migrate the furthest upstream, were 

strongly associated with downstream land uses. However, the densities of L. concolor and S. 

stimpsoni were most strongly negatively associated with the presence of non-native Poeciliid 

fishes in the watershed (P < 0.0001, selection frequency = 98% and 100% respectively). 

These findings indicate that conservation of migratory species would benefit from the 

prioritization of non-native species removals and habitat restoration along migratory 

pathways. Finally, microsatellite analyses indicated little spatial structure over the range 

studied, and was consistent with high gene flow within and between watersheds. 

Demographic estimates from mark-recapture suggested differences in apparent recruitment 

between watersheds that may be related to the presence of invasive Poeciliid fish, or other 

watershed-specific environmental conditions. Further studies are needed to specifically test 

the role of in-stream barriers and altered flow on recruitment dynamics and gene flow in 

amphidromous species. Results from this study imply that restoration efforts at the watershed 

scale could promote recovery of native populations. 
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CHAPTER 1 

Introduction 

 

Islands are often used as natural laboratories to ask broad ecological questions. Streams 

on oceanic islands present a unique model for exploring impacts of land use and invasive 

species. These streams tend to be short, steep watersheds with numerous replicates across an 

island or archipelago. Land use often varies greatly from one watershed to the next. Invasive 

freshwater fish species, upon introduction, may invade longitudinally within a single 

watershed, but in most cases are unable to move between watersheds unless done so with 

anthropogenic assistance.  This too presents a fortunate opportunity for ecological research as 

watersheds with geomorphological similarities may possess different land uses and 

communities or densities of invasive species. An additional evolutionary feature of oceanic 

island streams is that many of the native species are amphidromous, with an obligatory larval 

migration. This larval dispersal was a critical evolutionary trait for colonization of oceanic 

island streams, but also potentially increases the vulnerability of native species to watershed 

disturbance and invasive stream fishes when they occur along migratory pathways. The 

Hawaiian archipelago represents an ecosystem with native amphidromous species, a variable 

gradient of land uses, and invasive stream fishes. For these reasons, Hawaii provides a novel 

opportunity to further our understanding of the role that landscape and invasion ecology may 

play in exacerbating extinction risk. 

The objectives of these studies is to explore the impacts of exotic species on native 

amphidromous gobies within the framework of watershed land use and conditions. These 

objectives were approached first (1) by investigating the consistency and biases of snorkel 
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survey density estimates by comparing them with mark-recapture estimates; (2) by 

identifying the relative influence of invasive species and watershed disturbance along 

migratory pathways, for predicting native and exotic fish densities across the Hawaiian 

archipelago; (3) and finally, by investigating within watershed demographic and genetic 

signatures of native fish in watersheds with and without invasive fishes present.  

The results of these studies contribute to the body of knowledge relating to landscape 

ecology, landscape genetics, and invasion ecology, and how these elements are affecting the 

survival or persistence of native gobies and their habitats.  

 

Study 1. A Comparison of Density Estimates from Visual Surveys and Mark-Recapture 

 

Visual surveys offer biologists a quick method for estimating population densities of 

resident stream fish, but few comparisons with standard “in hand” methods exist. This study 

compares the precision of visual surveys for population estimation relative to individual and 

batch mark-recapture. Visual surveys and individual mark-recapture sampling were 

conducted from May 2010 to March 2011 at three sites in each of three watersheds on the 

Big Island. The three watersheds were chosen to represent a gradient of land use and 

stewardship, as well as presence or absence of introduced poeciliid fishes. The mark-

recapture study individually marked over 1500 individuals across seven sampling events, 

providing data to estimate the population density of Awaous stamineus at each site. Area-

count visual surveys were conducted prior to each capture event, which allowed a direct 

comparison of estimated fish density between methods for each site and event. Density 

estimates of adult A. stamineus from visual surveys and mark-recapture were strongly 
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correlated (P< 0.0001), although visual survey estimates were generally higher than mark-

recapture estimates and undersampled large fish. Additionally, batch mark-recapture 

estimates of A. stamineus density were conducted at 13 sites across the Hawaiian archipelago 

from March to July 2011. Estimates from batch mark-recapture were not significantly 

different from those from visual surveys at the same sites, though they did exhibit wider 

variance. The results of this study indicate that visual surveys provide an efficient means to 

generate useful estimates of the abundance of A. stamineus, and potentially other stream fish 

as well.  

 

Study 2. Landscape Analysis: Watershed disturbance increases the cost of diadromy 

 

Population persistence of species with migratory life histories is threatened by habitat 

alteration along the migratory pathway.  Prior studies suggest that physical barriers, as well 

as landscape-level processes and community composition, prevent migratory fish species 

from reaching important feeding or breeding grounds. This study tests the hypothesis that 

species respond more to habitat degradation along migratory pathways than at primary home-

habitats. Additionally, the study tests the hypothesis that the presence of exotic species along 

migratory pathways and the distance of migration would further negative responses. To test 

these hypotheses, population surveys were conducted on adult populations of the five native 

amphidromous Gobioid fishes of the Hawaiian Archipelago. For each species, population 

densities at adult habitats were compared with land use/land cover data from multiple spatial 

assessment units (SAU), as well as stream community and local habitat data. General linear 

models and Akaike Information Criterion (AIC) were used to select best-fit models for each 
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species (R2 values ranged from 0.25 to 0.40). The two Sicydine species (Lentipes concolor 

and Sicyopterus stimpsoni), which migrate the furthest upstream, were strongly associated 

with downstream land uses. However, the densities of L. concolor and S. stimpsoni were 

most strongly negatively associated with the presence of non-native Poeciliid fishes in the 

watershed (P < 0.0001, selection frequency = 98% and 100% respectively). These findings 

indicate that conservation of migratory species would benefit from the prioritization of non-

native species removals and habitat restoration along migratory pathways. 

 

 Study 3. Within Watershed Genetics and Densities—Can We Discriminate Between 

Upper and Lower Watershed Signatures? 

 

The influence of habitat fragmentation on population dynamics within watersheds is not 

well understood, particularly for species known to disperse great distances. Effective 

conservation management, however, relies in part on an understanding of the role 

connectivity plays in maintaining viable populations over time and space. This study 

examined within and between watershed genetic variation and demographic structure of 

Awaous stamineus in three watersheds along the Hamakua Coast on the island of Hawaii 

(Hawaii, USA) to evaluate the effects of spatial structure on population persistence. 

Macrosatellite analyses indicated no spatial structure over the range studied, and was 

consistent with high gene flow within and between watersheds. Demographic estimates from 

mark-recapture suggested differences in apparent recruitment between watersheds that may 

be related to the presence of invasive Poeciliid fish, or other watershed-specific 

environmental conditions. Further studies are needed to specifically test the role of in-stream 
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barriers and altered flow on recruitment dynamics and gene flow in amphidromous species. 

Results from this study imply that restoration efforts at the watershed scale could promote 

recovery of native populations.  
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CHAPTER 2. A Comparison of Density Estimates from Visual Surveys and Mark-

Recapture 

 

 

Introduction 

 

Estimating population density and structure is a fundamental problem in the management 

and conservation of stream fish. Logistical constraints typically force a compromise between 

effort (speed and extent) of sampling versus the quality (precision and bias) of the estimates. 

Visual surveys offer an alternative to traditional “in-hand” methods of sampling and 

estimation, and may represent a rapid means to gain reliable estimates in many smaller 

streams. Here we assess the relative accuracy and bias of population estimates from visual 

surveys to individual and batch “in-hand” mark-recapture methods. 

Traditional means of estimating population density vary in their tradeoffs between 

sampling effort and data quality, but they share the requirement that fish to be counted and/or 

marked must be caught “in hand.” Comparisons between “in hand” methods indicate that 

individual mark-recapture (IMR) provides more accurate and less biased estimates of 

population density and structure than other common non-lethal methods (e.g., depletion, 

batch mark-recapture) (Carrier et al. 2009, Thurow 2006; Rodgers et al. 1992). Though it 

requires the greatest investment of time per fish (ca. five minutes per fish) and at least two 

return visits for recapture, IMR can generate reliable estimates of population size at lower 

capture rates than other methods (Peterson et al. 2004; Carrier et al. 2009).  

Depletion electrofishing has become the most common sampling and estimation method 

for freshwater fish (Dolloff et al. 1996; Snyder 2003) because it can generate reliable 
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population estimates in a single visit with little time investment per fish captured. However, 

logistical and regulatory constraints limit the utility of electrofishing in certain habitats. In 

particular, electrofishing capture efficiency may suffer in habitats with plunge pools and 

boulder substrates or when sampling benthic fish that lack swim bladders (Polacik et al. 

2008). Additionally, electrofishers require specialized training and are too expensive for broad 

application by the public. Finally, electrofishing imposes some stress upon the sampled 

organisms (Thurow 1994), which has resulted in some jurisdictions, including the state of 

Hawaii, banning its use. 

Visual surveys represent an alternative to these methods that can rapidly assess 

population density and structure in a range of taxa and environments. Additionally, visual 

surveys are non-invasive, cost little, require limited training, and can be implemented in 

habitats where other methods are not effective (Dolloff et al. 1996; Albanese et al. 2011). 

Population estimates from this method can be highly correlated with estimates from depletion 

electrofishing and batch mark-recapture (Mullner et al. 1998; Wildman and Neumann 2003; 

Jordan et al. 2008; Korman et al. 2010). However, visual surveys may have systematic biases 

that make them inappropriate for estimating absolute densities without calibration via “in 

hand” methods. Studies that evaluate the efficacy and limitation of visual surveys in 

comparison to established methods, such as depletion electrofishing and mark-recapture, are 

sorely needed, and offer great potential for application to conservation and management.  

  As of this writing, no previous study has compared visual surveys with individual 

mark-recapture. This study compares the accuracy, precision, and bias of visual surveys 

relative to individual and batch mark-recapture, which are both more time- and labor-
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intensive methods, in a Hawaiian stream goby, Awaous stamineus. A comparison of visual 

survey estimates and mark-recapture estimates across land use, water use, longitudinal 

position, and habitat types were used to test for covariates that may have affected the relative 

accuracy and biases associated with our estimates of population size and demography. 

Results of this study provide, for the first time, a direct comparison of visual surveys and 

mark-recapture, thus testing whether visual surveys offer an alternative census method that is 

both quick and effective. 

 

Methods 

 

A. stamineus is one of five freshwater fish species native to Hawaii, all of them in the 

suborder Gobioidei and all endemic to the archipelago (Lindstrom et al. 2012). Like the other 

four species, A. stamineous has an amphidromous life history and exhibits a benthic habit as 

an adult. Hawaiian streams and rivers are also home to many exotic fishes, Poeciliids 

(livebearers) being the most common. High densities of Poeciliids are often found in similar 

habitats as native gobies.  

This study employed visual surveys using the point-quadrat approach, which is the 

standard method of assessing abundance and distribution estimates of freshwater fish in 

Hawaii (Higashi and Nishimoto 2007). The point-quadrat method involves snorkelers 

counting resident fish in randomly selected quadrats within the stream. Higashi and 

Nishimoto (2007) recommend using quadrats no larger than one square meter because greater 

quadrat areas would likely undercount smaller size classes (Baker and Foster 1992). Census 
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counts were made at 20 to 30 points within the reach, and density estimates are calculated as 

the number of fish recorded in quadrats divided by the area sampled. 

Individual mark-recapture was conducted on adult (TL > 40 mm) A. stamineus at nine 

sites in three watersheds on the Big Island (Figure 2.1). Sites were chosen to represent a 

gradient in land use and fish communities. The three watersheds exhibited little (Hiilawe), 

moderate (Hanawi), and heavy (Maili) development (Figure 2.1). While all three watersheds 

supported high densities of native fishes, only Maili contained Poeciliids at all three sites. No 

Poeciliids were observed at any site in Hanawi, and Poeciliids were only observed at the 

lowest site at Hiilawe. At each site individual A. stamineus were caught with hand nets, 

temporarily anesthetized with tricaine (MS-222), given individual elastomer marks, and 

returned to their original position in the stream. Captures were conducted at each site six or 

seven times between from June 2010 to March 2011. Weight, length, and overall condition 

were recorded for each fish caught.  Over 1500 individuals were marked (Table 2.1). Point-

quadrat visual surveys were conducted at each site immediately prior to capture events. 

Population sizes for each site for individual capture events and across all samples were 

calculated in Program MARK using the POPAN parameterization (White and Burnham 

1999). Model parameters were selected to allow survival and capture probability to vary 

between the dry sampling period (June-Oct) and the wet sampling period (Nov-March). 

Population sizes were also estimated via batch mark recapture of adult (TL > 40 mm) A. 

stamineus at 13 sites across the Hawaiian archipelago (excluding Kauai) from March to July 

2011 (Table 2.1).  Researchers collected individual fish immediately following a visual 

survey at each site. Captured fish were temporarily anesthetized with tricaine (ms-222) and 
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given a batch elastomer mark before being returned to their original position in the stream. 

Recaptures were conducted the following day, and we used the Lincoln-Peterson estimator 

with Chapman corrections to calculate densities at each site (Chapman 1951). 

Geometric mean (GM) regression analysis was used to compare density estimates 

between methods. When the predictor variable is known to contain error, error-in-variables 

regression techniques such as GM regression (also called reduced major axis) produce more 

meaningful descriptions of the relationship between variables than least-squares linear 

regression (McArdle 2003). All regression intercepts were fixed to zero so that the regression 

slope could be compared to the 1:1 line. All population density estimates were transformed 

as log (x+1) prior to analysis to make their variances more homoscedastic. Kolmogorov–

Smirnov tests were used to compare estimates of size structure between visual surveys and 

individual mark-recapture methods (Sokal and Rohlf 1995).  

Potential covariates that might affect the densities and size structures estimated from 

visual surveys and mark-recapture were also tested. For densities, we used the y-axis 

residuals from the GM regressions as the response variable in a general linear model that 

included watershed land use, Poeciliid presence, stream position, site, and capture event. The 

Waller-Duncan Multiple Comparison Procedure was used to group significantly different 

covariates. Additional Kolmogorov-Smirnov tests were used to test whether size estimates 

were significantly different with respect to potential covariates. All statistics for this study 

were calculated using SAS 9.3 software (SAS Institute 2012). 
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Results 

 

Density estimates from IMR and visual surveys were significantly correlated whether the 

analysis averaged the data for each site across samples (N= 9, R2 = 0.773) or regressed each 

sample on its own (N= 60, R2 = 0.405) (Table 2.2). The regression equations for GM 

regressions of site-averaged and per-sample data were similar, with slopes of 1.284 +/- 0.227 

and1.317 +/- 0.151, respectively (Table 2.2). The density estimate from visual surveys 

exceeded that from IMR for most samples and sites (Figures 2.2 and 2.3), causing the slope 

estimates to be significantly different for both the site-averaged data (H0: slope = 1.0, α = 

0.05, p = 0.021) and the per-sample data (p < 0.0001) (Table 2.2). Population density 

estimates from visual surveys were also significantly correlated to those from batch mark-

recapture (N= 13, R2 = 0.415) (Table 2.2). Visual survey estimates were higher than Lincoln-

Peterson estimates in 8 of 13 sites (Figure 2.4), yielding a GM regression slope of 0.873 +/- 

0.3329 that was not different from 1.0 (p = 0.4185) (Table 2.2).  

The general linear model of the residuals from the GM regression of visual surveys and 

IMR indicated significant differences among capture events (p = 0.0437) (Table 2.3). 

Residuals for samples indicated that densities from visual surveys were greater than those 

from IMR in Hanawi (mean of 0.01216), however density estimates from IMR were greater 

than estimates from visual surveys in both Hiilawe and Maili (means of -0.00306 and -

0.2909, respectively). However, the differences in ratios among watersheds were not 

significant (α = 0.05) (Table 2.3). Residuals for capture events from October and November 

were significantly (α = 0.05) more positive (visual > IMR; 0.03425 and 0.03127, 



 

12 

respectively) than the residuals from June (-0.05892) (Table 2.3). Waller groupings 

confirmed this difference (Table 2.3). 

Across all sites, the reported size distribution of fish recorded in the visual surveys 

differed from those collected for mark-recapture (p-value = 0.004), with visual samples 

underreporting larger (>150mm) individuals relative to mark-recapture (Table 2.4). As a 

result, the distribution of sizes in the mark-recapture dataset is more skewed (skew = 1.7052), 

with a longer right tail, than the visual survey dataset (skew = 1.4707) (Figure 2.5). The 

difference in skew between the two sampling methods was consistent across the covariates 

tested, including watershed, Poeciliid presence, and capture event.  

 

Discussion 

 

Density estimates from visual surveys were significantly correlated with estimates from 

IMR, an effort-intensive “in hand” method that produces high-quality data (Table 2.2). 

Because visual surveys overestimated density and undersampled large size classes (p = 

0.0044) relative to IMR (Figures 2.2 and 2.5), some calibration would be necessary to 

compare absolute densities or size distributions across these methods. The degree of 

difference between visual surveys and IMR was also significantly correlated with capture 

event (Table 2.3), which suggests that correction factors would be most effective if they were 

time-specific. Despite these complications, visual surveys represent a more efficient means to 

estimate population density and size structure than other rapid methods, such as batch mark-

recapture, for this benthic stream fish, and likely other stream fish as well.  
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This study represents the first direct comparison of visual surveys and IMR. Comparisons 

of visual surveys to another “in hand” method (depletion electrofishing) supports this study’s 

result that visual surveys correlate well with an “in hand” method in a variety of systems 

(Mullner et al. 1998; Wildman and Neumann 2003). In contrast to this study’s result with 

IMR, each of these other studies reported that visual surveys underestimated fish density 

relative to “in hand” methods. The distinct result was likely influenced by these studies’ 

computing visual estimates from simple counts, in contrast to the subsampling approach of 

the point-quadrat method used here. Where the point-quadrat method may over- or 

underestimate true densities, the total count method in other studies can only undercount fish 

unless it counts the same individual twice.  

Results of this study also show evidence that the size of fish, habitat type, and capture 

event can mediate the correlation between estimates from visual surveys and mark-recapture. 

Visual surveys yielded higher density estimates than IMR overall (Figure 2.2) and for most 

size classes (TL = 40-150 mm) but lower estimates for large fish (> 150 mm) (Figure 2.5). 

Together, these results suggest that large fish were rare but had greater capture probability in 

mark-recapture. In contrast, others have found that visual survey estimates were most 

efficient with larger fish (Wildman and Neumann 2003; Thurow et al. 2006). Though no 

evidence of significant observer bias was found in this dataset, others have reported a 

positive correlation between observer experience and the numbers of individuals and species 

detected (Williams et al. 2006). 

The differences in the residual densities by watershed and capture event indicate that any 

correction factors applied to make estimates from visual surveys more consistent with IMR 
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should be time-specific, and perhaps site-specific (Table 2.3). Visual survey results can also 

be influenced by habitat characteristics, including stream size, mean current velocity, cobble 

substrate type, and water turbidity, and by the percentage of habitat sampled (Peterson and 

Rabeni 2001). Visual surveys also typically exhibit greater heterogeneity in detection 

probability across sites than “in hand” methods (Williams et al. 2006). Calibration using an 

independent method of estimating population size (e.g., “dual gear” approach), could correct 

for these deficiencies (Hankin and Reeves 1988). Use of well-supported calibration methods 

such as IMR on a subset of sites could produce population estimates that were superior to 

those derived from other methods (Sutherland 2006; Carrier et al. 2009) with lesser time 

investment.  

This study addressed differences in density and size structure between point-quadrat 

visual surveys and mark recapture using hand-nets. Future work should expand efforts to 

compare the accuracy and biases of other common methods, including transect-based visual 

samples (Young and Young 1998; Kido 2002) and depletion sampling as well as mark-

recapture. Additionally, efforts to quantify the minimum number of quadrats necessary to 

produce accurate estimates of density, as well as presence/absence, should be pursued. Doing 

so would provide guidance for biologists aiming to select the sampling and estimation 

methods that are most appropriate for their specific research questions.  

 Our results indicate that visual surveys and mark-recapture produced highly 

correlated estimates of population density and size structure, although visual surveys tended 

to overestimate overall density and undersample larger (> 150 mm) fish. Estimates from 

batch mark-recapture were not significantly different from visual survey estimates (Table 
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2.2), though they did exhibit greater variation across sites (Figure 2.4). The greater time 

investment associated with batch mark-recapture makes it less attractive than visual surveys 

for this system. In this study, visual surveys offered a reliable index of relative abundance 

with much less effort than either batch or individual mark-recapture. Individual mark-

recapture remains the most reliable and informative means to assess population structure, 

especially if demographic data are of interest, but it requires a significant investment of time 

and expertise. Dual-gear calibration could be used to generate estimates of absolute 

abundance, if desired, while minimizing the need for effort-intensive IMR sampling. The 

capacity to generate reliable data quickly makes visual surveys a low-cost, easy-to-

implement option for a variety of studies, particularly those covering large geographic areas 

or employing citizen scientist and volunteer monitoring groups. 
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Table 2.1. Numbers of individuals encountered in visual surveys (No =.number of observed fish), batch mark-

recapture (Nm =.number of fish marked; Nc =.number of captured fish; Nr =.number of recaptured fish), and 

individual mark-recapture (Ntm =.number of total marked fish; Ntr =.number of total recaptured fish) per site. 

See Figure 1 for location of individual mark-recapture sites. 

Site Island Visual Survey Batch Mark-Recapture Individual Mark-Recapture 

    Events No Events Nm Nc Nr Events Ntm Ntr 

Hiilawe-Low Hawaii 7 30     7 115 95 

Hiilawe-Mid Hawaii 6 71     6 240 260 

Hiilawe-High Hawaii 6 22 1 18 16 12 7 141 156 

Hanawi-Low Hawaii 7 22     7 71 70 

Hanawi-Mid Hawaii 6 12 1 37 26 21 6 109 104 

Hanawi-High Hawaii 7 57     7 206 122 

Maili-Low Hawaii 7 71 1 65 32 15 7 294 163 

Maili-Mid Hawaii 7 62     7 227 73 

Maili-High Hawaii 7 47     7 171 106 

Waipio-High Hawaii 1 8 1 35 35 5    

Hakalau-Low Hawaii 1 3 1 20 13 2    

Alelele-Low Maui 1 44 1 76 56 21    

Waihee-Low Maui 1 8 1 33 27 8    

Honokohau-Low Maui 1 3 1 31 29 9    

Halawa-Mid Molokai 1 28 1 121 121 77    

Honouli Wai-High Molokai 1 13 1 30 24 9    

Keaahala-Mid Oahu 1 75 1 69 84 12    

Kahana-Mid Oahu 1 7 1 37 35 11    

Waimea-High Oahu 3 8 1 9 7 1    

           

           

 

 

 

 

  



 

17 

Table 2.2. Regression results for density estimates from visual survey versus mark-recapture. Regressions were 

performed on log (x+1) transformed densities. The slope is calculated without an intercept. Standard error 

(~SE) is approximated as the standard error of the ordinary least squares regressions model. Significant p-values 

(α < 0.05) indicate that the slope is different from 1. 

Method R2 Slope ~SE 

CI 95% 

Lower 

CI 95% 

Upper 

p-value      

(H0 = 1) 

L-P 0.4149 0.8729 0.1513 0.5399 1.2058 0.4185 

IMR 0.4048 1.317 0.0752 1.1665 1.4676 <0.0001 

IMR Site Average 0.7726 1.2842 0.0961 1.057 1.5114 0.0212 
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Table 2.3. General linear models (GLM) of y-axis residuals from the GM regressions (R2 = 0.3892) of visual 

survey and individual mark-recapture data.  

Source DF Sum of Squares MSE F-Value  p-value 

Poeciliid Presence 1 0.0054 0.0054 1.41 0.2415 

Watershed 2 0.018 0.0088 2.29 0.1134 

Position 2 0.0090 0.0045 1.18 0.3178 

Capture 6 0.055 0.0092 2.39 0.0437 

Site 3 0.0231 0.0077 2.01 0.1261 

Overall Model 14 0.11 0.0079 2.05 0.0352 

Error 45 0.1726 0.0038   

Corrected total 59 0.2826       
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Table 2.4. Statistical comparison of the observed size distributions from visual surveys and individual mark-

reapture. A significant p-value (α < 0.05) in the Kolmogorov-Smirnov test (KS) indicates a difference in the 

distribution of size structures between the two sampling methods. 

Method N Mean StdDev Min Max Skew Kurtosis KS Ksa D 

p-

value 

MR 2236 73 27 41 274 1.7052 5.4792 
0.0341 1.7507 0.0957 0.0044 

Visual 394 70 23 42 180 1.4707 2.3602 
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Figure 2.1. The position of IMR study sites along the Hamakua coast on the island of Hawaii 

(USA). Additional batch mark-recapture sites listed in table 1. 
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Figure 2.2. Geometric mean regression of IMR and visual surveys (individual sampling 

events) with 1:1 line for reference.  
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Figure 2.3. Geometric mean regression of IMR and visual surveys averaged per site with 1:1 

line for reference.  
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Figure 2.4. Geometric mean regression of batch mark-recapture and visual surveys with 1:1 

line for reference. 
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Figure 2.5. Histogram of total length of observed fish from visual surveys and IMR shown as 

percent of total observed population from individual size bins. See Table 4 for summary and 

comparison. 
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CHAPTER 3. Landscape Analysis: Watershed Disturbance Increases the Cost of 

Diadromy 

 

Introduction 

 

Access to geographically disparate resources and habitats through migration often comes 

at significant cost (Bonte et al. 2012; Travis et al. 2012). Dispersal can not only result in 

elevated predation, but migrants can also fail to reach suitable habitat (Clobert et al. 2012). 

When costs of migration increase due to environmental change, populations may decline 

toward extinction or evolve to abandon migration altogether (e.g. steelhead/rainbow trout, 

gobies, sculpin, stickleback). Understanding how patterns of environmental change impact 

population processes is critical for implementing conservation management of migratory 

populations. 

 Landscape connectivity regulates persistence of migratory populations in both terrestrial 

and aquatic systems (Taylor et al. 1993; Gilarranz and Bascompte 2012; Hogan et al. 2012; 

Hudgens et al. 2012). In terrestrial systems, species richness and abundance are influenced by 

the relative isolation of habitat fragments, and can be positively affected by corridors and 

connectivity (van Dorp and Opdam 1987; Debinski and Holt 2000; Milko et al. 2012). In 

aquatic systems, barriers can impede upstream and downstream migration to important 

feeding or breeding grounds (Holmquist et al. 1998; Wofford et al. 2005; Cote et al. 2009; 

Pepino et al. 2012; Ramirez et al. 2012). Although impoundment structures (e.g., hydro-

electric dams) are well recognized barriers to migration, the condition of primary habitat (i.e., 

upstream conditions) is widely considered to be the dominant influence on the persistence of 
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migratory species (Roth et al. 1996; Wang et al. 2001; Goforth and Bain 2012; Grantham et 

al. 2012). However, the density and persistence of a migratory species may be more sensitive 

to the quality of corridors than to the condition of primary home-habitat. Importantly, 

corridor quality or effectiveness can be defined by more than just physical barriers (Henein 

and Merriam 1990; Hodgson et al. 2011; Vergara 2011). Like dams and waterfalls, 

landscape-level processes, stream communities, and habitat parameters can all influence the 

survival of migrants by reducing passage (Karr and Freemark 1985; Schlosser 1991). In 

addition to physical barriers, occupancy and persistence of populations in stream habitat 

fragments therefore also may be filtered by the matrix encountered by migrants.  

For migratory species, habitat quality can be defined by conditions along migratory 

pathways as well as watershed influences flowing downstream to a primary home-habitat. 

Downstream land use is not generally factored into models of land use impact, although local 

and multiple-scale upper watershed land use variables have been widely used to predict fish 

densities or other community descriptors (Roth et al. 1996; Wang et al. 2001; Wang et al. 

2003; Allan 2004; Johnson et al. 2012; Hain et al. 2012; Kautza and Sullivan 2012). It is not 

unusual for populations of non-migratory species with little obligatory dispersal to flourish in 

headwater streams even when conditions downstream are poor (Waits et al. 2008). However, 

when monitoring migratory species, it may be necessary to understand the influence of both 

upstream and downstream conditions across different stages of a migratory life cycle 

(Schlosser 1991). Upstream-only models assume limited dispersal or movement of 

individuals and may not be informative for species that undergo obligatory migrations during 

their life cycle (Schlosser 1991).  
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Few studies have considered the relative influences of upstream and downstream land use 

on amphidromous fish species.  Amphidromy, a form of diadromy in which larvae emigrate 

from streams to the ocean and then recruit back to freshwater as post-larvae, is a common life 

history among stream inhabitants of tropical and subtropical islands and coastal watersheds 

(McDowall 1997; McDowall 2007). The characteristics of this life cycle present unusual 

challenges for monitoring and assessment on oceanic islands (Brasher 2003; Walter et al. 

2012). Adults and juveniles of obligate amphidromous species feed and reproduce in 

freshwater ecosystems (McDowall 1997; McDowall 2007). Larvae migrate to the ocean, and 

after weeks to months, recruit to a stream (Radtke and Kinzie 1996). After undergoing a 

rapid metamorphosis, post-larvae swim upstream to reach suitable habitat, which can require 

climbing in-stream barriers such as waterfalls (McDowall 2010). It is likely that alteration of 

in-stream and watershed conditions from urbanization (Brasher 2003) has increased the cost-

benefit ratio of amphidromy by reducing successful migratory passage, thereby disrupting 

ocean-stream connectivity. Efforts to model impacts of land use, in-stream habitat, or exotic 

species therefore may fall short if conditions at the adult habitats, and throughout the 

migratory range, are not taken into consideration (Brasher et al. 2006). Prior studies have 

shown that position of forested land use within a watershed can influence the reach 

occupancy of amphidromous species, such as the koaro (Galaxias brevipinnis) in New 

Zealand (Eikaas et al. 2005). Downstream land use is also predicted to reduce adult habitat 

availability in koaro and banded kokopu (G. fasciatus) in New Zealand by 55% and 70% 

respectively (Eikaas and McIntosh 2006). Jenkins et al. (2010) also identified conservation 

priority areas for amphidromous eleotrid and gobiid taxa in Fiji based upon loss of 
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downstream migratory pathways. Within the Hawaiian archipelago, fish community 

composition correlates strongly with a binary index of riparian and upper watershed 

development (Brasher et al. 2006), where developed sites have significantly higher species 

richness, which reflects the presence of introduced species, a higher percentage of introduced 

species, and a higher abundance of introduced individuals than undeveloped sites (Brasher et 

al. 2006). While these studies suggest that amphidromous species are sensitive to lower 

watershed conditions, it remains unclear whether the state of migratory pathways or upstream 

land use has a greater influence on adult populations. 

In addition to watershed land use, the introduction of non-native fishes may 

significantly influence the persistence of amphidromous species. Recognizing this, Jenkins et 

al. (2010) also accounted for introductions of non-native species when identifying 

conservation priority areas for amphidromous taxa in Fiji. The obligatory migration of 

amphidromous gobies results in high mortality of drifting larvae (Bell 1994). Mortality rates 

may be even greater in the presence of some non-native fishes, like Poeciliids, that feed at the 

surface during peak drifting periods (Hain et al. personal observation). Post-larvae may also 

be vulnerable to predation by Poeciliids and other non-native predators. When predators are 

present downstream of adult goby habitat, they may represent a mortality hazard for goby 

larvae and post-larvae, thereby reducing the contribution of upstream populations to the gene 

pool, as well as preventing new recruits from reaching adult habitats. Non-native predators 

may also affect gobies after settlement in adult habitat via competition or indirect effects 

(Walsh 2013).  
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Here we assess the impact of human-induced changes in land use and introduced 

species on native amphidromous fish across the Hawaiian archipelago. Little is known about 

the influence of environmental change on amphidromous species, and Hawaii presents a 

unique opportunity to understand population responses to a gradient of watershed 

disturbance. We surveyed populations of Hawaiian amphidromous fishes and compared 

densities to land use and non-native Poeciliid densities at multiple spatial scales to test three 

hypotheses: 1) adult goby population densities reflect downstream watershed land uses more 

so than local or upstream land uses; 2) adult goby population densities are lower in the 

presence of non-native Poeciliids, independent of land use; and 3) the strongest relationships 

occur with goby species that migrate the furthest inland. Results of this study will not only 

provide insight into the ecology of amphidromous taxa and invasive species interactions, but 

will better enable watershed managers to conserve at-risk populations in areas that have 

experienced extensive land use conversion and species introductions.  

 

Materials and Methods 

 

Study area 

The Hawaiian Islands are an archipelago formed by ongoing volcanic activity. 

Watersheds on the islands are characteristically short and steep (Kinzie 1988; Brasher 2003; 

Covich et al. 2003; Oki and Brasher 2003; Smith et al. 2003). Rain events often result in 

flash floods, and many streams or stream segments are dry between events (Gingerich and 

Wolff 2005). Urbanization occurs mostly along the coastlines, and headwaters are often 

dominated by forested mountain valleys. Fresh water is a limited resource in Hawaii, and 
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over 58% of streams have been diverted to serve the needs of a growing population (Brasher 

2003). Surface water quantity in Hawaii has been declining since the middle of the twentieth 

century, and it is expected to decline further as climate change reduces atmospheric sources 

of water (Oki 2004), and loss of native forests reduce water storage capacity (Takahashi et al. 

2011). 

Biota 

The Hawaiian Islands are often described as the most isolated archipelago in the world, 

positioned 3,860 km from the nearest continent (Brasher et al. 2006). As a result, the native 

freshwater fauna of the Hawaiian archipelago represents a distinctive community with low 

native diversity, high endemism, and strong representation by amphidromous taxa 

(McDowall 2003). The archipelago is home to five native freshwater fish species, all in the 

suborder Gobioidei. Four species are gobies (Gobiidae) from two subfamilies (Gobionellinae 

and Sicydiinae) and four different genera. One species is a sleeper (Eleotridae). All five 

species are found throughout the archipelago and nowhere else; all are now considered 

endemic to Hawaii (Lindstrom et al. 2012). Within watersheds, the upstream extent of each 

species is determined by the climbing ability of returning post-larvae, with Lentipes concolor 

and Sicyopterus stimpsoni reaching high elevation habitats above waterfalls, Awaous 

stamineus (formerly A. guamensis) reaching intermediate habitats, and Eleotris sandwicensis 

and Stenogobius hawaiiensis inhabiting only low lying habitats below the first major barrier 

(Kinzie 1988; Keith 2003). Adult S. stimpsoni feed primarily upon diatomaceous algae and 

adult E. sandwicensis are predators, while the other three species are largely omnivorous.  
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 The diversity of aquatic invasive species (AIS) is often much higher than native 

species diversity in Pacific island streams. The dominance of AIS is particularly severe in 

streams across the Hawaiian archipelago. Non-native freshwater fishes, for example, occur in 

nearly every watershed in Hawaii as a consequence of mosquito control, recreational fishing, 

household release, control of invasive plants, and aquaculture. The number of non-native 

fishes can be an order of magnitude higher than that of native fishes in streams on Oahu, 

(Eldredge 2000; Yamamoto and Tagawa 2000).  Species in the family Poeciliidae 

(livebearers), including Poecilia reticulata (Guppies), Gambusia affinis (Western 

mosquitofish), Xiphophorus hellerii (Green swordtail), and Poecilia spp. (“Mollies”) are 

some of the most common introduced fishes found in Hawaiian streams and rivers 

(Yamamoto and Tagawa 2000; Brasher et al. 2006).  

 Through predation and competition, AIS can result in local extinction and prevent 

(re)colonization of streams by native species (Sax and Gaines 2008). The introduction of 

non-native freshwater fishes- with over 60 species from 18 families now established on 

Pacific islands- has proven to be particularly problematic (Nico and Walsh 2011). For 

example, the introduction of Mozambique tilapia (Oreochromis mossambicus) precipitated 

the collapse of traditional milkfish (Chanos chanos) aquaculture on Nauru and Kiribati 

(Nelson and Eldredge 1991; Spennemann 2002). In the Hawaiian archipelago, extirpations of 

native Megalagrion damselflies, several of which are now listed or candidates for federal 

protection under the Endangered Species Act, have been attributed to predation by 

introduced guppies and other Poeciliids (Polhemus 1993; Polhemus and Asquith 1996; 

Yamamoto and Tagawa 2000; Englund 2001). Though cause and effect has been difficult to 
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establish, non-native armored catfish (Loricaridae) likely have depressed co-occurring native 

fish populations by increasing stream siltation, preying on fish eggs, and possibly by limiting 

the availability of nutrients essential for growth and reproduction (Vanni et al. 2002; Rowe 

2007; Capps and Flecker 2013). The introduction of Poeciliids has also led to the spread of 

non-native parasites to four of the five native amphidromous fishes in Hawaii (Font 2003).  

Sampling design 

Between May and November 2009 and March through June 2011, we conducted snorkel 

surveys of aquatic biota according to the Hawaii Division of Aquatic Resources’ point 

quadrat method (Higashi and Nishimoto 2007). Samples included 119 individual sites across 

40 watersheds on the islands of Kauai (23), Oahu (31), Molokai (17), Maui (25), and the Big 

Island (23).  On each island, watersheds were chosen to span a range of urban, agricultural, 

and forested land uses.  Within each watershed, where possible, three or more sample reaches 

were selected from the accessible portion of the stream’s course to represent available 

habitat. Data were collected in concert with an archipelago-wide survey of the genetic 

structure of A. stamineus, and thus the study design largely excluded sites which lacked A. 

stamineus. Snorkel surveys consisted of two team members swimming upstream to each of 

30 randomly selected 1m x 1m quadrats within the stream. At each quadrat, all fish, 

crustaceans, and snails observed were recorded, as well as depth, habitat type, and substrate. 

Species densities (individual/m2) were calculated as the number of individual observations in 

the survey divided by the total surface area of the quadrats surveyed. Here we focus solely on 

fish species densities. 
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Land use data for each watershed was derived from the 2001 National Land Cover 

Dataset (NLCD) (Homer et al. 2007). Data were extracted for each spatial assessment unit 

(SAU) using ArcGIS workstation version 9.3 (Table 3.1) (ESRI 2008). Local catchments, 

watershed mouth catchment, and distance to mouth were identified or calculated from the 

National Hydrography Dataset Plus (NHD+) (McKay et al. 2012), also using ArcGIS 

(ArcGIS Desktop: Release 9.3, ESRI, Redlands CA, USA). Upper watersheds were 

delineated for each sample site using Arc Hydro tools version 1.4. 

Data analysis 

Hypotheses were tested by evaluating the relationship between species densities and 17 

potential covariates (Table 3.1). We evaluated the relationship between species densities and 

the development index from Brasher et al. (2006) using t-tests. Differences in species 

densities among islands were tested using Analysis of Variance (ANOVA) models. The 

relationship between native species densities and the position of Poeciliids within the 

watershed were also evaluated using ANOVA models. For all ANOVAs, Waller-Duncan K-

ratio t-Tests (α = 0.05) indicated significant differences between groups. For each of the 6 

distinct SAUs (Table 3.1), we quantified 15 land use classifications and 10 substrate 

variables (Table 2). Principal component analysis (PCA) was used to reduce the land use and 

substrate variables to the two strongest PCA components for each SAU. Distance and area 

variables, as well as Poeciliid density were also included as explanatory variables (Table 

3.1).  

General linear models (GLM) with stepwise selection were used to examine the 

relationship between the explanatory variables and each fish taxon (i.e., our dependent 
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variables). The Akaike Information Criterion (AIC) was used to choose the multiple linear 

regression models that best fit the data for each taxon (Akaike 1974; Burnham and Anderson 

1998). The frequency of selection across all models was calculated for each explanatory 

variable, and used to assess that variable’s influence on species densities. All statistics for 

this study were calculated using SAS (SAS ver. 9.3, SAS Institute, Cary, NC, USA). 

 

Results 

 

ANOVAs and t-tests 

Of 119 sample sites in our surveys, 98 (82.4%) were considered developed and 

21(17.6%) were considered undeveloped using the Brasher index of riparian and upper 

watershed development. While developed sites were located on all islands, no undeveloped 

sites were located on the island of Oahu. The Folded F test for equal variance was significant 

(<0.05) for all species, indicating unequal variance. We therefore report the Scatterthwaite t-

test statistics. We found L. concolor, and S. stimpsoni densities to be significantly (P = 

0.0209 and P < 0.0001 respectively) higher in undeveloped watersheds than in developed 

watersheds (Table 3.3). Poeciliid densities were significantly (P < 0.0001) lower in 

undeveloped watersheds than developed watersheds (Table 3.3).  

We observed 4 of the 5 native species on all five study islands (Kauai, Oahu, Molakai, 

Maui, and Hawaii). L. concolor was not observed in any survey conducted on Oahu in this 

study. The species was observed on Oahu in a separate but related study (Hain et al. 

unpublished data). Waller-Duncan K-ratio t-Tests (α = 0.05) indicated significant differences 

in observed densities of A. stamineus between the islands of Kauai and Oahu (ANOVA; P = 
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0.0718, means = 0.4435 and 0.1035) (Table 3.4). S. stimpsoni were observed in significantly 

greater densities on the island of Molokai (ANOVA; P < 0.0001, mean = 2.67), and greater 

densities of S. hawaiiensis were observed on the island of Kauai (ANOVA; P = 0.0031, mean 

= 0.76) (Table 3.4). Observed densities of L. concolor were significantly greater on Kauai, 

Molokai and Maui (ANOVA; P = 0.0483, means = 0.2430, 0.3912, and 0.0860) than on 

Oahu and the Big Island (means = 0.0000 and 0.0326) (Table 3.4). Significant differences in 

observed densities were not detected among islands for E. sandwicensis or Poeciliids 

(ANOVA; P = 0.1288, P = 0.6216) (Table 3.4). Results of ANOVA models indicate that the 

two species that migrate the furthest upstream (L. concolor and S. stimpsoni) have 

significantly lower densities (ANOVA; P < 0.0001) not only when Poeciliids are present at 

the site, but also when Poeciliids are absent at the site, but present downstream (Table 3.5).  

Analysis of land use components 

The first two principal components for land uses across SAU’s consistently correlated 

with urbanization and canopy cover, respectively (Table 3.6). For the whole watershed, 

upstream watershed, downstream riparian, and catchment scales, the first PC factor (PC1) 

negatively correlated with natural land uses (forests, canopy, and wetlands), and positively 

correlated with anthropogenic land uses (development, agriculture, and impervious surface) 

(Table 3.6). The second PC factor (PC2) negatively correlated with low canopy land uses 

(grasslands and shrubs), and positively correlated with high canopy land uses (canopy and 

forests) and development (Table 3.6). However, the first PC factor for the finest scale 

examined (Quad) appears to be related to slope or gradient, with a negative correlation with 

flat, low-lying habitats (runs) and a positive correlation with faster, higher elevation habitats 
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(transitions, pools) (Figure 3.1). PC2 for the Quad scale negatively correlates with smaller 

substrate particles (organic, sand, silt) and positively correlates with larger substrate particles 

(cobble, boulder, bedrock) (Figure 3.1).  

Regression results 

The AIC-selected best-fit regression models for native species densities included 

variables from many individual SAUs and differed greatly between species (Table 3.7). No 

single or subset of SAUs appeared in top models for all species, although several variables 

did appear in top models for more than one species. The densities of L. concolor and S. 

stimpsoni were highly associated not only with local conditions, but also with conditions 

downstream and the presence of Poeciliids. Densities of L. concolor were associated with 

downstream riparian development (negative association) and canopy (positive association), 

as well as Poeciliid presence (negative association), which was selected by 98% of models 

(Table 3.7). L. concolor was positively associated with upper watershed canopy, but was 

negatively associated with whole watershed canopy, and this variable was selected by 

71.42% of models (Table 3.7). Also, L. concolor was positively associated with larger 

substrates (Table 3.7). In the top model, S. stimpsoni was associated with only downstream, 

local, and Poeciliid variables (Table 3.7). All associations in the top model, with exception to 

the intercept, were negative (Table 3.7). The presence of Poeciliids in the watershed was 

selected by 99.14% of models for S. stimpsoni (Table 3.7). For both L. concolor and S. 

stimpsoni, downstream riparian development was selected frequently (38.7% and 47.07%, 

respectively) while neither upper watershed nor whole watershed development appeared in 

top-selected AIC models (Table 3.7). This pattern was similar, but less pronounced for A. 
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stamineus (Table 3.7). A. stamineus was most strongly associated with watershed size 

(positive), although watershed canopy and local canopy were also selected by >50% of 

models (Table 3.7). E. sandwicensis was most strongly associated with in-stream conditions 

(positive for pools, negative for substrate size) (Table 3.7). S. hawaiiensis was associated 

with only three variables in the top model (positive for local canopy, negative for substrate 

size, and positive for upper watershed size) (Table 3.7). Substrate size was selected in 99.1% 

of models (Table 3.7). Finally, Poeciliids were strongly positively associated with whole 

watershed development (selected in 97.12% of models), as well as downstream, local, and 

area/distance variables (Table 3.7). 

.  The top AIC-selected models had R2 values ranging from 0.25 (L. concolor and S. 

hawaiiensis) to 0.59 (Poeciliids). S. stimpsoni had the highest r2 of the native species (R2 = 

0.40) (Table 3.7). Poeciliids received the highest R2, and this seems to be strongly driven by 

the association between Poeciliids and watershed development. Similarly, the best model for 

native species, S. stimpsoni, appears to be driven by the strong negative association with 

Poeciliids in the watershed. This variable was also a strong negative association in the top 

model for L. concolor. Poeciliids presence in the watershed was selected in 92.51% of 

models for L. concolor, and 99.14% of models for S. stimpsoni (Table 3.7). Poeciliid density 

at the site, however, did not appear in top models for either species (Table 3.7). 

 

Discussion 

 

Population densities of native amphidromous gobies in Hawaii reflect conditions 

encountered across migratory pathways. Our findings of downstream influences further 
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highlight the need to consider landscape configurations within watersheds for other stream 

taxa known to disperse significant distances through their life cycle, including other 

diadromous and potadromous fishes (Schlosser 1991). Our results indicate that developed 

land uses and invasive Poeciliid species in lower sections of streams represent a gauntlet 

through which individuals must pass to reach upstream spawning and feeding grounds. We 

found that densities of native adult species are negatively associated with developed land use 

and Poeciliids in lower watershed reaches, especially in L. concolor and S. stimpsoni, which 

are the two species that migrate the furthest inland. For these two species, downstream 

development is a stronger predictor of population densities than upstream development 

(Table 3.7). For L. concolor, the frequency of appearance of downstream riparian 

development was 16 times greater than whole watershed development, and 52 times greater 

than upper watershed development. For S. stimpsoni, downstream riparian development was 

24 times greater than whole watershed development, and 7 times greater than upper 

watershed development. However, Poeciliid presence in the watershed appeared in 92.51% 

of L. concolor models, and 99.14% of S. stimpsoni models (Table 3.7). ANOVA models 

indicate that there is no significant difference in Sicydine densities between sites with 

Poeciliids in the watershed versus sites with Poeciliids absent at the site, but present 

downstream, suggesting that encountering Poecillids along the migratory pathway is as 

disruptive to populations as is living alongside them (Table 3.5). This pattern contrasts with 

findings for non-migratory fish, where population density and assemblage composition are 

predominantly influenced by upstream conditions (Roth et al. 1996; Wang et al. 2001; 

Goforth and Bain 2012; Grantham et al. 2012). Our findings are largely consistent with other 
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studies that have shown disruption of migratory pathways can be detrimental for local 

persistence of species that undergo obligatory migrations (Schlosser 1991; Eikaas et al. 2005; 

Eikaas and McIntosh 2006; Jenkins et al. 2010; Hogan et al. 2012). Eikaas and McIntosh 

(2006) found that downstream deforestation and land use impacts reduces accessible habitats 

for amphidromous fishes in New Zealand.  However, the intensity of impact was actually less 

for species that migrate further inland (Eikaas and McIntosh 2006). In contrast to this 

finding, we found that the species in Hawaii that migrate the furthest inland are impacted 

more by downstream conditions. Regardless, improving in-stream and watershed conditions 

within coastal zones by modifying land use practices and removing invasive species will 

likely aid in the conservation and management of at-risk amphidromous fishes on oceanic 

islands. 

The relationships between land use and species densities were not well portrayed at a 

single spatial scale. This suggests that using a multi-scale approach can be more informative 

than single-scale approaches (e.g., whole watershed, upstream watershed models) for 

examining in the influence of land use on fishes. Multi-scale approaches also can be more 

informative than categorical approaches like the Brasher index of development (Brasher et al. 

2006). Some of our findings parallel those of Brasher et al. (2006). For example, both studies 

found that higher densities of native fishes occur in ‘undeveloped’ watersheds, and higher 

densities of non-native Poeciliids occur in ‘developed’ watersheds. However, we also 

showed that the relative influences of different SAUs for each native species. Inclusion of 

downstream influences is a critical component in our understanding of anthropogenic 
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influences on native species. However, for some species targeting specific land use 

configurations will aid in streamlining conservation resource.   

 While our model-testing results varied among species, the best-fit models support our 

hypothesis that downstream alteration more strongly influence adult goby population 

densities than upstream land uses. The frequency of variables appearing in models illustrates 

which variables are driving relationships (Table 3.7). The models for Sicydine gobies (L. 

concolor and S. stimpsoni), for example, include high frequencies of downstream land use 

variables and the presence of Poeciliids in the watershed. Poeciliid presence, downstream 

urbanization, and local substrate dominate the top models for S. stimpsoni, while the top 

models for L. concolor also incorporate several canopy variables and substrate size (Table 

3.7). Our results do not provide insight into the mechanism driving differences in responses 

between the two species. However, key differences in feeding preferences between the two 

species (L. concolor is an omnivore, while S. stimpsoni feeds predominately on diatoms, 

which it scrapes from rock surfaces) may increase the sensitivity of S. stimpsoni to local 

habitat type and alteration (Kido 1996; Kido 1997; Julius et al. 2005). On the other hand, 

models for the non-Sicydine species, which are weaker climbers, include more variables 

related to local conditions and position within the watershed. Models for E. sandwicensis, for 

example, include local and upper watershed development, as well as habitat, substrate size, 

and distance from mouth (negative association) (Table 3.7). Without the ability to climb, E. 

sandwicensis is confined to reaches below the first major elevational transition. Often, E. 

sandwicensis are most abundant at sites near the stream mouth (Kinzie 1988; Keith 2003). 

The other species, likewise responded to variables in relation to their specific biology.  
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Survival of amphidromous species is dependent upon connectivity, as well as local 

habitat. Our surveys show that the highest densities of Sicydines correspond to minimal 

downstream riparian development (Figures 3.2 and 3.3). High densities of Sicydines also 

corresponded to the presence of moderate upstream and downstream canopy, suggesting that 

whole watershed conditions contribute to the persistence Sicydine populations. Similarly, we 

recovered significant negative correlations between L. concolor and S. stimpsoni densities 

and ‘development’ as defined by the Brasher index of watershed condition (Brasher et al. 

2006), which considers both upstream and downstream land uses (Table 3.3).  Developed 

watersheds are typically characterized by channelized streambeds with little vegetation, 

higher water temperatures, amplified peak flows and chemical shifts, all of which provide 

unsuitable habitat for native fishes (Walter et al. 2012). However, it is downstream 

development that disrupts connectivity. Developed watersheds are more likely to have 

reduced or disrupted surface flow (Brasher 2003). In addition to physically limiting 

migration, lack of significant freshwater flows into coastal marine environments may prevent 

recruitment cues for returning post-larvae (Delacroix and Champeau 1992). Also, 

development is very strongly associated with the presence of Poeciliids. 

 The best-fit models also support our hypothesis that adult goby densities are lower if 

Poeciliids are present in the watershed, and that the influence of Poeciliids varies according 

to inland migration. All of the best-fit models for L. concolor and S. stimpsoni incorporate 

Poeciliid presence in the watershed, rather than Poeciliid density at the site, which suggests 

that the influence of Poeciliids on Sycidine gobies is not site-specific. Importantly, our data 

indicates that Poeciliids influence native gobies independent of land use. Both L. concolor 
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and S. stimpsoni densities are significantly lower when Poeciliids are present in the 

watershed (Table 3.5). Even in watersheds where downstream riparian development was low, 

Sicydine densities approached zero when Poeciliids were present (Figure 3.2 and 3.3). The 

presence of Poeciliids also appeared in models for the other three Gobioid species, but our 

surveys indicate that population densities are not significantly depressed when Poeciliids are 

present (Table 3.5). This further suggests that there is a biological mechanism interrupting 

normal migrations of the Sicydine species, whereas the remaining Gobioids exhibit some 

level of tolerance to the introduced Poeciliids.  

Poeciliids may influence migrating gobies in several ways. First, Poeciliids feed on newly 

hatched goby larvae as they drift downstream (Bell 1994) (Hain et al. personal observation), 

thus reducing the supply of post-larval recruits at the local and regional scale. Poeciliids 

readily capture goby larvae in laboratory trials and can be observed feeding at the surface 

during peak drift periods (Hain et al. unpublished data).  However, assuming that post-larvae 

do not necessarily recruit back to natal streams (Fitzsimons et al. 1990; Chubb et al. 1998), 

the amphidromous life cycle diffuses the impact of larval mortality upon the local population.  

Predation by Poeciliids on returning post-larvae in downstream reaches also influences adult 

population densities within a watershed. Many goby post-larvae exceed the maximum size (< 

15 mm) of prey that adult guppies can ingest (Fraser and Lamphere 2013), though larger 

Poeciliids, including swordtails and mollies, are capable of consuming larger prey, including 

relatively large post-larvae (i.e., post-larvae of S. stimpsoni can be as large as 26 mm). 

Within their native range, Poeciliids living in high-predation environments are more 

predatory than those living without fish predators (Zandona et al. 2011). In the Hawaiian 



 

43 

archipelago, Poeciliids living downstream among the piscivorous E. sandwicensis, may also 

be more predatory, thus contributing to a downstream gauntlet effect. Poeciliids may also 

inhibit establishment and survival of post-larvae via competition for resources, intimidation, 

or indirect effects such as the introduction of parasites (Gagne et al. 2013 in review).   

Recent research has indicated that amphidromy is not truly obligatory for A. stamineus, 

and that up to 62% of individuals complete their life cycle entirely within freshwater (Hogan 

et al. in review). Facultative amphidromy has also been documented in other gobioid species, 

indicating that we can no longer assume obligatory migrations for any Hawaiian fishes 

(Michel et al. 2008). In contrast to the preceding argument, invasive Poeciliid fishes could 

potentially provide selective pressure for non-amphidromy in some watersheds. It is 

unknown if there is a genetic basis for facultative amphidromy, or if it is a plastic phenotype 

persistent in the population (Bonte and de la Pena 2009) (Hogan et al. in review). If the 

facultative amphidromy is a heritable trait, then invasive Poeciliid fishes have the potential to 

drive local adaptation. On the other hand, if it is a plastic phenotype, Poeciliid fishes may 

alter phenotypic representation within certain watersheds. Further research in needed in order 

to answer these questions. 

Due to the nature of our study design, our findings likely represent conservative estimates 

of relationships between native goby densities and developed land use. Our surveys excluded 

some of the most developed reaches across the Hawaiian Archipelago because snorkel 

surveys are ineffective and may be unsafe in excessively turbid or polluted waters (Wildman 

and Neumann 2003; Thurow et al. 2006; Orell and Erkinaro 2007). Given that native gobies 

were absent from the most heavily developed sites that were sampled (Figures 3.2 and 3.4), it 
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is reasonable to expect that the species are absent from sites that are even more extensively 

developed. Though there is currently a moratorium on electrofishing in Hawaii, this sampling 

method could be implemented to assess population densities in heavily developed sites to confirm 

our findings.  

Management Implications 

The difficulty of altering land use policy makes Poeciliid removal the more feasible 

management option for improving conditions for native gobies in Hawaiian streams, 

particularly in watersheds with undeveloped lower reaches. Potential responses to Poeciliid 

removal would depend on direct and indirect interactions between Poeciliids and native 

gobies. For instance, if Poeciliids primarily affect goby densities by consuming emigrating 

larvae, removing Poeciliids from a watershed would reduce in-stream larval mortality, 

potentially decrease the ratio of non-amphidromous individuals within the watershed, and 

increase a watershed’s genetic contribution to the regional population. In contrast, if 

Poeciliids affect goby densities via predation on returning post-larvae, competition with 

adults, or indirect effects on adults (e.g., parasite transmission), removals could increase local 

population densities. Accordingly, before removal campaigns are undertaken, further studies 

should be carried out to better understand how Poeciliids, and other prevalent non-native 

species, interact with native gobies.  
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Table 3.1. Spatial assesment units used in regression analysis. For each unit with two variables (1 and 2), the first two principal components were 

used (1 and 2 respectively). For the land use units, PC1 correlates with development and PC2 correlates with canopy. For 'Quad', PC1 correlates 

with gradient, and PC2 correlates with substrate particle size. 

Category Variable Description 

Whole watershed WS_1, WS_2 PC1 (development) and PC2 (canopy) for entire watershed containing sample site 

Upper watershed UPWS_1, UPWS_2 PC1 (development) and PC2 (canopy) for upper watershed (above sample site) 

Downstream watershed DownRip30_1, DownRip30_2 PC1 (development) and PC2 (canopy) for downstream 30-meter riparian 

 

Mouths_Catch_1, 

Mouths_Catch_2 PC1 (development) and PC2 (canopy) for NHD+ catchment at watershed mouth 

Local Sites_Catch_1, Sites_Catch_2 PC1 (development) and PC2 (canopy) for NHD+ catchment at sample site 

 Quad_1, Quad_2 PC1 (gradient) and PC2 (substrate particle size) for in-stream habitat PCA 1 

Area/distance WS_Km2 Watershed area in square kilometers 

 UPWS_Km2 Upper watershed area in square kilometers 

 DistMouth_K Distance from sample site to watershed mouth in kilometers 

Poeciliids Poec_d Poeciliid density at sample site 

  Poec_Pws Poeciliids present in the watershed 
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Table 3.2. Land use and in-stream habitat variable labels and description 

Label Description 

perc11 Percent of area as open water 

perc21 Percent of area as developed, open space 

perc22 Percent of area as developed, low intensity 

perc23 Percent of area as developed, medium intensity 

perc24 Percent of area as developed, high intensity 

perc31 Percent of area as barren land 

perc42 Percent of area as evergreen forest 

perc52 Percent of area as shrub/scrub 

perc71 Percent of area as grassland/herbaceous 

perc81 Percent of area as hay/pasture 

perc82 Percent of area as cultivated crops 

perc90 Percent of area as woody wetlands 

perc95 Percent of area as emergent herbaceous wetlands 

Imperv Percent of area covered by impervious surface 

Canopy Pecent of area covered by canopy 

Depth_m Mean depth of sample site 

PercEddy Percent of survey quads identified as eddy habitat 

PercPool Percent of survey quads identified as pool habitat 

PercRiffle Percent of survey quads identified as riffle habitat 

PercRun Percent of survey quads identified as run habitat 

PercTransition Percent of survey quads identified as transition habitat 

PercC_B_B Percent of survey quads identified to have concrete, boulder, or bedrock substrate 

PercO_S_S Percent of survey quads identified to have organic, sand, or silt substrate 

PercPebble Percent of survey quads identified to have pebble, cobble, or gravel substrate 

PercRubble Percent of survey quads identified to have rubble substrate 
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Table 3.3. T-tests of species densities in developed vs. undeveloped sites. Developed sites are those where the sum of upstream 

development and downstream 30-meter riparian development is greater than 5 percent. We sampled 98 developed sites and 21 

undeveloped sites. 

Dependent variable Developed Undeveloped 

Folded F Test for 

equal variances 
t-test 

  Mean  Std Dev Mean  Std Dev F value P-value Method DF t value P-value 

A. stamineus 0.2243 0.4941 0.3419 0.3328 2.2 0.046 
Pooled 117 -1.04 0.3007 

Satterthwaite 41.455 -1.33 0.1892 

E. sandwicensis  
0.038 0.0849 0.079 0.1554 3.35 <0.0001 

Pooled 117 -1.7 0.0918 

Satterthwaite 22.622 -1.17 0.2523 

L. concolor  
0.0296 0.1578 0.5829 1.0092 40.92 <0.0001 

Pooled 117 -5.21 <0.0001 

Satterthwaite 20.21 -2.51 0.0209 

S. hawaiiensis  
0.2297 0.8308 0.08 0.195 18.15 <0.0001 

Pooled 117 0.82 0.4148 

Satterthwaite 116.07 1.59 0.1143 

S. stimpsoni  
0.1718 0.4475 2.8524 2.6524 35.29 <0.0001 

Pooled 117 -9.51 <0.0001 

Satterthwaite 20.243 -4.61 0.0002 

Poeciliids 
2.4387 4.6051 0.0895 0.227 411.42 <0.0001 

Pooled 117 2.33 0.0216 

Satterthwaite 99.151 5.02 <0.0001 
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Table 3.4. ANOVA table of species densities across islands. Within each species, islands with the same Waller grouping letter and not significantly 

different (α = 0.05) 

  All Sites Kuai Oahu Molokai Maui Hawaii     

Dependent variable   Mean  Mean  Mean  Mean  Mean  Mean  RSQ MSE F value P-value 

A. stamineus Mean  0.245 0.4435 0.1035 0.3647 0.2144 0.1822 0.072 0.471 2.21 0.0718 

 Std Dev 0.4707 0.892 0.1282 0.3348 0.2272 0.383     

 Waller  A B A/B A/B A/B     

E. sandwicensis  Mean  0.0452 0.0461 0.0129 0.0606 0.0824 0.0361 0.0602 0.0182 1.83 0.1288 

 Std Dev 0.1013 0.0973 0.0253 0.125 0.1431 0.0877     

 Waller  A A A A A     

L. concolor  Mean  0.1272 0.243 0 0.3912 0.086 0.0326 0.0799 0.5608 2.47 0.0483 

 Std Dev 0.4878 0.7317 0 0.8576 0.2901 0.1112     

 Waller  A/B B A A/B B     

S. hawaiiensis  Mean  0.2033 0.7574 0.0758 0.0665 0.0392 0.1004 0.1292 2.2 4.23 0.0031 

 Std Dev 0.7597 1.585 0.1218 0.1411 0.1595 0.3476     

 Waller  A B B B B     

S. stimpsoni  Mean  0.6449 0.6013 0.0071 2.6782 0.3144 0.4043 0.3052 21.7504 12.52 <0.0001 

 Std Dev 1.5542 1.4297 0.0245 2.8993 0.5041 0.7522     

 Waller  B B A B B     

Poeciliids Mean  2.0241 2.193 2.8874 1.0212 1.4648 2.0409 0.0226 12.172 0.66 0.6216 

 Std Dev 4.272 3.3642 3.0845 4.1009 2.9307 7.0556     

  Waller   A A A A A         



 

49 

Table 3.5. ANOVA table of species densities and position of Poeciliids in the watershed. Within each species, 

categories with the same Waller grouping letter are not significantly different (α =0.05).       

 

Poeciliids present at site and 

present downstream (N = 74) 

Poeciliids absent at site and 

absent downstream (N = 26) 

Poeciliids absent at site and 

present downstream (N = 19)     

Dependent 

variable Mean  

Std 

Dev 

Waller 

Grouping Mean  

Std 

Dev 

Waller 

Grouping Mean  

Std 

Dev 

Waller 

Grouping RSQ MSE F value P-value 

A. stamineus 0.2443 0.5616 A 0.3238 0.3109 A 0.14 0.1349 A 0.0142 0.1856 0.84 0.4363 

E. sandwicensis  0.0431 0.0963 A/B 0.0781 0.1362 A 0.0084 0.0302 B 0.0447 0.0271 2.71 0.0705 

L. concolor  0.0022 0.0135 B 0.4765 0.9297 A 0.1363 0.3438 B 0.1543 2.1658 10.58 <0.0001 

S. hawaiiensis  0.3142 0.9465 A 0.0235 0.0847 A 0.0174 0.0757 A 0.0354 1.2038 2.13 0.1239 

S. stimpsoni  0.1669 0.4598 B 2.3692 2.5835 A 0.1468 0.4601 B 0.3471 49.4639 30.83 <0.0001 
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NLCD Label PC 1 (36.8%) PC 2 (17.29%) PC 1 (31%) PC 2 (16.76%) PC 1 (23.13%) PC 2 (13.06 %) PC 1 (27.45%) PC 2 (18.75%) PC 1 (24.54%)  PC 2 (14.59%)

perc11 0.3384 0.0890 0.0573 0.1179 0.0901 -0.2704 0.0179 0.0895 0.0832 0.5170

perc21 0.3015 0.0663 0.3334 0.1109 0.2626 -0.1409 0.2227 -0.0722 0.2201 0.3641

perc22 0.3922 0.0459 0.4193 0.0696 0.2970 0.0334 0.4142 -0.0348 0.2933 0.0791

perc23 0.3758 0.1464 0.4095 0.1650 0.3894 0.2952 0.4356 -0.1918 0.4314 -0.1775

perc24 0.3637 0.1484 0.3953 0.1535 0.3298 0.3625 0.4136 -0.1747 0.3458 -0.3669

perc31 -0.0291 -0.1373 -0.0243 -0.2100 0.0239 -0.3473 0.0766 0.4363 -0.0191 0.0957

perc42 -0.2988 0.4012 -0.2898 0.4488 -0.4274 0.2872 -0.3085 -0.3952 -0.3738 -0.1364

perc52 -0.0897 -0.4160 -0.0617 -0.3837 0.0018 -0.2130 -0.1308 0.2926 -0.2179 -0.1186

perc71 0.0114 -0.5253 0.0064 -0.4535 0.0339 -0.3215 0.0486 0.4945 -0.0434 0.1082

perc81 -0.0133 -0.1663 0.0845 -0.2163 -0.0784 0.1182 -0.0195 0.0499 -0.0556 -0.0513

perc82 0.1173 0.0041 0.1301 -0.0762 -0.0869 -0.0074 0.0400 0.0642 0.0020 0.0982

perc90 -0.0975 0.0673 -0.0784 -0.0309 -0.1253 0.1997 -0.0294 0.0157 0.0406 0.3984

perc95 -0.0777 0.2699 -0.0681 0.1255 0.0003 0.1135 -0.0059 0.1328 0.1320 0.2996

Imperv 0.3967 0.1424 0.4328 0.1566 0.4708 0.3124 0.4629 -0.1714 0.4436 -0.2977

Canopy -0.2866 0.4336 -0.2743 0.4754 -0.3727 0.4137 -0.2829 -0.4333 -0.3801 -0.1578

Table 3.6. Eigenvectors of first two principal components for each SAU using 2206 NLCD data. Proportion of variance explained by each component is indicated 

in parentheses. Explanations of variables can be found in Table 3.2.

WS UPWS DownRip30 Sites_Catch Mouths_Catch
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Table 3.7. Top AIC selected model for each species, with parameter estimates, root mean square error, and R-square for that model. Also shown is 

the selection percentage across all models of those parameters chosen by top AIC model. Stepwise selection was used to choose top model based on 

AIC score. Parameter frequencies were calculated using a model averaging approach (unrestricted with replacement sampling method, 10,000 

samples). The p-values are considered liberal, as they are not adjusted for the fact that parameters have been selected. 

Species Model Parameter 

Selection 

% 

Direction 

of 

Influence Estimate SE P-value RMSE 

Model 

RSQ AIC 

A. stamineus       0.3993 0.3106 -91.6352 

 Intercept  + 0.1669 0.0433 0.0002    

 WS_2 51.2 + 0.1049 0.0323 0.0015    

 UPWS_1 36.58 + 0.0248 0.0179 0.1683    

 Sites_Catch_2 67.36 + 0.1293 0.0312 <0.0001    

 WS_Km2 73.63 + 0.0033 0.0006 <0.0001    

 Poec_d 37.59 - -0.0255 0.0099 0.0112    

          

E. sandwicensis        0.0837 0.3577 

-

461.61196 

 Intercept  + 0.0794 0.011 <0.0001    

 UPWS_1 77.45 - -0.0224 0.006 0.0003    

 Sites_Catch_1 61.46 + 0.0171 0.0067 0.0125    

 Quad_1 83.38 + 0.0185 0.0057 0.0015    

 Quad_2 93.86 - -0.0269 0.0069 0.0002    

 WS_Km2 39.36 - -0.0003 0.0001 0.0217    

 DistMouth_K 54.21 - -0.0066 0.0027 0.0184    

 Poec_AsPd 60.13 - -0.0393 0.0224 0.082    

          

L. concolor        0.4325 0.2538 -71.6847 

 Intercept  + 0.5089 0.0899 <0.0001    

 WS_2 71.42 - -0.1708 0.0531 0.0017    

 UPWS_2 47.78 + 0.1161 0.0493 0.0203    

 DownRip30_1 38.7 - -0.0331 0.0227 0.1481    

 DownRip30_2 50.64 + 0.0681 0.034 0.0476    

 Quad_2 50.49 + 0.0552 0.0349 0.1168    

 Poec_Pws 92.51 - -0.4884 0.1032 <0.0001    
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Table 3.7 Continued          

S. hawaiiensis        0.6675 0.2475 28.7359 

 Intercept  + 0.1402 0.0756 0.0663    

 Sites_Catch_2 81.78 + 0.0978 0.0398 0.0155    

 Quad_2 99.1 - -0.2181 0.051 <0.0001    

 UPWS_Km2 47.3 + 0.0029 0.002 0.1577    

          

S. stimpsoni        1.2237 0.4011 173.9298 

 Intercept  + 2.2912 0.2459 <0.0001    

 DownRip30_1 47.07 - -0.1516 0.0637 0.0189    

 Mouths_Catch_2 76.92 - -0.1718 0.0786 0.0308    

 Quad_1 50.78 - -0.1448 0.0806 0.075    

 Poec_Pws 99.14 - -2.1066 0.28 <0.0001    

          

Poeciliid       2.7953 0.5936 372.435 

 Intercept  + 1.4924 0.3233 <0.0001    

 WS_1 97.12 + 0.9194 0.1709 <0.0001    

 DownRip30_2 68.94 + 0.4236 0.2071 0.0432    

 Sites_Catch_1 62.58 - -0.7427 0.1917 0.0002    

 Quad_2 66.31 - -0.6724 0.2301 0.0042    

 WS_Km2 73.45 + 0.0458 0.0047 <0.0001    

  UPWS_Km2 73.24 - -0.0594 0.0107 <0.0001       
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Figure 3.1. Pattern profile plot of first two principal components for Quad SAU. Proportion 

of variance explained by each component is indicated on each axis. Explanations of variables 

can be found in Table 3.2. 
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Figure 3.2. Box plot of mean L. concolor densities (individuals/meter2) against downstream 30-meter riparian’s 

first principal component (development), and classified by Poeciliid absence at the site and absent downstream 

(AsAd), absent at the site but present downstream (AsPd), or presence at the site and downstream (PsPd). Error 

bars represent top of 95% confidence interval. 
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Figure 3.3. Scatter plots for S. stimpsoni densities (individuals/meter2) against downstream 30-meter riparian’s 

first principal component (development), and classified by Poeciliid absence at the site and absent downstream 

(AsAd), absent at the site but present downstream (AsPd), or presence at the site and downstream (PsPd). Error 

bars represent top of 95% confidence interval. 
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CHAPTER 4. Within Watershed Genetics and Densities—Can We Discriminate 

Between Upper and Lower Watershed Signatures? 

 

Introduction 

 

Population persistence of stream fishes is at risk due to habitat loss, fragmentation, and 

altered connectivity of river corridors (Fagan 2002; Schlosser 1991). Although not as well 

studied as terrestrial organisms, the effects of fragmentation and environmental conditions on 

demographic and genetic aspects of population structure have been identified as a primary 

concern for the conservation of stream fishes (Alo and Turner 2005; Hanfling and Weetman 

2006; Waits et al. 2008; Blum et al. 2012; Lamphere and Blum 2012). Yet few studies have 

tested hypotheses regarding the consequences of fragmentation and environmental conditions 

on the population dynamics of amphidromous species, with obligate migrations. Recent 

studies have shown, through complementary mark-recapture and genetic methods, that 

dispersal characteristics of individual populations will largely dictate the impacts of habitat 

quality on fine-scale population structure (Leidner and Haddad 2011; Lamphere and Blum 

2012). Mark-recapture is a common and well understood method for estimating dispersal, 

even though it is time-consuming and may underestimate long-distance dispersal (Koenig et 

al. 1996; Stevens et al. 2010).  Genetic approaches offer a complimentary estimate of 

dispersal, derived from gene flow between populations, that may reflect historic movement 

of individuals (Slatkin 1985; Whitlock and McCauley 1999). While impacts of habitat 

fragmentation on population structure of species with restrained dispersal rates have been 

described, the magnitude of impact for populations that must disperse great distances during 
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every individual’s life span if poorly understood (Alo and Turner 2005; Hanfling and 

Weetman 2006; Cook et al. 2009; Lamphere and Blum 2012). There is a pressing need to 

understand the role of anthropogenic alterations on the persistence of amphidromous species 

on oceanic islands under considerable stress from anthropogenic impact (Brasher et al. 2006; 

Jenkins et al. 2010; Walter et al. 2012). 

Because many stream organisms on oceanic islands are amhidromous, conceptual models 

of stream ecosystems must account for the importance of watershed connectivity as well as 

marine habitats as a dispersal corridor linking populations. Responses to environmental 

stressors may be misunderstood if consideration is not given to the processes that sustain 

amphidromous populations, particularly in degraded waterways (Waits et al. 2008). Habitat 

alterations that reduce passage of recruiting juveniles, can not only limit population growth 

and stability, but also restrict gene flow between populations, increase genetic drift within 

subdivided populations, and increase divergence among populations (Pannell and 

Charlesworth 1999; Hébert et al. 2000). In addition to population structure and genetic 

diversity, effective population size should be considered a core metric for assessing the 

impact of environmental stressors on amphidromous fish populations. Effective population 

size is defined as “the number of individuals that would give rise to the same variance in 

gene frequency or rate of inbreeding as an ideal population of that size” (Falconer et al. 

1996). In wild populations, estimates of effective population size (NeB) are often much lower 

than census population sizes (N), but this relationship can be affected by fluctuating 

population size, variable family size, census methods, taxonomic group, and sex ratio 

(Frankham 1995). In addition, the relationship between NeB and N does not necessarily 
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exhibit a simple linear relationship, although a positive correlation may occur at low levels of 

N (Palstra and Fraser 2012).  

Using the combined techniques of mark-recapture and genetic analysis, researchers can 

assess historic connectivity and contemporary barriers to dispersal in effort to address issues 

related to conservation of native species and watershed management (Howeth et al. 2008; 

Leidner and Haddad 2011).  

Although mark-recapture and genetic approaches offer strong inferential tools for 

assessing anthropogenic impacts on native species, very little is known about recruitment 

dynamics and dispersal of amphidromous fishes. There is abundant evidence to suggest that 

native species are negatively affected by stream alterations, water diversions, introduced 

species, and in-stream barriers (Benstead et al. 1999; Brasher 2003; Font 2003), but very 

little is known about the long term impacts this may have on gene flow. In fact, it is unclear 

if amphidromous species are even vulnerable to restrictions in gene flow, given the assumed 

large-scale dispersal of the larval marine stage. Several attempts have been made to 

characterize archipelago-wide patterns of genetic variation within each of the gobies native to 

the Hawaiian Islands (Fitzsimons et al. 1990; Zink et al. 1996; Chubb et al. 1998), but a 

comprehensive analysis involving sufficiently informative genetic markers and exhaustive 

sampling has yet to be completed. Moreover, no study has directly assessed whether 

recruitment draws from local or mixed immigrant pools. Inferences about the absence of 

population subdivision and the mixed composition of immigrant pools largely reflect two 

studies (Zink et al. 1996; Chubb et al. 1998) that found evidence of high mitochondrial DNA 

(mtDNA) haplotype diversity within each species and an absence of monophyletic groups of 
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haplotypes corresponding to different islands. Both of these findings suggest that local 

populations recruit from mixed immigrant pools and that source-sink dynamics are 

archipelago-wide rather than local due to larval exchange among islands. However, the 

results of these studies must be viewed as inconclusive because the data that were analyzed 

only reflect variation at a single locus (e.g. the mtDNA genome), and are derived from a 

small number of specimens and sites. 

For this study, fine-scale population structure and dispersal of the endemic 

amphidromous Hawaiian goby, Awaous stamineus, were assessed from mark-recapture 

demographic estimates and patterns of genetic variation to test the following hypotheses:  H1 

- Populations of A. stamineus located further inland and at higher elevations are demographic 

sinks because the likelihood of persistence decreases with distance from sources of 

immigrating postlarvae; H2 - Populations of A. stamineus located further inland and at higher 

elevations are a genetic subset of coastal and lower elevation populations due to adaptive 

differences in climbing ability and predator avoidance; H3 - Variation among populations of 

A. stamineus located from lower coastal sites to higher elevational inland sites corresponds to 

site-specific conditions; H4 – Population persistence of A. stamineus is less likely in 

watersheds harboring invasive Poeciliid fish. Answering these questions will provide insight 

into the spatial scale of dispersal and source-sink dynamics of A. stamineus, as well as 

identify the spatial scales over which conservation efforts will provide the most benefit to A. 

stamineus populations. 
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Materials and methods 

 

Study species and location, sampling design, and sample collections 

A. stamineus, a culturally important species in Hawaii, was chosen to test hypotheses of 

within watershed variation in demography and genetic diversity. This species was chosen 

because they exhibit high population densities across long elevational gradients even in 

streams suffering from moderate anthropogenic degradation. The Hawaiian archipelago is 

home to only five freshwater fish species, all in the suborder Gobioidei, and all now 

considered endemic (Lindstrom et al. 2012). All five species are considered amphidromous, a 

form of diadromy in which larvae emigrate from streams to the ocean and then recruit back 

to freshwater as post-larvae (McDowall 1997; McDowall 2007). Although recent research 

has indicated that A. stamineus may not be obligated to the salt water migration (Hogan et al. 

2012). The five species have varied climbing ability, which partly determines their upper 

most stream dispersal (Kinzie 1988; Keith 2003). A. stamineus are found in intermediate 

reaches below the first major watershed barrier, such as a waterfall or dam. Hawaiian streams 

and rivers are also home to many exotic fishes, Poeciliids (livebearers) being the most 

common (Yamamoto and Tagawa 2000; Brasher et al. 2006). When Poeciliids are present in 

a watershed, their habitat often overlaps with A. stamineus.   

Beginning during the summer of 2010, mark-recapture was conducted on adult (TL > 40 

mm) A. stamineus at nine sites in three watersheds on the Big Island along the Hamakua 

Coast in the state of Hawaii (USA). This coastline is an ideal environment for testing 

hypotheses because it consists of many similarly sized watersheds across a gradient of land 

use and fish communities. The three watersheds chosen exhibited little (Hiilawe), moderate 



 

61 

(Hanawi), and heavy (Maili) development (Figure 4.1). While all three watersheds supported 

high densities of native fishes, only Maili contained Poeciliids at all three sites. No Poeciliids 

were observed at any site in Hanawi, and Poeciliids were only observed at the lowest site at 

Hiilawe. Within each watershed, low sites represent the lowest part of the watershed where 

mark-recapture using hand nets was feasible (due to reach width and depth, as well as water 

clarity). High sites were located as close as feasible to the first major barrier preventing 

further upstream dispersal of A. stamineus. Mid sites were located between high and low 

sites, but above smaller barriers preventing further upstream dispersal of the predatory 

Eleotris sandwicensis. Chosen sites were between zero and 2.7km from the watershed mouth, 

with pairwise distances ranging from 0.07 to 2.56 km apart (Table 4.1). All sites contained 

runs, pools, and riffles, with habitats considered representative of the whole stream. 

In addition to the three mark-recapture sites, genetic tissue was collected one time at 

three additional sites within each watershed along an elevational gradient (Table 4.1). At 

each site individual A. stamineus were caught with hand nets, temporarily anesthetized with 

tricaine (ms-222), and given individual elastomer marks (mark-recapture sites only). All 

marks were visible implant elastomer tags (VIE), a pliable and biologically inert product 

produced by Northwest Marine Technology, Inc. Tags were inserted just beneath the skin 

using a 29g syringe and needle. Each fish received 3 marks, each in one of 10 different mark 

locations, using a combination of up to three different colors. Individuals were then placed in 

well aerated holding containers to recover before being returned to their original position in 

the stream. Captures were conducted once at each genetics-only site and six or seven times 

for each mark-recapture site between June 2010 and March 2011. Weight, length, and overall 
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condition were recorded for each fish caught. Clips of approximately 10-30mg of second 

dorsal fins were collected from each newly captured fish and preserved in 95% ethanol.  

Water quality/chemistry 

Water chemistry was measured once at each site. Water samples were collected from the 

thalweg, filtered immediately (Whatman GFX, 0.45 µm pore size), and stored frozen until 

analysis for soluble reactive phosphate (SRP), ammonium (NH4), nitrate (NO3) and total 

nitrogen by standard colorimetric methods. 

Mark-recapture 

Population sizes for each site for individual capture events and across all samples were 

calculated in Program MARK using the POPAN parameterization (White and Burnham 

1999). Model parameters were selected to allow survival and capture probability to vary 

between the dry sampling period (June-Oct) and the wet sampling period (Nov-March). 

Apparent recruitment and survival were also calculated in Program Mark using the Pradel 

model parameterized to allow seasonal differences (dry/wet). Analysis of Variance 

(ANOVA) was used to determine significant differences in apparent recruitment and survival 

among and within watersheds. Growth coefficients and theoretical asymptotic maximum 

lengths were characterized for each mark-recapture site using the von Bertalanffy growth 

curve (von Bertalanffy 1938). 

DNA extraction and microsatellite amplification 

Phenotypic and genotypic traits of A. stamineus were assessed by genotyping individuals 

at 13 microsatellite loci. Nine of the loci were previously published in Hogan et al. (2011): 

Agua A4, Agua B1, Agua  B2, Agua C4, Agua D3, Agua D9, Agua D103, Agua D110, and 
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Agua D135. Of the remaining loci, Agua D106, exhibits a repeat motif of (CTAT)5 and an 

optimal annealing temperature of 52°C. Primer sequences for amplification are (F) 

TCACCTGGTCACTGATTATG and (R) GGGAGGCGAACTTTGAGAG. Agua D117, 

exhibits a repeat motif of (TATC)9 and an optimal annealing temperature of 48°C. Primer 

sequences for amplification are (F) GCCAAAACTCATACAAGAGGT and (R) 

GGTCTGCTTCTGAAATCTC. Agua D6, exhibits a repeat motif of (TCTA)12 and an 

optimal annealing temperature of 53°C. Primer sequences for amplification are (F) 

GCCCTAAACTGTGGAACTCT and (R) AGTGCGAACAAGTGTGTTTC. Agua D7, 

exhibits a repeat motif of (AGAT)5 and an optimal annealing temperature of 51°C. Primer 

sequences for amplification are (F) CTCCCAGCAATGTTATAGGT and (R) 

GGATCTATGGGAGCTGTACC. Genomic DNA was extracted from fin clips using a 

DNeasy Blood and Tissue extraction kit (Qiagen). Polymerase chain reactions (PCRs) were 

performed in 15 µL volumes using MBS Satellite 0.2G thermo cyclers (Thermo Electron 

Corporation) with conditions following Hogan et al. (2011). HEX, 6-FAM or NED 

fluorescently dye-labeled forward primers were used to generate labeled PCR amplicons for 

sizing the loci against a 500 ROX™ size standard (ABI) on an ABI 3100 DNA analyzer.  

Microsatellite data analyses 

 Electropherograms were scored using GENEMARKER 1.9 (SoftGenetics LLC, State 

College, PA, USA). Observed and expected heterozygosity, Shannon’s diversity index, 

fixation index, and private allele frequencies were calculated using GENALEX 6.5 (Peakall 

and Smouse 2012). ARLEQUIN v3.5 (Excoffier et al. 2005) was used to identify departures 

from Hardy-Weinberg equilibrium (HWE) for each locus, and to perform spatial and 
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temporal hierarchical analyses of molecular variance (AMOVA) following Michalakis & 

Excoffier (1996). MICROSATELLITE ANALYSER (MSA) 4.05 was used to calculate 

allelic richness for each site. MSA 4.05 was also used to assess population subdivisions by 

calculating pairwise Fst values (bootstrapped based on 999 replications). Isolation by distance 

(IBD) was evaluated by comparing a matrix of pairwise Fst values with a corresponding 

matrix of between-site river kilometers. Genetic autocorrelations with between-site distances 

was evaluated in GENALEX 6.5 by creating correlograms of Mantel’s r versus river 

kilometers for each watershed. 

STRUCTURE 

STRUCTURE (Pritchard et al. 2000) was run with 1,500,000 iterations, 1st 500,000 

discarded as burn-in using the admixture model in replicates, no priors. Delta K (Evanno et 

al. 2005) was calculated in STRUCTURE harvester (Earl 2012). The 5 replicates were 

compiled in CLUMPP (Jakobsson and Rosenberg 2007) using the full-search algorithm and 

the data were plotted using DISTRUCT (Rosenberg 2004). 

Effective Population and immigration 

NeEstimator (Ovenden et al. 2007; Do et al. 2013) was used to calculate estimates of 

effective population size (Ne) for sites and watersheds. Two separate estimates were derived; 

the first according to linkage disequilibrium methods based on Burrow’s composite measure 

of disequilibrium (Campton and Utter 1987; Bartley et al. 1992; Ovenden et al. 2007; Waples 

and Do 2008), and the second using the molecular co-ancestry method of Nomura (2008). 
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Correlations/Regressions 

Geometric mean (GM) regression analysis was used to compare density estimates NeB. 

When the predictor variable is known to contain error, error-in-variables regression 

techniques such as GM regression (also called reduced major axis) produce more meaningful 

descriptions of the relationship between variables than least-squares linear regression 

(McArdle 2003). All population density estimates were transformed as log (x+1) prior to 

analysis in order to make the variances more homoscedastic. 

In an exploratory analysis, Pearson correlation coefficients were calculated to assess the 

strength of pair-wise associations between measures of genetic diversity, effective population 

size, and A. stamineus population density. We then assessed pair-wise associations between 

these measures and measures of biotic (e.g., native species richness, non-native species 

densities) and abiotic conditions (e.g., water chemistry, stream size, distance to mouth) at 

each site. Analyses were run separately for all three watersheds and cumulatively across all 

watersheds (Vellend 2004; Blum et al. 2012).  

General linear models (GLM) were used to test the association between measures of 

diversity, density, demographic structure, and growth with within watershed distance to 

mouth as a fixed coefficient and watershed as a categorical, random variable. Stepwise 

regression was used to evaluate how measures of diversity and A. stamineus population 

density correspond to categorical sets of biotic and abiotic environmental variables, where 

the number of variables was reduced by elimination of collinear variables and significant co-

variants with biologically informative variables (Blum et al. 2012). Both GLM and Stepwise 

regression models were run with the full 18-site dataset, as well as the reduced, nine IMR-
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site dataset. The IMR dataset included additional variables not available at the ‘genetics only’ 

sites, including estimates of apparent recruitment and survival, as well as growth. All 

statistics for this study were calculated using SAS 9.3 software (SAS Institute 2012). 

 

Results 

 

Study species and location, sampling design, and sample collections 

High densities of A. stamineus were found at all study sites. Over 1500 individuals were 

marked at the nine sites, with per-site total marks ranging from 71-294. Per-site total 

recaptures ranged from 70-260. Although movement of individuals between sites within a 

watershed was possible, only a few individuals were recaptured at a different location from 

their release site. Between 11 and 51 individual genetic samples were collected at genetics-

only sites, and between 57 and 201 individual genetic samples were collected at mark-

recapture sites. In all, 1354 genetic samples were collected from 18 sites.  

Water quality/chemistry 

There is no clear pattern among NH4 values between the three watersheds. However, 

average values of NO3 and SRP are lower in Hanawi (7.56 and 1.74 respectively) than Maili 

(9.09 and 2.36 respectively), and considerably higher in Hiilawe (790.1 and 67.93 

respectively). The differences are big enough between Hiilawe and the other two watersheds 

that we would predict more primary productivity and higher fish growth rates in Hiilawe. 

Mark-recapture 

The best fitting POPAN model allowed for seasonal variation in capture probability (p) 

and survival (phi), and individual estimates of the probability for entry into the population 
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(pent) for each capture event. The POPAN models provide estimates of population size (N-

hat) for each capture event (White and Burnham 1999). Estimates of N-hat averaged over 

capture events for each site ranged from 41.62 (95% CL, 109-176) for Hanawi-1 to 217.51 

(95% CL, 509-701) for Maili-2. For comparative purposes, estimates were converted to 

densities (N/m2), thus transforming the before-mentioned estimates of N to density values of 

0.09 and 0.5 respectively (Table 4.1).  On average, densities were higher in Maili (mean = 

0.4, SE = 0.07) than in Hiilawe (mean = 0.26, 0.03) or Hanawi (mean = 0.17, SE = 0.03).  

The best fit Pradel models allowed for seasonal differences if p, phi, and apparent 

recruitment (f). Estimates of phi were similar during dry (0.77, SE = 0.04) and wet (0.77, SE 

= 0.06) seasons, while f was higher during the dry (0.26, SE = 0.06) season than the wet 

(0.16, SE = 0.05) season. Estimates of phi was higher in Maili (0.79, SE = 0.05) and Hanawi 

(0.79, SE = 0.06) than Hiilawe (0.73, 0.05). Estimates of f were higher in Hanawi (0.31, SE = 

0.06) than Maili (0.16, SE = 0.05) or Hiilawe (0.17, SE = 0.05). Overall, estimates of phi 

were similar in watersheds with and without Poeciliids present, but f was higher in Hanawi, 

where no Poeciliids were present than Maili (Poeciliids present throughout) or Hiilawe 

(Poeciliids present in lower watershed) (Figure 4.2). 

Growth coefficients developed from the von Bertalanffy growth curve were lowest in 

Hiilawe (mean K = 0.031), while the theoretical asymptotic maximum length estimate was 

highest (mean L∞ = 312 mm). Mirroring this finding, Maili had the highest estimates of K 

(0.058) and lowest estimates L∞ (182 mm). Hanawi estimates were moderate for both K 

(0.027) and L∞ (231 mm).  

 



 

68 

Microsatellite analyses 

The 13 microsatellite loci were all polymorphic among individuals captured, and at each 

site in the study watersheds. Much of the data departed from Hardy-Weinberg proportions 

(HWP). No locus conformed to HWP at every site. Three loci (C4, D135, and B1) conformed 

to HWP at only one site, while D9 conformed to HWP at 14 of the 18 sites, the most of any 

loci. Estimates of observed heterozygosity were consistently high across study sites 

(Hänfling and Brandl 1998; Knaepkens et al. 2002; Knaepkens et al. 2004; Hanfling and 

Weetman 2006; Lamphere and Blum 2012), with a mean observed heterozygosity of 0.6277 

among sites (Table 4.2). Private alleles were observed in each of the three study watersheds, 

although two sites (81044-6, 82046-4) contained none. A total of 75 individuals were found 

to possess private alleles on 1-3 separate loci. Private allele frequencies ranged from 0.0026 

at D3 in 81044-3 to 0.0833 at D110 in 82057-1. 

Estimates of genetic diversity did not differ between watersheds, and were not explained 

by longitudinal distance. Values of Shannon’s diversity index ranged from 1.4485 in 82057-1 

to 1.7717 in 82057-6, were similar between watersheds (P = 0.4394), and not highly 

correlated with distance to mouth (R2 = 0.1079). Rarefied allelic richness was likewise 

similar between watersheds (P = 0.2280) and even less correlated with distance to mouth (R2 

= 0.017).  

Pairwise Fst values provided little evidence of genetic differentiation between sites or 

watersheds (Table 4.3). Hiilawe and Maili were significantly different after Bonferroni 

corrections, although the magnitude of differentiation was not great (Fst = 0.0005). There was 

no clear longitudinal pattern of differentiation within watersheds, although a few sites were 
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significantly different (Table 4.3). A limited pattern of isolation by distance (IBD) was 

observed in the Hiilawe watershed (R2 = 0.1764), but no such pattern was observed in 

Hanawi (R2 = 0.0013) or Maili (R2 = 0.0003).  The Mantel’s test did not identify significant 

autocorrelation of Fst values at any distance (Figure 4.3). 

Results of AMOVA analyses indicate that an estimated 0.05% (P = 1) of molecular 

variance is attributable to differences among watersheds (Table 4.4). An estimated -1.02% (P 

= 1) of molecular variance occurred among sites within watersheds, while 100.97% (P = 

0.6501) occurred within watersheds. A temporal AMOVA indicated that 1.06% (P = 1) of 

molecular variance occurred among sites, -0.1751% (P = 1) occurred among months within 

sites, and 104.44% (P = 0.0489) occurred within sites (Table 4.4). Additional geographic and 

temporal data did not increase the amount of molecular variance attributable to differences 

between site, watershed, or month (Table 4.4). This suggests that differences in allele 

frequencies are stable across the geographic and temporal area studied. 

Values from STRUCTURE analysis recovered support for two distinct populations 

among the study sample sites (Figure 4.4). However, both populations were present at each 

of the 18 sites. No support was found for spatial subdivisions between or within watersheds. 

 Effective population sizes for A. stamineus ranged from 137.9 to 5705.4 individuals, 

using the linkage disequilibrium method. Non-infinite values could not be estimated for 

81044-6, 82046-2, or 82057-1 (Table 4.5).Using the molecular co-ancestry method, estimates 

ranged from 3.3 to 101.9 individuals. Non-infinite values could not be estimated for 81044-4 

or 81044-6 (Table 4.5). For both methods, the sites where non-infinite values of effective 
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population size could not be estimated were genetics only sites. Real numbers were estimated 

for all mark-recapture sites using both methods (Table 4.5). 

Statistical Analysis 

Density estimates from individual mark-recapture (IMRD, N = 9) and visual surveys 

(VSD, N = 16) were both significantly correlated with effective population size (NeB) (R = 

0.3593, p = 0.0130; R = 0.3233, p = 0.0005, respectively) (Table 4.6). However, for both 

IMRD and VSD, the correlation with NeB was negative, with higher estimates of NeB 

occurring at sites with lower estimates of density (Figures 4.5 and 4.6). The regression 

equations for GM regressions of IMRD and VSD were similar, with slopes of -5.7547 +/- 4.26 

and -5.0064 +/- 2.3608, respectively (Table 4.6). 

Pearson correlation matrices suggest several significant correlations, although these differ 

between the nine mark-recapture site dataset and the full 18-site dataset, as well as among 

watersheds (Table 4.7 and 4.8). Variables that were significantly correlated with diversity 

measures were included in stepwise regression analyses (Tables 4.9 and 4.10).  

Stepwise regression models consistently identified distance to mouth (Distkm), water 

chemistry PC Factor 1 (WC1), A. stamineus density (IMRD), and f as predictors of genetic 

diversity for the mark-recapture dataset (Table 4.9). Distkm was identified as predictor with 

positive influence on AR (r2 = 0.3832), but was identified as a predictor with negative 

influence on Goby density (GobyD) (r2 = 0.4264) and Goby richness (GobyR) (r2 = 0.0773) 

(Table 4.9). IMRD was identified as a predictor with positive influence on NA (r2 = 0.8901) 

and HS (r
2 = 0.0049) (Table 4.9). WQ1 was identified as a predictor with positive influence on 

HS (r
2 = 0.0972) and GobyR (r

2 = 0.0531) (Table 4.9). Estimates of f were identified as a 
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predictor with negative influence of HS (r2 = 0.6329), GobyD (r2 = 0.2762), and IMRD (r2 = 

0.4063), but in contrast, f was identified as a predictor with positive influence on Neb (r2 

=0.6185) (Table 4.9). Poeciliid density was identified as a predictor, with positive influence, 

for HS (r2 =0.2611), and K was identified as a predictor with negative influence on GobyR (r2 

= 0.029) (Table 4.9). NH4 was identified as a predictor with positive influence on IMRD (r
2 = 

0.2530) (Table 4.9). Neither Phi nor L∞ were identified as a predictor in any models (Table 

4.9). 

Stepwise regression models run on all 18 sites did not include Phi, f, K, or L∞ as 

independent variables, as these values could only be estimated in the mark-recapture sites 

(where multiple capture events occurred). For these models, Distkm, and VSD were the most 

consistently chosen predictors (Table 4.10). Both variables were choses as predictors with 

positive influence for NA (r2 = 0.0748 and 0.6166 respectively), HS (r
2 = 0.1630 and 0.4119 

respectively) and PoecD (r2 = 0.2606 and 0.1858 respectively), and as predictors with 

negative influence for NeB (r2 = 0.2929 and 0.2791 respectively) (Table 4.10). Distkm was 

additionally chosen as a predictor with negative influence for GobyD (r2 = 0.3477) and GobyR 

(r2 = 0.0899) (Table 4.10). Poeciliid density was chosen as a predictor with negative 

influence for GobyR (r2 = 0.3799) and with a positive influence for VSD (r2 = 0.1858) (Table 

4.10). WQ1 and NH4 were each selected in one model only as a predictor with negative 

influence (PoecD, r2 = 0.13; HS, r2 = 0.0687, respectively) (Table 4.10).  

Significant models were recovered using general linear models on the IMR dataset for 

GobyR (P = 0.0271, R2 = 0.8173), PoecD (P = 0.0012, R2 = 0.9485), HS (P = 0.0198, R2 = 

0.8396), NeB (P = 0.0235, R2 = 0.8278), and f (P = 0.0408, R2 = 0.7835) using the mark-
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recapture dataset (Table 4.11 and 4.12). The interaction term between distance to mouth and 

watershed was not significant in any model, so it was removed. Watershed is the stronger 

variable in the GobyR (P = 0.0223), PoecD (P = 0.0007), HS (P = 0.0401) and NeB (P = 

0.033) models, while distance to mouth is the stronger variable for the f (P = 0.1316) model 

(Table 4.11). For the full, 18-site dataset, the only significant models recovered included 

GobyR (P = 0.0442, R2 = 0.4283) and PoecD (P = 0.0009, R2 = 0.6808). Distance to mouth 

was the stronger variable for GobyD (P = 0.0319), while watershed was the stronger variable 

for PoecD (P = 0.0004). 

 

Discussion 

 

Summary 

The objective of this study was to clarify how A. stamineus respond to within-watershed 

conditions and stressors. Using both mark-recapture and genetic methods provide 

complimentary perspectives for assessing this objective. Results from these methods led to 

the conclusion that differences in demographic and genetic structure of A. stamineus 

correspond to watershed-specific conditions, and are not products of longitudinal or 

elevational distance within the watershed. Although some evidence indicated weak patterns 

between distance to mouth and genetic diversity, most differences between dependent 

variables were attributable to differences between watersheds, including the presence of 

invasive Poeciliid fish. We uncovered little evidence to suggest that inland populations were 

more susceptible to extirpation than populations located closer to sources of colonization. 
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The results of this study can be used to explore the role of position, connectivity, and 

watershed condition in maintaining population persistence of amphidromous species.  

H1: Populations of A. stamineus located further inland and at higher elevations are 

demographic sinks because the likelihood of persistence decreases with distance from 

sources of immigrating postlarvae (demographic sink hypothesis) 

Population persistence of benthic stream fish can be significantly affected by longitudinal 

position and altered connectivity (Fagan 2002; Hanfling and Weetman 2006; Waits et al. 

2008; Lamphere and Blum 2012). However, the consistently low, and insignificant levels of 

genetic differentiation at the scale studied here (<3 km) indicated that A. stamineus 

populations are not highly fragmented within watersheds. This is consistent with population 

census data, which recovered no differences in size structure across longitudinal gradients.  

This result is in contrast to studies of non-migratory stream fish, which have been shown to 

exhibit strong differentiation and high correlations between genetic diversity and longitudinal 

position, even at smaller geographic scales (<0.5 km) (Hanfling and Weetman 2006; 

Lamphere and Blum 2012).  

Hanfling and Weetman (2006) showed that genetic diversity increases among bullhead 

(Cottus gobio) as one moves downstream in the River Rye basin (England). Genetic 

fragmentation occurs in bullhead even in the absence of fragmentation in suitable habitat 

(Hanfling and Weetman 2006). Lamphere and Blum (2012) demonstrated that populations of 

mottled sculpin (Cottus bairdi) can exhibit genetic fragmentation at even finer scales, when 

habitat is also fragmented by in-stream barriers. Both of these studies were consistent with 

field data indicating low levels of dispersal among individuals. In contrast, A. stamineus 
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individuals are known to disperse great distances due to their amphidromous life cycle 

(McDowall 1997; McDowall 2007). The assumption of uniform obligatory amphidromy 

among individuals in this study suggests that no major barrier existed between populations 

within a watershed. However, minor barriers (those that precluded Eleotris sandwicensis 

from further upstream passage) did exist, and combined with longitudinal differences greater 

than 2.5 km, suggests the potential for genetic differentiation among A. stamineus 

populations within watershseds. 

Populations of A. stamineus within the watersheds studied exhibited stable within-

watershed demographic and genetic structure with little evidence of longitudinal effects on 

genetic diversity or IBD. The absence of strong genetic differentiation among populations 

within watersheds does not necessarily preclude the possibility that upstream populations are 

demographic sinks. Even if mortality in upstream populations is greater than levels of self-

recruitment, population numbers and genetic diversity can be buoyed by high rates of 

immigration from other populations (Keller et al. 2001; McMillan et al. 2006; Waits et al. 

2008; Hogan et al. 2012). This study recovered some evidence that upstream populations 

experience lower levels of f, which in turn is related to lower estimates of NeB, and 

interestingly, higher estimates of HS (Table 4.7 and 4.8). These results indicate confirmation 

that genetic diversity of upstream populations is increased by occasional migrants from other 

populations. Further high-resolution studies of genetic composition and structure would be 

required to determine whether upstream populations of A. stamineus are under selective 

pressure that could result in genetic differentiation within watersheds.  
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H2: Populations of A. stamineus located further inland and at higher elevations are a 

genetic subset of coastal and lower elevation populations due to adaptive differences in 

climbing ability and predator avoidance (selective sieve hypothesis) 

Analyses of populations of A. stamineus did not recover evidence of hierarchical genetic 

structure within watersheds. Evidence of source-sink dynamics across geographic distance 

could result in upstream populations representing a genetic subset of downstream populations 

(Hanfling and Weetman 2006; Waits et al. 2008; Lamphere and Blum 2012). In addition to 

geographic distance, historical and contemporary fragmentation can lead to hierarchical 

patterns of genetic structure in stream fish (Fagan 2002). Patterns of genetic diversity related 

to longitudinal within-stream distances may indicate source-sink dynamics, where one source 

population has been providing colonizing individual to a sink population across evolutionary 

time (Slatkin 1995; Slatkin 1993; Lamphere and Blum 2012). Alternatively, estimates of 

directionally-biased dispersal may reflect contemporary conditions (Hanfling and Weetman 

2006; Lamphere and Blum 2012). Only weak evidence of genetic diversity covarying with 

geographic distance was recovered in this study, and in addition, no evidence of genetic 

subdivision across geographic distance was recovered (Figure 4.4). The Bayesian clustering 

algorithm (Pritchard et al. 2000) estimated that 2 subpopulations of A. stamineus existed in 

our study watersheds, however both subpopulations were consistently present across all sites. 

Additionally, when spatial priors were included in the model, all structure disappeared. There 

is thus no clear signal from these results that selective pressures from in-stream barriers, or 

lower watershed predators, has resulted in longitudinal population structure. 
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H3: Variation among populations of A. stamineus located from lower coastal sites to 

higher elevational inland sites corresponds to site-specific conditions (local impacts 

hypothesis) 

Environmental impairment may lead to declines in genetic diversity among stream fish 

populations (Hughes and Noss 1992; Blum et al. 2012). The primary indicators of 

environmental impairment used in this study were WC1, NH4, and the presence of invasive 

Poeciliid fish. WC1, which correspond to high values of  NO3 and SRP, was chosen as a 

predictor of HS by stepwise regression models, but the partial r2 values, was not consistently 

chosen for other genetic diversity variables (Tables 4.9 and 4.10). Poeciliid density was also 

chosen as a predictor of HS by stepwise regression models, and with a positive influence 

(Table 4.9). Site-specific environmental conditions may be more important than longitudinal 

distance in establishing patterns of genetic diversity, however, in this study, WC1 and 

Poeciliid presence may simply be serving as a proxy for watershed. To further investigate the 

relationship between environmental conditions and genetic diversity, a broader-scale study 

with additional replications of specific environmental conditions is necessary. 

H4: Population persistence of A. stamineus is less likely in watersheds harboring invasive 

Poeciliid fish. 

Some evidence from this study suggest that population persistence may be less likely in 

watersheds harboring invasive Poeciliid fish. Estimates of f are higher in the watershed 

(Hanawi) where Poeciliids are absent (Figure 4.2). Poeciliid presence in the watershed is 

negatively correlated with NeB and f (Table 4.7). However, the scope of this study does not 

allow the isolation of Poeciliids as the causation of lower NeB and f estimates. Results from 
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GLM analysis indicate that variation in NeB, f, and HS is related to differences in watershed 

(and distance to mouth for estimates of f) (Table 4.11). The small number of watersheds 

studied prevents the level of replication to isolate Poeciliid influence from watershed 

influence. However, significant correlations between genetic diversity and Poeciliid 

presence, as well as the selection of Poeciliid density as a predictor in stepwise regression 

models, indicates that further research, with more replicate watersheds, should be carried out 

in order to fully understand the relationship between invasive Poeciliid fish with 

demographic and genetic structure of A. stamineus, as well as other native fishes. 

Effective Population and Census Population Sizes 

Low levels of effective population size (NeB) can contribute to population extinction in 

populations impacted by fragmentation or disrupted connectivity (Palstra and Ruzzante 

2008). However, the relationship between NeB and extinction is complex. For some species, 

levels of NeB can be quite low even when population sizes are large (Hedrick 2005). 

Hedgecock (1994) has described a reproductive strategy consisting of very high fecundities 

and very high larval mortalities (type III survivorship curve) that can result in few breeding 

individuals contributing disproportionately high numbers of progeny to the next generation. 

This “sweepstakes” reproduction can produce very low levels of NeB within a population, 

and has been dubbed “the Hedgecock effect” (Waples 1998). Alternatively, when census 

population sizes (N) are very low, high levels of NeB have been observed, a process 

described as genetic compensation (Ardren and Kapuscinski 2003). Palstra and Ruzzante 

(2008) have confirmed that species exhibiting type III survivorship curves also exhibit much 

lower NeB/N ratios than either type I or II curves. The relationship between low NeB and type 
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III survivorship is exacerbated further still in the Rio Grande silvery minnow, Hybognathus 

amarus, a fish species with drifting pelagic larvae in a highly fragmented landscape (Turner 

et al. 2006).  

Although one would expect levels of NeB to be positively correlated, for some species, it 

is possible to see high levels of NeB  at low population sizes (genetic compensation) and low 

levels of NeB at high population sizes (Hedgecock effect). Ficetola et al. (2010) observed a 

similar pattern in the Italian agile frog Rana latastei, where high levels of polygyny 

occurring at high population sizes negatively affected NeB. Hedrick (2005) demonstrated 

theoretically how large populations with only a few successful breeders can result in very 

low levels of NeB. Similarly, Ardren and Kapuscinski (2003) showed that steelhead trout 

Oncorhynchus mykiss exhibited an inverse relationship between number of spawners and 

NeB. In this case, the inverse relationship was attributable to a decrease in the variability of 

reproductive success (VRS) among individuals at lower population densities (Ardren and 

Kapuscinski 2003). At higher population densities, VRS increased due to competition for egg 

burial sites, red superimposition, or a combination of both (Ardren and Kapuscinski 2003). 

Thus, multiple mechanisms (polygyny, competition for mates, competition for spawning 

sites, etc.), across taxa, can explain variation in reproductive success attributable to density 

dependence (Ardren and Kapuscinski 2003; Ficetola et al. 2010). For some species, large 

stables populations may contain only a few dominant breeders who, by various mechanisms, 

contribute disproportionately high numbers of progeny to the next generation, while 

populations vulnerable to size fluctuations lack dominant breeders, allowing more 

individuals to contribute progeny. 



 

79 

Estimates of NeB and census population size (expressed here as density) for A. stamineus 

were negatively correlated (Figures 4.5 and 4.6). The pattern was similar for both IMRD and 

VSD estimates (Figures 4.5 and 4.6). We conclude then, that investigations into the ratio of 

NeB /N may be conducted using either individual mark-recapture of visual survey methods, 

as the two methods did not produce significantly different results. Reproduction in A. 

stamineus, as described by Ha and Kinzie (1996), consists of a downstream migration 

resulting in an aggregation of spawners near the mouth of the river. Females likely lay a 

single clutch of several hundred thousand adhesive eggs on the substrate (Ha and Kinzie 

1996). Females guard the eggs, which hatch simultaneously, suggesting a single fertilization 

event (Ha and Kinzie 1996). Free embryos then drift downstream into estuarine or marine 

habitats, where high mortality is likely (Ha and Kinzie 1996). Ha and Kinzie (1996) found 

very few males within spawning grounds, suggesting that a small number of territorial males 

are responsible for all fertilization during a spawning event. Like the Rio Grande silvery 

minnow, A. stamineus exhibit type III survivorship curves and have a pelagic larval stage 

which must migrate through a fragmented landscape (Ha and Kinzie 1996; Turner et al. 

2006).  

The low levels of NeB observed in this study could be related to unequal sex ratios (SR) 

of spawners and/or variation in reproductive success, where a small number of individuals 

within the population produce the majority of offspring (Hauser and Carvalho 2008). 

Considering the reproductive biology of A. stamineus, it is plausible that NeB is low at all 

densities due to unequal SR of spawners, but at low densities a lack of dominant males or 

increased availability of spawning sites may decrease VRS, resulting in slightly higher NeB. 
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Additionally, low estimates of NeB may be exacerbated by anthropogenic stressors that 

reduce reproduction but not adult survival (Theodorakis 2003; Theodorakis et al. 2006). 

Pearson correlations indicated that apparent recruitment (f) had a negative correlation with 

IMRD and a significant positive correlation with NeB (Table 4.7). This relationship was 

further explored in stepwise regression models, which identified f as a strong positive 

predictor for NeB, and a strong negative predictor for IMRD (Table 4.9). This suggests that 

site-specific conditions, such as Poeciliid presence, may be reducing population sizes, and 

thereby increasing immigration of native fish. Under this scenario, increases in f may be a 

consequence of decreased population sizes. The resulting fluctuations in N combined with an 

unevenness in reproductive success could consequently decrease estimates of NeB. General 

linear regressions demonstrated that variability in NeB was influenced more by differences 

between watersheds, than by distance to mouth (Table 4.11). This provides further evidence 

that site-specific conditions are driving the relationship between NeB and N. Furthering our 

understanding of this relationship, and how NeB and N feedback upon each other may help 

provide a critical understanding of the forces driving persistency in amphidromous 

populations. 

Conclusions 

The conclusion from this study is that demographic and genetic structure of A. stamineus 

varies more between watersheds than within watersheds, and is more likely affected by site-

specific environmental conditions than distance from sources of colonization. The use of 

multiple methods, including demographic and genetic approaches, has emerged as a critically 

important approach to understanding patterns of dispersal across geographic and 
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environmental gradients, especially in cases where controlled experiments are not possible 

(Baker and Foster 1992; Leidner and Haddad 2011; Lamphere and Blum 2012). The findings 

here are relatively consistent between mark-recapture and genetic approaches. It should be 

noted that results may have differed in watersheds with significant barriers to migration. The 

primary migratory barrier in the watersheds studied here, is the presence of invasive Poeciliid 

fish. While results of this study indicated that Poecillids could have a negative impact on 

populations of A. stamineus, this conclusion should be considered as a working hypothesis to 

be tested by future research and considered in light of previous work before applying to 

management decisions. Future work should focus on replicating the influence of Poeciliid 

fish across several watersheds, and investigating impacts of anthropogenic causes of 

fragmentation and loss of connectivity. 
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Table 4.1. Sample sites, individual mark-recapture (IMR) or genetics only (GO), latitude and longitude, distance to stream mouth Dkm, A. 

stamineus density estimates from IMR (IMRD) and visual surveys (VSD), population skew and kurtosis (Kurt), Poeciliid (PoecD) and total Goby 

densities (GobyD), and Goby Richness (GobyR). 

Watershed Site Type Latitude (W) Longitude (N) Dkm N IMRD VSD Skew Kurt PoecD GobyD GobyR 

Hiilawe (81044)              

 1 IMR 20.10716 155.59639 1.55 57 0.11 0.33 1.45 4.81 0.24 0.94 4 

 2 GO 20.1054 155.59573 1.75 49  0.09 0.00  0.00 0.19 3 

 3 IMR 20.10434 155.59578 1.89 201 0.41 0.66 1.64 4.08 0.00 0.83 4 

 4 GO 20.1023 155.59451 2.19 26  0.11 0.00 -1.20 0.00 0.28 2 

 5 IMR 20.09957 155.595 2.49 101 0.26 0.19 0.73 0.88 0.00 0.38 2 

 6 GO 20.09814 155.59619 2.65 36  0.18 0.87 0.20 0.00 0.29 2 

Hanawi (82046)              

 1 IMR 19.80502 155.09163 0.09 64 0.09 0.21 0.95 0.47 0.00 0.53 4 

 2 GO 19.80456 155.09238 0.21 21  0.04   0.00 0.58 3 

 3 IMR 19.80522 155.09358 0.42 72 0.11 0.18 2.07 4.37 0.00 1.37 4 

 4 GO 19.8051 155.09492 0.57 20  0.06   0.00 0.81 2 

 5 GO 19.80481 155.09578 0.64 28  0.16 1.58 2.80 0.00 0.25 2 

 6 IMR 19.80572 155.09573 0.74 104 0.32 0.62 0.45 0.59 0.00 1.77 3 

Maili (82057)              

 1 GO 19.75603 155.09341 0.15 11  0.10 -1.60  0.07 1.63 4 

 2 IMR 19.75524 155.09521 0.39 198 0.50 0.76 0.79 0.15 1.18 1.31 2 

 3 IMR 19.75397 155.09642 0.57 149 0.34 0.49 0.89 0.73 1.80 0.98 2 

 4 GO 19.75249 155.09808 0.79 51  0.50 2.46 7.03 1.70 0.50 1 

 5 GO 19.74762 155.11031 2.44 32  0.08   0.67 0.13 2 

  6 IMR 19.74825 155.11227 2.70 132 0.35 0.33 0.52 -0.55 2.45 0.33 1 
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Table 4.2. Estimates of apparent survival (Phi) and recruitment (f), von Bertalanffy gowth coefficient (K) and 

theoretical asymptotic maximum lengh (L∞), and estimates of genetic diversity including the number of alleles 

(NA), allelic richness (AR), Shannon's I (HS), molecular coancestry estimates of effective population size (NeB), 

observed heterozygosity (HO), and private allele frequencies (PAF). 

Watershed Site Phi f K L∞ NA AR HS NeB HO PAF 

Hiilawe (81044)            

 1 0.61 0.17 0.04 257.28 12.23 5.92 1.70 10.40 0.66 0.01 

 2     10.38 5.52 1.58 15.30 0.62 0.01 

 3 0.76 0.14 0.02 481.30 17.08 5.66 1.71 5.60 0.63 0.00 

 4     9.08 5.76 1.60  0.64 NA 

 5 0.80 0.16 0.04 195.88 13.31 5.77 1.70 13.60 0.65 0.01 

 6     8.77 5.32 1.50  0.54 NA 

Hanawi (82046)            

 1 0.73 0.35 0.03 205.69 11.62 5.55 1.62 31.40 0.62 0.01 

 2     7.08 5.68 1.48 101.90 0.60 0.04 

 3 0.80 0.26 0.02 255.26 12.00 5.64 1.63 18.80 0.66 0.01 

 4     7.38 5.62 1.48 53.30 0.57 NA 

 5     8.69 5.69 1.58 24.20 0.60 0.04 

 6 0.74 0.28   13.31 5.68 1.69 23.30 0.64 0.01 

Maili (82057)            

 1     6.00 5.94 1.45 54.00 0.69 0.08 

 2 0.86 0.14 0.09 142.85 16.38 5.67 1.71 9.50 0.64 0.00 

 3 0.70 0.26 0.07 161.51 16.23 5.80 1.73 5.40 0.63 0.01 

 4     10.08 5.49 1.59 12.10 0.62 0.01 

 5     9.23 6.07 1.66 7.30 0.64 0.02 

  6 0.83 0.10 0.02 240.45 16.15 5.87 1.77 3.30 0.65 0.01 
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Sites 1 2 3 4 5 6 1 2 3 4 5 6 1 2 3 4 5

81044

1

2 0.0023

3 0.0012 0.0011

4 -0.0022 -0.0017 -0.0030

5 0.0011 0.0006 0.0008 0.0001

6 0.0058 0.0039 0.0029 -0.0021 0.0026

82046

1 0.0026 -0.0025 0.0001 -0.0013 -0.0012 0.0020

2 0.0024 -0.0016 0.0026 0.0016 -0.0011 0.0061 0.0002

3 0.0013 0.0007 0.0032 0.0003 -0.0010 0.0074 0.0007 0.0024

4 0.0042 0.0034 0.0032 -0.0026 0.0019 0.0016 0.0013 0.0003 0.0014

5 -0.0007 -0.0024 -0.0031 0.0001 -0.0035 0.0044 -0.0053 -0.0037 -0.0021 -0.0031

6 0.0017 0.0028 -0.0005 0.0013 -0.0010 0.0026 -0.0004 -0.0007 -0.0002 0.0016 -0.0060

82057

1 0.0027 0.0131 0.0011 0.0020 0.0016 0.0104 0.0062 -0.0046 0.0070 0.0119 0.0005 -0.0017

2 0.0022 0.0002 0.0011 -0.0008 0.0008 0.0034 0.0004 0.0033 0.0019 0.0032 -0.0019 0.0006 0.0059

3 0.0005 0.0005 0.0006 0.0000 -0.0002 0.0046 0.0002 -0.0028 0.0000 0.0001 -0.0040 -0.0010 -0.0035 0.0008

4 0.0092 0.0102 0.0087 0.0084 0.0105 0.0183 0.0085 0.0045 0.0111 0.0045 0.0046 0.0107 0.0113 0.0126 0.0089

5 0.0037 0.0068 0.0047 0.0024 0.0012 0.0107 0.0023 0.0014 0.0008 0.0008 -0.0036 -0.0003 0.0092 0.0070 0.0040 0.0074

6 0.0020 0.0019 0.0030 0.0016 -0.0011 0.0076 -0.0001 0.0011 0.0012 0.0015 -0.0020 -0.0001 0.0015 0.0021 0.0008 0.0088 -0.0005

WS

81044 82046 82057

81044

82046 0.0005

82057 0.0005 0.0000

Bold values are significant

81044 82046

Table 4.3. Pairwise Fst values by site and watershed. Bold Fst values significant at P < 0.05 after Bonferroni correction. 

82057
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Table 4.4. Hierarchical analysis of molecular variance (AMOVA) of space and time 

based on microsatellite allele frequencies.  

AMOVA Variance component d.f. 

% Total 

variance  

P-

value 

1 Among watersheds 2 0.0500 1.0000 

 Among sites within watersheds 15 -1.0200 1.0000 

 Within watersheds 2684 100.9700 0.6501 

     

2 Among watersheds 2 -0.0700 1.0000 

 Among age class within watersheds 3 -0.2500 1.0000 

 Within watersheds 2696 100.3200 0.6735 

     

3 Among watersheds 2 0.6300 1.0000 

 Among months within watersheds 15 -3.6800 1.0000 

 Within watershed 2684 103.0500 0.1505 

     

4 Among sites 17 1.0600 1.0000 

 Among months within sites 42 -0.1751 1.0000 

 Within sites 2642 104.4400 0.0489 

     

5 Among months 5 -1.6100 1.0000 

 Among watersheds within months 12 -1.8600 1.0000 

 Within watersheds 2684 103.4700 0.9951 

     

6 Among High/Low 5 0.3700 1.0000 

 Among watersheds within High/Low 12 -0.8600 1.0000 

  Within watersheds 2684 100.4900 0.0831 
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Population 0.05 CI Low CI High 0.02 CI Low CI High 0.01 CI Low CI High 0 CI Low CI High Neb CI Low CI High

81044-1 137.9 68.8 1150.6 150.4 92.5 355.8 156.3 107.3 274.3 159 108.8 281.7 10.4 2.5 23.9

81044-2 577 106.1 Infinite 962.2 185 Infinite Infinite 437.8 Infinite Infinite 437.8 Infinite 15.3 1.1 47.8

81044-3 737.8 348.6 Infinite 622 375 1600.5 508.1 361.7 823.3 97.5 91.5 104.1 5.6 1.7 11.7

81044-4 4474.9 81.5 Infinite Infinite 390.1 Infinite Infinite 230.2 Infinite Infinite 230.2 Infinite Infinite Infinite Infinite

81044-5 Infinite 517.8 Infinite Infinite 801.4 Infinite 1769.6 465.9 Infinite 494.3 301.6 1265 13.6 2.8 32.6

81044-6 Infinite 494.6 Infinite Infinite 439.4 Infinite Infinite 247.2 Infinite Infinite 247.2 Infinite Infinite Infinite Infinite

82046-1 5705.4 193.6   Infinite Infinite 319.4 Infinite Infinite 4743.3 Infinite Infinite Infinite Infinite 31.4 0.8 116

82046-2  Infinite 55.9  Infinite  Infinite 56.4  Infinite  Infinite 56.4  Infinite  Infinite 56.4  Infinite 101.9 0.1 511.7

82046-3 705.1 144.9 Infinite 850.6 214.7 Infinite 8840 367.9 Infinite 171.5 124.1 268 18.8 0 94.2

82046-4 326.8 42.4 Infinite Infinite 75.4 Infinite Infinite 75.4 Infinite Infinite 75.4 Infinite 53.3 0.1 267.4

82046-5 191.8 61 Infinite 382.2 99.9 Infinite 1299.1 139.7 Infinite 1299.1 139.7 Infinite 24.2 1.8 75.5

82046-6 2880.3 330.6 Infinite Infinite 953.5 Infinite 3385.2 589.9 Infinite 179 146.3 227.4 23.3 0.6 86.2

82057-1 Infinite 199.7 Infinite Infinite 331.8 Infinite Infinite Infinite Infinite Infinite 331.8 Infinite 54 0.1 271.1

82057-2 Infinite 1146.3 Infinite Infinite 1968.3 Infinite Infinite 173.9 Infinite 173.9 158.7 191.5 9.5 2.9 20.1

82057-3 Infinite 4224 Infinite 1171 446.7 Infinite 483.8 316.4 967.7 121.8 110.2 135.6 5.4 2.6 9.1

82057-4 243.4 88 Infinite 699.9 169.7 Infinite 932.1 237.1 Infinite 932.1 237.1 Infinite 12.1 2.5 29.1

82057-5 Infinite 155.8 Infinite 5476.1 107.9 Infinite 2445.6 105.5 Infinite 2445.6 105.5 Infinite 7.3 2 16

82057-6 569.5 238.1 Infinite 357.7 230.5 733.8 192.1 155.2 247.8 58.7 55 62.7 3.3 1.5 5.8

Table 4.5. Estimates of effective population size from the linkage disequilibrium method and molecular coancestry method with 95% confidence 

intervals.

Linkage Disequilibrium Method

Molecular Coancestry 

Method

Lowest Allele Frequency Used
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Table 4.6. Geometric mean regression results for density estimates from visual surveys (VSD)/individual mark-

recapture (IMRD) and effective population size (NeB). Regressions were performed on log (x + 1) transformed 

data. Standard error (~SE) is approximated as the standard error of the ordinary least squares regressions model. 

Significant p-values (α < 0.05) indicate that the slope is different from 0. 

Method R2 Slope SE CI 95 Lower CI 95 Upper p-value (H0 = 0) 

IMRD 0.3593 -5.7547 1.7410 -10.0147 -1.4947 0.0130 

VSD 0.3233 -5.0064 1.1007 -7.3672 -2.6456 0.0005 
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IMR Sites

Variable PoecD PoecS PoecWS Distkm NA AR HS NeB WQ1 IMRD GobyD GobyR Skew Kurt Phi f K L∞

PoecD

PoecS 0.7912

PoecWS 0.5004 0.6325

Distkm 0.2232 0.0958 0.6053

NA 0.6223 0.4328 0.6710 0.2947

AR 0.5026 0.6867 0.6744 0.6298 0.1984

HS 0.7359 0.6233 0.7671 0.6474 0.7808 0.7050

NeB -0.6348 -0.6407 -0.8823 -0.5730 -0.7871 -0.6803 -0.8584

WQ1 -0.4104 -0.1712 0.5303 0.5999 0.0771 0.3046 0.1534 -0.3314

IMRD 0.4708 0.3102 0.5379 0.2100 0.9065 0.0639 0.7057 -0.6000 0.0063

GobyD -0.2635 -0.0927 -0.4412 -0.6062 -0.0860 -0.2769 -0.2127 0.2274 -0.3609 0.1261

GobyR -0.7963 -0.5195 -0.5000 -0.4048 -0.5437 -0.4321 -0.7338 0.5098 0.2694 -0.5963 0.2777

Skew -0.4438 -0.2475 -0.1405 -0.1750 -0.2298 -0.1709 -0.4493 -0.0107 0.3034 -0.4236 0.1475 0.7297

Kurt -0.5437 -0.2022 -0.0309 -0.0017 -0.2777 0.0731 -0.3121 -0.0659 0.5327 -0.4251 0.2068 0.7658 0.9044

Phi 0.2601 -0.1199 0.0229 0.1414 0.3810 -0.3285 0.1720 -0.1225 -0.2876 0.5284 -0.0568 -0.5110 -0.2208 -0.4651

f -0.3997 -0.4284 -0.8000 -0.7736 -0.6041 -0.5779 -0.7585 0.8111 -0.4766 -0.5638 0.3271 0.4725 0.0732 -0.0299 -0.3679

K 0.3196 0.5254 0.3214 -0.4426 0.3053 -0.0196 0.1466 -0.1319 -0.3144 0.4772 0.3867 -0.4169 -0.4607 -0.4666 0.1372 0.0263

L∞ -0.3684 -0.4270 0.0707 0.3572 0.2249 -0.0957 0.0679 -0.2142 0.6056 0.0729 -0.0669 0.5023 0.5596 0.6076 -0.1125 -0.2807 -0.6833

Table 4.7. Pairwise Pearson correlations of site specific species demographic and genetic diversity variables for IMR sites (N = 9). Poec S = presence/absence of 

Poeciliid species at the site, and PoecWS = the presence/absence of Poeciliids in the watershed.

Pearson's r: Bold values are  significant
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All Sites

Variable PoecD PoecS PoecWS Distkm NA AR HS NeB WQ1 VSD GobyD GobyR Skew Kurt

PoecD

PoecS 0.7426

PoecWS 0.4189 0.5641

Distkm 0.1135 -0.0063 0.6028

NA 0.4897 0.2238 0.2901 0.1828

AR 0.2103 0.5505 0.2473 0.1289 0.0795

HS 0.5078 0.3202 0.3080 0.3285 0.9067 0.3343

NeB -0.4331 -0.3442 -0.5513 -0.5412 -0.6957 -0.1267 -0.8110

WQ1 -0.3676 -0.3010 0.5113 0.6352 0.1449 -0.0905 0.1256 -0.3182

VSD 0.4311 0.3195 0.2286 -0.1133 0.7852 -0.0853 0.6418 -0.5179 -0.0164

GobyD -0.0732 0.1670 -0.2224 -0.5897 0.1922 0.1302 0.0525 0.1152 -0.3027 0.4593

GobyR -0.6164 -0.2576 -0.2729 -0.3662 -0.0476 0.0661 -0.1337 0.2339 0.1680 -0.0622 0.4755

Skew 0.1628 -0.0884 -0.2622 -0.0420 0.3277 -0.3780 0.3632 -0.5884 -0.0590 0.3392 -0.1908 -0.1331

Kurt -0.0219 0.1851 -0.0516 -0.2850 -0.1281 -0.1144 -0.1085 -0.0517 -0.0458 0.1493 0.1264 0.2514 0.9428

Pearson's r: Bold values are  significant

Table 4.8. Pairwise Pearson correlations of site specific species demographic and genetic diversity variables for  all sites (N = 18). 

PoecS = presence/absence of Poeciliid species at the site, and PoecWS = the presence/absence of Poeciliids in the watershed.
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Table 4.9. Results of stepwise regression (IMR sites) of measures of environmental and demographic measures against measures of genetic 

diversity and species density and richness. Partial correlation coefficients (r2 values, top) and corresponding statistical significance (p values, 

bottom) are given for all variables included in the models, along with the direction of influence of each predictor variable (+/- sign after r2). 

Seperate analyses were run for all sites (N = 18) and IMR sites (N = 9).  

N =9 (IMR Sites Only) 

Dependent Variable NA AR HS NeB GobyD GobyR IMRD PoecD 

PoecD 
  0.2611 (+)      

  0.0171      

Distkm 
 0.3832 (+)   0.4264 (-) 0.0773 (-)   

 0.1017   0.0792 0.1422   

IMRD 
0.8901 (+)  0.0049 (+)      

0.0004  0.1489      

WQ1 
  0.0972 (+)   0.0531 (+)   

  0.0026   0.1394   

NH4 
      0.2530 (+)  

      0.1119  

Phi 
        

        

f 
  0.6329 (-) 0.6185 (+) 0.2762 (-)  0.4063 (-)  

  0.0182 0.0206 0.0837  0.0891  

K 
     0.0290 (-)   

     0.1161   

L∞ 
        

        

         

Full Model 
0.8901 0.3832 0.9961 0.6185 0.7026 0.9629 0.6593  

0.0004 0.1017 0.0006 0.0206 0.0482 0.0025 0.0677   
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Table 4.10. Results of stepwise regression (All sites) of measures of environmental and demographic measures against measures of genetic 

diversity and species density and richness. Partial correlation coefficients (r2 values, top) and corresponding statistical significance (p values, 

bottom) are given for all variables included in the models, along with the direction of influence of each predictor variable (+/- sign after r2). 

Seperate analyses were run for all sites (N = 18) and IMR sites (N = 9).  

N = 18 (All Sites) 

Dependent Variable NA AR HS NeB GobyD GobyR VSD PoecD 

PoecD 
     0.3799 (-) 0.1858 (+)  

     0.0064 0.0741  

Distkm 
0.0748 (+)  0.1630 (+) 0.2929 (-) 0.3477 (-) 0.0889 (-)  0.2606 (+) 

0.0759  0.0299 0.0304 0.01 0.1339  0.0109 

VSD 
0.6166 (+)  0.4119 (+) 0.2791 (-)    0.1858 (+) 

0.0001  0.0041 0.0121    0.0741 

WQ1 
       0.1300 (-) 

       0.1121 

NH4 
  0.0687 (-)      

  0.1225      

         

Full Model 
0.6914  0.6437 0.572 0.3477 0.4688 0.1858 0.5764 

0.0001   0.0019 0.004 0.01 0.0087 0.0741 0.0061 
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Table 4.11. General linear model regression results for nine IMR sites. Distance to mouth 

is a fixed coefficient, while watershed is categorical and random. The interaction between 

distance to mouth and watershed was not significant for any dependent variable, so it was 

dropped from the analysis, and type II sum of squares was reported. For each dependent 

variable, there are three degrees of freedom (DF) for the whole model, one DF for distance 

to mouth, and two DF for watershed. 

N = 9 (IMR Sites Only) 

Dependent 

Variable 

Independent 

Variables 

Sum of 

Squares 

Mean 

Square 

F-

Value 

P-

Value R2 

IMRD Model 0.0771 0.0257 1.3500 0.3575 0.4479 

 

Distance to 

Mouth 0.0001 0.0001 0.0100 0.9428  

 Watershed 0.0695 0.0348 1.8300 0.2536  

       

GobyD Model 0.7108 0.2369 1.0100 0.4606 0.3778 

 

Distance to 

Mouth 0.3058 0.3058 1.3100 0.3049  

 Watershed 0.0195 0.0097 0.0400 0.9596  

       

GobyR Model 8.8998 2.9666 7.4600 0.0271 0.8173 

 

Distance to 

Mouth 2.0109 2.0109 5.0500 0.0744  

 Watershed 7.1159 3.5580 8.9400 0.0223  

       

PoecD Model 6.7619 2.2540 30.6900 0.0012 0.9485 

 

Distance to 

Mouth 0.4805 0.4805 6.5400 0.0508  

 Watershed 6.4067 3.2034 43.6200 0.0007  

       

NA Model 23.4515 7.8172 2.6900 0.1566 0.6179 

 

Distance to 

Mouth 0.0478 0.0478 0.0200 0.9029  

 Watershed 20.1559 10.0780 3.4700 0.1133  

       

AR Model 0.0626 0.0209 2.0000 0.2330 0.5451 

 

Distance to 

Mouth 0.0103 0.0103 0.9900 0.3653  

 Watershed 0.0170 0.0085 0.8200 0.4934  

       

HS Model 0.0147 0.0049 8.7200 0.0198 0.8396 

 

Distance to 

Mouth 0.0028 0.0028 4.9000 0.0778  

 Watershed 0.0074 0.0037 6.5500 0.0401  
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Table 4.11 Continued 

NeB Model 581.3244 193.7748 8.0100 0.0235 0.8278 

 

Distance to 

Mouth 12.9622 12.9622 0.5400 0.4969  

 Watershed 350.7393 175.3697 7.2500 0.0333  

       

Skew Model 0.7438 0.2479 0.7500 0.5666 0.3109 

 

Distance to 

Mouth 0.2531 0.2531 0.7700 0.4210  

 Watershed 0.6705 0.3352 1.0200 0.4261  

       

Kurt Model 17.6197 5.8732 1.7600 0.2705 0.5137 

 

Distance to 

Mouth 2.7449 2.7449 0.8200 0.4059  

 Watershed 17.6196 8.8098 2.6400 0.1649  

       

Phi Model 0.0140 0.0047 0.7100 0.5854 0.2993 

 

Distance to 

Mouth 0.0063 0.0063 0.9600 0.3732  

 Watershed 0.0131 0.0066 1.0000 0.4323  

       

f Model 0.0430 0.0143 6.0300 0.0408 0.7835 

 

Distance to 

Mouth 0.0077 0.0077 3.2400 0.1316  

 Watershed 0.0102 0.0051 2.1400 0.2134  

       

K Model 0.0033 0.0011 4.7300 0.0837 0.7802 

 

Distance to 

Mouth 0.0018 0.0018 7.5000 0.0520  

 Watershed 0.0025 0.0013 5.3200 0.0747  

       

L∞ Model 27815.7430 9271.9143 0.7500 0.5777 0.3593 

 

Distance to 

Mouth 2124.6615 2124.6615 0.1700 0.7002  

  Watershed 17936.2080 8968.1040 0.7200 0.5394   
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Table 4.12. General linear model regression results for all 18 sites. Distance to mouth is a 

fixed coefficient, while watershed is categorical and random. The interaction between 

distance to mouth and watershed was not significant for any dependent variable, so it was 

dropped from the analysis, and type II sum of squares was reported. For each dependent 

variable, there are three degrees of freedom (DF) for the whole model, one DF for 

distance to mouth, and two DF for watershed. 

N = 18 (All Sites) 

Dependent 

Variable 

Independent 

Variables 

Sum of 

Squares 

 Mean 

Square 

F-

Value 

P-

Value 

R-

square 

VSD Model 0.1378 0.0459 0.8700 0.4810 0.1568 

 Distance to Mouth 0.0483 0.0483 0.9100 0.3557  

 Watershed 0.1265 0.0633 1.1900 0.3319  

       

GobyD Model 1.6750 0.5583 2.8100 0.0779 0.3759 

 Distance to Mouth 1.1276 1.1276 5.6800 0.0319  

 Watershed 0.1256 0.0628 0.3200 0.7340  

       

GobyR Model 7.8288 2.6096 3.5000 0.0442 0.4283 

 Distance to Mouth 4.3843 4.3843 5.8700 0.0295  

 Watershed 5.3770 2.6885 3.6000 0.0547  

       

PoecD Model 7.0744 2.3581 9.9500 0.0009 0.6808 

 Distance to Mouth 0.4030 0.4030 1.7000 0.2132  

 Watershed 6.9404 3.4702 14.6500 0.0004  

       

NA Model 18.4151 6.1384 0.4700 0.7101 0.0909 

 Distance to Mouth 0.5007 0.5007 0.0400 0.8481  

 Watershed 11.6485 5.8242 0.4400 0.6508  

       

AR Model 0.1143 0.0381 1.2400 0.3341 0.2093 

 Distance to Mouth 0.0161 0.0161 0.5200 0.4818  

 Watershed 0.1052 0.0526 1.7100 0.2173  

       

HS Model 0.0274 0.0091 0.9700 0.4330 0.1726 

 Distance to Mouth 0.0109 0.0109 1.1600 0.2989  

 Watershed 0.0103 0.0051 0.5500 0.5904  

       

NeB Model 3839.3947 1279.7982 2.4800 0.1105 0.3832 

 Distance to Mouth 754.2531 754.2531 1.4600 0.2495  

 Watershed 904.8654 452.4327 0.8800 0.4405  
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Table 4.12 Continued 

Skew Model 1.0840 0.3613 0.3300 0.8073 0.0814 

 Distance to Mouth 0.0890 0.0890 0.0800 0.7825  

 Watershed 1.0605 0.5303 0.4800 0.6329  

       

Kurt Model 11.2872 3.7624 0.5400 0.6679 0.1521 

 Distance to Mouth 11.0729 11.0729 1.5800 0.2399  

  Watershed 5.2601 2.6300 0.3800 0.6968   
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Figure 4.1. Location of study watersheds on the island of Hawaii, with associated watershed land use/land cover.
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Figure 4.2. Seasonal estimates of apparent survival (Phi) and apparent recruitment (f) by site 

(IMR sites only) for each study watershed.
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Figure 4.3. Correlogram of Mantel’s r versus linear distance across sample sites (All sites) in 

each study watershed
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Figure 4.4. Analysis of population structure among sites in each study watershed plotted with DISTRUCT. Delta K, 

calculated in STRUCTURE harvester, was found to equal two. 
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Figure 4.5. Geometric mean regression of visual survey densities (VSD) and effective 

population size (NeB). 
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Figure 4.6. Geometric mean regression of individual mark-recapture densities (IMRD) and 

effective population size (NeB).
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