
ABSTRACT 

BRAY, CASEY DEAN. Reactive Nitrogen Emissions from Biomass Burning and the Impact of 

Climate Change. (Under the direction of Dr. Viney P. Aneja). 

 

Reactive nitrogen (e.g. ammonia (NH3), ammonium (NH4
+), nitric oxide (NO), nitrogen 

dioxide (NO2), nitric acid (HNO3), nitrous oxide (N2O), nitrous oxide (HONO), peroxyacetyl 

nitrate (PAN - CH3C(O)O2NO2) and other organic N compounds) is an important component of 

all life forms. However, excess emissions can have detrimental impacts on human health and the 

environment. For example, ammonia (NH3) and oxides of nitrogen (NOx: NOx = NO + NO2) 

contribute to the formation of particulate matter and ozone, respectively, which are pollutants 

associated with many adverse health effects, such as chronic bronchitis, aggravated asthma, 

irregular heartbeat, other cardiovascular and respiratory issues and even death. In addition, NH3 

is also important in the environment due to its role in acid deposition and the nitrogen cycle, 

which is an important nutrient cycle for living organisms. NH3 and ammonium (NH4
+) in the 

atmosphere are deposited to the surface via wet and dry deposition. This could lead to several 

negative impacts on the environment, such as soil acidification, eutrophication, as well as 

decreasing the resistance of vegetation to drought and frost damage. Furthermore, nitrous oxide 

(N2O) is a major greenhouse gas that not only contributes to the changing climate, but also has a 

role in the depletion of stratospheric ozone thus increasing the risk of both skin cancer and 

cataracts. In the past century, humans have made major perturbations, both directly and 

indirectly, to the biogeochemical cycling of nitrogen in the atmosphere. Direct perturbations 

include increased emissions due to an increase in agricultural crop production, the Haber-Bosch 

method and the use of agricultural and prescribed burns, while indirect perturbations include 

increased emissions of reactive nitrogen from wildfires, which are increasing in severity due to 

the rapidly changing climate. The objective of this research is to quantify emissions of reactive 



nitrogen from biomass burning (wildfires, agricultural burns and prescribed burns) at a global 

and regional scale using a suite of satellite data products. Furthermore, statistical regression 

analyses were completed to predict global emissions of reactive nitrogen species for future 

climate change scenarios (RCP 4.5 and RCP 8.5) as well as to predict ambient concentrations in 

New Delhi, India, based on agricultural burning emissions in the Indo-Gangetic Plains and 

meteorological parameters.  

  



 

 

 

 

 

 

 

 

 

 

 

© Copyright 2019 by Casey D. Bray 

All Rights Reserved



Reactive Nitrogen Emissions from Biomass Burning and the Impact of Climate Change 

 

 

 

 

by 

Casey Dean Bray 

 

 

 

 

A dissertation submitted to the Graduate Faculty of 

North Carolina State University 

in partial fulfillment of the  

requirements for the degree of 

Doctor of Philosophy 

 

 

 

Atmospheric Sciences 

 

 

 

Raleigh, North Carolina 

2019 

 

 

 

APPROVED BY: 

 

 

_______________________________                       _______________________________ 

Dr. Viney P. Aneja                                                                Dr. S. Pal Arya 

Committee Chair 

 

 

_______________________________                       _______________________________ 

Dr. Quansong Tong                                             Dr. Yang Zhang 



 

ii 

 

DEDICATION 

To my parents and David – Thank you.  

 

 

 

 

 

 

 

 

 

 

 

 

 



 

iii 

 

BIOGRAPHY 

Casey Bray graduated from North Carolina State University in 2014 with a Bachelor of 

Science degree in Meteorology. During her undergraduate career she participated in the NCSU 

Weather Broadcasting Club, the NCSU Student Chapter of the American Meteorological 

Society, where she was president the 2013-2014 school year, and she was a member of the Chi 

Omega Fraternity, where she served as vice president in 2013. During her graduate career, she 

was a summer intern for the North Carolina Department of Environmental Quality and for the 

Forsyth County Office of Environmental Assistance and Protection, where she did the daily air 

quality forecast for the state of North Carolina. She then interned with EC/R, incorporated, for a 

year, where she helped create an emission inventory for dust and VOCs from agriculture, before 

becoming a full-time student services contractor for the US EPA, where she worked on a variety 

of projects including emission factor development and a needs assessment of the PM2.5 and 

VOC emission source profiles in the SPECIATE database that are used in the US EPAs 

Emissions Modeling Platform. She is currently working for the US EPA as a Physical Scientist. 

Outside of atmospheric science, her interests include running, biking, wakeboarding, Harry 

Potter and all things Disney.  



 

iv 

 

ACKNOWLEDGMENTS 

            I would like to acknowledge my committee members, Dr. Viney Aneja, Dr. Yang Zhang, 

Dr. Daniel Tong and Dr. S. Pal Arya. Dr. Aneja, I want to thank you for all you have done for 

me the past several years and for the encouragement to enter into the PhD program. I would like 

to thank Dr. Zhang for first sparking my interest in air quality with her Introduction to Air 

Quality class and for teaching me all about air quality and atmospheric chemistry with her 

coursework. While those classes were challenging, I learned a lot and I made great friends during 

the endless hours of studying we would do. I would thank Dr. Tong for all his help and guidance 

with my research and my manuscripts. Finally, I would like to thank Dr. Arya for all his helpful 

comments and suggestions for my research topic and for the support provided through the years.  

          I would like to thank Dr. Bill Battye for all the support and help provided as well as for the 

opportunities provided. I would like to thank the air quality research group and the US EPA ACE 

Program for the support provided. I would like to acknowledge the University of Maryland, 

Department of Geography, and NASA for generously providing their data for all to use on the 

UMD website. I acknowledge the NASA Land Processes Distributed Active Archive Center (LP 

DAAC) for freely providing the MODIS VCF. The authors would also like to acknowledge and 

thank NASA for providing the MERRA-2 data on their website 

(https://gmao.gsfc.nasa.gov/reanalysis/MERRA-2/). I would like to acknowledge the NOAA Air 

Resources Laboratory for providing their HYSLPIT model online 

(https://ready.arl.noaa.gov/HYSPLIT.php) and OpenAQ (openaq.org) for freely providing 

ambient measurements of PM2.5 in India. Furthermore, I would like to acknowledge Dr. Nalin 

Agarwal, Climate Collective, and Dr. Prashant Gargava, Central Pollution Control Board, both in 

New Delhi, India, for their assistance in providing the data and the Program for Climate Model 



 

v 

 

Diagnosis and Intercomparison (PCMDI) and the WCRP's Working Group on Coupled 

Modelling (WGCM) for their roles in making available the WCRP CMIP3 multi-model dataset. 

Support of this dataset is provided by the Office of Science, U.S. Department of Energy. I also 

acknowledge Dr. Maria Val Martin for providing her future burn area data and her guidance on 

using the product.  

                

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

vi 

 

TABLE OF CONTENTS 

 

LIST OF TABLES ...................................................................................................................... viii 

LIST OF FIGURES ....................................................................................................................... x  

Chapter 1: Introduction .............................................................................................................. 1 

1.1 - The Nitrogen Cycle ............................................................................................................... 4 

1.2 - Reactive Nitrogen ................................................................................................................ 11 

 1.2.1 - Ammonia (NH3) ................................................................................................... 12 

      1.2.2 - Oxides of Nitrogen (NOx) .................................................................................... 25 

 1.2.3 - Nitrous Oxide (N2O) ............................................................................................. 36 

1.3 - Biomass Burning as a Source for Reactive Nitrogen .......................................................... 43 

1.3.1 - Biomass Burning in a Changing Climate ............................................................. 48 

1.3.2 - Nr Emissions from Biomass Burning  .................................................................. 51 

1.3.3 - Quantifying Nr Emissions from Biomass Burning............................................... 54 

1.4 - Study Objectives and Motivation ........................................................................................ 57 

Chapter 2: Ammonia Emissions from Biomass Burning in the CONUS ............................. 59 

2.1 - Introduction ......................................................................................................................... 59 

2.2 - Data and Methodology ........................................................................................................ 61 

2.2.1 - Biomass Burning Emissions ................................................................................. 61 

2.2.2 - Comparison with Other Inventories ..................................................................... 66 

2.2.3 - Regression Analysis ............................................................................................. 71 

2.2.4 - Statistical Comparison .......................................................................................... 72 

2.3 - Results and Discussion ........................................................................................................ 73 

2.3.1 - Emissions .............................................................................................................. 73 

2.3.2 - Regression Analysis ............................................................................................. 78 

2.3.3 - Inventory Comparison .......................................................................................... 82 

2.4 - Conclusions ......................................................................................................................... 85 

Chapter 3: Global Scale Reactive Nitrogen Emission from Biomass Burning .................... 86 

3.1 - Introduction ......................................................................................................................... 86 

3.2 - Data and Methodology ........................................................................................................ 89 

3.2.1 - Quantification of Nr Emissions ............................................................................ 89 

3.2.2 - Impact of Climate Change on Nr Emissions from Biomass Burning................... 94 

3.2.3 - Statistical Comparison .......................................................................................... 97 

3.3 - Results and Discussion ........................................................................................................ 99 

3.3.1 - Global Emissions from Biomass Burning ............................................................ 99 

3.3.2 - Inventory Comparison ........................................................................................ 101 

3.3.3 - Statistical Observation Models ........................................................................... 108 

3.3.4 - Future Emissions from Biomass Burning ........................................................... 117 

3.4 - Conclusions ....................................................................................................................... 121 

Chapter 4: The role of biomass burning agricultural emissions in the Indo-Gangetic  

                    Plains on the air quality in New Delhi, India..................................................... 124 

4.1 - Introduction ....................................................................................................................... 124 

4.2 - Data and Methodology ...................................................................................................... 126 

4.3 - Results and Discussion ...................................................................................................... 130 

4.4 - Conclusions ....................................................................................................................... 137 

Chapter 5: Conclusions ........................................................................................................... 139 



 

vii 

 

REFERENCES .......................................................................................................................... 142 

APPENDICES ........................................................................................................................... 193 

Appendix A: Evaluating ammonia (NH3) predictions in the NOAA National  

Air Quality Forecast Capability (NAQFC) using in-situ aircraft and satellite 

measurements from the CalNex2010 campaign ............................................................ 194 

Appendix B: Conference Abstracts……………………………………………………235 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

viii 

 

LIST OF TABLES 

Table 1 Emission source categories identified by Van Damme et al. (2018) for regions 

shown in Figure 3. .................................................................................................... 17 

 

Table 2 A summary of common biomass burning emission techniques. .............................. 57 

 

Table 3 The biomass loading term (kg m-2) for each respective land classification type 

(Wiedinmyer et al., 2006) and the NH3 emission factor for each land 

classification type (Wiedinmyer et al., 2011).. ......................................................... 65 

 

Table 4 Summary of methodology used to estimate the fraction of biomass burned  

 based on the work of Ito and Penner (2004) and Wiedinmyer et al. (2006, 

2011)... ...................................................................................................................... 65 

 

Table 5 Comparison in methodology and input data used in this study with other  

 accepted inventories.... ............................................................................................. 67 

 

Table 6 Comparison statistics for national monthly NH3 emissions for 2010 to 2014..... .... 79 

 

Table 7 Comparison statistics for the national monthly NH3 emissions for 2014..... ........... 81 

 

Table 8 Fuel loadings (g m-2) used in this work from Wiedinmyer et al. (2011) for 

each generic land classification and region. Values based on Hoelzemann et 

al. (2004) unless otherwise noted. Table based on Table 2 Wiedinmyer et al. 

(2011)..... .................................................................................................................. 91 

 

Table 9 Reactive nitrogen emission factors from biomass burning of each respective land 

classification type. Top emission factors represent the mean of several studies 

while the bottom emission factors represent, when data are available, 

  the high end of the mean emission factors. For more information on the 

emission factors used in this work, please refer to the factors respective 

references..... ............................................................................................................. 93 

 

Table 10 Comparison methodology and input data used in this study versus other major 

fire emission inventories..... ................................................................................... 103 

 

Table 11 Comparison against average annual total emissions from biomass burning  

 in the literature..... ................................................................................................... 104 

 

Table 12 Comparison statistics for global average monthly NH3 emissions for 2001 to 

2015…...…………………………………………………………………………..110 

 

Table 13 Comparison statistics for global average monthly NH3 emissions for 2011  

 to 2015. It is important to note that these years were not used in the creation  

 of the regression model..... ..................................................................................... 111 



 

ix 

 

Table 14 Comparison statistics for global average monthly NOx emissions for 2001 to 

2015..... ................................................................................................................... 112 

 

Table 15 Comparison statistics for global average monthly NOx emissions for 2011 to  

 2015. It is important to note that 2011-2015 were not used in the creation of  

 the regression model..... .......................................................................................... 113 

 

Table 16 Comparison statistics for global average monthly N2O emissions for 2001 to 

2015………. ........................................................................................................... 114 

 

Table 17 Comparison statistics for global average monthly N2O emissions for 2011 to 

2015…………………………………………………………………………….....115 

 

Table 18 Emission factors for reactive nitrogen species used in this work. (source:  

 Ravindra et al. 2019)..... ......................................................................................... 127 

 

Table 19 Comparison statistics for daily average PM2.5 concentration in New Delhi,  

 India, during April- May and October-November 2016 and 2017..... .................... 137 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

x 

 

LIST OF FIGURES 

Figure 1 Major processes in the nitrogen cycle (Source: Warneck, 1999). .............................. 5 

 

Figure 2 The general, natural nitrogen cycle with anthropogenic additions  

 (orange arrows). Figure based on Battye et al. (2017), obtained  

 from William Battye (personal communication, 2018). ........................................... 10 

 

Figure 3 Global NH3 (molecules cm-2) hotspots identified from Van Damme  

 et al. (2018) based on a nine-year average of IASI NH3 retrievals.  

 Each number refers to a certain location where an emission source  

 has been identified (Table 1). (Image source: Figure S1, Van Damme  

 et al., 2018). .............................................................................................................. 16 

 

Figure 4 Aircraft in-situ measurements of NH3 (blue dots) plotted against model  

 predictions on a log-log scale plot. The red line shows where the measured  

 points should have fallen if the model predictions were exactly correct and 

  the gold line shows the actual measured trend line. The actual trend line  

 (gold line) is plotted above the one-to-one line (red line), while the bias  

 line given by the median ratio is given by the cyan-green line. Figure 

 obtained from Bray et al. (2017). ............................................................................. 24 

 

Figure 5 Mean tropospheric NO2 column for 2004 derived from SCIAMACHY  

 observations (source: van der A et al., 2008) ........................................................... 28 

 

 

Figure 6 Example of photochemical smog (top) in California compared with a clear  

 day (bottom). (Source: http://www.topsmkt.com/going-green/tops-june- 

 green-tip-limiting-outdoor-air-pollution/) ................................................................ 29 

 

Figure 7 Flaming (bottom image) v. smoldering (top image) fire. Images obtained  

 from Google. ............................................................................................................ 53 

 

Figure 8 The yearly total number of fires, the yearly average fire radiative power  

 (and associated standard deviation), the yearly average brightness  

 temperature (and associated standard deviation), the yearly burn area  

 and the yearly ammonia emissions from fires plotted for 2005-2015.  

 The associated trend line is displayed as a yellow-gold line. Error bars  

 represent the standard deviation.. ............................................................................. 76 

 

Figure 9 The monthly total number of fires, the monthly average fire radiative  

 power, the monthly burn area and the monthly NH3 emissions from  

 biomass burning for each year in the study.. ............................................................ 77 

 

Figure 10 Comparing the predicted NH3 emissions with the calculated NH3  

 emissions for 2010-2014 on a log scale. The red line represents  

http://www.topsmkt.com/going-green/tops-june-


 

xi 

 

 the one-to-one trendline where the calculated NH3 emissions =  

 the predicted SOM NH3 emissions. The gold line represents the  

 mean bias line and the purple line represents the median bias line... ....................... 80 

 

Figure 11 Comparing the predicted NH3 emissions with the calculated NH3  

 emissions for 2014 on a log scale. The red line represents the  

 one-to-one trendline where the calculated NH3 emissions = the  

 predicted SOM NH3 emissions. The gold line represents the mean  

 bias line and the purple line represents the median bias line.... ............................... 82 

 

Figure 12 Comparing the yearly total NH3 emissions (on a log scale) from  

 biomass burning calculated and predicted in this study with the NEI,  

 the FINN and the GFED. Note that 2005 – 2009 and 2014 were not  

 included in the creation of the SOM..... ................................................................... 83 

 

Figure 13 Comparing the predicted NH3 emissions with the calculated NH3  

 emissions for 2010-2014 on a log scale. The red line represents  

 the one-to-one trendline where the calculated NH3 emissions =  

 the predicted SOM NH3 emissions. The gold line represents the  

 mean bias line and the purple line represents the median bias line... ..................... 100 

 

Figure 14 The results from this work compared against other global biomass  

 burning emission inventories. It is important to note that the FINN  

 model does not quantify N2O emissions from biomass burning.... ........................ 102 

 

Figure 15 Comparing ammonia emission inventories from biomass burning created 

  in this chapter (C3) and Chapter 2 (C2) with other major emission  

 inventories for the continental US. ......................................................................... 106 

 

Figure 16 Comparing NOx and N2O emission inventories from biomass burning  

 created in this chapter (C3) and Chapter 2 (C2) with other major emission 

inventories for the continental US.. ........................................................................ 107 

 

Figure 17 Comparing burn areas obtained from the MODIS Collection  

 6 Burn Area product and the MODIS Collection 5.1 Burn Area  

 product for the CONUS.. ........................................................................................ 108 

 

 

Figure 18 Comparing the yearly average calculated emissions of NH3, NOx  

 and N2O (blue line) with the yearly average emissions predicted  

 by the SOMs for each species (red line).. ............................................................... 116 

 

 

 

 

 



 

xii 

 

Figure 19 Comparing current calculated average Nr emissions with projected  

 average Nr emissions based off two climate change scenarios:  

 RCP 4.5. and RCP 8.5. The green diamonds represent the average  

 emissions projected by the RCP 4.5 climate scenario, while the  

 dashed green line represents the RCP 4.5 trendline based on  

 current modeled average emissions. Similarly, the red diamonds  

 represent future emissions projected by the RCP 8.5 climate scenario,  

 with the dashed red line representing the trendline for RCP 8.5 

  projections based on the current average modeled emissions. The  

 ‘Current’ time frame refers to the study period (2001 – 2015),  

 ‘Mid-Century’ refers to 2050-2055 and ‘End of Century’ refers to  

 2090-2095... ............................................................................................................ 118 

 

 

Figure 20 Current global average temperature and precipitation and burn area 

 compared with the global projected temperature, precipitation and  

 burn area, respectively, for RCP 4.5 and RCP 8.5. The ‘Current’  

 time frame refers to the study period (2001 – 2015), ‘Mid-Century’  

 refers to 2050-2055 and ‘End of Century’ refers to 2090-2095... .......................... 121 

 

 

Figure 21 Daily average concentrations of PM2.5 concentrations in New Delhi,  

 India. The blue line represents the average daily concentrations of  

 PM2.5 while the red line represents the Indian Ambient Air Quality  

 Standards for PM2.5. ............................................................................................... 131 

 

 

Figure 22 Comparing Nr  and OC emissions in the IGP (log scale) with average PM2.5 

concentrations in New Delhi, India (linear scale)………………………………...133 

 

 

Figure 23 (a, top) NASA FIRMS active fire data (MODIS MCD14DL) plotted  

 the 24-hour back trajectory (500m) for November 6, 2016, from the  

 NOAA HYSPLIT model. The background image is a MODIS image  

 from NASA’s Terra satellite for November 6, 2016, that shows smoke  

 blanketing the region. (b, bottom) NASA FIRMS active fire data (MODIS 

MCD14DL) plotted the 24-hour back trajectory (500m) for May 29, 2016,  

 from the NOAA HYSPLIT model. The background image is a MODIS  

 image from NASA’s Terra satellite for May 29, 2016. .......................................... 128 



   

1 

 

CHAPTER 1 

Introduction  

The biogeochemical cycling of nitrogen is extremely important due to the role nitrogen 

plays in both aquatic and terrestrial ecosystems. However, the increase in food and energy 

production is perturbing the global nitrogen cycle by increasing the availability of reactive 

nitrogen (Nr) species, where reactive nitrogen is defined as nitrogen that is biologically active, 

photo chemically reactive and/or radioactively active (e.g. ammonia (NH3), ammonium (NH4
+), 

nitric oxide (NO), nitrogen dioxide (NO2), nitric acid (HNO3), nitrous oxide (N2O), nitrous acid 

(HONO), peroxyacetyl nitrate (PAN - CH3C(O)O2NO2), nitrate (NO3
-), nitrite (NO2

-), 

hydroxylamine (NH2OH) and other organic N compounds) (Fowler et al., 2013). For this work, 

the focus is on emissions of ammonia (NH3), oxides of nitrogen (NOx; NOx = NO + NO2) and 

nitrous oxide (N2O).  Increased emissions of reactive nitrogen in the atmosphere can negatively 

impact air quality, the environment and human health. For example, deposition of reactive 

nitrogen species can lead to a decrease in biological diversity, soil acidification and lake 

eutrophication, eutrophication of coastal zones (Clark and Tilman, 2008; Galloway et al., 2004; 

Holtgrieve et al., 2011; Janssens et al., 2010; Phoenix et al., 2012; Erisman et al., 2013). 

Atmospheric reactive nitrogen also has a negative impact on air quality. For example, NOx, a 

form of reactive nitrogen, can increase tropospheric ozone (O3) formation and NH3 can lead to 

the formation of fine particulate matter (PM2.5) (Baek and Aneja, 2004; Baek et al., 2004; 

Davidson et al., 2012; Day et al., 2012; Chen et al., 2014). There are many adverse health effects 

associated with exposure to elevated concentrations of ozone and fine particulate matter, such as 

chronic bronchitis, aggravated asthma, irregular heartbeat, other cardiovascular and respiratory 

issues and even death (Pope et al., 2002; Schwartz et al., 2002; Pope et al., 2006; Pope et al., 
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2009; Kwok et al., 2013; Crouse et al., 2015a; Crouse et al., 2015b; Lelieveld et al., 2015). PM2.5 

is also associated with several environmental impacts, such as reducing visibility and changing 

the earth’s radiational balance (Fan et al., 2005; Behera and Sharma, 2010a; Behera and Sharma, 

2010b, Heald et al., 2012; Wang et al., 2012). Increased emissions of reactive nitrogen can 

impact climate change as well as negatively impact human health and welfare (Davidson et al., 

2012; Galloway et al., 2004; Gruber and Galloway, 2008). 

Major sources of NH3 include nitrogen-based fertilizers, animal waste, and biomass 

burning (Langford et al., 1992; Schlesinger and Hartley, 1992; Bouwman et al., 1997; Delmas et 

al., 1997; Flechard and Fowler, 1998; Yu’e and Erda, 2000; Battye et al., 2003; Aneja et al., 

2009; Syakila and Kroeze, 2011; Zbieranowski and Aherne, 2012). While agriculture accounts 

for approximately 82% of all ammonia emissions on a national level, fires account for a total of 

about 10% of all ammonia emissions nationwide, making it the second largest source of 

ammonia into the atmosphere (2014 NEI).  Biomass burning is an important source of ammonia 

emissions, but the strength of the source remains poorly quantified (Alves et al., 2011; Chen et 

al., 2014). Major sources of NOx include fossil fuel combustion (24%), mobile sources (57%) 

and industrial processes (10%) (EPA, 2016).  Major sources of N2O include agriculture (80%) 

and combustion (10%) (EPA, 2016). While biomass burning only accounts for approximately 

2% percent of all NOx and N2O emissions, it is still an important emission source of each species 

because it cannot be completely controlled.   

The strength and frequency of fires are not only controlled by the properties of the fuel 

and the geography, but they are also influenced by weather and climate (Pyne et al., 1996; Liu et 

al., 2010). Therefore, changes in the earth’s climate will likely result in changes in fire activity 

(e.g. Westerling et al., 2006). Higher temperatures and widespread drought are expected to cause 
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an increase in the number of observed wildfires across many regions of the US, such as the 

southeastern United States, the northern great plains, the Pacific coast, the southwestern US and 

the southern Rockies (Pinol et al., 1998; Gillet et al., 2004; Reinhard et al., 2005; Liu, 2006; 

Westerling et al., 2006; Alves et al., 2011; Litschert et al., 2012; Saylor et al., 2015; Skibba, 

2015). However, due to changes in relative humidity and wind speeds, the future fire potential in 

the northern Rockies and the northwestern United States may likely be reduced (Liu et al., 2013). 

On a global scale, wildfire potential is projected to increase as the climate changes, specifically 

in locations that are already prone to the occurrence of wildfires (Liu et al., 2010). This increase 

in wildfire potential will then potentially lead to an increase in Nr emissions from biomass 

burning. These changes in the biogeochemical cycle of nitrogen will have great impacts on the 

environment. For example, gaseous ammonia may be deposited to the Earth’s surface, which 

leads to ammonification, eutrophication and a loss of biodiversity (Langford et al., 1992; 

Robarge et al., 2002; Galloway et al., 2004; Clark and Tilman, 2008; Janssens et al., 2010; Day 

et al., 2012; Holtgrieve et al., 2011; Phoenix et al., 2012; Erisman et al., 2013; Chen et al., 2014).  

Increased concentrations of ammonia can also lead to a decreased resistance to drought and frost 

damage (Robarge et al., 2002). In addition, nitrous oxide is a major greenhouse gas that 

contributes to the warming climate (Bouwman, 1996).  

The primary objective of this research is to quantify emissions of reactive nitrogen (NOx, 

NH3, N2O) from biomass burning (wildfires, agricultural burns and prescribed burns). The first 

analysis in this work focuses on quantifying NH3 emissions across the CONUS for 2005 – 2015 

using a suite of satellite data (Chapter 2). This emission inventory was then compared against 

three major fire emission inventories: The Fire Inventory from the National Center for 

Atmospheric Research (FINN v1.4, Wiedinmyer et al., 2011), the Global Fire Emissions 
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Databases (GFED v4.1, with small fires; van der Werf et al., 2017), and the US Environmental 

Protection Agency (EPA) National Emissions Inventory (NEI) with fire inventory data. 

Furthermore, a regression analysis, using forward stepwise regression, was completed in order to 

determine the best fit model of emissions for NH3 from biomass burning. The second analysis in 

this work (Chapter 3) is a global emissions inventory of three major reactive nitrogen species 

(NH3, NOx, and N2O) for 2001-2015. This inventory differs from the aforementioned CONUS 

inventory in the sense that it was created using an updated set of satellite data that are more 

representative of current conditions. This global inventory was then compared with both FINN 

(v1.4) and GFED(v4.1) on a year to year basis, while the yearly average was compared against 

the current literature. A regression analysis was also conducted for each species of reactive 

nitrogen and future emissions of each reactive nitrogen species were projected for 2050-2055 

and 2090-2095 under two prominent climate change scenarios (RCP 4.5, RCP 8.5). Finally, a 

local scale analysis of Nr emissions from agricultural burning of wheat and rice paddy residue in 

the Indo-Gangetic Plains (IGP) in 2016 and 2017 was completed to determine the role of these 

emissions in ambient PM2.5 concentrations in New Delhi, India (Chapter 4).  Using these data, 

statistical regression analyses were completed to predict ambient concentrations of PM2.5 in New 

Delhi based on both meteorological conditions and agricultural burning emissions of NH3 in the 

IGP.  

1.1 - The Nitrogen Cycle  

Nitrogen is an important and essential component of all life. However, most nitrogen in 

the atmosphere is molecular nitrogen (N2), which is an inert gas and therefore unused by 

organisms. Therefore, N2 must be converted to a form that can be used by the organisms. There 

have been a number of studies on the global and regional nitrogen cycle (e.g. Galloway et al., 
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1995; Vitousek et al., 1997; Galloway, 1998; Seitzinger and Kroeze, 1998; Warneck, 1999; 

Galloway, 2000; Galloway and Cowling, 2002; Galloway et al., 2004; Galloway et al., 2008).  

N2 gas in the atmosphere is very stable due to the nitrogen-nitrogen triple bond and takes 

an enormous amount of energy to break (940 kJ mol-1) (Gilchrist and Benjamin, 2017). 

Therefore, the chemical conversion to biologically available forms (e.g. NO, NH3) is difficult. 

There are two types of natural processes for the fixation of N2 (Figure 1).  

 

Figure 1. Major processes in the nitrogen cycle (Source: Warneck, 1999).  

One process is the conversion of N2 to NH3, NH4
+ and organic nitrogen compounds via 

microorganisms, while the other process is fixation of N2 (via lightning, cosmic rays) to produce 

NO in the atmosphere. Biological nitrogen fixation is done by prokaryotes, eubacteria and archea 

(diazotrophs) in anaerobic conditions due to the sensitivity of nitrogenase (the enzyme that is 

fixes N2) to oxygen. The importance of reactive nitrogen for agriculture was recognized and, 

therefore, the Haber-Bosch process began development in the early 1900s. The Haber-Bosch 

process, which is still used today, produces NH3 by reacting N2 and H2 at 300C and 300 atm 

over an iron catalyst (Reaction 1; Gilchrist and Benjamin, 2017):  
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N2 + 3H2 → 2NH3  (R1). 

 

Another contributor of fixed (reactive) biologically available nitrogen is the combustion 

of fossil fuels. Following the reduction of N2 to NH3 by diazotrophs, the NH3 is then assimilated 

as organic nitrogen via bacteria or the host plants (assimilation), which can then be consumed by 

animals (Jacob, 1999). These animals then excrete the consumed nitrogen or die and the resulting 

organic nitrogen is consumed by bacteria where it is then mineralized to NH4
+, where it can be 

assimilated by other organisms. In addition to this, NH4
+ can also be used by bacteria as an 

energy source by oxidizing it to nitrite (NO2
-) or nitrate (NO3

-) (nitrification) (Reactions 2-3; 

Gilchrist and Benjamin, 2017): 

 

2NH4
+ + 3O3 → 2NO2

- + 4H+ + 2H2O + energy  (R2),  

2NO2
- + O2 → 2NO3

- + energy  (R3). 

 

As shown in the preceding reactions (Reactions 2 and 3), this process is aerobic (i.e. requires the 

presence of oxygen). Because nitrate is readily assimilated by plants and bacteria, it provides 

another route for the formation of organic nitrogen. Under anaerobic conditions (i.e. conditions 

lacking O2), bacteria use NO3
- as an oxidant to convert NO3

- to N2, which is then returned to the 

atmosphere in a complex, multi-step nitrogen reduction process: 

 

NO3
- → NO2

 - → NO → N2O → N2. 

 



   

7 

 

It is important to note that emissions of NO and NO2 may also be released during this process 

(Gilchrist and Benjamin, 2017). While not shown in Figure 1, N2 may also be produced via 

anammox, which is an anaerobic ammonium oxidation pathway that was discovered in 1990 

(Van de Graaf et al., 1990; Mulder et al., 1995; Jetten et al., 1998) due to high N2 generation at a 

waste water plant. The resulting studies showed that ammonium was able to be oxidized by 

certain bacteria using nitrite in anaerobic conditions (Reaction 4): 

 

NH4
+ + NO2

- → N2 + 2H2O        (R4). 

 

Because this process converts biologically available nitrogen to N2, it can be considered as a 

form of denitrification. As aforementioned, N2 in the atmosphere can be fixed by high 

temperature oxidation to NO.  

NO is formed in the atmosphere via processes either involving the oxidation of fuel 

nitrogen or by the oxidation of N2 at high temperatures. NO from combustion has several 

different formation mechanisms (Dean and Bozzelli, 2000; Erisman and Fowler, 2010): 

“Thermal NO” is formed under high flame temperatures (Zeldovich 1946), “Prompt NO” is 

produced within fuel rich parts of flames (Fenimore, 1976), the “N2O mechanism” is important 

in high pressure flame (Wolfrum, 1972; Malte and Pratt, 1974), “Fuel nitrogen” NO is produced 

via the nitrogen containing species in the fuel (Fenimore, 1976), and the “NNH mechanism” 

where NO is produced from high atom concentrations in flame fronts (Bozzelli and Dean, 1995).  

In the “Thermal NO” process, which is also called the Zeldovich mechanism, N2 

contributes to the formation of NO at extremely high temperatures (e.g. lightning strike):  
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O + N2  NO + N        (R5) 

N + O2  NO + O        (R6) 

N + OH  NO + H       (R7). 

 

Due to the strong nitrogen-nitrogen triple bond, Reaction 5 requires a high activation energy 

(~320 kJ/mol) and is, therefore, extremely dependent on temperature.  

The “Prompt NO” mechanism results in the rapid production of NO in a flame front, 

where the concentration of hydrocarbon radicals is large. The hydrocarbon radicals react with N2 

in a flame front to break the triple bond (Reaction 8): 

CH + N2  HCN + N      (R8), 

 allowing the free N atom to from the NO molecule from Reactions 5 and 6. Furthermore, HCN 

can lead to a second NO molecule.  

The N2O pathway, which produces NO from N2O in the stratosphere, is as follows 

(Reactions 9-11): 

  

O + N2 + M  N2O + M   (R9) 

 O + N2O  2NO              (R10) 

 H + N2O  NO + NH       (R11), 

 

where M is a “collision partner” that represents all the molecules present. Reaction 9 is more 

important at higher pressures.  

The NNH mechanism produces NO under combustion conditions with a high 

concentration of atoms (i.e. the flame front) (Reactions 12-13): 
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N2  + H → NNH              (R12) 

O + NNH  NO + NH   (R13). 

 

This production of NO is then followed by its oxidation to HNO3 (Reactions 14-17): 

 

2NO + O2  2NO2                             (R14) 

3NO2  + H2O  2HNO3 + NO          (R15) 

2NO2  N2O4                          (R16) 

2NO2 + H2O  HNO3 + HNO2          (R17), 

 

which is then scavenged by rain. However, because industry is so prominent in some parts of the 

world, nitrogen fixation via combustion engines provides an increased amount of nitrogen to the 

biosphere that then leads to an additional fertilization effect. Nitrogen is transferred to the 

lithosphere via the burial of dead organisms at the bottom of the ocean that are incorporated into 

sedimentary rock (Jacob, 1999). The nitrogen in the sedimentary rock is released back into the 

atmosphere and thus closes the nitrogen cycle when it is brought back up to the surface of the 

continent and eroded (Jacob, 1999).  

Human perturbations to the nitrogen cycle have been well studied (e.g. Vitousek et al., 

1997; Gruber and Galloway, 1998; Galloway et al., 2004; Galloway et al., 2008).  In the mid-to-

late 1800s, nitrogen fixation primarily occurred by biological nitrogen fixation, lightning, fossil 

fuel combustion and the cultivation of legumes. In addition to this, emission sources of Nr also 

include biomass burning and stratospheric injection. When compared with anthropogenic sources 

of Nr, natural sources (lightning, BNF) of Nr were much more prominent (Galloway et al., 
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2004). Nitrogen fixation by anthropogenic activities contributed to a significant increase in 

reactive nitrogen emitted into the atmosphere, with energy production (e.g. fossil fuel 

combustion, biofuel combustion, non-road transport), agriculture (e.g. fertilizer use, agricultural 

waste) and biomass burning contributing to the majority of Nr in the atmosphere. Battye et al. 

(2017) summarizes the anthropogenic perturbations to the natural nitrogen cycle with three 

general inputs: anthropogenic cultivation of nitrogen fixing crops, fertilizer run off and air 

pollution deposition (Figure 2, from Battye et al., 2017). Increases cultivation of nitrogen fixing 

crops (e.g. legumes) increased nitrogen fixation of atmospheric N2. In addition to this, the 

increased use of nitrogen fertilizer from the development of the Haber-Bosch process and the 

deposition of Nr species from fossil fuel combustion added to overall mass of biologically 

available nitrogen.  

 

 

Figure 2. The general, natural nitrogen cycle with anthropogenic additions (orange arrows). 

Figure based on Battye et al. (2017), obtained from William Battye (personal communication, 

2018).  
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By the end of the 1900s, the anthropogenic contribution of reactive nitrogen exceeded the 

natural contribution of reactive nitrogen fixation in terrestrial ecosystems and current 

anthropogenic inputs of reactive nitrogen may account for nearly half of the total reactive 

nitrogen flux on a global scale (Battye et al., 2017). This profound perturbation to the global 

nitrogen cycle is having a major impact on the environment, such as the emissions of precursor 

gases for PM2.5 and O3, impacts on species diversity, contamination of groundwater, and 

eutrophication. 

1.2 - Reactive Nitrogen 

As described above, reactive nitrogen is defined as species that are biologically active, 

photochemically reactive and/or radioactively active forms of nitrogen. The production of 

reactive nitrogen in the natural world occurs from the conversion of N2 to Nr, which requires a 

tremendous amount of energy due to the N2 triple bond. Therefore, terrestrial sources of reactive 

nitrogen include lightning and biological nitrogen fixation (BNF).  Molecular oxygen and 

nitrogen in the atmosphere produce NO when exposed to the high temperatures that occur during 

lightning strikes. This NO is then oxidized to NO2 and then HNO3 before being deposited back 

to earth via wet and dry deposition. Prior to the 20th century, anthropogenic reactive nitrogen was 

produced from fossil fuel, primarily coal, combustion and the cultivation of legumes. However, 

as the world’s population increased and the need for food and fiber increased, agricultural 

sources (e.g. legumes, rice fields) of Nr also increased. The creation of the Haber-Bosch process, 

which is a method of directly synthesizing ammonia from hydrogen and nitrogen, increased Nr 

emissions by a factor of 3 when compared to cultivation-induced BNF. In addition to this, 

biomass burning is also an important source of Nr into the atmosphere. While there are several 

species of reactive nitrogen, the focus of this study is on NH3, NOx and N2O. These three species 
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were chosen due to their prominence (NH3 and NOx comprise half of the Nr emissions) and their 

impact on both human health and the environment. 

1.2.1 - Ammonia (NH3) 

Emissions 

The exchange of NH3 between the biosphere and the atmosphere (the bi-directional flux) 

is dependent upon the concentrations of ammonia in the atmosphere and at the surface. As 

mentioned above, there are several sources of ammonia such as biomass burning, fossil fuel 

combustion, and human excreta (Aneja et al., 2012; Behera et al., 2013), however, agricultural 

sources of ammonia (e.g. volatilization of animal waste and synthetic fertilizers, losses from soil 

from agricultural crops) are dominant (Streets et al., 2003; Huang et al., 2012; Hauglustaine et 

al., 2014; US EPA, 2014; Riddick et al., 2016). Emissions from agriculture occur during animal 

housing, manure storage/spreading and when animals are grazing and are dependent upon the 

amino acid content of the animal food, the conversion efficiency of the N in the animal food (and 

thus the amount of N left in the manure), as well as the livestock age, weight and density. The 

emissions of NH3 from manure occur when the manure is exposed to air and the rate is 

dependent upon the ambient concentration of NH3 above the manure. Ammonia emissions from 

animal livestock typically occurs from the decomposition of urea (mammals) or uric acid (birds) 

(Behera et al., 2013). NH3 emissions from animal livestock manure can be described using the 

following reactions (Reactions 18-23) (Behera et al., 2013): 

 

C5H4O3N4 + 1.5O2 + 4H2O → 5CO2 + 4NH3   (R18) 

CO(NH2)2 + H2O → CO2 + 2NH3                     (R19) 

Undigested proteins → NH3                              (R20) 
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NH4
+ (aq, manure)  NH3 (aq, manure) + H+ (R21) 

NH3 (aq, manure)  NH3 (g, manure)             (R22) 

NH3 (g, manure)  NH3 (g, air).     (R23) 

 

In this process, Reaction 18 shows the aerobic decomposition of uric acid via microbial 

action (enzyme uricase) to produce CO2 and NH3, Reaction 19 shows urea hydrolysis and 

Reaction 20 shows the production of NH3 via the decomposition of undigested proteins by 

uricase and urease enzymes and bacterial metabolism (Behera et al., 2013). As mentioned above, 

the NH3 volatilization rate from livestock manure is dependent on both the ambient and surface 

concentrations of NH3, which is governed by Equation 1: 

 

E = k(Cmanure – Cair)     (1), 

 

where, E is the volatilization rate (g m-2 s-1), k is the diffusion constant, Cmanure is the 

concentration of ammonia at the surface (g m-2) and Cair is the ambient concentration of ammonia 

(g m-2), where the concentration of Cmanure is dependent upon the equilibrium between aqueous 

NH4
+ (NH4 

+ (aq, manure)) and aqueous NH3 in the manure (NH3 (aq, manure)) (Reaction 21). 

The equilibrium between NH3 and NH4
+ is dependent upon the ionic strength of the solution, 

which is determined via the dissociation constant (Ka) of Reaction 21, which is calculated using 

Equation 2: 

 

𝐾𝑎 =   
[𝑁𝐻3][𝐻+]

[𝑁𝐻4
+]

       (2), 
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where the brackets, [ ], represent the molar concentrations. Temperature and pH both impact the 

equilibrium between [NH3] and [NH4
+] (Behera et al., 2013). Finally, the formation of NH3 (g) in 

the atmosphere is dependent upon the equilibrium between NH3 (aq, manure) and NH3 (g, 

manure) (Reaction 22) and the volatilization of NH3 from manure (NH3 (g, manure)) to the 

atmosphere (NH3 (g,air)) (Reaction 23). In addition to livestock, the use of synthetic fertilizers is 

another major source of ammonia emissions into the atmosphere. NH3 is transported into the 

atmosphere from the surface (either from within the soil surface or from plants) (Van der Molen 

et al. 1990; Sommer et al. 2004; Behera et al., 2013).  

Following agriculture, biomass burning is the second largest emission source of NH3 in 

the CONUS (EPA, 2014). Because N is an essential ingredient in all proteins, it is present in all 

biomass in a reduced chemical state (e.g. amides (R– (C=O) – NH – R'), and amines (R–NH2) ) 

(Battye et al., 1994; Behera et al., 2013). N from biomass is primarily released as NH3 during 

biomass burning under poor mixing conditions. According to a study conducted by Yokelson et 

al. (1997), the majority of NH3 is emitted from visible glowing combustion, which is part of the 

smoldering stage of a fire. NH3 is also emitted naturally from soils from the decomposition of 

organic matter and from N compounds that hydrolyze to NH3 and NH4
+. In addition to this under 

low concentrations of NH3, vegetation can act as a source. Conversely, under high concentrations 

of NH3, vegetation can act as a sink (Langford and Fehsenfeld, 1992). The primary driver of this 

exchange is the difference between the concentrations of NH3 in the atmosphere and the 

ecosystem (Sutton et al. 1995; Asman, 1998; Behera et al., 2013). The concentration of ammonia 

when plants neither gain nor lose NH3 is the canopy compensation point, which is dependent 

upon the temperature, concentration of NH4
+ of the canopy and the pH of the soil (Behera et al., 

2013).  
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NH3 emissions from vehicles come from two main sources: gasoline vehicles with three-

way catalytic converters and diesel vehicles with the selective catalytic reduction system (Heeb 

et al. 2006; Pandolfi et al. 2012; Behera et al., 2013). Three-way catalytic converter vehicles emit 

NH3 as a result of NO reduction on the catalyst surface. In the selective catalytic reduction 

system, urea is injected into the exhaust and then undergoes thermal decomposition and 

hydrolysis to form NH3 (Behera et al., 2013). Other minor sources of NH3 into the atmosphere 

include emissions from humans via sweat, breath, smoking and infant excretion (Healy et al., 

1970; Lee and Dollard, 1994; Martin et al., 1997), emissions from wild animals, sea birds, horses 

and pets (Behera et al., 2013), and sewage emissions from anaerobic processes in the waste water 

treatment system and the spreading of treated sewage onto agricultural land (Harmel et al., 1997; 

Behera et al., 2013).  

At the global scale, Van Damme et al. (2018) used the Infrared Atmospheric Sounding 

Interferometer (IASI) to characterize the most prominent emission source hotspots at a hyperfine 

spatial resolution (Figure 3, from Van Damme et al., 2018). From Figure 3, the most prominent 

hotspots include the Indo-Gangetic Plain, North China Plain, West Africa and Amazonia. In this 

analysis, 83 hotspots were identified as agricultural (primarily intensive animal farming) and 158 

hotspots were identified as industrial (primarily nitrogen fertilizer production). While natural 

sources (e.g. biomass burning, volcanoes, oceans, plants) are not easily observed in satellite data 

due to their diffusive properties, one hotspot identified in Van Damme et al. (2018) in Tanzania 

is believed to be due to the decay of algae.  The source type of the 28 hotspots identified in 

Figure 3 are provided in Table 1. It is important to note that biomass burning source regions were 

excluded from this analysis.  
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Figure 3. Global NH3 (molecules cm-2) hotspots identified from Van Damme et al. (2018) based 

on a nine-year average of IASI NH3 retrievals. Each number refers to a certain location where an 

emission source has been identified (Table 1). (Image source: Figure S1, Van Damme et al., 

2018). 
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Table 1. Emission source categories identified by Van Damme et al. (2018) for regions shown in 

Figure 3.  

 REGION SOURCE TYPE 

1 Eckley – Yuma (USA) Agriculture (cattle feedlot) 

2 Bakersfield (USA) Agriculture (cattle feedlot) 

3 Tulare (USA) Agriculture (cattle feedlot) 

4 Torreon (Mexico) Agriculture (cattle feedlot) 

5 Milford (USA) Agriculture (pig farms) 

6 Alto Laran District (Peru) Agriculture (poultry housing) 

7 Basmakci (Turkey) Agriculture (poultry housing) 

8 Marvdasht (Iran) Industrial (fertilizer plant) 

9 Pingsongxiang (China) Industrial (fertilizer plant) 

10 Cherkasy (Ukraine) Industrial (fertilizer plant) 

11 Sur Industrial Estate (Oman) Industrial (fertilizer plant) 

12 Beech Island (USA) Industrial (fertilizer plant) 

13 Ferghana (Uzbekistan) Industrial (fertilizer plant) 

14 Talkha (Egypt) Industrial (fertilizer plant) 

15 Abu Qir (Egypt) Industrial (fertilizer plant) 

16 Secunda (South Africa) Industrial (fertilizer plant) 

17 Shizuishan (China) Industrial (fertilizer and coal related industries) 

18 Zezhou – Gaoping (China) Industrial (fertilizer and coal related industries) 

19 Moa (Cuba) Industrial (Ni and Co mine/plant) 

20 Nicaro (Cuba) Industrial (Ni and Co mine/plant) 

21 Stuparei (Romania) Industrial (soda ash plant) 

22 The Geysers (USA) Industrial (geothermal power plant) 

23 Lake Natron (Tanzania) Natural (mud flats - algae decay) 

24 Bacau (Romania) Industrial (fertilizer plant) 

25 Chino (USA) Agricultural (cattle feedlots) 

26 Wucaiwan (China) Industrial (fertilizer plant) 

27 Anju (North Korea) Industrial (fertilizer plant) 

28 Jharia (India) Industrial (burning coal mine) 

     

Impacts  

Despite the fact that ammonia is not a regulated pollutant, it is still extremely important 

for both human health and welfare. Atmospheric ammonia is the primary basic/alkaline gas in 

the atmosphere (Behera et al., 2013) and therefore plays an important role in the acidity of 

precipitation, cloud water and particulate matter. Atmospheric ammonia is a major precursor of 

airborne PM2.5 particles, which is one of the US EPA’s regulated six criteria pollutants (Wang et 

al., 2013; Lelieveld et al., 2015). It reacts with acidic aerosols, such as sulfuric acid, nitric acid, 
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and hydrochloric acid to form ammonium sulfate/ammonium bisulfate, ammonium nitrate and 

ammonium chloride (Reactions 24-27, respectively):  

 

2NH3 (g) + H2SO4 (g) ↔ (NH4)2SO4 (s)    (R24) 

NH3(g) + H2SO4 ↔ NH4HSO4  (s)             (R25)  

NH3 (g) + HNO3 (g) ↔ NH4NO3 (s)          (R26) 

NH3 (g) + HCl (g) ↔ NH4Cl (s)                 (R27). 

 

When compared with nitrate formation, the formation of sulfate is dominant during 

normal atmospheric conditions (Behera and Sharma, 2010a, b; Behera et al., 2013). The reaction 

rates are dependent upon the ambient temperature, humidity as well as the acid concentration and 

the NH4
+ containing aerosols formed (Stelson et al., 1979; Huntzicker et al., 1980). It is also 

important to note that the formation of particulates can alter the earth’s radiational balance, by 

scattering or absorbing solar radiation (Adams et al., 2001; Martin et al., 2004; Abbatt et al., 

2006; Henze et al., 2012).  

The primary removal mechanism of atmospheric ammonia is through conversion to NH4
+ 

or by deposition (wet or dry). Both wet and dry deposition have a number of impacts on the 

environment (Liu et al. 2011; Behera et al. 2013). Exposure to excess NH3 can cause visible 

foliar injury on vegetation, which occurs when the rate of NH3 uptake is greater than the rate and 

capacity for in vivo detoxification (Krupa, 2003). In addition to this, other impacts on vegetation 

include changes in growth and productivity, tissue content of nutrients and toxic elements, 

drought and frost tolerance, responses to insect, pests and disease, and interspecies competition 

(Krupa, 2003).  In addition to this, deposition of Nr on forests can also negatively impact the 
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forest health in a number of ways, including soil acidification, nutrient imbalance, reductions in 

forest productivity and threats to forest biodiversity (Chiwa et al. 2004; Gaige et al. 2007; 

Sievering et al. 2007; Xiankai et al. 2008; Behera et al., 2013). Because NHx (NH3 + NH4
+) are 

nutrients, deposition of NHx can also lead to eutrophication, which is an excessive richness of 

nutrients in bodies of water that cause a dense growth and plant life and thus the death of animal 

life from lack of oxygen (Aneja et al., 1986; Asman et al., 1998; Galloway et al., 2003; Erisman 

et al., 2005; Behera et al., 2013).  

Trends  

The increase in the world’s population will increase the use of fertilizer from the 

agricultural industry, thus increasing ammonia emissions into the atmosphere (Aneja et al., 2006, 

2008, 2009, 2012; Heald et. al., 2012). Butler et al. (2016) analyzed measurements from 18 long-

term AMoN sites from 2008 to 2015 over large regions of the US at both a seasonal and an 

annual level of aggregation. The 18 sites used regions in the southeast, the northeast, the 

Midwest, Oklahoma-Texas and Colorado-New Mexico. Trends in ammonia concentration were 

determined using a random coefficient model (RCM) using the SAS mixed model procedure 

described by Littell et al. (1996). This procedure specifies a random slope and intercept for each 

site, which allows for the determination of both within-site and between-site variability. In 

addition to this, this approach also considers the amount of data available for each site. In this 

analysis, region, year and season were used as fixed effects (i.e. nonrandom) while the natural 

log of the ammonia concentration was used as the dependent variable. The natural log was used 

due to the requirements of the statistical analysis using simple linear regression and random 

coefficient models. When comparing the natural log of the NH3 concentrations for each site over 

the study period, a positive, but not statistically significant (p-value > 0.05) linear trend was 
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observed. For all regions, the overall trend (i.e. the change in NH3 concentration over time) was 

found to be highly significant (p < 0.0001), with an overall +7% change in concentration at a 

95% confidence interval. Similarly, Saylor et al. (2015) analyzed ammonia emissions from the 

Southeastern Aerosol Research and Characterization (SEARCH) network from 2004 to 2012. 

Starting in 2004, 24-hour integrated ammonia measurements were taken at eight sites using a 

citric acid-impregnated 242-mm annular denuder on a 1 in 3-day sampling schedule (Saylor et 

al., 2015). In addition to this, integrated 24-hour PM2.5 measurements were also taken using a 

multichannel particle composition monitor (PCM). These measurements were analyzed for mass, 

major inorganic ions, trace elements, organic carbon and light-absorbing carbon (Saylor et al. 

2015). The results of this study showed an overall decrease (1-4% per year) in the total ammonia 

concentrations (i.e. gas phase ammonia + particulate ammonium). However, an increase in gas 

phase ammonia mixing ratios was observed throughout the region, thus the gas phase fraction of 

total ammonia has increased during the period. Saylor et al. (2015) attributes this to the decline 

of sulfur dioxide and nitrogen oxide emissions (Xing et al., 2013), which is reducing the 

partitioning of to the fine particle phase. In addition to this, Saylor et al. (2015) attributes the 

unusually high ammonia concentrations observed in 2007 to emissions from wildfires. Butler et 

al. (2016) also evaluated particulate ammonium concentrations from the NADP National Trends 

Network (NTN) and the NADP Atmospheric Integrated Research Monitoring Network 

(AIRMoN) for 2008 to 2014. Using the RCM approach, where region, year and season were 

considered fixed effects, Butler et al. (2016) observed a positive trend and positive slope 

(significant at p = 0.0001) in precipitation NH4
+ of +5% per year for each region within the 

study. However, no significant differences in the slopes between each region or each season was 

observed (Butler et al., 2016).  
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The use of satellite IR sounders has greatly improved the capability to quantify 

atmospheric NH3 from space. For example, Warner et al. (2017) used the Atmospheric Infrared 

Sounder (AIRS) to observe changes in the global ambient concentration of NH3 over agricultural 

regions from 2002 to 2016 and found increases concentrations over the midwestern part of the 

US (~2. 61% yr−1), the European Union (~1.83% yr−1) and in China (~2. 27% yr−1) that are 

statistically significant at the 95% confidence level with p-values of 0.0003, 0.0028 and 0.026, 

respectively. In addition, a slight increase in emissions was also observed over South Asia, 

however, the increase was not statistically significant (p-value = 0.61). Clarisse et al. (2009), 

used the Infrared Atmospheric Sounding Interferometer (IASI) to retrieve atmospheric ammonia 

at a global scale for 2008 and concluded that global emissions have more than doubled since 

industrial times.  

There is also a seasonal trend in ammonia emissions and ambient concentrations. 

Seasonal changes in ammonia emissions are primarily due to changes in both agricultural and 

burning practices as well as changes in the meteorology. While seasonal changes in 

concentration are also due to seasonal changes in emissions, another factor in seasonal changes 

in ammonia concentration are due to changes in the concentrations of sulfate and or nitrate. This 

is due to Reactions 24-26, which consume gaseous concentrations of ammonia in order to 

produce constituents of particulate matter (ammonium sulfate/ammonium bisulfate and 

ammonium nitrate). Concentrations of NH3 and HNO3 were found to be higher in the summer 

season, which is likely due to higher temperatures, increased solar radiation as well as dry 

conditions, all of which are conducive for evaporative losses of ammonia from sources such as 

open sewer and livestock and thus lead to the formation of HNO3 (Behera and Sharma, 2010a, 

Ianniella et. al., 2010; Warner et al., 2016). However, despite this, it was found that 
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concentrations of nitrate tended to be higher in the winter than in the summer time (Aneja et. al., 

2006; Behera and Sharma, 2010a, b; Lonati et. al., 2004; Huang et. al., 2009). There are several 

factors that are likely contributors to this finding. A major factor is due to the meteorology of the 

wintertime. Temperatures are colder and the boundary layer is lower. Because Reaction 9 is 

temperature dependent, it is more prominent in the winter time because the lower temperatures 

favor the shift from the gas phase of HNO3 to the particle phase of NH4NO3, which could lead to 

higher concentrations of NO3
- in the winter (Behera and Sharma, 2010a, b). In addition to this, 

increased coal and fossil fuel combustion for heating during the winter months contribute to 

additional NOx emissions in the atmosphere, which are necessary for the formation of NO3
-. 

Modeling  

Despite the importance of atmospheric ammonia, emissions are poorly quantified. Due to 

uncertainties in ammonia emissions sources and the relatively short lifetime of gaseous ammonia 

in the atmosphere, modeling concentrations of atmospheric ammonia is a challenging endeavor.  

A study was conducted by Bray et al. (2017) (Appendix A) to evaluate how well the U.S. 

National Oceanic and Atmospheric Administration (NOAA) National Air Quality Forecast 

Capability (NAQFC) system predicts ammonia and ammonium concentrations during the 

CalNex2010 field campaign (Ryerson et al., 2013) using their Community Multiscale Air 

Quality (CMAQ) model (v4.6) (for full paper, please refer to the SI). The results of this study 

showed that the CMAQ model used in the National Air Quality Forecast System underestimated 

the NH3 concentration in California by a factor of 2.4 (NMB = −58%, median ratio = 0.8; Figure 

4).  Several other studies have been conducted to determine how well the CMAQ model can 

predict NH3 concentration. In general, it has been found that the CMAQ model has a tendency to 

under predict NH3 concentrations, particularly over large source regions (Gilliland et al., 2006; 
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Kelly et al., 2014; Butler et al., 2015; Schiferl et al., 2016; Battye et al., 2016). Gilliland et al. 

(2006) used an inverse modeling technique with CMAQ v4.4 to predict NH3 emissions for the 

continental United States (CONUS). The results of Bray et al. (2017) indicated that the emissions 

inventory is too high for the winter months and too low for the summer months. Similar results 

were found by Butler et al. (2015), who used CMAQ v4.7.1 to predict NH3 concentrations in 

Susquehanna River Watershed of New York and Pennsylvania. When comparing ambient 

concentration measurements of NH3 with the model predictions, it was found that the model 

under estimated concentration by 8-60%. In addition to this, it was also found that the NH3 under 

estimations were particularly high over the agricultural regions. Kelly et al. (2014) found similar 

results when comparing NH3 measurements obtained from the California Research at the Nexus 

of Air Quality and Climate Change (CalNex) field campaign that occurred May-June, 2010, with 

model predictions from CMAQ v5.0.2. In addition to this, it was also found that the CMAQ 

model also predicted lower concentrations of NH3 in some urban regions as well. Battye et al. 

(2016) found comparable results to Kelly et al. (2014) when comparing NH3 measurements from 

the Deriving Information on Surface conditions from Column and Vertically Resolved 

Observations Relevant to Air Quality (DISCOVER AQ) field campaign (July-August, 2014) 

with NOAA’s NAQFC CMAQ model (v5.0.2) over the agricultural regions of northeastern 

Colorado.  Schiferl et al. (2016) used GEOS-Chem (v9-02, driven by GEOS-5 assimilated 

meteorology) to simulate concentrations of atmospheric ammonia across the United States from 

2008 to 2012 and found that the model tended to under predict ammonia concentrations near 

large source regions, under predicting concentrations by 26% when compared with surface sites. 

Bray et al. (2017) found similar results to Gilliland et al. (2006), Kelly et al. (2014), Butler et al. 

(2015), Schiferl et al. (2016) and Battye et al. (2016), where the CMAQ model (v4.6) under 



   

24 

 

estimates NH3 concentration, with the results being most comparable to Kelly et al. (2014) and 

Battye et al. (2016).   

 

Figure 4. Aircraft in-situ measurements of NH3 (blue dots) plotted against model predictions on 

a log-log scale plot. The red line shows where the measured points should have fallen if the 

model predictions were exactly correct and the gold line shows the actual measured trend line. 

The actual trend line (gold line) is plotted above the one-to-one line (red line), while the bias line 

given by the median ratio is given by the cyan-green line. Figure obtained from Bray et al. 

(2017). 

 

1.2.2 - Oxides of Nitrogen (NOx) 

Emissions 

NOx is produced from the reaction of nitrogen and oxygen in the atmosphere during 

combustion. There are several sources of NOx (NO + NO2) at the surface, such as mobile 

sources, fuel combustion, industrial processes, biogenic emissions from soil and biomass burning 

(2014 NEI). According to the 2014 NEI, the mobile source sector contributes to the highest 

amount of NOx emissions on a national scale, followed by fuel combustion. At the surface, fossil 
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fuel combustion, biomass burning and biogenic emissions from the soil are the three primary 

sources of NOx. The primary emission of NOx in the atmosphere is in the form of NO. As 

discussed above, there are two nitrogen sources that contribute to the formation of NO (i.e. the 

primary N product of fossil fuel combustion): atmospheric N2 and organic nitrogen in the fuel. 

The Zeldovich mechanism explains the formation of NO via atmospheric N2 (Zeldovich, 1947; 

Delmas et al., 1997): 

 

N2 + O → N + NO      (R28) 

N + O2 → NO + O       (R29), 

 

where, Reaction 28 requires a high activation energy. The formation of NO from organic 

nitrogen is more complicated. Organic compounds are released during combustion as animes and 

cyanides which are then oxidized into NO by free radicals (e.g. OH, O) or reduced to N2 by a 

nitrogenous co-reagent (e.g. NO). Because the triple bond of molecular nitrogen is so strong, the 

NO formation velocity is much higher from organic nitrogen (Delmas et al., 1997). The other 

surface NOx source is biomass burning.  NOx is emitted in the form of NO during the flaming 

phase of combustion. The amount of NOx emitted is not only directly related to the fire 

properties, but the fuel properties (e.g. biomass loading, fuel type, moisture content) as well. As 

with NH3, the organic nitrogen in the fuel provides the source of nitrogen compounds emitted 

into the atmosphere during combustion.  

Another source of NOx in the atmosphere is from the soil via denitrification, which is 

carried out by bacteria in the soil. There are several different aerobic and anaerobic bacteria that 

are involved in the cycling of nitrogen in the soil and the rate of emissions is determined by the 
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rates of nitrification and denitrification, which is determined by the physical and chemical 

conditions of the soil (e.g. texture, temperature, moisture content, oxygen content, pH). For 

example, NO can be produced adiabatically from the chemical decomposition of nitrites under 

low pH and high organic matter conditions (Delmas et al., 1997). In addition to this, the 

application of nitrogen fertilizer is usually associated with NO emissions, with the intensity of 

emissions varying based on the response of the system (Delmas et al., 1997). The NO emitted 

into the atmosphere can then be oxidized to form atmospheric NO2 via Reaction 30: 

 

2NO + O2 → 2NO2             (R30). 

 

Other industrial processes that emit NOx into the atmosphere include paving roads with 

asphalt and the manufacturing of adipic acid, nitric acid, iron and steel, aluminum and pulp and 

paper board products (Yu’e and Erda, 2000).   

Tropospheric sources of NOx include lightning, stratospheric injection, ammonia 

oxidation and aircrafts (Delmas et al., 1997). Each bolt of lightning produces NO gas, which can 

then react with molecular oxygen to form NO2. In addition to this, NOx produced in the 

stratosphere can be injected into the troposphere. NO is produced in the stratosphere from the 

oxidation of N2O (Delmas et al., 1997; Warneck, 1999): 

 

O3 + h → O(1D) + O2 (200 nm < λ < 300 nm)    (R31) 

 O(1D) + M → O(3P) + M        (R32) 

O(1D) + N2O → 2NO                                             (R33). 
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Furthermore, aircrafts also inject NOx, along with other pollutants, into the troposphere 

(Gauss et al., 2006). Finally, the oxidation of ammonia, which is initiated via Reaction 34: 

 

OH + NH3 → NH2 + H2O  (R34), 

 

can be a potential sink or source for NOx because the NH2 radical can react with O3 to form NO 

or it can react with NO and NO2 to form other products (Delmas et al., 1997; Seinfeld and 

Pandis, 2006).  

van der A et al. (2008) used the GOME(Global Ozone Monitoring Experiment) and 

SCIAMACHY (SCanning ImagingAbsorption spectroMeter for Atmospheric CartograpHY) 

satellite instruments to determine the global distribution of NO2 in the troposphere (Figure 5, 

from van der A et al., 2008) as well as emission sources at the global scale. The results of this 

study identified three categories of emission sources: anthropogenic, biomass burning and soil. 

Anthropogenic emissions of NOx occur in industrial regions, such as the US, eastern China, 

Japan and South Africa. Biomass burning emission of NOx are prominent in the African 

savannas, while emissions from soil occur in regions consisting of grassland and sparsely 

vegetated areas such as Australia, the Sahara, the Middle East, Central Asia, West China and the 

tundra in Siberia (van der A et al., 2008).  
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Figure 5. Mean tropospheric NO2 column for 2004 derived from SCIAMACHY observations 

(source: van der A et al., 2008) 

 

Impacts 

There are several health and environmental impacts associated with NOx in the 

atmosphere. Exposure to elevated NOx concentrations can impact the respiratory system by 

causing inflammation, decreasing lung function as well as cause emphysema like lesions 

(Chauhan et al., 1998; Kampa and Castanas, 2008).  

Elevated concentrations of NOx can also impact vegetation, by damaging leaves, 

reducing growth and high concentrations of NOx can also make vegetation more susceptible to 

frost damage and disease. In cities, NOx also reduces visibility and contributes to the formation 

of photochemical smog. Photochemical smog (Figure 6), which is essentially a mixture of 

pollutants in the environment that is formed from NOx and VOCs reacting with sunlight, causes 

several health and environmental impacts.  
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Figure 6. Example of photochemical smog (top) in California compared with a clear 

day(bottom). (Source: http://www.topsmkt.com/going-green/tops-june-green-tip-limiting-

outdoor-air-pollution/) 

 

The general, simplified smog formation chemistry is as follows (Reactions 35-41):  

NO + O2 → NO2 + O                                      (R35) 

NO2 + h  → NO + O (λ < 397 nm)  (R36) 

O + O2 → O3                                                        (R37) 

O3 + NO → O2 + NO2                                                        (R38) 

RC + O → RCO                                              (R39) 

RCO + O2 → RCO3                                                        (R40) 

NO + RCO3 → NO2 + RCO2                                          (R41). 

In this reaction chain, NO, which is the product of combustion, combines with atmospheric 

oxygen to form NO2, a brownish compound that contributes to the haze in polluted cities 

(Reaction 35). NO2 is then photolyzed by sunlight to produce the oxygen radical (O) and NO 

(Reaction 36). The oxygen radical can then react with molecular oxygen to form ozone (O3), 

which is an extremely important pollutant that will be further discussed (Reaction 37). However, 

http://www.topsmkt.com/going-green/tops-june-green-tip-limiting-outdoor-air-pollution/)
http://www.topsmkt.com/going-green/tops-june-green-tip-limiting-outdoor-air-pollution/)
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it is important to note that a variety of other molecules can also act as a catalyst for this reaction. 

Tropospheric ozone can react with NO to produce O2 and NO2 (scavenging reaction) (Reaction 

38). This reaction typically occurs in the evening hours and, due to lack of sunlight, leads to a 

reduction in ambient ozone concentration. In addition to NOx, hydrocarbons (RC) are also 

important. RC combined with O forms RCO (Reaction 39), which represents a number of 

different aldehydes and ketones. Some of which can react with O2 to form peroxide radicals 

(RCO3) (Reaction 40). RCO3 reacts with molecular oxygen to form O3 and RCO2 or they can 

react with NO to form NO2 and RCO2 (Reaction 41).  

As observed in Reactions 34-37, NOx also contributes to the formation of tropospheric 

ozone, which is associated with a wide array of health and environmental impacts.  Exposure to 

elevated concentrations of ozone is known to lead to several cardiovascular and respiratory 

issues, such as pneumonia, pulmonary disease and asthma (Gryparis et al. 2004; Mudway and 

Kelly, 2000). In addition to this, exposure to elevated concentrations of ozone can also 

negatively impact vegetation by reducing agricultural and forest yields, reducing growth and 

increasing the susceptibility of the vegetation to diseases. Furthermore, exposure to ozone can 

also deteriorate rubber and damage buildings (Mauzerall and Wang, 2001). 

NOx is also a precursor gas for secondary particulate matter. NO2 contributes to the 

formation of ammonium nitrate, which is a major inorganic constituent of PM2.5, via Reactions 

42-43: 

 

NO2 + OH → HNO3   (R42)  

HNO3 + NH3  NH4NO3                               (R43). 
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As discussed above, particulate matter is also associated with a number of health and 

environmental impacts. Exposure to high concentrations of particulate matter can also lead to 

cardiovascular and respiratory issues (Dominici et al. 2006; Ibald-Mulli et al. 2002; Pope et al. 

2002; Pope and Dockery, 2006; Pope et al., 2009). Particulate matter also can reduce visibility, 

damage and/or stain material and, depending on the composition of the PM, can even contribute 

to acid rain, change the nutrient balance of aquatic ecosystems, damage crops and forests and 

contribute to acidification of both soil and water. 

Not only is NOx important in daytime atmospheric chemistry, but both NO and NO2 play 

an important role in night time atmospheric chemistry as well through the formation of the 

nitrate radical (NO3) and dinitrogen pentoxide (N2O5) (Reactions 44-46; Jacobson, 2012).  

 

N2 + O3 → NO3 + O2                             (R44) 

NO2 + NO3  N2O5                              (R45) 

N2O5 + H2O  → 2HNO3                         (R46).     

 

The night time chemistry of NO3 and N2O5 is extremely important for both the atmospheric 

ozone and reactive nitrogen budgets, the oxidation of biogenic volatile organic compounds and 

in the formation of atmospheric aerosols (Brown and Stutz, 2012).  

Trends 

The negative impacts of NOx emissions on both human health and welfare are vast (e.g. 

Mauzerall et al., 2004). In order to improve air quality, a number of policies and regulations were 

set into place in the United States, such as the US EPA’s Clean Air Act and its Amendments. 

These regulations, among other things, have contributed to an overall reduction in NOx 
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emissions in recent years. For example, measurements from continuous emission monitoring 

systems (CEMS) from 1997 to 2013 suggest a 40% reduction in NOx emissions (de Gouw et al., 

2014). Similar results were found by Lu et al. (2015), who determined trends in NOx emissions 

from 2005 to 2014 using retrievals from the Ozone Monitoring Instrument (OMI) and found that 

emissions of NOx in urban areas have decreased by nearly 50%, which is consistent with bottom 

up emission estimates and averaged NO2 concentrations from monitor data over the period. Reis 

et al. (2009) also observed a decrease in NOx emissions from 1990 to 2005 based on emission 

data from EDGAR and the US EPA NEI. Observational data from the AQS for 1990 to 2010 

show an average annual decrease of 2.3% for NO2 for the US (Xing et al., 2015).  Tong et al. 

(2015) used OMI NO2 retrieval data and EPA Air Quality System (AQS) ground data to 

determine trends in NOx concentrations in major cities across the US for 2005 to 2012 and NOx 

concentrations decreased 35% (OMI) to 38% (AQS) over the period. Similarly, Russell et al. 

(2012) analyzed NO2 column densities using the OMI Berkeley High Resolution retrieval 

algorithm to determine changes in the column density from 2005 to 2011. The results of this 

work showed an average reduction of 32 ± 7% in cities across the US. However, an increasing 

trend (10-20%) in NO2 column densities in the northwestern US was also observed. Much of the 

changes in NOx concentration are attributed to emission control regulations (e.g. the Ozone 

Transport Region NOx Cap and Allowance Trading Program, the NOx State Implementation 

Plan Call, the Cross-State Air Pollution Rule) as well as the economic recession (Kim et al., 

2006; Stavrakou et al., 2008; Konovalov et al., 2010; Russel et al., 2012; Tong et al., 2015; 

Downey et al., 2015).  van der A et al. (2008), derived global distributions of tropospheric NO2 

for 1996-2006 using GOME and SCIAMACHY and applied a statistical analysis to derive 
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trends. A significant reduction in NO2 was observed in Europe and the eastern US while a 

significant increase was observed for much of Asia. 

Modeling 

Accurate quantification of NOx emissions is crucial in emission modeling of NOx. 

However, getting an accurate quantification of emissions on a national scale is challenging. For 

example, Houyoux et al. (2000) found a poor correlation when comparing average non-methane 

organic gases to NOx ratios from emission inventory derived from the 1990 and 1995 Ozone 

Transport Assessment Group (OTAG) with observed data from the Photochemical Assessment 

Monitoring Stations (PAMS). In another study, Boersma et al. (2008) estimated NOx emissions 

over the US using NOx retrievals from the Ozone Monitoring Instrument (OMI) with GEOS-

Chem and compared their results with the 1999 US EPA NEI and found that the NEI 

underestimated emissions on-road vehicle emissions of NOx and overestimated power plant 

emissions. Fortunately, while emission estimates are still not perfect, their estimation has 

improved in recent years. Kim et al. (2011) simulated urban, industrial and power plant plumes 

in Texas using the Weather Research and Forecasting-Chemistry model using the US EPA’s 

2005 NEI to estimate emissions of NOx and compared the results with satellite retrievals with 

the Ozone Monitoring Instrument on the Aura satellite (OMI) and the Scanning Imaging 

Absorption Spectrometer for the Atmospheric Cartography on the EVISAT-I satellite 

(SCIAMACHY). The results of this work showed an agreement between the model and the 

satellite NO2 columns in the urban and industrial areas dominated by mobile sources and large 

power plants (i.e. Dallas), but the model overestimated the NO2 column by 50-70% in areas 

where marine vessel sources contributed to emissions (i.e. Houston). Similarly, when comparing 

aircraft plume observations with the modeled plume, NO2 projections in Dallas agreed with the 
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observations, but the Houston plumes were overestimated by about 60%. These results coincide 

with Rivera et al. (2010), who quantified NOx emissions in the Houston Ship Channel and found 

emissions to be approximately 70% higher than the emissions quantified in the Texas 

Commission on Environmental Quality 2006 emission inventory. 

As emission inventories have improved, so has emission modeling.  Tong et al. (2015) 

compared the NAQFC projections of NOx with the observations from OMI and the AQS for 

2005 to 2012 in major US cities. The results of this work showed that while the NAQFC projects 

the general trend, the reduction rate is slower than what was observed (-25%) for the period. 

Similarly, Xing et al. (2015) used the Community Multiscale Air Quality (CMAQ) model with 

meteorology from the Weather Research and Forecasting (WRF) model and emission inventories 

from EDGAR to project trends in NO2, among other pollutants, in the Northern Hemisphere. The 

results of this study showed that the model successfully projected the decreasing trend in NO2 in 

the US. However, the model under predicted NO2 concentrations in urban areas when comparing 

against the AQS (NMB = -38%). Kemball-Cook et al. (2015) used the Comprehensive Air 

Quality Model with Extensions (CAMx) with two different satellite retrievals (KNMI DOMINO 

v2.0 and NASA SP2) of NO2 columns from the Ozone Monitoring Instrument (OMI) to make 

NOx emissions estimates via a mass balance method (Boersma et al., 2008) and found that the 

while CAMx –SP2 retrieval overestimated NOx emissions in the most of the southeast, the 

CAMx – DOMINO underestimated emissions in North Carolina and South Carolina, but was 

comparable to emissions in Mississippi, Louisiana and Alabama. However, both model versions 

were consistent with their differences in major cities such as Dallas, Houston and Miami. 

However, this biggest finding from this work was that the two retrieval methods resulted in two 
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very different top down emission inventories (Kemball-Cook et al., 2015). This is an important 

finding because satellite retrieval data is becoming increasingly more popular. 

Because NOx plays such a crucial role in the formation of tropospheric ozone, which is 

one of the US EPA’s criteria pollutants, a number of studies have been conducted in order to see 

how changes in NOx emissions will impact ozone concentration. For example, Jiang and Fast 

(2004) used the PNNL Eulerian Gas and Aerosol Scalable Unified System (PEGASUS) model 

the impact of NOx and VOC on ozone formation in Houston, Texas. The results of this study 

indicated that a 50% and 75% reduction would result in lower ozone concentrations, with fewer 

extreme ozone days, however, the meteorological conditions also play a large role in ozone 

formation, and thus concentration, and, therefore, different emission strategies are still dependent 

on the meteorological conditions. A similar study was conducted by Godowitch et al. (2008), 

who modeled the impact a reduction in nitrogen emissions from major point sources in the 

eastern US had on 8-hour ozone concentrations using the CMAQ (v4.5) model with base case 

emissions (2002) and then controlled emissions based on NOx reductions implemented prior to 

2004. The results of this study found that the emissions in NOx decreases in the daily ozone 

concentrations across the eastern US, with the greatest decrease occurring at sites that were 

downwind of the Ohio River Valley. Similarly, Downey et al. (2015), evaluated the necessary 

reduction in NOx and VOC emissions in order to meet the National Ambient Air Quality 

Standards for ozone using the CAMx high order decoupled direct method (HDDM) model for 

major cities around the US (Los Angeles, California; Sacramento, California; St. Louis, 

Missouri; Philadelphia, PA) and found that very large reductions (62 to 92%) in the 2006 

emissions were necessary to reduce the maximum daily 8-hour average to meet the 75 ppb 

standard (at the time – the current US EPA O3 standard is 70 ppb).  
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1.2.3 - Nitrous Oxide (N2O) 

Emissions 

N2O is a colorless gas that is primarily emitted into the atmosphere via biological sources 

in the soil and water. Agricultural sources (80%), fossil fuel combustion (10%) and industrial 

activities (8%) are the most prominent emission sources of N2O. The emissions from the soil 

primarily occur from microbially driven nitrification (nitrate to nitrite) and denitrification 

(oxidation of ammonia), coupled with non-biological chemodenitrification (the chemical 

reduction of nitrite ion to N20 via compounds present in soil organic matter [e.g. amines] and by 

inorganic ions [e.g. Fe2+, Cu2+] in subsoils) (Granli and Bøckman, 1994; Thompson et al., 2014). 

There are a number of factors that can come into play for emissions of N2O from soil, such as the 

moisture content of the soil temperature, concentrations of ammonium and nitrate. For example, 

in well aerated and moist conditions, N2O emissions from nitrification can be large (Bremner and 

Blackmer, 1978; Daxbury and McConnaughey, 1986; Mosier et al., 1998). Emissions of N2O 

from denitrification can occur in soils that are not well aerated but moist (Mosier et al., 1998). 

Because the microbial production of N2O depends on ammonium and nitrate in the soil, the 

addition of nitrogen fertilizers and other agricultural activities (e.g. manure, N fixing crops, 

biomass burning) are major drivers of N2O emissions. Food production using nitrogen fertilizers, 

manure and land cultivation are among the top anthropogenic activities that enhance the rates of 

nitrification and denitrification (Syakila and Kroeze, 2011).  There are three major agricultural 

sources of N2O: direct N2O emissions from the fertilized agricultural soils, direct emissions from 

animal production (i.e. nitrogen in manure can be converted to N2O) and indirect emissions from 

the nitrogen used in agriculture (e.g. leaching and runoff, atmospheric deposition, sewage) 

(Mosier et al., 1998; Syakila and Kroeze, 2011).  
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In addition to this, industrial processes, combustion and municipal waste can also emit 

N2O into the atmosphere. For example, according to Yu’e and Erda (2000), the primary 

industrial sources of N2O into the atmosphere are adipic acid and nitric acid manufacturing. In 

addition to this, Strokal and Kroeze (2014) suggest that increasing urbanization may lead an 

increase in N2O emissions from human waste. Biomass burning is another important source of 

N2O into the atmosphere. Similar to the emission of NOx via biomass burning, N2O also tends to 

be emitted during the flaming phase of combustion and the amount emitted is highly dependent 

upon the characteristics of the fuel (e.g. moisture content, fuel type, fuel arrangement) (Lobert, 

1991; Yokelson et al., 1997; Chen et al., 2007; McMeeking et al., 2009; Burling et al., 2010; 

Urbanski, 2014).  

Impacts 

While inert in the troposphere, atmospheric N2O plays a significant role in stratospheric 

chemistry, the radiational balance of the earth as well as in the global nitrogen cycle (Badr and 

Probert, 1993). A major impact associated with N2O is its warming potential. Per molecule, N2O 

has a warming potential of 200-300 times that of CO2 (Mosier et al., 1998; Forster et al., 2007). 

Greenhouse gases warm the atmosphere by absorbing the earth’s radiational energy, as oppose to 

letting it escape back to space. Therefore, increased concentrations of N2O contribute to an 

increase in the warming of the earth’s atmosphere, which can in turn negatively impact the 

environment. For example, rising temperatures can result in a longer growing season which will 

then lead to changes in agricultural activity as well as changes to delicate ecosystems.  

Precipitation patterns are expected to change. For example, the northern US will likely observe 

more precipitation in the winter and spring, while droughts are expected to increase in the 

southwestern US. Furthermore, an increase in heat waves are expected on a national scale, which 
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will lead to drier soil and thus impact agriculture. Both heat waves and droughts contribute to 

favorable conditions for wildfire activity. Other potential impacts of the warmer climate include 

an increase in the frequency and intensity of hurricane activity in the Atlantic Ocean, however, 

this contribute of human activity to the recent changes in hurricane activity is fairly uncertain, 

and an increase in sea level which is a result of melting land ice as well as the expansion of sea 

water. There will be regional differences in the changing climate across the US. The northeastern 

US will likely see an increase in heat waves and heavy rains and the rising sea level will also 

likely pose a threat. This will lead to problems with agriculture, infrastructure, fisheries as well 

as ecosystems. In the northwest, shorter frost seasons will lead to changes in streamflow and a 

reduction in the water supply. In addition to this, the rising sea level and increased ocean acidity 

will impact fishing, lead to erosion as well as damage coastal infrastructure. Furthermore, 

warmer and drier conditions will increase the risk of wildfire, lead to insect outbreaks as well as 

an increase in tree disease. Sea level rise also poses a threat to the southeastern US. In addition to 

this, extreme heat and decreased water availability will impact human health as well as 

agriculture, among other things. The Midwest is also expected to see extreme heat, in addition to 

heavy rains and flooding. This will cause major problems with infrastructure, health, agriculture 

and forestry, as well as reducing both air and water quality. In contrast to this, the southwest is 

expected to observe warmer and drier conditions that will increase wildfire activity, reduce water 

supplies and agricultural yields.  

In addition to this, N2O also plays a major role in the depletion of the stratospheric ozone 

layer. In fact, according to Ravishankara et al. (2009), N2O is the dominant ozone depleting 

substance of this century due to both the long lifetime of the pollutant as well as the lack of 
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regulations of N2O emission sources. In the stratosphere, the Chapman cycle is the dominant 

source of ozone, and thus of the ozone layer (Reactions 43-45, Warneck, 1999):   

 

O2 + h  → 2O (180 nm < λ < 240 nm)        (R43) 

O2 + O → O                                       (R44) 

O3 + h  → O2 + O (200 nm < λ < 300 nm)  (R45). 

 

 

However, N2O contributes to NO in the stratosphere (Reactions 46-48): 

 

N2O + h → N2 + O (λ < 220 nm)                 (R46) 

N2O + O → N2 + O2                                       (R47) 

N2O + O → 2NO                                            (R48), 

 

which then contributes to the destruction of the ozone layer via Reactions 49-50:  

 

NO + O3 → NO2 + O2                             (R49)  

NO2 + O3 → NO + 2O2.                          (R50). 

The destruction of the stratospheric ozone layer increases the ultraviolet (UV) radiation 

that reaches the earth’s surface. This results in an increase in skin cancer, damage to the human 

immune system as well as cause cataracts in humans. In addition to this, UV radiation also 

impacts plants, wildlife and marine ecosystems, which in turn impacts the biogeochemical 
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cycling of different elements (e.g. N, C). Furthermore, UV radiation also can alter certain 

materials, such as synthetic polymers. 

Trends 

Atmospheric concentrations of N2O have been monitored since the 1970s (Syakila and 

Kroeze, 2011; Thompson et al., 2013), which has shown long term variability attributed to both 

emissions and meteorology.  Kroeze et al. (1999) estimated global N2O concentrations for 1500-

1994 using box model (Khalil and Rasmusen, 1988) to project atmospheric concentrations for a 

number of different scenarios following IPCC guidelines and compared them with observational 

data. The results of this long-term analysis show that concentrations of N2O were fairly stable 

prior to the 19th century, which suggests that the conversion of the natural land to agricultural 

land did not have much of an impact on N2O emissions. However, the increase in agricultural 

production and the intensification of land use in the 20th century resulted in an increase in N2O 

concentration. In fact, N2O concentrations have risen approximately 16% since preindustrial 

times (IPCC, 2001). Similarly, Syakila and Kroeze (2011) also estimated emissions from 1500 to 

2006 based on prior inventories that were primarily in line with the IPCC Fourth Assessment 

Report (Denman et al., 2007) and found that on a global scale, emissions of N2O have increased 

approximately 63%. In addition to this, Syakila and Kroeze (2011) also used a box model (Khalil 

and Rasmusen, 1988; Kroeze et al., 1999) to determine atmospheric concentrations of N2O based 

on their global emission inventory. The results of this study showed an increase in atmospheric 

N2O concentrations that can potentially be attributed to the addition of anthropogenic ocean 

emissions of N2O in the global atmospheric budget and the increase in agriculture. However, the 

results of this study also suggest that the observed increase in N2O concentrations are not entirely 
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explained by the emission inventories based on IPCC guidelines because the global estimated 

emissions are too low to explain current trends (Syakila and Kroeze,2011).  

Olivier et al. (2005) used the Emission Database for Global Atmospheric Research 

(EDGAR) to determine trends in greenhouse gas emissions. According to Olivier et al. (2005), 

while global N2O emissions are increasing from agricultural sources and biomass burning (slight 

increase), they are decreasing from nitric and apidic acid manufacturing. However, on average, 

emissions of N2O have increased 3% from 1995 to 2002 and 4% from 2000 to 2003. Reis et al. 

(2009) observed a reduction in N2O emissions based on data from EDGAR and the US EPA NEI 

for 1990 to 2005. However, despite improvements in the efficiency of nitrogen fertilizer used in 

agriculture, agricultural emissions of N2O increased from 2002 to 2009 in the US (Cavigelli et 

al., 2012). 

Modeling  

N2O is an extremely important greenhouse gas with a large energy absorption capacity 

per molecule and a warming power that is 300 times the warming power of CO2 (Seinfeld and 

Pandis, 2006) and the changing climate has contributed to major changes in the global 

concentration of N2O. There is major uncertainty associated with future concentrations of N2O. 

Therefore, modeling trends in future emissions and concentration are extremely important. 

Current climate models project an increase in the earth’s average temperature between a few and 

several degrees C (Rogelj et al., 2012).  These changes will then impact N2O emissions. Abdalla 

et al. (2010) used the DeNitrification-DeComposition (DNDC) model for three climate scenarios 

to predict future N2O fluxes for cropland in Ireland. This study showed an increase in N2O fluxes 

by 55-88% (depending on application rate of fertilizer). In addition to this, Tian et al. (2012) 

projected a 157-227% increase of N2O emissions in North America compared with emissions 
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from 2000-2010 using the Dynamic Land Ecosystem Model under six climate scenarios. Abalos 

et al. (2016) used a process-based model to determine the impact high and medium IPCC climate 

change scenarios would have on grasslands in South West England and found emissions would 

increase up to 94% of the baseline with the changing climate.   

Agricultural sources are currently the largest source of N2O emissions and therefore the 

greatest contributor to N2O concentrations in the atmosphere. Therefore, changes to agricultural 

practices would lead to a reduction in emissions. While the climate projections simulated by 

Abalos et al. (2016) showed an increase in N2O emissions (up to 94% higher than baseline), they 

also found that replacing ammonium-nitrate fertilizers with urea or slurry resulted in a ~30% 

reduction in emissions.  He et al. (2018) used the DNDC model to see how N2O emissions from 

crop fields would change in Ontario, Canada. They found emissions of N2O from winter wheat 

increased 17-38% with general practices. However, using higher crop heat units (note: crop heat 

units is a system that assists farmers in choosing suitable hybrids and varieties for their area) 

cultivars during the longer growing season resulted in a reduction in N2O emissions and an 

increase in wheat crop yields.  

1.3 - Biomass Burning as a Source for Reactive Nitrogen  

Biomass burning, which for this work includes wildfires, prescribed burns and 

agricultural burning, emits a variety of different pollutants, both gaseous and particulate, into the 

atmosphere.  While carbon, both gaseous (e.g. carbon monoxide (CO), carbon dioxide (CO2), 

methane (CH4)) and particulate (organic carbon (OC), black carbon (BC)), is one of the most 

important constituent of biomass burning emissions (e.g., Seiler and Crutzen, 1980; Crutzen and 

Andreae, 1990; Andreae and Merlet, 2001; Schultz et al., 2008; van der Werf et al., 2010; 

Wiedinmyer et al., 2011), biomass burning is also an important emission source for a variety of 
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other pollutants including greenhouse gases (e.g. N2O), photochemically active compounds (e.g. 

non-methane volatile organic compound (NMVOC), NOx), NH3 and particulate matter (PM) 

(Hegg et al., 1988; Bouwman et al., 1997; Bouwman et al., 2002; US EPA, 2014; Whitburn et 

al., 2015).  

Emissions from biomass burning and thus the impact fires have on air quality are 

dependent on several different factors, including the combustion process. Ignition of combustion, 

which is essentially a rapid reaction of oxygen with a burnable substance that produces heat and 

light, requires the presence of three things: heat, oxygen and fuel (the fire triangle). Fires are 

directly related to the three elements in the fire triangle. For example, the removal of one element 

will extinguish the fire, while the weakening of one element will weaken the fire.   

There are several phases of combustion, with the four most important being pre-ignition, 

flaming, smoldering and glowing. During pre-ignition, volatile materials in the fuel are 

vaporized and the fuel is about to burst into flames. This process emits a variety of volatile 

organic compounds (VOCs) into the atmosphere, such as terpenes, methanol, acetaldehyde and 

acetic acid (Greenberg et al., 2006). This is the phase of combustion where heat is absorbed by 

the fuel. When the ignition temperature has been reached, the flaming stage begins when the 

combustion begins. This is an exothermic process that releases high temperature gas and thus 

lofting emissions into the atmosphere. The flaming process primarily emits highly oxidized 

compounds (e.g. CO2, NOx, sulfur dioxide (SO2)), due to the volatile gases created during pre-

ignition oxidizing in the flame and aerosols (black carbon, organic carbon) (Lobert et al., 1991; 

Yokelson et al., 1997; Chen et al., 2007; Reid et al., 2005). Emissions of NOx from biomass 

burning are due to the complete oxidation of nitrogen in the fuel (Perez-Jimenez, 2015). There 

are several reaction mechanisms to achieve NOx formation in biomass burning combustion. The 
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first mechanism is the fuel NOx mechanism, where fuel bound nitrogen produce nitrogen 

generates gas-phase intermediate species (e.g. HCN) that is then oxidized to form NO or reduced 

to form N2, however, the details of the kinetics are not well understood (Baxter et al., 1995). 

Both the thermal NO mechanism and the prompt NO mechanism are discussed in Section 1.1 

and are represented by R5-R8.  In addition to this, NO2 can also be formed in flames via: 

NO + HO2 → NO2 + OH (R51) 

NO + RO2 → NO2 + RO  (R52), 

where RO2 represents hydrocarbon peroxides. These reactions can subsequently lead to NO 

formation via: 

NO2 + CN → NCO + NO (R53) 

NO2 + OH → HO2 + NO  (R54) 

NO2 + H → NH + NO (R55) 

NO2 + O → O2 + NO (R56) 

NO2+M →O + NO + M   (R57). 

The major pathways to produce N2O from biomass burning include: 

NH + NO → N2O + H  (R58) 

O + N2 + M → N2O + M (R59), 

Where NH is an amine radical that mainly occurs from the decomposition of NH3 (Malte and 

Pratt, 1974). The smoldering phase, which is essentially a mix of fuel pyrolysis, small flames and 

the glowing combustion of char, occurs when the heat intensity and the level of combustible 

gases decreases and the open flame ceases (Yokelson et al., 1997). In contrast to the smoke 

emissions from flaming combustion, smoke tends to remain close to the ground due to the 

reduction in heat production. The products of this incomplete combustion include CO, CH4, 
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NH3, methanol, formic acid, acetic acids and formaldehyde (Bertschi et al., 2003; Yokelson et 

al., 1996; Yokelson et al., 1997). NH3 from biomass burning results from the pyrolysis of amides 

(R– (C=O) – NH – R') and amines (R–NH2) ) (Battye et al., 1994; Behera et al., 2013). NH3 can 

also be formed in the atmosphere from the reaction of isocyanic acid (HNCO), another 

byproduct of combustion, and water (H2O) (Haidar et al., 1981; Tsang, 1992): 

HNCO + H2O → NH3 + CO2 (R60) 

The final phase is glowing combustion, which is when only the embers are visible and occurs at 

the end of the smoldering phase. This process primarily emits CO and CO2 and ends when 

pyrolysis can no longer occur (Simmons, 1995)  

The quantity and composition of emissions emitted during each combustion process are 

dependent upon several factors, such as the fuel characteristics (e.g. the type of fuel, the fuel 

moisture, the fuel arrangement) as well as the fire behavior, which is a function of the 

meteorological conditions and topography (Albini, 1976; Anderson, 1983; Rothermel, 1972; 

Christian et al., 2003). In general, biomass material burned is composed of approximately 40% 

carbon, 6.7% hydrogen and 53.5% oxygen, with nitrogen accounting for 0.3-3.8% and sulfur 

accounting for 0.1-0.9%, depending on the type of biomass (Levine, 1994). Different fuel 

arrangements, conditions and types tend to favor certain combustion processes (Urbanski, 2014). 

For example, large woody fuels (e.g. logs, stumps) and ground fuels (e.g. peat, organic soil) tend 

to favor smoldering conditions, while fine woody fuels, grass and foliage favor flaming 

conditions (Yokelson et al., 1997; Urbanski, 2014). As described above, the constituents emitted 

from biomass burning are related to the combustion process. Flaming combustion tends to 

produce CO2, NO, NO2, hydrochloric acid (HCl), SO2, nitrous acid (HONO), N2O and BC 

(Lobert, 1991; Chen et al., 2007; McMeeking et al., 2009; Burling et al., 2010; Urbanski, 2014), 
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while smoldering combustion produces CO, CH4, NH3, NMOC and organic aerosols (OA) 

(McMeeking et al., 2009; Burling et al., 2010; Urbanski, 2014). However, some NMOC species 

have been linked to both smoldering and flaming combustion processes. It is also important to 

note that the composition of the fuel (i.e. the nitrogen (N), sulfur (S) and chlorine (Cl) content) is 

also important in constituents emitted (Burling et al., 2010; Urbanski, 2014). 

Meteorological conditions, such as atmospheric instability, dry spells and cold front 

passages, also play an important role in fire behavior and thus fire emissions (Brotak and 

Reifsnyder, 1977; Johnson and Miyanishi, 2001). Temperature is an important parameter in 

determining the combustibility of fuels, where higher temperatures heat fuels such that they are 

predisposed to ignition (Johnson and Miyanishi, 2001). In addition to this, temperature also plays 

an important role in atmospheric stability, which can play a role in fire behavior. An unstable 

atmosphere, which is one where temperature decreases with height and air can move up from the 

surface, leads to an increase in fire behavior by allowing for a well-defined convective plume to 

produce fire whirls and spotting as well as by allowing stronger winds, which can lead to faster 

spread rates. Atmospheric moisture is another important factor on fire occurrence and behavior. 

Increased fuel moisture retards the rate of combustion, preheating of fuels and the ease of 

ignition. Wind, which is dependent upon pressure differences in the atmosphere and frictional 

effects near the surface of the Earth, also impacts fire behavior on several spatial scales. For 

example, the jet stream can allow dry and warm stratospheric air to penetrate into the lower 

troposphere, which can enhance fire behavior (Keyser and Shapiro, 1986). In addition to this, the 

jet stream is also important in the passages for surface frontal systems, which also impact fire 

occurrence and behavior. Local meteorological phenomenon that can impact fires include sea 

and land breezes as well as mountain and valley winds. Mountain winds can be particularly 
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damaging due to their excessive speed and the fact that the descending air tends to warm 

adiabatically, thus creating favorable fire conditions. These mountain winds, which include the 

Santa Ana winds in California, are the cause of the devastating fire conditions that occurred in 

California during 2017. This is also an example of topography influencing fire behavior.  

Topography is also related to meteorology and to the characteristic of fuel. Therefore, 

impacts of these parameters on fire occurrence and behavior are all interrelated. Topography 

affects the wind intensity of a region, the amount of fuel moisture as well as the type of fuels 

available (Iniguez et al., 2008). This is especially true in hilly and mountainous regions. An 

example of this would be the aforementioned Santa Ana winds, which are caused by the presence 

of the mountains. These winds are adiabatically warmed as they go down the mountain, thus 

warming the air, drying out the fuel and increasing flammability (Westerling et al., 2004). 

Furthermore, the intensity of the winds also influence fire spread by fanning the flames once the 

fire is started. Slope is also an important factor in fire spread because fires move more rapidly up 

hills than down hills or over flat surfaces. In addition to this, slope and aspect are also important 

factors of vegetation. For example, lower-slope positions and north/east facing slopes in the 

southeastern US typically consist of hardwood species (i.e. low combustibility fuels) with higher 

fuel moisture and relative humidity and therefore tend to burn less frequently and with less 

intensity than upper slope positions. In contrast to this, south/west facing slopes in the southeast 

US have dryer fuels and lower relative humidity and therefore they tend to burn more frequently 

and with greater intensity (Forest Encyclopedia Network, pg 573).  

Biomass burning emits a multitude of different gaseous and particulate pollutants into the 

atmosphere. The primary and secondary pollutants from biomass burning lead to negative health 

impacts (e.g. Kunii et al., 2002; Rappold et al., 2011; Adetona et al., 2016), but emissions also 
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degrade the conditions of the environment (i.e. haze, damaging crops) and they influence the 

climate both directly (greenhouse gas emissions, aerosol emissions scattering radiation) and 

indirectly (ozone formation, cloud microphysical properties/processes).  While biomass burning 

(wildfires, in particular) have an influence on the climate, the changing climate also has an 

impact on the frequency and strength of wildfires. Several studies have been done to determine 

how fires will change as the climate changes (e.g. Bachelet et al., 2001a; Bachelet et al., 2001b; 

Lenihan et al., 2003; Whitlock et al., 2003; Spracklen et al., 2009; Liu et al., 2010; Rogers et al., 

2011; Liu et al., 2012) and are discussed in the next section.   

1.3.1 - Biomass Burning in a Changing Climate   

Fire activity is directly related to the state of the atmosphere and the environment, with 

the strongest contributors being weather/climate, fuels, ignition agents and human activities 

(Johnson, 1992; Swetnam, 1993; Flannigan et al., 2005). Therefore, the changing climate will 

likely have profound impacts on fire activity on a global scale. Most climate models suggest that 

the greatest warming will occur at higher latitudes during the winter, precipitation will decrease, 

particularly in continental regions during the summer, and the variability of extreme events will 

likely be altered (Mearns et al. 1989; Solomon and Leemans 1997; Flannigan et al., 2005). The 

projected increase in temperature will likely result in regional drying, an increase in heat waves 

as well as lengthen the frost-free season. In addition to this, evapotranspiration will potentially 

increase, and the volume of the snowpack will likely decrease (Seager et al., 2007). All these 

impacts create conditions that are more favorable for biomass burning. 

The influence of the changing climate on biomass burning activity is evident, particularly 

in the western U.S., which is more prone to wildfire activity than the central and eastern U.S., 

has been fairly well studied (e.g. Westerling et al., 2006; Miller and Safford, 2012; Dennison et 
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al.,2014, Westerling et al., 2016 ). The consensus for future fire activity in the western US is that 

the warming climate and longer fire seasons due to earlier snow melt are leading to an increase 

in forest wildfire activity (Westerling et al., 2006; Kitzberger et al., 2007; Morgan et al., 2008; 

Heyerdahl et al., 2008; Westerling et al., 2016). For example, Westerling et al. (2006) examined 

large wildfires across the western US since 1970 and found that large wildfire activity 

(frequency, duration, season) increased in the middle of the 1980s, with the greatest increase 

occurring in the northern Rockies. Similarly, Miller and Safford (2012) examined wildfire trends 

from 1984 to 2010 in California and Nevada and found a general increase in wildfire severity. 

The impacts of climate change on the Greater Yellowstone ecosystem were also examined 

(Westerling et al., 2011) and all models predicted an increase in fire by the middle of the century. 

Dennison et al. (2014) also analyzed large wildfires in the western US from 1984-2011 and 

found an increasing trend in the number of large fires and/or the total large fire area per year, 

with the most significant increase occurring in regions that corresponded with droughts. 

However, this increase in the frequency of fires is not only limited to the western US. Fischer et 

al. (2015) studied changes in wildfire activity across North America over the last glacial cycle 

using ammonium in ice cores and found that recent warming events have increased the frequency 

of wildfires.  

Several studies have been conducted to determine the impact of the changing climate on 

future wildfires (e.g. Alves et al., 2011; Saylor et al., 2015; Reinhard et al., 2005; Pinol et al., 

1998; Liu, 2006; Westerling et al., 2006; Gillet et al., 2004; Litschert et al., 2012). For example, 

Liu et al. (2010) identified the increase in fire potential due to climate change. This work was 

then furthered by Liu et al. (2013), who looked at the impact that wind speed and relative 

humidity have on fire potential using the Keetch-Byram Drought Index (KBDI) with the 
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modified Fosberg Fire Weather Index (mFFWI) and using the HRM3 regional climate model for 

present day (1971-2000) and future (2041-2070) conditions. The results of this study showed an 

increase in the fire season as well as fire potential across much of the CONUS, including the 

southwest, Rocky Mountains, northern Great Plains, southeast and the pacific coast, primarily 

due to warming (Lui et al., 2013). However, changes in in relative humidity and wind speeds 

may reduce future fire potential in the northern Rockies and the northwestern US (Lui et al., 

2013). Brown et al. (2004), who used the Parallel Climate Model to compare a business-as-usual 

climate scenario until 2089 with a base period (1975-1996). The results of this study also showed 

drying conditions that increase the days of high fire danger in the northern Rockies, great basin 

and in the southwest. Rogers et al. (2011) used the MC1 dynamic general vegetation model with 

three different climate change scenarios (CSIRO Mk3, MIROC 3.2 medres and Hadley CM3 

forced by A2 CO2 emissions scenario) to determine potential change is fire activity in the Pacific 

northwest of the US and found an increase in both area burned as well as the severity of burns.  

There have been several other studies that have projected the change in future burn area using 

different climate scenarios and vegetation models (e.g. Bachelet et al., 2001a; Bachelet et al., 

2001b; Lenihan et al., 2003; Whitlock et al., 2003; Spracklen et al., 2009; Rogers et al., 2011) 

and found an increase in burn area across the entire US, with the increase in the western US 

being most prominent. Parks et al. (2016) also studied how climate change will impact the 

severity of wildfires in the western US using a statistical model under the RCP 8.5 for the middle 

of the century (2040-2069). The results of this work showed that aggressive fire suppression and 

thus resisting changes in the composition of vegetation and fuel load will likely lead to an 

increase in fire severity due to warmer, dryer conditions and an abundance of fuel. Furthermore, 

the changing climate will also impact vegetation. Many climate and vegetation models suggest 
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that changes in the earth’s climate will force most vegetation to move northward and upslope as 

well as a spread of those species that are adapted to dry conditions (Lenihan et al., 2008a; 

Lenihan et al., 2008b). All of which will have an impact on wildfire activity as well as wildfire 

emissions.   

1.3.2 - Nr Emissions from Biomass Burning    

While many of the emissions from biomass burning can have major impacts on human 

health and/or the environment, the focus of this work is on Nr emissions from biomass burning, 

specifically NH3, NOx and N2O. Biomass burning emits several different reactive nitrogen 

species into the atmosphere, however, NH3 and NOx are the most prominent (Burling et al., 

2010) and the quantity emitted is dependent on the nitrogen content in the fuel. As previously 

described, nitrogen exists in biomass in a reduced chemical state, typically as amides and 

amines. Amides are referred to as the conjugate base of ammonia or of amines, with a nitrogen 

directly attached to a carbon in a carbonyl group. Amines are organic derivatives of NH3, with at 

least one H replaced by a carbon group. During combustion, these amines and amides generate 

NH3 under poor mixing conditions (Battye et al., 1994). Ammonia is typically emitted from 

biomass burning during smoldering combustion, which occurs in slow, low-temperature fires 

without a flame (Langford et al., 1992; Nance et al., 1993; Goode et al., 2000; McMeeking et al., 

2009; Akagi et al., 2010; Alves et al., 2011; Chen et al., 2014). Similar to NH3 emissions from 

biomass burning, NOx and N2O emissions are also derived from the nitrogen content of the fuel. 

However, emissions are most prominent during the flaming phase of combustion (Lobert, 1991; 

Chen et al., 2007; McMeeking et al., 2009; Burling et al., 2010; Urbanski, 2014), which is when 

combustion begins and emits high temperature gases into the atmosphere. For the difference in 

flaming and smoldering fire conditions, see Figure 7. Due to the complexities in quantifying 
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emissions from biomass burning, the strength of the source remains poorly quantified (Alves et 

al., 2011; Chen et al., 2014). 

 

 
 

Figure 7. Flaming (bottom image) v. smoldering (top image) fire. Images obtained from Google.  
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1.3.3 - Quantifying Nr Emissions from Biomass Burning  

Many current emission inventories of Nr (and other pollutants) quantify emissions from 

fires use a combination of some of the following factors: the area burned, the amount of fuel 

consumed, the characteristics of the fuel, the intensity of the fire, the meteorological conditions 

and the emission factors for each different emitted species (Battye and Battye, 2002, Whitburn et 

al., 2014).  An emission factor (EF) is a number derived from in-situ and/or laboratory 

measurements that are assumed to be representative of a fire for a particular fuel type (Andreae 

and Merlet, 2001). Table 2 describes several fire emission estimation techniques used to quantify 

emissions from biomass burning. For example, Dennis et al. (2002) created an emission 

inventory of pollutants from biomass burning activates that occurred from 1996 to 1997 in 

Texas. Dennis et al. (2000) estimated emissions using the following equation (Equation 3): 

 

Emission = Emission Factor (EF)*Fuel Consumption*Acres Burned.    (3) 

 

The input acres burned data were obtained from fire records kept by the state and federal 

agencies as well as from the TEXFIRS system (Texas Fire Incident Reporting System) that is 

developed by local fire departments (Dennis et al., 2002).  

A similar method is used in the Fire Inventory from NCAR (FINN), which is a daily fire 

emission product for atmospheric chemistry models (Wiedinmyer et al., 2006, 2011). Fire 

emissions within FINN are calculated using the following equation (Equation 4), derived from 

Seiler and Crutzen, (1980): 

          

𝐸𝑖 = 𝐴(𝑥, 𝑡) ∗ 𝐵(𝑥) ∗ 𝐹𝐵 ∗ 𝑒𝑓𝑖, (4) 
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where Ei is the emission of species i, A is the area burned at time t and location x, B is the 

biomass loading at location x, FB is the fraction of the biomass burned, and efi is the emission 

factor of species i (Wiedinmyer et al., 2006; Wiedinmyer et al., 2011). The fraction of biomass 

burned is obtained following the work of Ito and Penner (2004), where, areas with 60% or more 

tree cover are given an FB value of 0.3 for the woody fuel and 0.9 for herbaceous cover. For 

areas with 40-60% tree cover, the FB is 0.3 for woody fuels and the FB for herbaceous fuels can 

be calculated using the following equation (Equation 5): 

 

FBherb = e-0.13*FractionTreeCover.  (5) 

 

Finally, when the fraction of tree cover is less than 40%, no woody fuel is assumed to burn and 

an FB value of 0.98 is given for herbaceous fuels (Wiedinmyer et al., 2006; Widenmyer et al., 

2011; Ito and Penner, 2004).  

Larkin et al. (2014) described two methods for calculating emissions from biomass 

burning. The first method described used a variation of Equation 6, where the emission is equal 

to the product of the burned area, the available biomass, the relative consumption of that biomass 

and the respective emission factor of the pollutant. The second method described by Larkin et al. 

(2014) is as follows (Equation 6): 

 

Emission = Ce* Rfre,   (6) 

 

where Ce is a region-specific emissions coefficient and Rfre is the rate of release of radiative 

energy (Ichoku and Kaufman, 2005; Ichoku and Ellison, 2011; Larkin et al., 2014). Contrasting 
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to the methods described above, this method uses an empirical relationship that relates emissions 

to detected fire radiative energy, which is estimated from instantaneous satellite satellite-based 

measurements of fire radiative power.  

Another technique is used by the Global Fire Assimilations System (GFAS), which is a 

system developed by the European Union in order to provide accurate estimates of aerosol and 

gaseous emission fluxes to the atmospheric system (Kaiser et al., 2012).  The GFAS estimates 

emissions from biomass burning using the Fire Radiative Power (FRP) observations made by the 

MODIS instruments on the Terra and Aqua satellites, with the gaps in observation due to partial 

cloud cover being corrected by assuming the same FRP density within each respective cell and 

implementing a Kalman filter (Kaiser et al., 2012). The emission rate (fs) for species is defined 

as (Equation 7): 

fs  = ραβs,    (7) 

where α is factor for the conversion of FRP observations (ρ) to the rate of dry matter burned and 

βs is the emission factor for species s. The biomass combustion rate is calculated using land 

cover specific factors and the emission factors are obtained from the literature, similar to FINN 

(Kaiser et al., 2012). 

Table 2. A summary of common biomass burning emission techniques.  

Reference(s)  Technique  

Dennis et al., 2002 Emission = EF*Fuel Consumption*Acres Burned 

Wiedinmyer et al., 2006, 

2011; Langmann et al., 2009; 

 Larkin et al., 2014 

Emission = Area Burned*Fuel Loading*Combustion 

Efficiency*EF 

Larkin et al., 2014; Ichoku 

and Kaufman, 2005; Ichoku 

and Ellison, 2011 

Emission = Emission Coefficient* Rate of Release of Radiative 

Energy 

Kaiser et al., 2012 Emission = FRP*Conversion Factor*Rate of Dry Matter Burned 
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1.4 - Study Objectives and Motivation  

While biomass burning is an important source of Nr into the atmosphere, the strength of 

the source remains poorly quantified (Alves et al., 2011; Chen et al., 2014). Therefore, the 

primary objective of this study is to examine the changes in Nr emissions due to biomass burning 

and thus changes in atmospheric concentration due to changes in the earth’s climate, using a 

combination of satellite and in-situ data. Reactive nitrogen emissions into the atmosphere have a 

profound impact on both human health and welfare. However, the quantification of emissions 

from biomass burning is challenging and uncertain. Satellite datasets have significantly increased 

the reliability of estimations of emissions from biomass burning, however, very few studies 

focus on the emissions of reactive nitrogen species on a national and global scale. In fact, major 

fire emission inventories (i.e. FINN and the NEI) do not consider emissions of N2O from 

biomass burning. Therefore, this work will provide estimates of recent Nr emissions from 

biomass burning on a regional and global scale. Furthermore, the changing climates will have 

major impacts on wildfire activity. This, in turn, will increase emissions of reactive nitrogen 

which will not only impact human health and welfare, but will also potentially perturb the global 

nitrogen cycle. This work proposes a new methodology to project emissions of reactive nitrogen 

as a function of ambient temperature and burn area. This new methodology will be useful to 

society because not only will it be able to accurately back cast emissions of reactive nitrogen 

using data readily available (e.g. via governmental agencies) but will also be able to project 

future emissions of reactive nitrogen, which would help society understand the implications of 

the changing climate and adequately prepare and/or prevent these changes. An additional 

objective of this work is to quantify agricultural residue burning emissions of reactive nitrogen in 

the Indo-Gangetic Plains in India. Furthermore, a statistical regression analysis was completed to 
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predict ambient concentrations of PM2.5 in New Delhi, India, based on meteorological conditions 

and emissions of NH3 from agricultural residue burning in the IGP.  
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CHAPTER 2 

Ammonia Emissions from Biomass Burning in the CONUS 

This chapter is derived from the journal article:  

 

Bray, C.D., Battye, W., Aneja, V.P., Tong, D.Q., Lee, P. and Tang, Y., 2018. Ammonia 

emissions from biomass burning in the continental United States. Atmospheric 

Environment, 187, pp.50-61. 

 

2.1 - Introduction 

 

As aforementioned, atmospheric ammonia is an important base gas in the atmosphere. 

Gaseous NH3 plays a key role in the formation of PM2.5 (Baek and Aneja, 2004; Baek et al., 

2004; Davidson et al., 2012; Day et al., 2012; Chen et al., 2014). Furthermore, gaseous NH3 may 

be deposited to the Earth’s surface, which leads to ammonification, eutrophication and a loss of 

biodiversity (Langford et al., 1992; Robarge et al., 2002; Galloway et al., 2004; Clark and 

Tilman, 2008; Janssens et al., 2010; Day et al., 2012; Holtgrieve et al., 2011; Phoenix et al., 

2012; Erisman et al., 2013; Chen et al., 2014).  Increased concentrations of NH3 can also lead to 

a decreased resistance to drought and frost damage (Robarge et al., 2002). In addition, NH3 plays 

a role in the formation of nitrous oxide, which is a major greenhouse gas (Bouwman, 1996). 

While agriculture accounts for approximately 82% of all NH3 emissions on a national 

level, fires account for a total of about 10% of all ammonia emissions nationwide (2014 NEI).  

NH3 is mainly emitted into the atmosphere during smoldering combustion, which occurs in slow, 

low-temperature fires without a flame (Langford et al., 1992; Nance et al., 1993; Goode et al., 

2000; McMeeking et al., 2009; Akagi et al., 2010; Alves et al., 2011; Chen et al., 2014). Biomass 

burning is an important source of NH3 emissions, but the strength of the source remains poorly 

quantified (Alves et al., 2011; Chen et al., 2014). Therefore, the primary objective of this chapter 

is to quantify NH3 emissions from biomass burning (wildfires, agricultural burns and prescribed 
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burns) from 2005 to 2015 across the continental US and compare against major emission 

inventories used in atmospheric models. The inventories compared in this study include the Fire 

Inventory from the National Center for Atmospheric Research (FINN v1.4, Wiedinmyer et al., 

2011), the Global Fire Emissions Databases (GFED v4.1, with small fires; van der Werf et al., 

2017), and the US Environmental Protection Agency (EPA) National Emissions Inventory 

(NEI). As described in Larkin et al. (2014), the US EPA NEI is produced every three years and 

includes state submitted data. For this study, the years 2005, 2008, 2011 and 2014 are NEI 

process years while the remaining years in this study are considered fire inventory data, which 

were compiled using a more limited set of inputs. Therefore, while the US EPA emissions data is 

referred to as NEI in this study, it is important to remember that only 2005, 2008, 2011 and 2014 

are NEI process years and the remaining years are based on EPA fire inventory data. 

Furthermore, a regression analysis, using forward stepwise regression, was completed in order to 

determine the best fitting model of NH3 emissions from biomass burning using a combination of 

in-situ and satellite (primarily NASA’s Terra and Aqua) observations. This work proposes a new 

methodology to project emissions of NH3 on a national scale, which would help society 

understand the implications of the changing climate and adequately prepare and/or prevent these 

changes. Furthermore, this methodology also provides a relatively simple approach to estimating 

past, present and future emissions based on readily accessible data (temperature and burn area). 
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2.2 - Data and Methodology 

2.2.1 - Biomass Burning Emissions 

To compare the calculated fire emissions (discussed below) with the fire properties 

(number of fires, fire radiative power, and fire brightness temperature) as well as to observe 

trends in the fire properties, the National Aeronautics and Space Administration’s (NASA) Fire 

Information for Resource Management System (FIRMS) was utilized to obtain archived fire 

locations, frequency and strength. These data were obtained from the MODIS sensor on NASA’s 

Earth Observing System satellites (Terra and Aqua) (Friedl et al., 2010). The MODIS active fire 

product obtained (Collection 6, Giglio et al., 2016) uses a fire detection algorithm that uses a 

multispectral contextual approach to leverage the mid-infrared radiations emitted by fires 

(Davies et al., 2009). FIRMS delivers the MODIS fire data locations that represent the center of 

a 1 km pixel that is flagged by the algorithm as an area that contains at least one fire/hotspot 

within the pixel (Davies et al., 2009). The brightness temperature is calculated using the average 

intensity of infrared radiation at two wavelengths near 4 µm for a 1 km x 1 km pixel (Giglio et 

al, 2003; Giglio et al., 2016). In the Collection 6 MODIS active fire product, the fire radiative 

power was derived using the Wooster, Zhukov, and Oertel (2003), Wooster et al. (2012) 

approach (Giglio et al., 2016).  To ensure quality, only fire data with a confidence estimate 

greater than 33% (i.e. medium and high confidence fires) will be used in this study. 

Recall there are several methods that can be used to quantify emissions of pollutants (i.e. 

NH3) from biomass burning (i.e. van der Werf et al., 2003; Hoelzemann et al., 2004; Ito and 

Penner, 2004;, van der Werf et al., 2014; Dennis et al., 2002; Langmann et al., 2009; Ichoku and 

Ellison, 2014). In this study, ammonia emissions from biomass burning were calculated using the 
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emission factor approach (Equation 8, based off Equation 1) equation adapted from Seiler and 

Crutzen (1980), Wiedinmyer et al. (2006), Wiedinmyer et al. (2011) and Oliveras et al. (2014): 

                                   𝐸𝑖 = 𝐵𝐴(𝑥,𝑡) × 𝐵(𝑥) × 𝐹𝐵 × 𝐸𝐹𝑗 , (8) 

where Ei is the emission of species i (in this case, NH3), BA is the area burned at time t and 

location x, B is the biomass loading at location x, FB is the fraction of that biomass burned in the 

fire and EFi is the emission factor of species i.  

To obtain the area burned, the Moderate Resolution Imaging Spectroradiometer 

(MODIS) Burned Area product (MCD45, Collection 5.1), obtained from the University of 

Maryland’s website, was used. Burned area, which is characterized by deposits of charcoal/ash 

and changes in the structure of the vegetation, is mapped by a MODIS algorithm that takes 

advantage of the spectral, temporal and structural changes in the land (Roy et al., 2002; Roy et 

al., 2005; Roy et al., 2008). The approximate date of burning is detected at a resolution of 500m 

by locating rapid changes in the daily reflectance time series data. The Bi-directional Reflectance 

Distribution Function (BRDF) is used to predict changes in the reflectance from the previous 

state and a statistical measure is used to determine whether or not the change in reflectance is 

significant. This is done independently for each pixel, moving through the reflectance time series 

in steps for each day. In addition to this, a temporal constraint is used to be able to differentiate 

temporary changes in reflectance (shadows, for example) and more permanent changes (fires, for 

example) and then the date of the burning is deduced by constraining the frequency and the 

occurrence of the missing observations (Roy et al., 2008). Because of this, the burn area product 

is less sensitive than the MODIS Active Fire product to cloud and smoke obscuration. In addition 

to this, the MODIS burned area product was validated by Roy et al. (2005) and then again by 

Roy and Boschetti (2009), who found that the MODIS product provided the most accurate 
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burned area maps when compared with other products (i.e. L3JRC, GlobCarbon). Similarly, 

Chang and Song (2009) compared MODIS burned area products from 2000 to 2007 with the 

L3JRC product (Tansey et al., 2008) on a global scale and found that the two products were 

found to be comparable for most continents during the fire season, however, the L3JRC 

generally reported a larger burn area outside the fire season. The results of the validation of both 

products showed that the MODIS burned area product was more comparable to reference data, 

however, it tended to underestimate burned are in the boreal forests. Padilla et al. (2014) 

validated the 2008 MODIS global burned area product on a global scale. The results of this 

validation suggested that on a global scale, the MODIS burn area product had estimated 

commission and omission error rates of 46% and 72%, respectively. Furthermore, they found 

that the burned area extent tended to be underestimated, however, the Boreal Forest and the 

Tropical and Subtropical Savannas were the two biomes with the highest accuracy (Padilla et al., 

2014).   

The biomass loading (B), which is defined as the amount of biomass available that can be 

burned in each fire, was obtained from Table 1 in Wiedinmyer et al. (2006), which describes the 

total fuel loading assumptions for various land cover classifications based on the literature (Table 

3). To quantify the amount of biomass burned, it was first necessary to know the type of land 

being burned. Therefore, the Collection 5 MODIS Global Land Cover Type product (MCD12Q1, 

for 2000) was used to determine land type (Friedl et al., 2010; Channan et al., 2014). This 

database contains land cover classifications at a spatial resolution of 500m. This was then used to 

estimate the fraction of biomass burned (FB) within the fire using the methods used by 

Wiedinmyer et al. (2006) and Wiedinmyer et al. (2011), which were adapted from Ito and Penner 

(2004). In this method, areas with 60% or more tree cover are given an FB value of 0.3 for the 
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woody fuel and 0.9 for herbaceous cover. Areas with 40-60% tree covers, the FB is 0.3 for 

woody fuels and the FB for herbaceous fuels can be calculated using the following equation 

(Equation 9): 

        FBherb = e-0.13*FractionTreeCover ,                              (9) 

Finally, when the fraction of tree cover is less than 40%, no woody fuel is assumed to 

burn and an FB value of 0.98 is given for herbaceous fuels (Wiedinmyer et al., 2006; Ito and 

Penner, 2004). This methodology is summarized in Table 4. The fraction of tree cover was 

obtained at a 1 km2 spatial resolution via the Advanced Very High Resolution Radiometer 

(AVHRR) Continuous Fields Tree Cover product, which was readily available from the 

University of Maryland (Defries et al., 2000). The emission factor (EF) for ammonia was 

obtained from Wiedinmyer et al. (2011), who classified the emission factors based on MODIS 

land use/land cover classification based on literature values (Akagi et al. (2011) for the NH3 

emission factors. Table 1 shows the emission factors used in this study, obtained from 

Wiedinmyer et al. (2011).  
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Table 3. The biomass loading term (kg m-2) for each respective land classification type 

(Wiedinmyer et al., 2006) and the NH3 emission factor for each land classification type 

(Wiedinmyer et al., 2011). 

Land Classification 

Biomass 

Loading 

(kg per m2) 

NH3 Emission Factor 

(g per kg Biomass Burned) 

Barren 0.1 0.49 

Cropland 0.5 2.3 

Deciduous Broadleaf Forest 9.5 1.5 

Deciduous Needleleaf Forest 12 3.5 

Evergreen Broadleaf Forest 17 0.76 

Evergreen Needleleaf Forest 14 3.5 

Grasslands 1.1 0.49 

Mixed Forest 12 1.5 

Open Shrublands 4.3 1.2 

Closed Shrublands 4.3 1.2 

Permanent Wetlands 1.1 0.49 

Savannas 1.1 0.49 

Woody Savannas 1.1 1.2 

Snow/Ice 0 0 

Urban 0.1 0 

Water 0 0 

 

Table 4. Summary of methodology used to estimate the fraction of biomass burned based on the 

work of Ito and Penner (2004) and Wiedinmyer et al. (2006, 2011).  

TREE COVER WOODY FUEL HERBACEOUS FUEL 

60% +  0.3 0.9 

40-60%  0.3 e-0.13*FractionTreeCover 

< 40%  0 0.98 
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As with most datasets, there are some limitations and uncertainties associated with the 

satellite products used in this study. While satellite datasets are extremely useful, there are some 

limitations associated with them, such as satellite overpass time and cloud cover. Some 

uncertainties associated with the MODIS burn area data include potential burn area 

underestimation due to canopy vegetation and/or cloud cover and difficulty mapping small fires 

(Roy and Boschetti, 2009). The biggest limitations with the AVHRR continuous tree product is 

its age (acquired 1992-1993). The accuracy of the land classifications for the MODIS Land 

Cover dataset is approximately 75% with an error variance on this estimate of 1.3% and a 95% 

confidence interval of 72.3–77.4% (Friedl et al., 2010). Furthermore, uncertainties can arise from 

natural variations in emission factors (Akagi et al., 2011). 

2.2.2. - Comparison with Other Inventories  

In comparison with other inventories, the methodology used in this study most closely 

resemble the methodology used in FINN (Table 5), due to the usage of the MODIS Land Cover 

product biomass loading lookup table from Wiedinmyer et al. (2006), the methodology used to 

determine the fraction of biomass burned and the emission factors used (i.e. Akagi et al., 2011). 

However, the input variables are different. 
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Table 5. Comparison in methodology and input data used in this study with other accepted 

inventories. 

 

 

 

The US EPA NEI is produced every three years and includes a combination of 

methodologies.  National processing is done using the methodology described below, but states 

are allowed to submit revised emissions that supersede the national processing. For wildland 

fires, national processing is done using estimations of the burned area of the fire, the available 

fuel, the fuel moisture conditions, and an emission factor for the pollutant for a specific land 

classification type. Wildland fire emissions are processed using a combination of the SmartFire2 

fire information system and the BlueSky modeling framework (Larkin et al, 2009).  For the 2011 

 This Study FINN NEI GFED 

Burn 

Area 

MODIS burn area 

product (MOD45) 

MODIS 

thermal 

anomalies 

product  

Incident reports, 

NOAA HMS fire 

products 

MODIS burn area 

product 

(MCD64A1) with an 

estimation of small 

fires using active 

fire data  

Biomass 

Loading 

Lookup table 

[from 

Wiedinmyer et al. 

(2006)] using 

MODIS Land 

Cover 

(MCD12Q1)   

Lookup table 

using MODIS 

Land Cover 

(MCD12Q1)  

Fuel characteristic 

classification 

system derived 

from Landsat 

CASA model  

Fraction 

of 

Biomass 

Burned 

Function of % 

Tree Cover 

(AVHRR 

Continuous Tree 

Cover) 

Function of % 

Tree Cover  

(MODIS VCF)  

Estimated in 

consumption 

model  

Lookup table with 

fraction for standing 

biomass, standing 

fuel and surface 

litter  

Emission 

Factors 

Akagi et al. 

(2011); Urbanski 

(2014); Andreae 

and Merlet (2001) 

Akagi et al. 

(2011); 

Andreae (2008) 

Wildfire based on 

Urbanski (2014); 

Agriculture based 

on Pouloit et al. 

(2016) 

Akagi et al. (2011); 

Andreae and Merlet 

(2001)  
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and 2014 NEIs (EPA, 2016; EPA, 2015), area burned data were collected from the S/L/T (state, 

local, tribe) agencies as well as from national agencies and organizations and then cleaned (i.e. 

eliminating errors and standardizing format) and combined with satellite fire detections to 

produce a single comprehensive daily fire location data. Fuel loadings were taken from the Fuel 

Characteristic Classification System (FCCS) (McKenzie et al., 2007).  The fuel moisture taken 

from the Wildland Fire Information System using fire weather observation files from remote 

weather stations operated by the US Forest Service (USFS). The fire location, fuel moisture and 

fuel loading data are then used within the BlueSky Framework to estimate the fuel consumption 

and the smoke emissions using a consumption model. The emission factors used in the 2014 NEI 

estimation for wildland fires were regional emission factors based on the work of Urbanski 

(2014). For agricultural burning, the NEI uses the Hazard Mapping System (HMS) fire product 

to detect fires and then extricates the agricultural fires and identifies the crop type using the 

USDA Cropland Data Layer product (Pouliot et al., 2016). The emissions factors for ammonia 

used for the agricultural burning were derived from crop residue emission estimates from the 

2002 NEI, which used a ratio of NH3/NOx and the NOx emission factor (McCarty et al., 2011; 

Pouliot et al., 2016). When comparing the emission factors used for the US EPA NEI with the 

emission factors used in this study, there are similarities and differences in the categories. For 

example, while this study gives a specific emission factor for agriculture, the NEI uses a 

different emission factors for each specific type of cropland (Pouliot et al., 2016). In addition to 

this, it is important to note that while this study does not specify between prescribed fires and 

wildfire, the NEI does. 

FINN also uses Equation 1 to estimate emissions from biomass burning (Wiedinmyer et 

al., 2006; Wiedinmyer et al., 2011). However, there are some differences in data used between 
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the two methods (Table 2). The default version of the FINN model identifies the location and the 

timing of fires using the MODIS Thermal Anomalies Product (Giglio et al., 2003; Giglio et al., 

2006), which detects active fires, at a nominal horizontal resolution of approximately 1 km2, 

based on observations from the Moderate Resolution Imaging Spectroradiometer (MODIS) 

instruments on board of NASA’s Terra and Aqua satellites. The processed fire detection data, 

which is processed via the MODIS Rapid Response or the MODIS Data Processing System 

(Collection 5), was obtained directly from the University of Maryland (Wiedinmyer et al., 2011). 

FINNv1 does not obtain the area burned using a burned area product. Instead, each fire is 

assumed a burn area of 1km2, with grasslands assigned a burn area of 0.75 km2 (Wiedinmyer et 

al., 2006; Al-Saadi et al., 2008; Wiedinmyer et al., 2011). The MODIS Collection 5 Land Cover 

Type (LCT) product for 2005 (Friedl et al., 2010) is used to obtain the type of vegetation burned 

at each fire pixel. Each fire pixel is then assigned a land classification using the IGBP 

(International Geosphere-Biosphere Programme) land cover classification table. The MODIS 

Vegetation Continuous Fields (VCF) product (Collection 3 for 2001), which identifies the tree 

cover percent, the non-tree vegetation percent, and bare cover percent at a resolution of 500 m 

(Hansen et al.,2003; Hansen et al., 2005), is used to determine the density of the vegetation at 

each fire pixel (Wiedinmyer et al., 2011). The land classification is then simplified such that all 

the land classification categories are lumped into 6 generic land classifications in order to make 

use easier with known emission factors and fuel loadings (Wiedinmyer et al., 2011). The fuel 

loadings used in FINN are based on the work of Hoelzemann et al. (2004), with updates made by 

Wiedinmyer et al. (2011). The fraction of biomass burned is obtained following the work of Ito 

and Penner (2004). While there are many similarities between the inputs of FINN versus the 

calculations used in this study, such as the emission factors used, the land classification data used 
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and the methodology for the fraction of biomass burned, there are also some major differences. 

For example, this study uses the MODIS burned area product for the burn area input as oppose to 

estimation technique based off the active fire data used in default runs of FINN. In addition to 

this, the fraction of biomass burned product used in this study (AVHRR Continuous Fields Tree 

Cover product) is different than what was used in FINN (MODIS Vegetation Continuous Fields 

(VCF) product) and the land classifications in this study were not simplified as they were done in 

FINN.  

The GFED emissions of ammonia are estimated by combining the burned area data and 

emission factor data with a revised version of the Carnegie-Ames-Stanford Approach (CASA –

GFED) biogeochemical model that estimates fuel loads and combustion completeness for each 

monthly time step (van der Werf et al., 2010; van der Werf., 2017).  Within the CASA-GFED 

modeling framework, there are several different datasets used. The ambient air temperature, soil 

moisture and solar radiation data are obtained from European Centre for Medium Range Weather 

Forecasts’ ERA-Interim dataset, as described by Dee et al. (2011) (van der Werf et al., 2017).  

Other datasets include the fAPAR (fraction of absorbed Photosynthetically Active Radiation) 

data, which is used to estimate net primary production (NPP), calculated based on version 3g of 

the Global Inventory Modeling and Mapping Studies (GIMMS) normalized difference vegetation 

index (NDVI) (Pinzon and Tucker, 2014), the fraction of tree cover (FTC) derived from the 

vegetation continuous fields MOD44B (V051) from MODIS (Hansen et al., 2005), and land 

classification data from MODIS MCD12C1 with classifications from the University of Maryland 

land cover classification dataset (Friedl et al., 2010). The burn area used in GFED is a 

combination of the 500 m Collection 5.1 MODIS direct broadcast (DB) burned area product 

(MCD64A1) at a spatial resolution of  0.25°  (Gigilo et al., 2013) and the burn area of small fires, 
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which is statistically estimated using the 500m burn area (MCD64A1), the active fire data from 

MODIS and 500m surface reflectance observations (see Randerson et al., 2012 and van der 

Werf., 2017). The modeling framework calculates the carbon fluxes and then the emission 

factors are used to calculate these fluxes into emissions.  

2.2.3 - Regression Analysis  

Emissions of NH3 from biomass burning are dependent upon not only fuel type and fire 

properties, but also meteorological conditions. Therefore, a statistical regression analysis was 

performed using SAS (v9.4) to determine a regression model to predict NH3 emissions from 

biomass burning using the burn area and ambient air temperature. Using these data, the statistical 

observation model (SOM) (r2 = 0.92, n = 48) for NH3 emissions (ENH3, in g) is as follows 

(Equation 10): 

ENH3 = 0.012*[ (BA0.88) *((TA + 20)2.25)]       (10) 

where BA is the total monthly burn area (m2) and TA is the average monthly ambient 

temperature (ºC). The burned area data used in this regression analysis are described in the 

proceeding sections. The meteorological data (the average ambient temperature) were obtained 

from the National Oceanic and Atmospheric Administration (NOAA) National Centers for 

Environmental Information Climate Data website (Menne et al., 2012). The GHCND (Global 

Historical Climatology Network) Monthly Summary data for the CONUS from 2010-2013 were 

used, which provided the monthly mean temperature (°F). This data is described in detail in 

Menne et al. (2012).  To ensure accuracy, only measurements that passed the NOAA National 

Climatic Data Center quality assurance check were used in this study. The emission inventory 

created in this study was used in the development of this regression analysis because it is easily 

reproducible using readily available satellite datasets (e.g. MODIS burn area and land cover 
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data) for any emission species that emission factors have been developed for.  It is important to 

note that several iterations were done in the creation of this regression equation using all and a 

combination of the following parameters: monthly total burn area, the monthly total number of 

fires, the monthly total precipitation, the average monthly temperature, the average monthly fire 

radiative power and the average monthly fraction of biomass burned and fuel loadings. While all 

of these are important parameters to estimate emissions from biomass burning, the equation with 

just burn area and temperature provided the best results (based on correlation coefficient and 

mean normalized bias).  

2.2.4 - Statistical Comparison 

There are several methods that can be used to evaluate air quality models (e.g EPA, 1991, 

Tong and Mauzerall, 2006). In this study, the mean normalized bias (MNB), the normalized 

mean bias (NMB) and the normalized mean error (NME) were used in the comparison between 

the NH3 emissions from biomass burning calculated in this study and those emissions 

determined by the regression model to determine the accuracy of the model. The mean 

normalized bias is every data bias divided by the observation and then averaged. The equation 

for this statistical comparison is as follows: 

 

𝑀𝑁𝐵 =
1

𝑁
∑ (

𝐸𝑚(𝑖)− 𝐸𝑐(𝑖)

𝐸𝑐 (𝑖)
)𝑁

𝑖=1 ,                           (11) 

 

where N is the number of observations, Em are the emissions projected by the regression model, 

and Ec are the emissions calculated in this study. This technique has a range from -1 to ∞ and is 

useful when there is a large range of observations. One disadvantage associated with the MNB is 

asymmetry, because values can grow disproportionally due to the model overestimations being 

unbounded while the underestimations are bounded by -1. Another disadvantage associated with 
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the MNB is inflation because the values can be greatly inflated by low observations (i.e. low 

observations in the denominator can result in large values). The normalized mean bias is the 

mean bias divided by the mean observed values and is expressed by the following equation: 

 

𝑁𝑀𝐵 =  
1

𝑁
 
∑ 𝐸𝑚(𝑖)−𝐸𝑐(𝑖)𝑁

𝑖=1

∑ 𝐸𝑐(𝑖)𝑁
𝑖=1

.                             (12) 

 

Similar to the MNB, this technique has a range from -1 to ∞, and thus has the disadvantage of 

asymmetry. The NMB is also useful when there is a large range of observations. The normalized 

mean error is the absolute value of the mean bias divided by the absolute value of the mean 

observed value and is represented by the following equation: 

 

𝑁𝑀𝐸 =  
1

𝑁

∑ |𝐸𝑚(𝑖)− 𝐸𝑐(𝑖)|𝑁
𝑖=1

∑ |𝐸𝑐(𝑖)|𝑁
𝑖=1

.                             (13) 

  

The NME is also useful for a large range of observations and has a range from 0 to ∞. However, 

there is an asymmetry issue associated with the NME. An important limitation with this 

comparison is that the modeled emissions are being compared with the calculated emissions of 

ammonia, which were used to create the regression model. Since the calculated emissions may 

not be “ground truth” measurements, these statistical comparisons are only comparing how well 

the model predicts emissions of NH3 against this emissions inventory as oppose to all emission 

inventories.  
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2.3 - Results and Discussion 

2.3.1 - Emissions 

On a national scale, there was a general decrease in the number of fires from 2005 to 

2015, with an average change of ~2% per year (Figure 8A). However, this trend is not 

statistically significant (p > 0.05, R2 = 0.03).  Over the period, there were, on average, 104,267 ± 

16,461 fires per year, with the highest number of fires occurring in 2012 (132,469) and the 

lowest number of fires occurring in 2009 (81,149).  When looking at the fire number per year on 

a monthly basis, there is a lot of variability year to year (Figure 9A). However, on average, the 

monthly fire number peaks in both the spring and the fall. This bi-modal, seasonal trend can 

likely be attributed to the agricultural burns that occur in the spring and the warm weather (which 

is conducive for fires) that occurs in the late summer. The yearly average fire radiative power, 

which measures the rate of the radiant heat output of a fire, showed a generally positive trend 

(average increase ~8% per year) on a national scale from 2005 to 2015. However, this trend was 

not statistically significant (p > 0.05). The average yearly FRP was 55 ± 10 MW, with the 

maximum average yearly FRP occurring in 2015 (77 ± 49 MW) and the minimum yearly 

average FRP occurring in 2010 (39 ± 10 MW) (Figure 8B). On a monthly scale, FRP values 

generally peaked in the summer months, however, the highest monthly average FRP occurred in 

January of 2015 (160 MW) (Figure 9B).  The average yearly fire brightness temperature, which 

is a measure of the photons at a particular wavelength (4 µm) received by the spacecraft (Giglio 

et al., 2003; Giglio et al., 2016; NASA, 2018), was approximately constant (average -0.03% per 

year), with the yearly average brightness temperatures ranging from 320 K to 324 K (Figure 8C). 

Similarly, the monthly average brightness temperatures were also approximately constant, 

ranging from 312 K to 339 K (Figure 9C). On average, ~200,367 ± 64,112 km2 of land was 
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burned from 2005 to 2015, with highest total burn area occurring in 2011 (~305,449 km2) and 

the lowest observed burn area occurring in 2010 (81,926 km2) (Figure 8D). While there was 

variation year to year in the total burn area, the general trend in area burned increased over the 

period (on average ~23% per year). However, this trend was not statistically significant (p > 

0.05). On a monthly scale, the peak burn area varies from year to year (Figure 9D). However, it 

is evident that the peak burn area is at a maximum from May to September. This is expected due 

to the warmer and dryer conditions that occur in the North American spring and summer. It is 

important to note the limitation of the short study period. While the period is long enough to get 

a short-term trend, a longer analysis time is needed to determine a definite trend. 
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Figure 8. The yearly total number of fires, the yearly average fire radiative power (and 

associated standard deviation), the yearly average brightness temperature (and associated 

standard deviation), the yearly burn area and the yearly ammonia emissions from fires plotted for 

2005-2015. The associated trend line is displayed as a yellow-gold line. Error bars represent the 

standard deviation.  
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Figure 9. The monthly total number of fires, the monthly average fire radiative power, the 

monthly burn area and the monthly NH3 emissions from biomass burning for each year in the 

study. 

 

The average annual NH3 emissions from biomass burning on a national scale were 

approximately 5.4e8 ± 3.3e8 kg year-1 for 2005-2015. There was a general increase in the 

amount of ammonia emitted from biomass burning (Figure 8E). However, this trend is 

statistically insignificant (p > 0.05). As discussed above, burn area is a key contributor to 

emissions of ammonia. The increase in burn area is important because a larger burn area likely 

leads to an increase in fuels (and available nitrogen) and therefore an increase in the ammonia 



   

77 

 

emitted from the fires. Similar to the observed monthly burn area, there is variability for the 

monthly total emissions, particularly in the summer months (Figure 9E). However, in general, 

NH3 emissions tend to peak in the summer months. This can be attributed to wildland fire 

activity, which typically covers a larger burn area and occurs in the summer months when it is 

warmer and dryer (particularly in the western US), due to the nitrogen rich fuels (e.g. forests).  

2.3.2 - Regression Analysis 

A regression model that accounts for both fire size and meteorological conditions was 

created to predict monthly NH3 emissions from biomass burning (r2 = 0.92, n = 48). When 

comparing this model (SOM) against the monthly calculated emissions from this study (Figure 

10, Table 6), it was found that the regression model was a factor of 1.18 lower than the mean 

observed values and a factor of 0.64 higher than the median observed values. The 

aforementioned comparison statistics were done to compare the SOM against emissions 

calculated during this study. The mean normalized bias (MNB) was 69%, the normalized mean 

bias  (NMB) was -0.12% and the normalized mean error (NME) was 0.44%. However, because 

much of the data (2010-2013) used to calculate the monthly emissions for this study were used in 

the creation of the regression model, this similarity between the model and the observations was 

expected. Therefore, to test the SOM further, the modeled emissions were then compared against 

the calculated emissions for 2005-2009 and 2014-2015 (i.e. emissions not used in the creation of 

the regression). The results of this showed that the model was a factor of 1.10 lower than the 

mean calculated emissions and a factor of 0.61 higher than the median calculated emissions 

(Figure 11, Table 7).  The comparison statistics for this analysis showed that the MNB = 91%, 

the NMB = -0.11% and the NME = 0.72%. 
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Table 6. Comparison statistics for national monthly NH3 emissions for 2005 to 2015.  

 
NH3 Emissions (kg Month-1) 

Observations  

Average 4.5e7 

Standard Deviation 1.0e8 

Max 6.5e8 

Median 7.7e6 

Model  

Average 3.8e7 

Standard Deviation 5.5e7 

Max 2.4e8 

Median 1.2e7 

Comparison Statistics   

Mean Normalized Bias (%) 69 

Normalized Mean Bias (%) -0.12 

Normalized Mean Error (%) 0.44 

Ratio of average measured value to 

average modeled value 

1.18 

Ratio of median measured value to 

median modeled value 

0.64 

Correlation Coefficient (r) 0.78 

Number of Observations  132 
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Figure 10. Comparing the predicted NH3 emissions with the calculated NH3 emissions for 2005-

2015 on a log scale. The red line represents the one-to-one trendline where the calculated NH3 

emissions = the predicted SOM NH3 emissions. The gold line represents the mean bias line and 

the purple line represents the median bias line.  
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Table 7. Comparison statistics for the national monthly NH3 emissions for 2005-2009 and 2014-

2015.  

 

NH3 Emissions 

(kg Month-1) 

Observations  

Average 4.2e7 

Standard Deviation 9.5e7 

Max 5.8e8 

Median 8.2e7 

Model  

Average 3.8e7 

Standard Deviation 5.2e7 

Max 1.9e8 

Median 1.3e7 

Comparison Statistics   

Mean Normalized Bias (%) -91 

Normalized Mean Bias (%) -0.11 

Normalized Mean Error (%) 0.72 

Ratio of mean measured value to mean 

modeled value  

1.10 

Ratio of median measured value to median 

modeled value 

0.61 

 

 

Correlation Coefficient (r) 0.80 

Number of Observations  84 
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Figure 11. Comparing the predicted NH3 emissions with the calculated NH3 emissions for 2005-

2009 and 2014-2015 on a log scale. The red line represents the one-to-one trendline where the 

calculated NH3 emissions = the predicted SOM NH3 emissions. The gold line represents the 

mean bias line and the purple line represents the median bias line. 

2.3.3 - Inventory Comparison  

Figure 12 compares the results of this study with prominent emission inventories. There 

is a lot of variation both between each year as well as between each inventory. On a national 

scale, the calculated (average 5.40e8 ± 3.31e8 kg year-1 ) and modeled (average 4.58e8 ± 1.33e8 

kg year-1 ) ammonia emissions from biomass burning were found to be, on average, a factor of 

1.3 and 1.1, respectively, higher than the US EPA National Emissions Inventory (average 4.04e8 
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± 3.57e8 kg year-1 )  (EPA, 2016; EPA, 2015). Similar to the comparisons between the NEI and 

the calculated ammonia emissions from biomass burning in this study, the total yearly ammonia 

emissions from biomass burning modeled by FINN (average 9.08e7 ± 1.33e7 kg year-1 ) 

(Wiedinmyer et al., 2011) and the GFED (average 4.14e7 ±  9.77e6 kg year-1 )  (van der Werf et 

al., 2017) were both lower than what was calculated in this study. On average, the emissions 

calculated and modeled in this study were a factor of 5.9 and 5.0, respectively, higher than the 

emissions obtained from FINN and a factor of 13.1 and 11.1 higher than those obtained from the 

GFED. 

 

Figure 12. Comparing the yearly total NH3 emissions (on a log scale) from biomass burning 

calculated and predicted in this study with the NEI, the FINN and the GFED. Note that 2005 – 

2009 and 2014 were not included in the creation of the SOM. 
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Through the study period, the NEI yearly total NH3 emissions from biomass burning 

were consistently similar to both the calculated emissions and the SOM predicted emissions. 

Similarly, both FINN and GFED were consistently lower than both the NEI and the emissions 

quantified in this work.  Despite using the same general methodology, the emissions between 

inventories are highly variable. Due to both uncertainties in NH3 emissions from fires as well as 

uncertainties in the products used to obtain emission estimates, it is not surprising that there are 

major inconsistencies between each inventory. Variation between fire emission inventories was 

also observed by Larkin et al. (2014), who did a similar study comparing several pollutant 

emissions (e.g. CO2, CH4, N2O) for CONUS from FINN, GFED, NEI and the EPA Greenhouse 

Gas emissions inventories. Similar trends were observed, where the NEI projected the highest 

emissions, followed by FINN and then GFED. The differences observed in Larkin et al. (2014) 

were attributed to the differences and uncertainties associated with the input parameters, such as 

how prescribed fires were represented, the fuel loadings used as well as how deep organic 

combustion was modeled. Variation in and uncertainties associated with all the input parameters 

for biomass burning emissions all contribute to disagreement between inventories. Furthermore, 

the magnitude of variation in reactive nitrogen emission inventories (including, but not limited to 

biomass burning emissions) is extreme due to uncertainties in the strength of the emission 

sources as shown by Battye et al. (2017). 
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2.4 - Conclusions 

According to the U.S. EPA’s 2014 National Emission Inventory (EPA, 2014), biomass 

burning is the second largest emissions source of ammonia (accounting for ~10%) following 

agricultural sources. The results of this study showed that on average, there were 5.4e8 ± 3.3e8 

kg of NH3 year-1 emitted across the CONUS for 2005-2015. Through the study period, there was 

a general decrease in the number of fires and a general increase in the average fire radiative 

power, the total area burned and in the total ammonia emitted from biomass burning. However, 

these observed trends were not statistically significant.  

A regression model (r2 = 0.92, n = 48) was developed in order predict emissions as a 

function of fire burn area and ambient temperature. When comparing the regression model with 

the results from this study, it was found that the regression model was a factor of 1.18 (MNB = -

69%, NMB = -0.12%, NME = 0.44%) lower than what was observed. Both the calculated and 

modeled (i.e. predicted by the statistical regression model) NH3 emissions were then compared 

against currents fire emission inventories (NEI, FINN, GFED). When comparing the US EPA 

National Emissions Inventory for NH3 emissions from fires for the continental United States, it 

was found that the NEI was approximately a factor of 1.3 and 1.1 lower than what was calculated 

and modeled, respectively, in this study. Similarly, the emissions calculated and modeled in this 

study were a factor of 5.9 and 5.0, respectively, higher than the emissions obtained from FINN 

and a factor of 13.1 and 11.1 higher than those obtained from the GFED. These discrepancies are 

attributed to differences in the emission estimation technique used as well as differences in the 

input data used. 
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CHAPTER 3 

Global Scale Reactive Nitrogen Emission from Biomass Burning 

 

This chapter is derived from the journal article:  

 

Bray, C.D., W. Battye, V. P. Aneja, and W. Schlesinger, 2019. “Global Scale Reactive Nitrogen 

Emission from Biomass Burning,” Submitted to Atmospheric Environment. 

 

3.1 - Introduction 

 

 

Nitrogen is essential to all life forms; however, excess emissions of reactive nitrogen 

compounds can have detrimental impacts on human health and the environment (Battye et al., 

2017). For example deposition of reactive nitrogen species can lead to a decrease in biological 

diversity, soil acidification, and   eutrophication of lakes and coastal zones (Galloway et al., 

2004; Holtgrieve et al., 2011; Erisman et al., 2013). Reactive nitrogen gases also have a negative 

impact on air quality. For example, NOx, a form of reactive nitrogen, can increase tropospheric 

ozone (O3) formation, and NH3 can lead to the formation of fine particulate matter (PM2.5) (Baek 

and Aneja, 2004; Baek et al., 2004; Chen et al., 2014). There are many adverse health effects 

associated with exposure to elevated concentrations of ozone and fine particulate matter, such as 

chronic bronchitis, aggravated asthma, irregular heartbeat, other cardiovascular and respiratory 

problems and even death (Pope et al., 2006; Pope et al., 2009; Lelieveld et al., 2015). PM2.5 is 

also associated with several environmental impacts, such as reduced visibility and changes in the 

earth’s radiational balance (Fan et al., 2005; Behera and Sharma, 2010; Heald et al., 2012; Wang 

et al., 2012). Increased emissions of reactive nitrogen can impact climate change as well as 

human health and welfare (Davidson et al., 2012; Galloway et al., 2004; Gruber and Galloway, 

2008). 
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Although biomass burning is not the most prominent source of reactive nitrogen species 

in the atmosphere, there is evidence that biomass burning contributes significantly to ambient 

concentrations of NH3 and NOx, particularly in the tropical and subtropical regions (Crutzen et 

al., 1979; Lobert et al., 1990). For example, R’honi et al. (2013) found that ammonia 

concentrations were two orders of magnitude larger than background levels in the summer of 

2010, when wildfire activity was prominent across Russia. Similarly, elevated concentrations of 

reactive nitrogen species were observed during the Grand Teton Reactive Nitrogen Deposition 

Study (GrandTReNDS) during periods of biomass burning activity (Prenni et al., 2014). 

Similarly, Saylor et al. (2015) observed unusually high concentrations of ammonia across the 

southeastern United States during 2007, which was attributed to fire activity. Benedict et al. 

(2017) studied reactive nitrogen species in fresh smoke from two fires during the summer of 

2012 and observed elevated concentrations of all species, except NH4
+, with NH3 concentrations 

increased by a factor of 20. Warner et al. (2016) used the Atmospheric Infrared Sounder to 

quantify concentrations of NH3 on a global scale from 2002 to 2015 and observed elevated 

concentrations over Russia, Alaska, South America, Africa and Indonesia due to biomass 

burning activities.  

The strength and frequency of fires are not only controlled by the properties of the fuel 

and geography, but also by weather and climate (Pyne et al., 1996; Liu et al., 2010). For 

example, fire activity is generally higher during drought conditions in areas with substantial 

accumulations of fuel, while fires are less likely under drought conditions in arid regions (van 

der Werf et al., 2008; Krawchuk and Moritz, 2011). Therefore, changes in the earth’s climate 

will likely result in changes in fire activity (e.g. Westerling et al., 2006). The impact of the 

changing climate on wildfire activity has already been observed. For example, the western 
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United States has seen a significant increase in wildfire activity in the past few decades due, in 

part, to the observed warming and drying of the region (Abatzoglou and Williams, 2016). On a 

global scale, fire weather seasons have increased across approximately 25% of the vegetated 

surfaces and the global area impacted by the longer fire seasons has doubled (Jolly et al., 2015). 

As the global climate continues to change, higher temperatures and widespread drought are 

expected to increase the number of wildfires (e.g. Westerling et al., 2006; Alves et al., 2011; 

Abatzoglou and Williams, 2016). On a global scale, wildfire potential is projected to increase as 

the climate changes, specifically in locations that are already wildfire prone (Liu et al., 2010).  

Pierce et al. (2017) suggests fire area is expected to increase ~8% by 2050 and 30% by the end of 

the century due to changes in both the climate and population density. This increase in wildfire 

potential will likely lead to an increase in emissions of reactive nitrogen gases from biomass 

burning.  

These changes in the global nitrogen budget will have great impacts on the environment 

(Crutzen et al., 2016). For example, an increase in nitrogen deposition can lead to 

ammonification, eutrophication, and a loss of biodiversity (Langford et al., 1992; Robarge et al., 

2002; Clark and Tilman, 2008; Janssens et al., 2010; Day et al., 2012).  Increased concentrations 

of ammonia can also lead to a decreased resistance to drought and frost damage (Robarge et al., 

2002). In addition, nitrous oxide is a major greenhouse gas that contributes to the warming 

climate (Bouwman, 1996) and depletion of stratospheric ozone.  

The objective of this research is to quantify the global emissions of reactive nitrogen 

(NH3, NOx, N2O) from biomass burning (wildfires, agricultural burns and prescribed burns) 

from 2001 to 2015 and to use this emissions inventory to create statistical regressions to predict 

how future changes in climate will impact emissions of NH3, NOx and N2O. Both the developed 
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emissions inventory, which was based on the MODIS land classification and burn area, AVHRR 

vegetation data, and emission factors from the literature (e.g. Akagi et al., 2011; Andrae and 

Merlet, 2001; Urbanski, 2014) and the regression models will be tested against existing global 

fire emissions inventories: the Fire Inventory from the National Center for Atmospheric 

Research (FINN v1.5, Wiedinmyer et al., 2011), and the Global Fire Emissions Database (GFED 

v4.1, with small fires; van der Werf et al., 2017). 

3.2 - Data and Methodology 

3.2.1 - Quantification of Nr Emissions 

In this research, reactive nitrogen emissions from biomass burning are calculated using 

the following equation, which was also described in Chapters 1 and 2, adapted from Seiler and 

Crutzen, (1980): 

                                  Ei=BA×B×FB×EFi  (8) 

where Ei is the emission of species i (in this case, NH3, N2O and NOx; in g), BA is the area 

burned (m2), B is the biomass loading (kg m-2), FB is the fraction of biomass burned in the fire 

and EFi is the emission factor (g kg Biomass Burned-1) of species i. To obtain the area burned, 

the Moderate Resolution Imaging Spectroradiometer (MODIS) Burned Area product 

(MCD64A1, Collection 6), obtained from the University of Maryland’s website, was used 

(Giglio et al., 2015). Burned area, which is characterized by deposits of charcoal/ash and changes 

in the structure of the vegetation, is mapped by a MODIS algorithm that takes advantage of the 

spectral, temporal and structural changes in the land (Roy, 1999; Roy et al., 2002; Roy et al., 

2005; Roy et al., 2008). The approximate date of burning is detected at a resolution of 500m by 

locating rapid changes in the daily reflectance time series data. The Bi-directional Reflectance 

Distribution Function (BRDF) is used to identify a change in the reflectance from the previous 
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state and a statistical measure is used to determine whether the change in reflectance is 

significant. This is done independently for each pixel, moving through the reflectance time series 

in steps for each day. In addition, a temporal constraint is used to differentiate temporary 

changes in reflectance (shadows, for example) and more permanent changes (fires, for example) 

and then the date of the burning is deduced by constraining the frequency and the occurrence of 

the missing observations (Roy et al., 2008). Because of this, the burn area product is less 

sensitive than the MODIS Active Fire product to cloud and smoke obscuration. 

 The biomass loading (i.e. the amount of biomass available that can be burned in each 

fire) values were obtained from Wiedinmyer et al. (2011), who describe land type and region-

specific biomass based on literature values (Hoelzemann et al., 2004; Akagi et al., 2011) with 

updates based on personal communications (Table 8). The biomass loading is based on land 

classification. The Collection 5 MODIS Global Land Cover Type product (MCD12Q1) was used 

to determine land type (Friedl et al., 2010; Channan et al., 2014). This database contains land 

cover classifications at a spatial resolution of 500m. These data are available from the University 

of Maryland’s Global Land Cover Facility webpage (www.landcover.org). 

 

 

 

 

 

 

 

http://www.landcover.org/


   

90 

 

Table 8. Fuel loadings (g m-2) used in this work from Wiedinmyer et al. (2011) for each generic 

land classification and region. Values based on Hoelzemann et al. (2004) unless otherwise noted. 

Table based on Table 2 Wiedinmyer et al. (2011).  

Land 
Classification 

Generic 
Vegetation 

North 
America 

Central 
America 

South 
America 

Northern 
Africa 

Southern 
Africa 

Western 
Europe  

Eastern 
Europe  

North 
Central 
Asia  

Near 
East 

East 
Asia 

South 
Asia 

Oceania  

Evergreen 
Needleleaf 
Forest  

BOR 25 000a  
    

6228 8146 25 000a  
    

Evergreen 
Broadleaf Forest  

TROP 28 076b  20 260  25 659  25 366  25 295  28 076b  28 076b  6181c  6181c  6181c  27 969  16 376  

Deciduous 
Needleleaf 
Forest  

BOR 25 000a  
    

6228 8146 25 000a  
    

Deciduous 
Broadleaf Forest  

TEMP 10 492  11 000a  7400a  3497 6100 7120 11 386  20 807  10 316  7865 14 629  11 696d  

Mixed Forests  TEMP 10 492  11 000a  7400a  3497 6100 7120 11 386  20 807  10 316  7865 14 629  11 696d  

Closed 
Shrublands 

WS 5705 2224 3077 2501 2483 4523 7752 11 009  2946 4292 5028 1271 

Open 
Shrublands 

WS 5705 2224 3077 2501 2483 4523 7752 11 009  2946 4292 5028 1271 

Woody 
Savannas 

WS 5705 2224 3077 2501 2483 4523 7752 11 009  2946 4292 5028 1271 

Savannas SG 976 418 552 318 360 1321 1612 2170 655 722 1445 245 

Grasslands SG 976 418 552 318 360 1321 1612 2170 655 722 1445 245 

Permanent 
Wetlands 

SG 976 418 552 318 360 1321 1612 2170 655 722 1445 245 

Croplands CROP 500e 500e 1100e 500e 500e 500e 500e 500e 500e 500e 500e 500e 

Cropland/Natural 
Vegetation 
Mosaic  

SG 976 418 552 318 360 1321 1612 2170 655 722 1445 245 

Barren or 
Sparsely 
Vegetated  

SG 976 418 552 318 360 1321 1612 2170 655 722 1445 245 

a Akagi et al. (2011) and references therein 
b added a tropical forest class to North America and Europe (in LCT) 
c all Asia assigned equal tropical forest values 
d taken as the average of tropical and temperate forest fuel loadings for Oceania. 
e Wiedinmyer et al. (2006) 
f Macedo et al., 2008; E. Campbell, personal communications, June 2010, via Wiedinmyer et al. 

(2011).  

 

The methodology used to obtain the fraction of biomass burned (FB) within the fire 

(Table 4) was determined based on Wiedinmyer et al. (2006) and Wiedinmyer et al. (2011), 

adapted from Ito and Penner (2004). Areas with 60% or more tree cover are given an FB value of 

0.3 for the woody fuel and 0.9 for herbaceous cover, where woody and herbaceous fuel is 

determined based on the land classification. For areas with 40-60% tree covers, the FB is 0.3 for 

woody fuels and the FB for herbaceous fuels can be calculated using the following equation: 

FBherb = e-0.13*FractionTreeCover  ,                             (9) 

Finally, when the fraction of tree cover is less than 40%, no woody fuel is assumed to burn and 

an FB value of 0.98 is given for herbaceous fuels (Wiedinmyer et al., 2006; Ito and Penner, 

2004). The fraction of tree cover was determined using the NASA Making Earth System Data 
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Records for Use in Research Environments (MEaSUREs) Vegetation Continuous Fields (VCF) 

product (VCF5KYR, version 1), which gives the fraction of tree cover at a 0.05 degree spatial 

resolution using observations taken by the Advanced Very High Resolution Radiometer 

(AVHRR) (Hansen and Song, 2018). These data were obtained directly from the NASA Land 

Processes Distributed Active Archive Center (LP DAAC, https://lpdaac.usgs.gov/node/1318). 

The emission factors for each species of interest (i.e. NH3, N2O, NOx) for each land 

classification were obtained from the literature (Table 9). 
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Table 9.  Reactive nitrogen emission factors from biomass burning of each respective land 

classification type. Top emission factors represent the mean of several studies while the bottom 

emission factors represent, when data are available, the high end of the mean emission factors. 

For more information on the emission factors used in this work, please refer to the factor’s 

respective references.  

Land Classification NH3 Emission 

Factor 

(g kg Biomass 

Burned-1 ) 

N2O Emission 

Factor 

(g kg Biomass  

Burned-1 ). 

NOx Emission  

Factor* 

(g kg Biomass  

Burned-1 ) 

Evergreen Needleleaf Forest 3.501 0.413 1.802 

 8.695 -- 8.906 

Evergreen Broadleaf Forest 0.761 0.204 2.601 

 8.267 -- 7.997 

Deciduous Needleleaf Forest 3.501 0.413 3.002 

 8.695 -- 8.906 

Deciduous Broadleaf Forest 1.501 0.163 1.301 

 -- -- 4.857 

Mixed Forest 1.501 0.163 1.301 

 -- -- 4.857 

Closed Shrubland 1.201 0.253 3.91 

 1.618 -- 5.119 

Open Shrubland 1.201 0.253 3.91 

 1.618 -- 5.119 

Woody Savannas 1.201 0.253 3.91 

 1.618 -- 5.119 

Savannas 0.491 0.214 2.81 

 0.7010 0.31 7.197 

Grasslands 0.491 0.214 2.81 

 0.7010 0.3111 7.197 

Permanent Wetlands 0.491 0.214 2.81 

 0.7010 0.3111 7.197 

Croplands 2.301 0.104 3.51 

 4.017 -- 5.677 

Natural Vegetation Mosaic 0.491 0.204 2.81 

 0.7010 0.3111 7.197 

Barren/Sparsely Vegetated 0.491 0.204 2.81 

 0.7010 0.3111 7.197 

*NOx as NO 
1Akagi et al., 2011  
2Wiedinmyer et al., 2011 
3Urbanski, 2014 
4Andreae and Merlet, 2001  
5Bertschi et al., 2003 
6Nance et al., 2003 
7Yokelson et al., 2011 
8Burling et al., 2010 
9Radke et al., 1991 
10Christian et al., 2003 
11 Andreae and Merlet, 2001 plus one standard deviation 
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There are limitations and uncertainties associated with these satellite products, including 

variations in satellite overpass time and cloud cover. For example, some uncertainties associated 

with the MODIS burn area data include underestimates of potential burn area due to canopy 

vegetation and/or cloud cover and difficulty mapping small fires (Roy and Boschetti, 2009). The 

accuracy of the land classifications for the MODIS Land Cover dataset is approximately 75% 

(Friedl et al., 2010). Furthermore, uncertainties can arise from natural variations in emission 

factors (Akagi et al., 2011).  

3.2.2 - Impact of Climate Change on Nr Emissions from Biomass Burning  

 

Emissions of Nr from biomass burning are not only a factor of the fuel type and fire 

properties, but they are also dependent upon meteorological conditions, especially temperature 

and precipitation, which are projected to change with the changing climate. Therefore, a 

statistical analysis was performed using SAS(v9.4) to formulate regression models to backcast 

and forecast emissions of NH3, NOx and N2O from biomass burning at global scale. These 

regressions will allow for the projection of future emissions of the three reactive nitrogen species 

in the future climate. The burn area dataset used to create these models was the average monthly 

burn area per year (MODIS Burn Area product; MCD64A1 Collection 6) for 2001 to 2010. This 

dataset is described in the previous section.  

The regression models were then run for two futuristic periods: 2050-2055 and 2090-

2095 under two climate scenarios to see how emissions of these reactive nitrogen species would 

change with the changing climate. The Intergovernmental Panel on Climate Change (IPCC) 

Representative Concentration Pathway (RCP) climate scenarios were used in this study. RCP 

climate scenarios are based on published scenarios that are ‘representative’ of the total literature, 

include easily accessible information on all components of radiative forcing for modelling 
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purposes, and have harmonized base year assumptions to predict conditions up to 2100 (van 

Vuuren et al., 2011). The potential future burn area (as described below) was run under RCP 

scenarios 4.5 and 8.5. RCP scenario 4.5 (i.e. RCP 4.5) based on Clarke et al. (2007), Smith and 

Wigley (2006) and Wise et al. (2009) and simulated using the Global Climate Change 

Assessment Model (GCAM) (van Vuuren et al., 2011; Thomson et al., 2011). RCP 4.5 describes 

a scenario where radiative forcing stabilizes at 4.5 W m-2 by 2100, without ever exceeding 4.5 W 

m-2 (Thomson et al., 2011). This scenario assumes that policies on climate are implemented and 

enforced to limit emissions, thus stabilizing radiative forcing. In contrast to this, RCP 8.5 is a 

high greenhouse gas emission scenario based on Riahi et al. (2007) and simulated using the 

MESSAGE model (Riahi et al., 2011; van Vuuren et al., 2011). RCP 8.5 is the worst-case 

scenario of the RCP scenarios that does not assume any policies to reduce emissions. This 

scenario assumes high population growth, slow income growth and unassertive changes in 

technology that lead to high energy demand and therefore high emissions of greenhouse gases 

(Riahi et al., 2011). The future burn area dataset (Val Martin et al., 2018) provides global 

monthly average burn area based on the RCP 4.5 and RCP 8.5 climate scenarios. To quantify 

future burn area, the Community Land Model (CLMv4.5) was used as part of the CESM under 

different IPCC RCP scenarios. The CLMv4.5 uses a global dynamic vegetation model to 

determine the response vegetation will have to the future climate (including fires) as well as 

modified versions of the fire algorithm developed by Li et al. (2012) and Li et al. (2013), which 

account for agricultural fires and deforestation as well as other variables (climate, vegetation, 

land use, agricultural changes, and population density using the History Database of the Global 

Environment (HYDE) for 2000) to estimate the future burn area. Simulations were run using 

CESM under the RCP 4.5 and RCP 8.5 climate scenarios for 2006 to 2100 at a vertical resolution 
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of 26 layers from the surface to ~4hPa, with a time step of about 30 minutes, and a horizontal 

resolution of 100x100 km (Pierce et al., 2017). The National Center for Atmospheric Research 

(NCAR)’s Community Climate System Model (CCSM) RCP 4.5 and RCP 8.5 projections were 

used for future global temperature and precipitation. An important limitation of the future burn 

area dataset used in this work is that it does not account for the contribution of human 

intervention on fire activity (i.e. fire suppression or fire ignition). Anthropogenic fires are driven 

but both changes in the population as well as changes in culture. While these data do account for 

changes in population, they do not account for changes in culture (e.g. war, migration, disease).    

This work also utilized two global meteorological datasets: the Modern-Era Retrospective 

analysis for Research and Applications, Version 2 (MERRA-2) dataset (M2TMNXSLV) and the 

Global Precipitation Climatology Centre (GPCC) Full Data Monthly Product Version 2018: 

Monthly Land-Surface Precipitation from Rain-Gauges built on GTS-based and Historical Data. 

The MERRA-2 dataset is a NASA atmospheric reanalysis product that combines modeled fields 

with observational data into a spatially complete gridded meteorological dataset (Rienecker et 

al., 2011). This dataset is based on Version 5.12.4 of the Goddard Earth Observing Systems 

(GEOS) atmospheric data assimilation system, which is composed of Version 5 of the GEOS 

Model (GEOS-5, Suarez et al., 2008; Molod et al., 2015) and the Gridpoint Statistical 

Interpolation (GSI) scheme (Wu et al., 2002; Kleist et al., 2009). The model used has an 

approximate spatial resolution of 0.5 ° x 0.625° and a vertical resolution of 72 layers from the 

surface up to 0.01 hPa (Gelaro et al., 2017). MERRA-2 is an intermediate reanalysis that 

addresses some of the limitations of MERRA (e.g. Bosilovich et al., 2011; Reichle et al., 2011; 

Rienecker et al., 2011; Robertson et al., 2011) and incorporates recent advancements at the 

NASA Global Modeling and Assimilation Office (GMAO). For more information on the 
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MERRA and MERRA-2 datasets, refer to Rienecker et al. (2011) and Gelaro et al., (2017). 

These data can be obtained from the NASA GES DISC website (https://disc.gsfc.nasa.gov/).  

The GPCC database provides global, gridded monthly totals of precipitation at a 1° x 1° 

spatial resolution based on ~80,000 stations worldwide that are part of a variety of networks and 

organizations including the national weather centers of 190 countries, the Global Historical 

Climatology Network (GHCN - National Oceanic and Atmospheric Administration (NOAA; 

USA)),  surface synoptic weather reports (SYNOP) from the Deutscher Wetterdienst  (DWD; 

Germany), monthly precipitation totals from the CLIMAT data received from the DWD, the 

Japan Meteorological Agency (JMA) and the United Kingdom Meteorological Office (UKMO), 

the Food and Agriculture Organization, and the Climate Research Unit of the University of East 

Anglia (Schneider et al., 2008; Rudolf et al., 2011). Data entered into the GPCC database are 

checked and processed in a relational database that allows for cross comparison of the data prior 

to applying a modified version of the Spheremap method for interpolation (Willmott et al., 1985; 

Rudolph et al., 2011)  

3.2.3 - Statistical Comparison 

 

There are several methods that may be used to evaluate air quality models (e.g Tong and 

Mauzerall, 2006). In this work, the mean normalized bias (MNB, Equation 11), the normalized 

mean bias (NMB, Equation 12), the normalized mean error (NME, Equation 13) and the 

normalized mean bias factor (NMBF, Equation 14 or 15) were used in the comparison between 

the reactive nitrogen emissions from biomass burning calculated in this study and those 

emissions determined by the regression model in order to determine the accuracy of the model. 

The NMB, MNB and NME are all described in Chapter 2. The normalized mean bias factor for 

https://disc.gsfc.nasa.gov/
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model overestimates is the average modeled values divided by the average calculated emissions 

minus 1, as described by the following equation: 

 

𝑁𝑀𝐵𝐹 = [
1

𝑁
 ∑ 𝐸𝑚

𝑁
𝑖=1

1

𝑁
∑ 𝐸𝑐

𝑁
𝑖=1

] − 1,  

                    (14) 

For 
1

𝑁
∑ 𝐸𝑚  

𝑁
𝑖=1 ≥ 

1

𝑁
∑ 𝐸𝑐  

𝑁
𝑖=1  

 

and model underestimates are 1 minus the average calculated emissions divided by the average 

modeled emissions, as shown in the following equation:  

𝑁𝑀𝐵𝐹 = 1 − [
∑ 𝐸𝑐

𝑁
𝑖=1

∑ 𝐸𝑚
𝑁
𝑖=1

],                

                                    (15) 

For 
1

𝑁
∑ 𝐸𝑚  

𝑁
𝑖=1 < 

1

𝑁
∑ 𝐸𝑐  

𝑁
𝑖=1 . 

 

The NMBF has a range from -∞ to +∞ and therefore overcomes both the asymmetry and 

inflation issues. According to Yu et al. (2006) and Zhang et al. (2006), the NMBF and the 

normalized mean bias error (NMNE) provide the most robust statistical measures. As with the 

previous chapter, an important limitation with this comparison is that the modeled emissions are 

being compared with the calculated emissions of ammonia, which were used to create the 

regression model. Since the calculated emissions may not be “ground truth” measurements, these 

statistical comparisons are only comparing how well the model predicts emissions of Nr against 

this emissions inventory as oppose to all emission inventories. 
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3.3 - Results and Discussion  

3.3.1 - Global Emissions from Biomass Burning 

Figure 13 shows annual total emissions of NH3, NOx and N2O from biomass burning for 

2001 to 2015. The total emissions of NH3 from biomass burning ranged from 3.74 Tg year-1 to 

5.87 Tg year-1, with an average total of 4.53 ± 0.51 Tg NH3 year-1 emitted over the period.  These 

emissions are approximately 9% of total global ammonia emissions (Schlesinger and Bernhardt, 

2013). The total annual emissions of NOx from biomass burning ranged from 12.21 Tg year-1 to 

18.95 Tg year-1, with an average total of 14.65 ± 1.60 Tg NOx year-1 emitted over the period. 

This represents 27% of the total global NOx emissions (Schlesinger and Bernhardt, 2013). The 

total annual emissions of N2O from biomass burning ranged from 0.80 Tg year-1 to 1.26 Tg   

year-1, with an average yearly total of 0.97 ± 011 Tg N2O year-1 emitted over the period. 

Emissions from N2O from biomass burning account for approximately 6% of all global N2O 

emissions (Schlesinger and Bernhardt, 2013).  During the 2001-2015 period, emissions of NH3 

from biomass burning decreased 3.45%, emissions of NOx from biomass burning decreased 

7.31%, and emissions of N2O decreased 4.34%. These trends were comparable with both FINN 

and GFED, as well as the literature (e.g. van Marle at al., 2017).  However, there is year-to-year 

variation in the reactive nitrogen emissions from biomass burning. To determine the statistical 

significance for the trend in the yearly emissions, the Mann-Kendall test (Mann 1945, Kendall 

1975, Gilbert 1987) was performed for each species at α = 0.05. The trends in emissions of NH3 

and N2O from biomass burning were found to be statistically insignificant (p > 0.05) over the 

period, while trend in the emissions of NOx was found to be statistically significant (p < 0.05). 



   

99 

 

 
Figure 13. Yearly total global emissions of NH3, NOx and N2O from biomass burning from 

2001-2015, calculated using both the average emission factors (i.e. those factors that are 

typically used) and the high-end emission factors from the literature.  

 

In addition to creating an emission inventory using the mean emission factors found in 

the literature, an emission inventory representing the high-end of the emission factors in the 

literature was also created. Using these emission factors, total NH3 emissions from biomass 

burning at a global scale from 2001-2015 were 6.10 to 9.59 Tg NH3 year-1 (average total  7.31 ± 

0.92 Tg NH3 year-1), NOx emissions from biomass burning at a global scale from 2001 – 2015 

were 19.75 to 29.65 Tg NOx year-1 (average total 23.23 ± 2.49 Tg NOx year-1) and emissions of 

N2O from biomass burning were 1.89 ± 3.35 Tg N2O year-1 (average total 2.39 ± 0.36 Tg N2O 

year-1) (Figure 14). Using these high-end emission factors, emissions of Nr were, on average, a 
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factor of 1.1 higher than the emissions calculated using the mean emission factors. Over the 

period, emissions of NH3 from biomass burning increased 15%, while emissions of NOx and 

N2O decreased 0.4% and 21%, respectively. Using the Mann-Kendall test, the trend in NH3 and 

NOx emissions from biomass burning were found to be statistically insignificant (p > 0.05) while 

the trend emissions of N2O from biomass burning over the period were found to be statistically 

significant (p< 0.05). 

3.3.2 - Inventory Comparison 

On a global scale, these emissions were comparable with other global fire emission 

inventories (Figure 14): The Fire Inventory from NCAR (FINNv1.5, Wiedinmyer et al., 2006; 

Wiedinmyer et al., 2011) and the Global Fire Emission Database (GFEDv4, Randerson et al., 

2018; van der Werf et al., 2017). For NH3, emissions from FINN were a factor of 1.16 higher 

and emissions from GFED were a factor of 0.89 lower than emissions calculated in this study 

using the average emission factors. When comparing the emissions of NOx from biomass 

burning from this study (calculated using the average set of emission factors) with GFED and 

FINN, this study estimated emissions a factor of 0.96 and 0.77 higher, respectively. The global 

emissions of N2O from biomass burning calculated in this study were a factor of 0.92 higher than 

the GFED model. 
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Figure 14. The results from this work compared against other global biomass burning emission 

inventories. It is important to note that the FINN model does not quantify N2O emissions from 

biomass burning. 

 

As expected, the emissions calculated using the high-end emission factors were higher 

than the emissions estimated by FINN and GFED. Emissions of NH3 from biomass burning 

using the high-end emission factors were a factor of 1.4 higher than FINN and a factor of 1.78 

higher than GFED and emissions of NOx were a factor of 2.06 higher than FINN and a factor of 

1.78 higher than GFED. Similarly, emissions of N2O calculated in this study were a factor of 

2.67 higher than the emissions estimated by GFED. These observed differences between 

inventories are likely due to the differences in model inputs (Table 10). Due to the number of 
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datasets used to create an emissions inventory and the uncertainty in quantifying biomass 

burning emissions at a global scale, the differences between inventories was expected. These 

emissions were also compared with average annual emissions from common literature values 

(Table 11). 

Table 10. Comparison methodology and input data used in this study versus other major fire 

emission inventories. 

 This Research FINN GFED 

Burn Area MODIS burn area 

product (MCD65A1) 

MODIS thermal 

anomalies product  

MODIS burn area product 

(MCD64A1) with an 

estimation of small fires 

using active fire data  

Biomass 

Loading 

Lookup table [from 

Wiedinmyer et al. 

(2011)] using MODIS 

Land Cover 

(MCD12Q1)  

Lookup table using 

MODIS Land 

Cover (MCD12Q1)  

CASA model  

Fraction of 

Biomass 

Burned 

Function of % Tree 

Cover (MEaSUREs 

VCF product)  

Function of % Tree 

Cover  

(MODIS VCF 

product)  

Literature values (e.g.  Van 

Leeuwen et al. (2013) and 

Scholes et al. (2011)) 

Emission 

Factors 

Literature values (see 

Table 9) 

Akagi et al. (2011) Akagi et al. (2011); 

Andreae and Merlet (2001)  
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Table 11. Comparison against average annual total emissions from biomass burning in the 

literature. 

 NH3 

Tg year-1 

NOx 

Tg year-1 

N2O 

Tg year-1 

This study (Average EF) 4.5 ± 0.5 14.7 ± 1.6  1.0 ± 0.1 

This study (High EF) 7.3 ± 0.9 23.3 ± 2.5 2.4 ± 0.4 

Wiedinmyer et al., 2011 

(FINNv1) 

4.5 ± 0.7 12.5 ± 1.05 - 

FINNv1.4 5.2 ± 0.9 11.3 ± 2.1 - 

Kaiser et al., 2012 

(GFASv1) 

7.7 

 

9.5 0.9 

 

Kasier et al., 2012 

(GFEDv3.1) 

- 9.4 0.8 

 

GFEDv4 4.1 ± 0.5 13.1 ± 3.4 0.9 ± 0.1 

Lamarque et al., 2010 6.2 ± 2.3 9.8 ± 1.3 - 

Andrae and Merlet, 2001 10.3 20.7 1.3 

Schlesinger and Bernhardt, 

2013 

7.7 9.6 0.9 

 

In addition to this, the global scale emission inventories were clipped down the continental US in 

order to compare against the emission inventory created in Chapter 2 (Figure 15). When 

comparing the NH3 emissions from biomass burning in the CONUS calculated in Chapter 3 with 

the NH3 emissions calculated in Chapter 2, the emissions calculated in Chapter 2 are on average 

~93% higher than the emissions calculated in Chapter 3 using the average emission factor. When 

comparing the C2 emissions with the C3 emissions calculated using the high-end emission 

factor, the emissions of NH3 in C2 were on average ~89% higher. The calculated NH3 emissions 

from biomass burning were also compared against three major emission inventories: the US EPA 

National Emissions Inventory (NEI), the Fire Inventory from NCAR (FINN) and the Global Fire 

Emissions Database (GFED), which are explained in greater detail in Chapters 2 and 3. Recall 

from Chapter 2 that emissions of NH3 from biomass burning calculated were significantly higher 

than the emissions quantified by FINN, the NEI and GFED. On average, the C2 emissions of 

NH3 were ~83% higher than the emissions of NH3 quantified in FINN, ~25% higher than the 
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emissions of NH3 quantified in the NEI and ~92% higher than the emissions quantified in GFED. 

In contrast to this, emissions of NH3 from biomass burning quantified in Chapter 3 for the 

CONUS were on average lower than the three other emission inventories. Emissions of NH3 

from biomass burning quantified by FINN were on average ~ 56% higher, emissions quantified 

in the NEI were on average ~90% higher, and emissions calculated by GFED were on average 

3% higher than the emissions calculated in C3 using the average emission factor. Similar results 

were found when comparing emissions of NH3 from biomass burning in the CONUS calculated 

in C3 using the high-end emission factor with the other emission inventories. Emissions of NH3 

from biomass burning quantified using the high-end emission factors in C3 were on average 

~85% lower than emissions quantified by the NEI and on average ~ 35% lower than emissions 

quantified by FINN. However, emissions quantified by GFED were on average ~ 42% lower 

than the emissions quantified in C3 using the high-end emission factors. Emissions of NOx and 

N2O were also compared against major emission inventories (GFED, NEI, FINN; Figure 16). 

When comparing the C3 inventory created using the average emission factors with other 

inventories, emissions were on average ~30% higher than FINN, ~38% higher than GFED and 

~35% lower than the NEI for NOx and emissions were ~54% higher than GFED for N2O. When 

comparing the C3 inventory emissions created using the high end emission factors, emissions 

were ~70% higher than FINN, ~42% higher than the NEI and ~73% higher than GFED for NOx 

and ~93% higher than GFED for N2O. Because an updated burn area product (MODIS collection 

6 versus collection 5.1) was used to create the emissions developed in C3, it is unlikely that the 

burn area product is causing the major discrepancies between C2 and C3. In fact, when 

comparing the burn area from reactive nitrogen producing fires for both inventories, the burn 

area from C3 is ~ 34% higher than the burn area from C2 (Figure 17). Therefore, the differences 
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in the land classification data, the vegetation data and the biomass loading factors are likely the 

source of the significant uncertainty. 

 

Figure 15. Comparing ammonia emission inventories from biomass burning created in this 

chapter (C3) and Chapter 2 (C2) with other major emission inventories for the continental US.  
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Figure 16. Comparing NOx and N2O emission inventories from biomass burning created in this 

chapter (C3) and Chapter 2 (C2) with other major emission inventories for the continental US. 
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Figure 17. Comparing burn areas obtained from the MODIS Collection 6 Burn Area product and 

the MODIS Collection 5.1 Burn Area product for the CONUS.  

3.3.3 - Statistical Observation Models 

The changing climate, which will alter future meteorological conditions (e.g. warmer 

temperatures, increased drought) across parts of the world, will likely have an impact on future 

fire activity and thus future emissions of Nr from biomass burning. Therefore, a statistical 

regression analysis was performed using SAS (v9.4) to predict average Nr emissions from 

biomass burning at a global scale as a function of burn area. It is important to note that the 

average ambient precipitation and the average ambient temperature data from the MERRA 

datasets were considered in the creation of these regressions, however, the regressions that 
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included only the burn area had the best fit. This can likely be attributed to the fact that these 

regressions are at the global scale. When comparing the average ambient temperature with the 

average emissions, there was low-moderate correlation (R2 ~ 0.3). Similarly, because the 

precipitation was averaged at a global scale, it is likely the precipitation and fire locations aren’t 

necessarily aligned and thus the average emissions and the average precipitation were poorly 

correlated (R2 < 0.05). The statistical observation model (SOM) for average monthly NH3 

emissions (ENH3, in g) is as follows (Equation 16): 

 

ENH3 =  1.463*BA0.981 ,                        (16) 

 

where BA is the monthly average burn area (m2). When comparing the statistical observation 

model against the monthly average emissions found in this study (Table 12), it was found that 

the regression model was a factor of 1.02 lower than the mean observed values and a factor of 

0.99 lower than the median observed values. Several comparison statistics were performed to test 

the SOM against the emissions calculated in this study, including the mean normalized bias 

(MNB, 4.18%), the normalized mean bias (NMB, -0.02%), the normalized mean error (NME, 

0.11%) and the normalized mean bias factor (NMBF, 2.83%). Because much of the data used to 

calculate the emissions for this study were used in the creation of the regression model (2001-

2010), this similarity between the model and the observations was expected. To test the model 

further, the modeled emissions were then compared against the calculated emissions for 2011-

2015 (Table 13). The regression model was a factor of 1.02 lower than the mean calculated 

emissions and a factor of 1.01 lower than the median calculated emissions. The model performed 

fairly well against the calculated emissions, with a MNB of 5.87%, a NMB of -0.04%, a NME of 

0.35% and a NMBF of 2.18%. 
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Table 12. Comparison statistics for global average monthly NH3 emissions for 2001 to 2015.  

 

NH3 Emissions 

(average kg Month-1) 

Observations  

Average 19,118.4 

Standard Deviation 5,523.4 

Max 36,246.5 

Median 18,735.1 

Model  

Average 18,592.0 

Standard Deviation 2,694.2 

Max 31,442.7 

Median 18,873.2 

Comparison Statistics   

Mean Normalized Bias (%) 4.18 

Normalized Mean Bias (%) -0.02 

Normalized Mean Error (%) 0.11 

Normalized Mean Bias Factor (%) 2.83 

Ratio of average measured value to 

average modeled value 

1.02 

Ratio of median measured value to median 

modeled value 

0.99 

Correlation Coefficient (r) 0.47 

Number of Observations  180 
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Table 13. Comparison statistics for global average monthly NH3 emissions for 2011 to 2015. It is 

important to note that these years were not used in the creation of the regression model. 

 

NH3 Emissions 

(average kg Month-1) 

Observations  

Average 18,607.9 

Standard Deviation 2,177.7 

Max 29,379.6 

Median 18,604.2 

Model  

Average 18,210.8 

Standard Deviation 2,77.7 

Max 24,271.2 

Median 18,359.2 

Comparison Statistics   

Mean Normalized Bias (%) 5.87 

Normalized Mean Bias (%) -0.04 

Normalized Mean Error (%) 0.35 

Normalized Mean Bias Factor (%) 2.18 

Ratio of average measured value to 

average modeled value 

1.02 

Ratio of median measured value to median 

modeled value 

1.01 

Correlation Coefficient (r) 0.42 

Number of Observations  60 

 

The SOM for average NOx emissions (ENOx, in g) is as follows (Equation 17): 

 

ENOx = 0.543*BA1.11 ,                             (17) 

 

where BA is the monthly average burn area (m2). When the NOx SOM was run for the entire 

study period (2001-2015, Table 14), it was found that the model was a factor of 1.03 lower than 

the mean calculated observations and a factor of 1.0 lower than the median calculated emissions. 

Several comparison statistics were performed on this model, including the MNB (4.4%), the 

NMB (-0.02%), the NME (0.12%) and the NMBF (-3.49%). Recall that the data used to create 

this regression model were from 2001-2010, therefore, another model run was conducted for 
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2011-2015 to test the model with independent data (Table 15). The SOM predicted emissions 

were found to be a factor of 1.03 lower than the mean calculated emissions and a factor of 1.0 

lower than the median average monthly calculated emissions. Similar comparison statistics were 

observed, with an MNB of 5.55%, a NMB of -0.05%, a NME of 0.38% and a NMBF of 3.05%.  

Table 14. Comparison statistics for global average monthly NOx emissions for 2001 to 2015.  

 

NOx Emissions 

(average kg Month-1) 

Observations  

Average 61,687.2 

Standard Deviation 19,404.4 

Max 120,326.8 

Median 60,215.7 

Model  

Average 59,607.0 

Standard Deviation 9,782.3 

Max 107,871.2 

Median 60,207.7 

Comparison Statistics   

Mean Normalized Bias (%) 4.40 

Normalized Mean Bias (%) -0.02 

Normalized Mean Error (%) 0.12 

Normalized Mean Bias Factor (%) -3.49 

Ratio of average measured value to 

average modeled value 

1.03 

Ratio of median measured value to median 

modeled value 

1.00 

Correlation Coefficient (r) 0.48 

Number of Observations  180 
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Table 15. Comparison statistics for global average monthly NOx emissions for 2011 to 2015. It 

is important to note that 2011-2015 were not used in the creation of the regression model.  

 

NOx Emissions 

(average kg Month-1) 

Observations  

Average 59,970.4 

Standard Deviation 18,280.5 

Max 98,165.1 

Median 58,827.7 

Model  

Average 58,195.6 

Standard Deviation 7,883.9 

Max 80,473.4 

Median 58,671.5 

Comparison Statistics   

Mean Normalized Bias (%) 5.55 

Normalized Mean Bias (%) -0.05 

Normalized Mean Error (%) 0.38 

Normalized Mean Bias Factor (%) 3.05 

Ratio of average measured value to 

average modeled value 

1.03 

Ratio of median measured value to median 

modeled value 

1.00 

Correlation Coefficient (r) 0.42 

Number of Observations  60 

 

The SOM (n= 120, r2 = 0.71) for average N2O emissions (EN2O, in g) is as follows 

(Equation 18): 

 

EN2O =  0.071*BA1.07 ,            (18) 

 

 

where BA is the monthly average burn area (m2). When the N2O SOM was run for the entire 

period (Table 16), the regression model was a factor of 1.03 lower than the mean calculated 

emissions and a factor of 1.0 lower than the median calculated emissions. The comparison 

statistics for this model run are as follows: MNB = 4.42%, NMB = -0.02%, NME = 0.12%, and 
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NMBF = -2.97%. When running the model for 2011-2015 (Table 17), the model was a factor of 

1.02 lower than the mean calculated emissions and a factor of 1.0 lower than the median 

calculated emissions, with an MNB of 6.19%, a NMB of -0.04%, a NME of 0.37% and a NMBF 

of -2.25%. 

Table 16. Comparison statistics for global average monthly N2O emissions for 2001 to 2015.  

 

N2O Emissions 

(average kg Month-1) 

Observations  

Average 4,085.8 

Standard Deviation 1,231.1 

Max 7,749.8 

Median 4,004.3 

Model  

Average 3,967.9 

Standard Deviation 627.3 

Max 7,030.5 

Median 4,008.3 

Comparison Statistics   

Mean Normalized Bias (%) 4.42 

Normalized Mean Bias (%) -0.02 

Normalized Mean Error (%) 0.12 

Normalized Mean Bias Factor (%) -2.97 

Ratio of average measured value to 

average modeled value 

1.03 

Ratio of median measured value to median 

modeled value 

1.00 

Correlation Coefficient (r) 0.48 

Number of Observations  180 
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Table 17. Comparison statistics for global average monthly N2O emissions for 2011 to 2015.  

 

N2O Emissions 

(average kg Month-1) 

Observations  

Average 3,965.0 

Standard Deviation 1,178.4 

Max 6,451.3 

Median 3,903.6 

Model  

Average 3,877.9 

Standard Deviation 506.1 

Max 5,301.2 

Median 3.909.2 

Comparison Statistics   

Mean Normalized Bias (%) 6.19 

Normalized Mean Bias (%) -0.04 

Normalized Mean Error (%) 0.37 

Normalized Mean Bias Factor (%) -2.25 

Ratio of average measured value to 

average modeled value 

1.02 

Ratio of median measured value to median 

modeled value 

1.00 

Correlation Coefficient (r) 0.42 

Number of Observations  60 

 

In sum, when comparing the mean annual emissions calculated in this study with the 

emissions predicted by the regression models (Figure 18), the models performed fairly well for 

both NOx and N2O, however the model is consistently higher than the calculated emissions for 

NH3. The NH3 SOM ranged from 10% lower than the calculated measurements to 3% higher 

than the calculated measurements (in 2003 and 2014, respectively), with the modeled emissions 

being an average of 3% higher over the period. The yearly average emissions predicted by the 

NOx SOM ranged from 11 % lower to 2 % higher than the calculated emissions (in 2003 and 

2004, respectively), with the average yearly predicted emissions an average of 3% lower than the 

average yearly calculated emissions. Finally, the N2O SOM predicted emissions ranged from 2% 
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higher (in 2001) to 11% lower (in 2003) than the calculated emissions, with the SOM 

underpredicting the yearly average emissions by 3%.  

 
Figure 18. Comparing the yearly average calculated emissions of NH3, NOx and N2O (blue line) 

with the yearly average emissions predicted by the SOMs for each species (red line).  
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3.3.4 - Future Emissions from Biomass Burning  

To examine the potential impact of climate change on Nr emissions from biomass 

burning, the SOMs were run using future burn area projections based on the RCP 4.5 and RCP 

8.5 climate scenarios for two time periods: mid-century (2050-2055) and end of century (2090-

2095). The results of these model runs are shown in Figure 19. By mid-century, the average NH3 

emissions are projected to be ~ 300,000 ± 93,000 kg year-1 rising to ~312,000 ± 84,000 average 

kg year-1 by the end of the century under the RCP 4.5 climate scenario. Under the RCP 8.5 

climate scenario, average NH3 emissions from biomass burning are projected to increase to 

~324,000  ± 33,000 average kg year-1 by mid-century and increase to ~396,000 ± 105,000 kg 

year-1 by the end of the century.  NOx emissions from biomass burning are projected to increase 

to ~978,000 ± 350,000 average kg year-1 by mid-century and by the end of the century increase 

to ~1.05*106 ± 84,000 average kg year-1 under the RCP 4.5 climate scenario. The average annual 

NOx emissions from biomass burning are projected to increase to ~1.08*106 ± 348,000 average 

kg year-1 by mid-century and increase to ~1.36*106 ± 406,000 average kg year-1 by the end of the 

century under the RCP 8.5 climate scenario. Under the RCP 4.5 climate scenario, average annual 

emissions of N2O are projected to increase mid-century to ~64,000 ± 22,000 average kg year-1 

and then to ~72,000 ± 21,000 average kg year-1 by the end of the century. The RCP 8.5 climate 

scenario projects a higher increase in emissions, with average N2O emissions from biomass 

burning reaching ~72,000 ± 22,000 average kg year-1 by mid-century and by the end of the 

century increasing to ~88,000 ± 24,000 average kg year-1. Under both the RCP 4.5 and RCP 8.5 

climate scenario, emissions of Nr are expected to increase through the period to the end of the 

century. 
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Figure 19. Comparing current calculated average Nr emissions with projected average Nr 

emissions based off two climate change scenarios: RCP 4.5. and RCP 8.5. The green diamonds 

represent the average emissions projected by the RCP 4.5 climate scenario, while the dashed 

green line represents the RCP 4.5 trendline based on current modeled average emissions. 

Similarly, the red diamonds represent future emissions projected by the RCP 8.5 climate 

scenario, with the dashed red line representing the trendline for RCP 8.5 projections based on the 

current average modeled emissions. The ‘Current’ time frame refers to the study period (2001 – 

2015), ‘Mid-Century’ refers to 2050-2055 and ‘End of Century’ refers to 2090-2095.   

 

The results of these future emission projections were then compared against future 

emission projections of NH3 and NOx from the RCP Database (http://www.iiasa.ac.at/web-

apps/tnt/RcpDb). Note that N2O is not included as this database does not quantify N2O from 

biomass burning. Under both the RCP 4.5 and RCP 8.5 climate scenarios, emissions of NH3 are 

projected to peak by the middle of the century (2050), with emissions increasing ~49% over the 

http://www.iiasa.ac.at/web-apps/tnt/RcpDb
http://www.iiasa.ac.at/web-apps/tnt/RcpDb
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period under RCP 4.5 and emissions increasing ~80% under the RCP 8.5 climate scenario. While 

this isn’t the same general trend as observed in Figure 19, the increase in NH3 emissions under 

both scenarios is comparable. In contrast to this, NOx emissions from biomass burning under the 

RCP 4.5 climate scenario are projected to decrease through the period, with a 9% reduction by 

2090. In contrast to this, emissions of NOx under the RCP 8.5 climate scenario are projected to 

peak in 2050. However, emissions are only projected to increase ~1% by the end of the century. 

Neither of these projections are comparable with what was found in this work. A potential cause 

for this discrepancy would be the application of land use changes and fire activity in the land 

process model used to predict future burn area.  

Meteorological conditions play a large role in the behavior and thus the gaseous 

emissions of a fire (Brotak and Reifsnyder, 1977; Johnson and Miyanishi, 2001). For example, 

temperature is an important parameter determining the combustibility of fuels, where higher 

temperatures heat fuels such that they are predisposed to ignite (Johnson and Miyanishi, 2001). 

Furthermore, increased precipitation increases fuel moisture, which retards the rate of 

combustion, preheating of fuels and the ease of ignition. Meteorological conditions during this 

study period (2001 – 2015) were compared with future temperature and precipitation (2050-2055 

and 2090-2095) at the global scale based on the RCP 4.5 and RCP 8.5 climate scenarios (Figure 

20). At the global scale, both scenarios show an increase in the average global temperature from 

the current average 278.88 ± 0.11 K. Under the RCP 4.5 climate scenario, the global average 

temperature is expected to increase to 283.37 ± 0.11 K by 2050-2055 and then to 283.95 ± 0.09 

K by 2090-2095. A more aggressive global temperature increase is projected by RCP 8.5, with 

the average global temperature rising to 284.10 ± 0.09 K by 2050-2055 and to 286.67 ± 0.05 K 

by 2090-2095. In contrast to this, the global average annual precipitation is projected to decrease 
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throughout the century under both climate scenarios. While the global monthly average 

precipitation for the study period was 80.79 ± 7.05 mm month-1, the RCP 4.5 climate scenario 

projects the average precipitation to be ~73.17 ± 4.34 mm month-1 by mid-century (2050-2055) 

and ~74.74 ± 4.74 mm month-1 by the end of the century (2090-2095), while the RCP 8.5 

climate scenario projects an average monthly precipitation of 73.91 ± 4.61 mm month-1 by mid-

century and an average monthly precipitation of 77.62 ± 4.94 mm month-1 by the end of the 

century. 

 
Figure 20. Current global average temperature and precipitation and burn area compared with 

the global projected temperature, precipitation and burn area, respectively, for RCP 4.5 and RCP 

8.5. The ‘Current’ time frame refers to the study period (2001 – 2015), ‘Mid-Century’ refers to 

2050-2055 and ‘End of Century’ refers to 2090-2095.   
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3.4 – Conclusions 

Reactive nitrogen (NH3, NOx, N2O) emissions from biomass burning were estimated at a 

global scale for 2001-2015 using a suite of satellite datasets using two sets of emission factors: 

average emission factors (i.e. those typically used in inventory development) and the high-end of 

the range of biomass burning emission factors. The primary emission inventory in this study was 

created using the average emission factors from prominent biomass burning emission factor 

literature (e.g. Akagi et al., 2011). Under this inventory, on average, 4.53 ± 0.51 Tg NH3 year-1, 

14.65 ± 1.60 Tg NOx year-1, and  0.97 ± 011 N2O  year-1 were emitted from biomass burning 

over the period. A general decrease in the yearly total emissions from biomass burning were 

observed for all species at a global scale. For NH3, emissions were a factor of 1.16 higher and a 

factor of 0.89 lower than emissions calculated in this study, compared with FINN and GFED, 

respectively. Emissions of NOx compared with GFED and FINN were a factor of 0.96 and 0.77 

higher, respectively. Finally, N2O emissions from biomass burning were a factor of 0.92 higher 

than the GFED model.  

Using the high-end emission factors, NH3 emissions from biomass burning at a global 

scale from 2001-2015 were on average 7.31 ± 0.92 Tg NH3 year-1, NOx emissions were on 

average 23.23 ± 2.49 Tg NOx year-1 and emissions of N2O from biomass burning were on 

average 2.39 ± 0.36 Tg NOx year-1. When comparing these emissions against the major 

inventories, emissions of NH3 from biomass burning were a factor of 0.72 higher than FINN and 

a factor of 0.55 higher than GFED, emissions of NOx were a factor of 0.49 higher than FINN 

and a factor of 0.56 higher than GFED and emissions of N2O calculated in this study were a 

factor of 0.37 higher than the emissions estimated by GFED. 
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In order to determine the impact of climate change on emissions of NH3, NOx and N2O, 

statistical observation models were created for each Nr species to predict future average 

emissions as a function of future average burn area. While the SOM for NH3 overpredicted 

emissions, the SOMs for both NOx and N2O performed well when run for the study period and 

compared against the emissions calculated in this study. These regressions were then run for two 

future time periods: 2050-2055 (‘mid-century’) and 2090-2095 (‘end of century’) and found that 

emissions of NH3, NOx and N2O are projected to increase 35%, 41% and 40%, respectively, by 

the end of the century under the RCP 4.5 climate scenario when compared against current 

average calculated emissions. In contrast to this, emissions of Nr are expected to increase 71%, 

84% and 80% (NH3, NOx and N2O, respectively) by the end of the century under the RCP 8.5 

climate scenario. These changes are due to projected changes to meteorology and biomass 

burning activity (i.e. increase in global temperature and a decrease in temperature which results 

in an increase in burn area) as well as likely due to changes in land use. 
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CHAPTER 4 

The role of biomass burning agricultural emissions in the Indo-Gangetic Plains on the air 

quality in New Delhi, India  

 

This chapter is derived from the journal article:  

 

Bray, C.D., Battye, W., and Aneja, V.P., 2019. The role of biomass burning agricultural 

emissions in the Indo-Gangetic Plains on the air quality in New Delhi, India. Submitted to: 

Atmospheric Environment.  

 

4.1 - Introduction 

Biomass burning (wildfires, prescribed burns and agricultural burns) is known to emit 

large amounts of pollutants into the atmosphere and contribute to poor air quality at both the 

local and regional scale (Scholes et al., 1996; Andreae and Merlet, 2001; Freitas et al., 2005; 

Arola et al., 2007). Each year, extensive agricultural burning occurs in the Indo-Gangetic Plains 

(IGP; primarily in Punjab, Haryana, and western Uttar Pradesh), which is known as the ‘bread 

basket’ of India because it produces nearly 2/3 of India’s food grains (wheat-rice crop rotation) 

(Sharma et al., 2012; Kaskaoutis et al., 2014; Janssens-Maenhout et al., 2015). The rice paddy 

residue is burned in October-November, while the remaining wheat residue is burned in April-

May (Vadreavu et al., 2011; Singh and Kaskaoutis, 2014). Emissions of pollutants from the 

burning of rice paddy residue tend to be higher than the emissions from the burning of wheat 

residue because most of the wheat residue can be used for animal feed (Badarinath et al.,2006) 

and because the meteorological conditions tend to dissipate the smoke in April-May (Singh and 

Kaskaoutis, 2014). In contrast to this, the meteorological conditions in the IGP typically include 

light winds, a low planetary boundary layer and a stable atmosphere, which causes the smoke 

from these paddy residue burns to blanket much of the IGP and severely deteriorate air quality 

(Badarinath et al., 2009; Mishra and Shibata, 2012; Singh and Kaskaoutis, 2014). The burning of 

agricultural residue emits particulate matter and trace gasses into the atmosphere, including 
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methane (CH4), carbon monoxide (CO), reactive nitrogen (Nr; e.g. NH3, NOx, N2O), sulfur 

dioxide (SO2), and hydrocarbons (Gupta et al., 2004). These trace gases can also contribute to 

the formation of secondary fine particulate matter (PM2.5) both at a local and regional scale. In 

addition to emissions of smoke, high humidity and lower temperatures contribute to severe fog 

conditions in India during the winter months (Kharol et al., 2012). This fog and smoke contribute 

to extremely poor air quality that impacts close to 900 million people, which is roughly 1/8th of 

the world’s population (Singh and Kaskaoutis, 2014). In urban areas, such as New Delhi, 

emissions from agricultural burning in the IGP region are mixed with other anthropogenic 

emission sources (e.g. power plants, mobile exhaust, ect.) and dust, which elevates 

concentrations to dangerous levels. For example, Bisht et al. (2015) observed elevated 

concentrations PM2.5 (> 200 micrograms per cubic meter) over New Delhi during the agricultural 

burning period. Furthermore, Pant et al. (2015) collected ambient PM2.5 samples in New Delhi, 

India, during the summer and winter of 2013. Several other source apportionment studies (e.g 

Sharma et al., 2003; Chowdhury et al., 2007; Sharma et al., 2015; Sharma et al., 2016; Panda et 

al., 2015; Nagar et al., 2017) have highlighted agricultural burning as contributors to PM.  

Exposure to these elevated concentrations of fine particulate matter is associated with a 

number of adverse health effects, such as chronic bronchitis, aggravated asthma, irregular 

heartbeat, other cardiovascular and respiratory issues and even death (Pope et al., 2002; Schwartz 

et al., 2002; Pope and Dockery, 2006; Pope et al., 2009; Crouse et al., 2015). PM2.5 is also 

associated with several environmental impacts, such as reducing visibility and changing the 

earth’s radiational balance (Fan et al., 2005; Behera and Sharma, 2010, Heald et al., 2012; Wang 

et al., 2012). 
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The objective of this study is to quantify emissions from agricultural burning of both rice 

paddy residue (October-November) and wheat residue (April-May) in the IGP for 2016-2017 and 

determine the impact that the agricultural biomass burning emissions have on PM2.5 

concentrations in New Delhi, India. Furthermore, a statistical regression analysis was performed 

which projects concentrations of PM2.5 in New Delhi, based on emissions of NH3 and OC from 

agricultural burning in the IGP. 

4.2 - Data and Methodology 

Emissions of reactive nitrogen from agricultural burning in the IGP were calculated based 

on the following equation, which has been discussed in previous chapters:  

 

Ei=BA×B×FB×EFi,   (1) 

 

where Ei is the emission of species i (in this case, NH3, N2O and NOx, Organic Carbon (OC) and 

PM2.5; in g), BA is the area burned (m2), B is the biomass loading (kg m-2), FB is the fraction of 

biomass burned in the fire and EFi is the emission factor (g kg Biomass Burned-1) of species i. 

The Moderate Resolution Imaging Spectroradiometer (MODIS) Burned Area product 

(MCD64A1, Collection 6) was used to determine the area burned (Giglio et al., 2015). This 

product maps global burned area at a 500 m spatial resolution. Compared to its predecessor 

(MCD45, Roy et al., 2002; Roy et al., 2005; Roy et al., 2008; Giglio et al., 2018), this product 

maps 26% more burned area globally and shows reduced uncertainty when compared against the 

MODIS active fire product (Giglio et al., 2018). The biomass loading (B) value used in this 

study was 0.5 kg m-2, based on literature values from (Jenkins et al, 1996). To determine the land 

cover type, the MODIS Global Cropland Extent product was used (Pittman et al., 2010). This 
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product maps the global cropland extent at a 250m spatial resolution. To determine the fraction 

of biomass burned, the methodology of Ito and Penner (2004) and Wiedinmyer et al. (2006, 

2011) coupled with the MODIS Vegetation Continuous Fields product (MOD44B, Collection 6) 

were used, which gives the total percent of vegetation at a 250 m spatial resolution (Dimiceli et 

al., 2015; Dimiceli et al. 2017).  The emission factors used in this study are represented in Table 

18. For this work, it is assumed that the agricultural burns in the IGP during April-May are 

primarily wheat residue and that the agricultural burns for October-November are primarily rice 

paddy residue (Vadrevu et al., 2011). 

Table 18. Emission factors for species used in this work. (source: Ravindra et al. 2019).  

 Rice Paddy Residue  

(g kg-1) 

Wheat Residue  

(g kg-1) 

NH3 4.101 1.303 

NOx 2.281 1.702 

N2O 0.482 0.742 

OC 2.991 0.292 

 

1Kanabkaew and Oanh, 2011 
2Sahai et al., 2007 
3Yang et al., 2008 

 

The PM2.5 ambient data were obtained from the OpenAQ Platform (openaq.org) and 

originate from data.gov.in (an open government data platform) and Central Pollution Control 

Board (CPCB)  (https://app.cpcbccr.com). The meteorological data used in this study were 

obtained using Modern-Era Retrospective analysis for Research and Applications, Version 2 

(MERRA-2, NASA) datasets: M2I1NXLFO (surface) and M2T1NXSLV (850m). MERRA-2 

data are derived from both observational data and modeled fields into a 0.5 ° x 0.625 ° spatial 

resolution gridded meteorological dataset (Rienecker et al., 2011). For more information on the 

MERRA and MERRA-2 datasets, refer to Rienecker et al. (2011) and Gelaro et al., (2017). 

These data can be obtained from the NASA GES DISC website (https://disc.gsfc.nasa.gov/). 
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Finally, active fire data were obtained from NASA’s Fire Information for Research Management 

system (FIRMS) MODIS Active Fire Products (MCD14DL, Collection 6). The active fire 

product represents the center of a 1 km pixel that contains one or more fires within the pixel 

based on the MODIS MOD14/MYD14 Fire and Thermal Anomalies algorithm (Giglio et al., 

2003).   

Regression models that account for both emissions of reactive nitrogen from agricultural 

burning and meteorological conditions were created to predict PM2.5 concentrations in New 

Delhi, India, using SASv9.4. The regressions were created using the maximum R improvement 

technique, which finds the best fit regression for each number of input variables. The regression 

equation chosen for this work was best fit regression with the highest R2. The created regressions 

predict PM2.5 in New Delhi, India, as a function NH3/NOx and OC emissions from agriculture 

residue burning in the IGP and meteorological conditions in New Delhi. NH3 is an important 

precursor gas for inorganic PM2.5 constituents, which account for approximately ~28% of PM2.5 

concentrations in New Delhi (Sharma and Mandal, 2017).  Similarly, NOx can also be a 

precursor gas for particulate matter. Finally, OC accounts for approximately 50% of emissions 

from agricultural burning (Rajput and Sarin, 2014) and approximately 15% of PM2.5 

concentrations in New Delhi (Sharma and Mandal, 2017). Several meteorological parameters 

were considered when creating these equations, such as specific humidity, temperature, 

precipitation, surface layer height, pressure and wind speed. Only days where the air mass 

originated from biomass burning in the IGP were considered in the creation of the regressions.  

The first equation (Equation 19) predicts PM2.5 concentrations in April-May, considering 

both wheat residue emissions from agricultural burning in the IGP as well as meteorological 

conditions during this time (r2 = 0.42, n = 75): 
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PM2.5  =  9.41E-24* EOC
0.03* ENH3

-0.04*exp(-1.61*HLML + 0.0003*PS – 

12.61*QLML + 0.44*TLML + 4.02E-8*ZLCL),  (19) 

 

where ENH3 are emissions of NH3 from agricultural burning in the IGP (g day-1) for April-May,  

EOC are emissions of OC from agricultural burning in the IGP (g day-1) for April-May, HLML is 

the daily average surface layer height (m),  PS is the daily average surface pressure (Pa), QLML 

is the daily average surface specific humidity (1), TLML is the average daily surface temperature 

(K), and ZLCL is the height of the lifting condensation level (m). Equation 20 predicts PM2.5 

concentrations in New Delhi in October-November based on rice paddy residue emissions and 

meteorological conditions (r2 = 0.61, n = 113): 

 

PM2.5 = 0.09* ENH3
-0.45* EOC

0.48* ENOx
0.02*exp((-2.47*HLML) + (0.0002*PS) -

(0.15*WS) + (0.52*TLML), (20) 

 

where ENH3 are emissions of NH3 from agricultural burning in the IGP (g day-1) for October-

November, EOC are emissions of OC from agricultural burning in the IGP (g day-1) for October-

November, ENOx are emissions of NOx from agricultural burning in the IGP (g day-1) for 

October-November,  HLML is the daily average surface layer height (m), PS is the daily average 

surface pressure (Pa), WS is the daily average wind speed at the surface (m s-1) and TLML is the 

daily average surface temperature (K). These regressions equations were run for the study period 

on days where the air mass originated from areas of agricultural burning in the IGP and 

compared against the ambient PM2.5 measurements using several statistical comparisons, 

including the mean normalized bias (MNB), the normalized mean bias (NMB), the normalized 
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mean error (NME) and the normalized mean bias factor (NMBF). Each of these statistical 

measures are discussed in previous chapters. 

4.3 - Results and Discussion 

Average daily PM2.5 concentrations in New Delhi were examined for 2016 and 2017 

(Figure 21). Daily average concentrations of PM2.5 ranged from 22.43 µg m-3 to 718.94 µg m-3, 

with an average concentration of 127.15 µg m-3 ± 95.23 µg m-3. According to the Central 

Pollution Control Board, the Indian Air Quality Standard for PM2.5 (daily average) is 40 µg m-3. 

In 2016 and 2017, this standard was exceeded ~75% of the time. It is evident that concentrations 

of PM2.5 peak in the post-monsoon season (October-November), which can likely be attributed to 

rice paddy residue burning that occurs after the rice paddy harvest as well as meteorological 

conditions. Sharma et al. (2016) also observed peak ambient PM2.5 concentrations in New Delhi, 

India, during the post monsoon season in 2013 and 2014 and positive Matrix Factorization 

(PMF) was applied to the collected PM2.5 samples. The results of this study suggested that the 

elevated concentrations were likely due to vehicular traffic and biomass burning.  Similarly, 

Saxena et al. (2017) and Jethva et al. (2018) observed elevated concentrations of PM2.5 in New 

Delhi during the October-November time frame that were in part attributed to biomass burning 

activity.  
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Figure 21. Daily average concentrations of PM2.5 concentrations in New Delhi, India. The blue 

line represents the average daily concentrations of PM2.5 while the red line represents the Indian 

Ambient Air Quality Standards for PM2.5.   

 

Emissions of reactive nitrogen (NH3, NOx and N2O) and organic carbon (OC) from 

agricultural burning were examined for April-May, which is typically the period when wheat 

residue is burned in the IGP, and October-November, which is typically the period when rice 

paddy residue is burned in the IGP. For 2016 and 2017, the agricultural burning emissions of 

NH3 in the IGP ranged from ~121 kg day-1 to 838,000 kg day-1 in April-May. Emissions of NOx 

from agricultural burning in the IGP in April-May, ranged from ~159 kg day-1 to 1.09*106 kg 

day-1, while emission of N2O ranged from ~69 kg day-1 to 477,000 kg day-1.  Emissions of OC 

from agricultural burning in the IGP ranged from ~27 kg day-1 to 1.86*105 kg day-1 in April and 

May. In October-November, emissions of NH3 from agricultural burning ranged from ~1.15 kg 
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day-1 to 9.63*106 kg day-1, emissions of NOx from agricultural burning in the IGP ranged from 

~0.64 kg day-1 to 5.36*106 kg day-1 and emissions of N2O ranged from ~0.13 kg day-1 to 

1.13*106 kg day-1. Emissions of OC from biomass burning in the IGP ranged from ~1 kg day-1 to 

7.02*106 kg day-1 during October-November in the study period. 

When comparing the results of this work with Sahai et al. (2011), emissions of NOx from 

both wheat and rice paddy residue burning are ~ 77% lower than emission estimates while 

emissions of N2O are ~66% higher than estimates. Satyendra et al. (2013), estimated emissions 

from rice straw open burning with emissions of NOx similar to the results of this work while 

emissions of N2O, while comparable with Sahai et al. (2011), were ~77% lower than the 

emissions calculated in this work. Jain et al. (2014) estimated emissions from crop residue 

burning from 2008-2009, which were 75% higher for NOx than estimated in this work but 

comparable with emissions from NH3. When compared against Badarinath et al. (2006), 

emissions for both NOx and N2O are comparable. This emission estimate for OC from 

agricultural burning in the IGP is significantly lower (~50% for rice paddy residue burning and 

~99% for wheat residue burning) when compared with the with the literature (e.g. Rajput et al., 

2014a; Rajput et al., 2014b). 

When comparing daily emissions of reactive nitrogen from biomass burning in the IGP 

with the average daily PM2.5 concentrations in New Delhi (Figure 22), two spikes in both 

concentration of PM2.5 as well as in emissions of Nr from agricultural burning can be observed 

around the beginning of November for both 2016 and 2017. There are two known seasons of 

agricultural burning in the IGP: April-May and November-December (Singh and Kaskaoutis, 

2014). However, as is evident in both Figure 19 and Figure 20, the spike in PM2.5 concentrations 

are much more defined in November-December. There are two primary reasons for this: the first 
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is that while much of the wheat residue is gathered and repurposed (Badarinath et al.,2006), the 

rice paddy residue is not and therefore much more of it is burned resulting in higher emissions 

and thus higher concentrations of PM2.5 in New Delhi. The second reasoning is that the 

meteorological conditions in October-November are much more favorable for smoke 

accumulation and therefore elevating concentrations of PM2.5 (Badarinath et al., 2009; Kharol et 

al., 2010; Mishra and Shibata, 2012). During the post-monsoon season, meteorological 

conditions in the IGP typically include light winds, a low planetary boundary layer and a stable 

atmosphere, which causes the smoke from these agricultural burns to blanket much of the IGP 

and severely deteriorate air quality (Badarinath et al., 2009; Mishra and Shibata, 2012; Singh and 

Kaskaoutis, 2014). In contrast to this, April and May are part of the summer months, when the 

ambient temperature is warmer, and the boundary layer is higher, thus allowing for better 

dispersion of pollutants.  

 
Figure 22. Comparing Nr  and OC emissions in the IGP (log scale) with average PM2.5 

concentrations in New Delhi, India (linear scale).  

 

In order to determine if the spike in the daily average PM2.5 concentration can be partially 

attributed to agricultural burning in the IGP, back trajectory analysis was performed using the 

NOAA HYSPLIT model (https://ready.arl.noaa.gov/HYSPLIT.php). Two events were analyzed 

using the HYSPLIT model. The first analysis is on November 6, 2016. During this time, the 
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daily average PM2.5 concentration in New Delhi, India, peaked at 718.94 ± 204.24 µg m-3, which 

is a factor of 11.98 higher than the standard for daily average PM2.5 concentration. When running 

the HYSPLIT model for this time frame, it is evident that agricultural burning emissions are 

being transported to New Delhi from the IGP (Figure 23a). It is evident from the MODIS (Terra) 

snapshot (Figure 20a, background), smoke from the agricultural burns on during the first week of 

November, 2016, is blanketing much of the IGP. 

The second back trajectory analysis focuses on May 29th, 2016 (Figure 23b). During this 

time, the average daily concentration of PM2.5 was 38.89 µg m-3 ± 34.48 µg m-3, which is a factor 

of 0.65 lower than the national ambient air quality standard. In contrast to the previous analysis, 

the back trajectory for this period shows that the air mass came from the south, instead of from 

the IGP. When looking at the MODIS imagery for May 29, 2016, it is evident that while there is 

some burning over the IGP, the smoke emissions are not having a major impact on New Delhi, 

India. This is likely due to meteorological conditions.  

As aforementioned, statistical regression models were created to be able to predict the 

daily average PM2.5 concentration in New Delhi, India, based on emissions of NH3 from wheat 

residue burning and rice paddy residue burning in the IGP and meteorological conditions. These 

regressions were then run against the data used in this study. When comparing the regression 

model with the observed concentrations for April-May, the mean normalized bias was 36%, the 

normalized mean bias was 0.36%, the normalized mean error was 0.67% and the normalized 

mean bias factor was -25%. When comparing the regression model for October-November 

against the observed values (Table 19), the mean normalized bias was 68%, the normalized mean 

bias was 0.4%, the normalized mean error was 0.5% and the normalized mean bias factor was 

33%. Both models predict the PM2.5 observations well. 
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Figure 23. (a, top) NASA FIRMS active fire data (MODIS MCD14DL) plotted the 24-hour back 

trajectory (500m) for November 6, 2016, from the NOAA HYSPLIT model. The background 

image is a MODIS image from NASA’s Terra satellite for November 6, 2016, that shows smoke 

blanketing the region. (b, bottom) NASA FIRMS active fire data (MODIS MCD14DL) plotted 

the 24-hour back trajectory (500m) for May 29, 2016, from the NOAA HYSPLIT model. The 

background image is a MODIS image from NASA’s Terra satellite for May 29, 2016. 
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Table 19. Comparison statistics for daily average PM2.5 concentration in New Delhi, India, 

during April- May and October-November 2016 and 2017.  

 

PM2.5 

Concentrations 

(April -May) 

(g m-3) 

PM2.5 

Concentrations 

(October -

November) 

(g m-3) 

Observations   

Average 111.0 215.2 

Standard Deviation 39.9 125.4 

Max 257.7 718.9 

Median 100.7 186.5 

Model   

Average 148.1 320.0 

Standard Deviation 66.9 116.9 

Max 369.6 566.9 

Median 134.7 298.7 

Comparison Statistics    

Mean Normalized Bias (%) 36 68.1 

Normalized Mean Bias (%) 0.36 0.42 

Normalized Mean Error (%) 0.67 0.52 

Normalized Mean Bias Factor (%) -24.9 -32.7 

Ratio of average measured value to 

average modeled value 

0.75 0.6 

Ratio of median measured value to 

median modeled value 

0.75 0.6 

Correlation Coefficient (r) 0.3 0.4 

Number of Observations  75 113 

 

4.4 - Conclusions 

Fine particulate matter concentrations in New Delhi, India, were on average 127.15 µg  

m-3 ± 95.23 µg m-1. Through the two-year period (2016-2017), concentrations of PM2.5 in New 

Delhi exceeded the national standard of 40 µg m-3 approximately 75% of the time. As expected, 

the highest concentrations of PM2.5 occurred when agricultural burning of rice paddy residue was 

occurring in the IGP. Emissions of reactive nitrogen from wheat residue burning were lower than 

emissions from rice paddy residue burning, which is attributed to more favorable meteorological 

conditions for smoke dispersal as well as less mass burned (due to much of the wheat residue 

being used for animal feed). Two days in the study period were examined to determine the origin 
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of the air mass arriving in New Delhi, India. The first analysis is on November 6, 2016, during 

which PM2.5 the daily average concentration of PM2.5 in New Delhi was 718.94 ± 204.24 µg m-3, 

which is a factor of 11.98 higher than the standard for daily average PM2.5 concentration.  The 

24-hour back trajectory for this day shows that the air mass came directly from a region of the 

IGP that experienced vast agricultural burning, which was blanketing much of the IGP with 

smoke. The second day (May 29, 2016) chosen for analysis was a day when the average 

concentration of PM2.5 was much lower (38.89 µg m-3 ± 34.48 µg m-3, which is a factor of 0.65 

lower than the national standard). For this analysis, the 24-hour back trajectory showed that the 

air mass came from the south/southeast and there were few agricultural burns impacting the IGP. 

As aforementioned, agricultural residue burning emits significant amounts of reactive nitrogen 

species, including NH3, which is an important precursor gas for the formation of secondary fine 

particulate matter, into the atmosphere. Therefore, two statistical regression models were created 

to predict average daily PM2.5 concentrations in New Delhi, India, based on emissions of Nr 

species and OC in the IGP from wheat residue burning/rice paddy residue burning and 

meteorological conditions. When comparing the regression results with the observational data, 

both models were fairly close to the average observations. 
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CHAPTER 5 

Conclusions 

Biomass burning is an important emission source for reactive nitrogen (NH3, NOx and 

N2O) at the global scale. This research quantified emissions of reactive nitrogen from biomass 

burning, using a suite of satellite products, at a regional (CONUS and IGP) and global scale. 

Emissions of NH3 from biomass burning across the CONUS were first quantified for 2005-2015. 

This initial dataset was created using MODIS burn area product (collection 5.1), MODIS land 

cover product (2005), AVHRR Continuous tree cover product (1992), biomass loading factors 

from Wiedinmyer et al. (2006), and emission factors from the literature (Akagi et al., 2011; 

Urbanski, 2014; Andrease and Merlet, 2001). This inventory estimated that, on average, 5.4e8 ± 

3.3e8 kg of NH3 year-1 were emitted across the CONUS for 2005-2015. A statistical regression 

was created using this work that predicted future burn area as a function of burn area and 

ambient temperature. This regression was found to be a factor of 1.18 lower than what was the 

emissions calculated in this initial work.  

In order to get a more accurate representation of emissions, newer data sets were used to 

create a new emissions inventory of NH3, NOx and N2O from biomass burning for 2001 to 2015 

at a global scale. Two versions of this new inventory were created using MODIS Collection 6 

burn area, MODIS land cover data for 2010, biomass loading values from Wiedinmyer et al. 

(2011), MEaSUREs VCF product for 2010 and emission factors from the literature (average 

emission factors for one version (average EF) and the high end of the emission factors for the 

second version (high end EF). The global average yearly total emissions calculated using the 

average emission factors were 4.53 ± 0.51 Tg NH3 year-1, 14.65 ± 1.60 Tg NOx year-1, and  0.97 

± 011 N2O  year-1. In contrast, the global average yearly total emissions calculated using the 
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high-end emission factors were 7.31 ± 0.92 Tg NH3 year-1, NOx emissions were on average 

23.23 ± 2.49 Tg NOx year-1 and emissions of N2O from biomass burning were on average 2.39 ± 

0.36 Tg NOx year-1.  

To determine the impact of climate change on emissions of reactive nitrogen from 

biomass burning, three statistical observation models were created to estimate the future average 

emissions as a function of burn area. The regression models performed well (e.g. NMB < 1% for 

each model run), with the regression model for NH3 tending to overpredict while the regression 

models for NOx and N2O tended to underpredict. These regression models were then run for two 

future time periods 2050-2055 (‘mid-century’) and 2090-2095 (‘end of century’) under two 

climate scenarios: RCP4.5 and RCP 8.5. Under RCP4.5, emissions of NH3, NOx and N2O are 

projected to increase 35%, 41% and 40% by the end of the century. Under RCP8.5, which is a 

more aggressive climate scenario, emissions of Nr are expected to increase 71%, 84% and 80% 

(NH3, NOx and N2O, respectively) by the end of the century.  

The final part of this research was to quantify emissions of reactive nitrogen and organic 

carbon emissions from agricultural residue burning in the Indo-Gangetic Plains and assess the 

role that these emissions have on ambient PM2.5 concentrations in New Delhi, India. The daily 

ambient PM2.5 concentrations in New Delhi, India, were on average 127.15 µg m-3 ± 95.23 µg m-

3 during the study period (2016-2017), which is double the Indian Air Quality Standard for daily 

average PM2.5. Wheat residue burning emission of NH3 ranged from ~121 to 838,000 kg day-1 

(average 71,940 kg day-1), emissions of NOx ranged from ~159 to 1.09*106 kg day-1 (average 

94,075 kg day-1), and emissions of N2O ranged from ~69 to 477,000 kg day-1 (average 40,950 kg 

day-1). In contrast to this, rice paddy residue burning emissions ranged from ~1.15 to 9.63*106 

kg day-1 (average 416,511 kg day-1) of NH3, ~0.64 to 5.36*106 kg day-1 (average 231,621 kg day-
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1) of NOx and ~0.13 to 1.27*106 kg day-1 (average 48,762 kg day-1) of N2O. To see if days of 

extremely high ambient concentrations were influenced by the agricultural burning in the IGP, 

back trajectory analyses were conducted for two days in the study period: November 6, 2016 

(high ambient concentrations of PM2.5 in New Delhi) and May 29, 2016 (low ambient 

concentrations of PM2.5 in New Delhi). The results from this analysis showed that on November 

6th, the air mass originated from the IGP, where several fires were occurring, while on May 

29th, the air mass originated from the south and there were much fewer agricultural residue 

burns in the IGP.  In addition to this, statistical regression models were created to predict 

ambient concentrations of PM2.5 in New Delhi, India, based on wheat and rice paddy residue 

burning in the IGP and meteorological conditions impact New Delhi. When comparing the 

regression results with the observational data, both models were very close to the average 

observations.  
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Appendix A 

Evaluating ammonia (NH3) predictions in the NOAA National Air Quality Forecast 

Capability (NAQFC) using in-situ aircraft and satellite measurements from the 

CalNex2010 campaign 

 

Reference:  

Bray, C.D., W. H. Battye, V.P. Aneja, D. Tong, P. Lee, Y. Tang and J.B. Nowak, 2017. 

“Evaluating ammonia (NH3) predictions in the NOAA National Air Quality Forecast Capability 

(NAQFC) using in-situ aircraft and satellite measurements from the CalNex2010 

campaign.” Atmospheric Environment, 163, 65-76. 

 

Abstract: 

Atmospheric ammonia (NH3) is not only a major precursor gas for fine particulate matter 

(PM2.5), but it also negatively impacts the environment through eutrophication and acidification. 

As the need for agriculture, the largest contributing source of NH3, increases, NH3 emissions will 

also increase. Therefore, it is crucial to accurately predict ammonia concentrations. The objective 

of this study is to determine how well the U.S. National Oceanic and Atmospheric 

Administration (NOAA) National Air Quality Forecast Capability (NAQFC) system predicts 

ammonia concentrations using their Community Multiscale Air Quality (CMAQ) model (v4.6). 

Model predictions of atmospheric ammonia are compared against measurements taken during the 

NOAA California Nexus (CalNex) field campaign that took place between May and July of 

2010. Additionally, the model predictions were also compared against ammonia measurements 

obtained from the Tropospheric Emission Spectrometer (TES) on the Aura satellite. The results 
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of this study showed that the CMAQ model tended to under predict concentrations of NH3. 

When comparing the CMAQ model with the CalNex measurements, the model under predicted 

NH3 by a factor of 2.4 (NMB = -58%). However, the ratio of the median measured NH3 

concentration to the median of the modeled NH3 concentration was 0.8.  When compared with 

the TES measurements, the model under predicted concentrations of NH3 by a factor of 4.5 

(NMB = -77%), with a ratio of the median retrieved NH3 concentration to the median of the 

modeled NH3 concentration of 3.1. Because the model was the least accurate over agricultural 

regions, it is likely that the major source of error lies within the agricultural emissions in the 

National Emissions Inventory. In addition to this, the lack of the use of bidirectional exchange of 

NH3 in the model could also contribute to the observed bias.  
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1. Introduction and Background 

Ammonia (NH3) is an important gas in the atmosphere. Major sources of NH3 include 

livestock, fertilizer, soil, biomass burning, industry, vehicles, the ocean, humans, and waste 

disposal/recycling activities, with agricultural emissions accounting for about 90% of NH3 

emissions into the atmosphere (Anderson et al., 2003; Aneja et al., 2009). As the world’s 

population continues to increase, the fertilizer and agricultural (both crop and animal) 

industries will also increase, thus leading to increasing NH3 emissions into the atmosphere 

(Heald et al., 2012), which could cause a number of impacts to both human health and the 

environment.  

NH3 reacts with sulfuric, nitric and hydrochloric acids to form ammonium sulfate, 

ammonium bisulfate, ammonium nitrate and ammonium chloride aerosols, all of which 

contribute to the formation of fine particulate matter (PM2.5) (Robarge et al., 2002; Baek and 

Aneja, 2004; Baek et al., 2004; Renner and Wolke, 2010; Wang et al., 2012; Kwok et al., 

2013). Exposure to elevated PM2.5 concentrations is a major concern for human health and 

welfare due to the particles’ ability to penetrate deep into the respiratory tract. There are 

many adverse health effects associated with elevated concentrations of fine particulate 

matter, such as cardiovascular and respiratory issues and even death (Anderson et al., 2003; 

Pope et al., 2009; Behera and Sharma, 2010a, b). Fine particulate matter is also associated 

with a number of environmental impacts, such as reducing visibility and changing the earth’s 

radiational balance (Behera and Sharma, 2010a, b; Fan et al., 2005; Heald et al., 2012; Wang 

et al., 2012).   

In addition, NH3 is also important in the environment due to its role in acid deposition 

and the nitrogen cycle, which is one of the most important nutrient cycles for living 
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organisms. NH3 and ammonium (NH4
+) in the atmosphere are deposited to the surface via 

wet and dry deposition, thus increasing the amount of reduced nitrogen (Robarge et al., 

2002). This could lead to a number of negative impacts on the environment, such as soil 

acidification, eutrophication, as well as decreasing the resistance of vegetation to drought and 

frost damage (Robarge et al., 2002). NH3 in agricultural soil also plays a significant role in 

the formation of nitrous oxide (N2O), a major greenhouse gas. The oxidation of NH3 during 

the nitrification process can produce N2O in a number of different pathways, such as through 

the denitrification process.  

Due to the importance of atmospheric NH3, it is necessary that the air quality models are 

able to accurately predict concentrations of NH3. The purpose of this research is to determine 

how accurate the National Oceanic and Atmospheric Administration’s (NOAA) National Air 

Quality Forecast Capability (NAQFC), which uses the Community Multiscale Air Quality 

(CMAQ) model (v4.6), predicts NH3 and ammonium concentrations during the CalNex2010 

(California Nexus) field campaign. During the CalNex2010 field campaign, in-situ 

measurements of pollutants were obtained via aircraft between May and July, 2010, across 

much of California (Ryerson et al., 2013). Figure 1 shows the flight paths taken during the 

field campaign. 

Model predictions of NH3 and NH4
+ are compared with measurements taken via aircraft 

as well as with satellite measurements obtained from the Tropospheric Emission 

Spectrometer (TES) aboard NASA’s Aura satellite in order to determine the accuracy of 

NOAA’s CMAQ model. Because agricultural emissions of NH3 are difficult to quantify, 

there is much uncertainty in the emission inventory used by the CMAQ model. The objective 

of this research is to not only determine the accuracy of NOAA’s CMAQ model, but also to 
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identify potential ways to improve the NH3 emissions inventory used in the CMAQ model 

for California.  

 

 

Figure 1. The flight paths taken during the CalNex field campaign, with the colored dots 

representing locations where NH3 measurements were made. The blue polygons represent major 

California cities for reference.   
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2. Methodology 

2.1. Air Quality Model  

Version 4.6 of the CMAQ model, using the CB05-AERO5 chemical mechanism, was 

used to predict the concentrations of NH3 and NH4
+, at 12 km grid resolution, from May to 

July, 2010. The meteorological predictions used within the CMAQ model were generated by 

the North American Mesoscale Forecast System (NAM). The NH3 and ammonium 

emissions used in the model were obtained via the 2005 US Environmental Protection 

Agency’s (EPA) National Emissions Inventory (NEI). The emission data used in NOAA’s 

NAQFC system was based on the 2005 US Environmental Protection Agency’s (EPA) 2005 

National Emissions Inventory (NEI), with an update using the Cross-State Air Pollution 

Rule (Pan et al., 2015; Tong et al., 2015; Canty et al., 2015; Duncan et al., 2015).   

2.2. Aircraft Measurements 

Daytime measurements of atmospheric NH3 and NH4
+ from NOAA’s WP-3D aircraft 

from May 4th to June 20th, 2010, taken over California are used here.  Gaseous NH3 was 

measured using chemical ionization mass spectrometry (CIMS) at 1 Hz (~100 m spatial 

resolution) with typical inaccuracies ± 30% ± 0.2 ppbv and a 1 σ uncertainties of 0.08 ppbv 

(Nowak et al., 2010; Nowak et al., 2012). NH4
+ concentrations were measured using a 

compact time-of-flight mass spectrometer with 2σ uncertainties of ± 34% ± 0.06 μg m−3 

(Bahreini et al., 2009; Bahreini et al., 2012; Nowak et al., 2012). NH4
+ was measured every 

10 seconds and then averaged over one minute, while NH3 was measured every second and 

then averaged over 1 minute (Nowak et al., 2010; Nowak et al., 2012). The one minute 

averages were compared with the model estimates. Measurements of NH4
+ were taken in μg 
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standard m−3, where standard signifies that these measurements were taken at standard 

temperature and pressure, while measurements of NH3 were taken in μg m−3. Therefore, for 

this comparison, it was necessary to convert the μg standard m−3 to μg m−3 using 

measurements of the ambient atmosphere that were taken during the flight. Meteorological 

parameters including temperature, dew point temperature, potential temperature, relative 

humidity, wind speed and wind direction were measured (Ryerson et al., 2013).   In addition 

to this, the aircraft’s navigation system and global positioning system (GPS) measured the 

location, altitude, speed, bearing and the angle of descent were recorded. The CMAQ model 

predictions of NH3 and NH4
+ (in μg m−3) were used for comparison against each 1-minute 

aircraft measurement. The CMAQ prediction for each measurement location and time was 

computed by 4-dimensional interpolation across space and time, using the model grid 

centroids surrounding the measurement point for the hours before and after the 

measurement. 

2.3. Satellite Measurements 

Predictions from the CMAQ model were also compared against satellite NH3 

concentrations retrieved from infrared spectra gathered by the Tropospheric Emission 

Spectrometer (TES) on the National Aeronautics and Space Administration’s (NASA) Aura 

satellite. TES is a high spectral resolution infrared Fourier Transform spectrometer (FTS) 

(Beer, 2006) that covers the spectral range 650–3050 cm (Bowman et al., 2006). TES has a 

spatial resolution of 5.3 x 8.5 km nadir and 37 x 23 km limb and has a spectral resolution of 

0.5 x 5 km nadir and 2.3 x 23 km limb (Beer et al., 2001; Zhu et al., 2013). TES measures 

the Earth’s infrared light energy and follows a sun-synchronous orbit, making observations 

on a 16-day cycle, with roughly 1 pass during the day and 1 pass during the night over each 
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region every other day (Clarisse et al., 2010; Zhu et al., 2013). Atmospheric ammonia 

concentrations are derived from TES by observing changes in the infrared radiation intensity 

between 940 cm-1 and 970 cm-1
. The TES ammonia retrievals use a forward radiative transfer 

model (RTM) to compute the expected intensity of radiation at the top of the atmosphere for 

an estimated ammonia concentration. The assumed concentration of ammonia is varied to 

minimize the error between the spectrum predicted by the RTM and the spectrum actually 

measured by the satellite. This results in an estimate of the vertical profile of the ammonia 

concentration for the region sensed by the satellite. (Bowman et al., 2006; Shephard et al., 

2011; Shephard and Cady-Pereira, 2015). Finally, the meteorological conditions 

(temperature, relative humidity, etc.) are used with the a priori NH3 profile to estimate the 

atmospheric NH3 concentration (Herman and Osterman, 2014).   

TES performed 6 transect measurements over the CalNex study domain between May 7, 

2010, and June 3, 2010. In order to compare with the CMAQ model predictions, the NH3 

concentration for the aircraft sampling height was extracted from the total column data 

based on the assumed a priori profile. This study used only measurements that met TES 

Species Retrieval Quality criteria and for which the degrees of freedom for signal (DOFS) 

exceeded 0.5. It is important to note that there are some uncertainties associated with this 

data. For example, the satellite retrieval of ammonia concentration may be biased toward the 

a priori assumption. In addition to this, the estimated vertical distribution of ammonia is also 

impacted by the a priori assumption made. 

2.4. Model to Measurement Comparisons 

Similar to the work of Battye et al. (2016), the normalized mean bias (NMB) was 

calculated using the following equation: 
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𝑁𝑀𝐵 =
1

𝑁

∑ [𝐶𝑚𝑜𝑑(𝑖)−𝐶𝑜𝑏𝑠(𝑖)]𝑁
𝑖=1

∑ 𝐶𝑜𝑏𝑠(𝑖)𝑁
𝑖=1

, 

 

in order to determine the accuracy of the NAQFC CMAQ model. The ratio of the average 

measured concentration to the average model prediction (Ro/m) was calculated using: 

𝑅𝑜/𝑚 =
∑ 𝐶𝑜𝑏𝑠

𝑁
𝑖=1

∑ 𝐶𝑚𝑜𝑑
𝑁
𝑖=1

, 

 

where Cmod(i) is the model prediction, Cobs(i) is the observed concentration at a given 

location and time, and N is the number of observations. The relationship between NMB and 

Ro/m is as follows: 

 

𝑁𝑀𝐵 =
1

𝑅𝑜/𝑚
− 1. 

 

 

3. Results and Discussion 

3.1. Aircraft Measurements Compared with Model Predictions  

Table 1 compares the aircraft measurements of NH3 and NH4
+ taken during the field 

campaign with the model predictions predicted by NOAA’s CMAQ model and the 

calculated NHx (NH3 (g) + NH4
+ (p)) concentrations. The average concentration of the 1-

minute averaged NH3 observations in the CalNex field campaign was 4.1 ± 14.8 ppbv (2.7 ± 

9.9 µg m-3), with a maximum 1-minute average concentration of 380.1 ppbv (254.7 µg m-3) 

and a maximum 1-second concentration of 963 ppbv (669 µg m-3). In contrast to this, the 
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model predicted an average NH3 concentration of 1.7 ± 2.4 ppbv (1.1 ± 1.4 µg m-3), with the 

maximum predicted NH3 concentration at 17.3 ppbv (11.3 µg m-3). Thus, the measured 

concentration of NH3 was a factor of 2.4 higher than what was modeled by the CMAQ 

forecasting model, with a normalized mean bias of -58%.  
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Table 1. Comparison of in situ aircraft measurements with model predictions for NH3, 

NH4
+, and NHX. 

 

 

NH3 

(ppbv) 

NH3  

(µg m-3) 

NH4
+  

(µg m-3) 

NHX 

(µg m3) 

Measured 

concentrations 
    

Average 4.1 2.7 0.4 3.1* 

Standard deviation 14.8 9.9 0.7 10.6* 

Maximum 380.1 254.7 6.7 254* 

Median 0.8 0.5 0.2 1.0 

Model predictions     

Average 1.7 1.1 0.6 1.7* 

Standard deviation 2.4 1.4 0.8 2.2* 

Maximum 17.3 11.3 7.3 11.5* 

Median 0.9 0.6 0.3 1.2* 

Comparison statistics     

Normalized mean bias -58% 43% -44% 

Ratio of average 

measured value to 

average modeled 

value 

2.4 0.7 1.8 

Ratio of median 

measured value to 

median modeled 

value 

0.8 0.7 0.8 

Correlation coefficient 

(r) 
0.34 0.62 0.30 

Coefficient of 

determination (r2) 
0.12 0.38 0.09 

Number of 

observations 
8,181 4,605 4,605 

* Denotes calculated value, not measured 
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In order to take out the influence of the outlier data points, the median was also calculated 

for the modeled and measured NH3 concentration. The median NH3 concentration measured in 

the field campaign was 0.8 ppbv (0.5 µg m-3), while the median modeled concentration was 0.9 

ppbv (0.6 µg m-3). The ratio of the measured median concentration and the modeled median 

concentration of ammonia is 0.8, which suggests that the model is fairly accurate without the 

influence of the elevated outlier NH3 concentrations observed in the field campaign.   

Figure 2 shows the measured concentrations of NH3 (y-axis) compared with the model 

predictions of NH3 (x-axis) on a log-log scale plot, with the plotted measurements represented as 

the blue dots, the gold line representing the actual measured trend line, the cyan-green line 

representing the bias line given by the ratio of the medians and the red line representing where 

the measured points would have fallen if the model correctly predicted the measurements. The 

log-log plot was chosen for this figure due to the large range observed in measured ammonia 

concentrations. When comparing the actual trend line with the modeled one-to-one line (i.e. 

when the measured = modeled), it appears that the model under predicted concentrations of NH3 

by a factor of 2.4. However, when comparing the one-to-one line with the bias line given by the 

median ratio, it appears that the model only under predicted NH3 concentrations by a factor of 

0.8.  
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Figure 2. Aircraft in-situ measurements of NH3 (blue dots) plotted against model predictions on 

a log-log scale plot. The red line shows where the measured points should have fallen if the 

model predictions were exactly correct and the gold line shows the actual measured trend line. 

The actual trend line (gold line) is plotted above the one-to-one line (red line), while the bias line 

given by the median ratio is given by the cyan-green line.  

 

The average NH4
+ concentration for the CalNex study area was found to be 0.4 ± 0.7 

µg/m3, with a maximum concentration of 6.7 µg m-3. In comparison, the CMAQ model 

predicted an average NH4
+ concentration of 0.6 ± 0.8 µg m-3, with a maximum predicted 

concentration of 7.3 µg m-3. The concentration of NH4
+ for the study area was found to be a 

factor of 0.7 lower than the prediction made by the CMAQ model and the calculated 

normalized mean bias was found to be 43%. When comparing the median values of the 

measured and modeled data, the measured NH4
+ median was 0.2 µg m-3 and the modeled 
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NH4
+ median was 0.3 µg m-3. This corresponds to a ratio of the measured to modeled 

median concentration of 0.7, which is equivalent to the ratio of the modeled to measured 

concentration. Figure 3 shows the comparison of the measured concentration of NH4
+ 

compared with the modeled concentrations, plotted with the observed trend line (gold) and 

the one-to-one line (red). It is necessary to note that the bias line given by the median ratio is 

not shown because it is equivalent to the observed trend line. Because both the modeled and 

measured ammonium concentrations were less than 10 µg m-3, this figure was plotted on a 

linear scale as oppose to a log-log scale. Unlike the comparison with NH3 concentrations, 

the modeled NH4
+ concentrations were fairly close to the measurements made, with the 

model slightly over predicting, particularly at higher concentrations of NH4
+. This suggests 

that the model had a fairly good handle on the conversion of gaseous NH3 to particulate 

ammonium and thus the conversion was likely not limited by the concentration of gaseous 

NH3.  
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Figure 3. Aircraft in-situ measurements of NH4
+ (blue dots) plotted against model predictions on 

a linear scale plot. The red line shows where the measured points should have fallen if the model 

predictions were exactly correct, the gold line shows the actual measured trend line. In this case, 

the bias line is equivalent to the actual trend line and is therefore not plotted in Figure 3.  

 

The average concentration of NHx measured during the field campaign was 3.1 ± 10.6 µg 

m-3, with a maximum concentration of 254 µg m-3. In comparison to this, the CMAQ model 

predicted an average concentration of 1.7 ± 2.2 µg m-3. The maximum predicted NHx 

concentration was 11.5 µg m-3. The measured concentration of NHx was found to be a factor 

of 1.9 higher at very low concentrations (<10-0.5) of NHx than what was predicted by the 

CMAQ model and a factor of 1.9 lower than what was predicted by the CMAQ model at 

higher concentrations. The average measured to modeled ratio of 1.9 corresponds to a 

normalized mean bias of -44%.  However, comparing the medians of the measured and 

modeled NHx concentration, the medians were found to be 1 µg m-3 and 1.2 µg m-3, 
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respectively. This corresponds to a median ratio of 0.8, which is lower than the ratio that 

was observed when comparing the average modeled NHx concentrations with the average 

measured NHx concentrations. Figure 4 shows the comparison of the measured concentration 

of NH4
+ compared with the modeled concentrations on a log-log scale plot. Similar to Figure 

2, this was also plotted on a log-log due to the large range in measured NHx concentrations. 

As described above, this figure shows the model tends to under predict concentrations of 

NHx at higher concentrations of NHx and the model tends to over predict concentrations of 

NHx at lower concentrations. However, when comparing the bias line of the median ratio 

(cyan-green line) with the one-to-one line (red line) it appears that the measured values are 

fairly close to the modeled projections.   

 

 

 

 

Figure 4. Calculations based off of aircraft in-situ measurements (referred to as measured), of 

NHx
 (blue dots) plotted against calculated model predictions (referred to as modeled) on a log-
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log scale plot. The red line shows where the measured points should have fallen if the model 

predictions were exactly correct, the yellow line shows the actual measured trend line, and the 

cyan-green line shows the bias line given by the median ratio. 

 

Figure 5. Histogram comparing the modeled (yellow) versus the measured (purple-blue) NH3 

concentration with respect to the number of observations. Both the modeled and the measured 

concentration of NH3 occurred most frequently at lower concentrations. However, the range of 

observations at different concentrations is much larger for measured values. This suggests that 

there was a greater variation in the concentration measured as oppose to the modeled 

concentration, which occurred primarily at concentrations less than 30 µg m-3. 

 

Figure 5 shows a histogram comparing the modeled and measured NH3 concentrations. 

The extreme values measured during the field campaign are significantly higher than the 

extreme values predicted by the model.  While both the modeled and measured 

concentrations show a similar negative pattern, where the number of observations is highest 

at the lowest concentration and then rapidly decreases thereafter, the slope of the decrease is 

significantly different. The number of observations from the field campaign gradually 
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decreases with increasing ammonia concentrations while the number of modeled 

observations drop exponentially with increasing ammonia concentrations, such that there are 

no observations above 30 µg m-3. The 98th percentile of the measured NH3 values was found 

to be 23.2 µg m-3 while the 98th percentile of the modeled NH3 values was 5.1 µg m-3, 

showing the vast under estimation of NH3 concentrations by the model.  

Spatial patterns in the model prediction error were identified by comparing the model 

bias (model concentration – measured concentration) in relation to NH3 point sources and 

agricultural sources. Figure 6 plots both the agricultural and point source emissions 

(obtained from the US EPA’s National Emissions Inventory) with relation to the model bias. 

Figure 6A shows all the calculated model bias for the period while Figure 6B only shows 

model bias over 50 ppbv.  

The majority of the high model biases occur over large agricultural regions and the 

highest model bias occurs over point sources. This suggests that the 2005 NEI under predicts 

NH3 concentrations within this region of California. When comparing the 2005 NEI NH3 

emissions with the 2011 NH3 NEI emissions for the study domain, it is found that there is a 

25% increase in the NH3 emissions, which would certainly account for some of the observed 

bias. However, the 2014 NEI NH3 emissions, which uses an entirely different methodology 

for their agricultural emissions, are 62% higher than the 2011 NEI NH3 emissions and 85% 

higher than the 2005 NEI NH3 emissions (EPA, 2005; EPA, 2011; EPA, 2014). According 

to the US EPA 2014 National Emissions Inventory (version 1) Technical Supporting 

Document, this version of the NEI has updated the agricultural livestock ammonia 

methodology in order to incorporate both new observational data as well as new process 

based methods. In addition to this, the methodologies used to develop emissions from 
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fertilizer application have been entirely changed. For example, in this inventory, ammonia 

emissions from agricultural soils are estimated using the bidirectional version of the CMAQ 

model (v5.0.2) coupled with the Fertilizer Emissions Scenario Tool for CMAQ FEST-

C(v1.2) (EPA, 2016). Based on this, it is likely that the agricultural emissions used in the 

model contributed to much of the biases observed in this study.  

Another potential cause for the discrepancies between the model and the measured values 

could be the NEI’s handle on the diurnal and seasonal representation of ammonia emissions 

in this region. However, it is important to note that the diurnal represntation of ammonia 

emissions has been updated within the Sparse Matrix Operator Kernel Emissions (SMOKE) 

model and this has been released in the newer (2011, 2014) versions of the NEI (Zhu et al., 

2015). 

 

 

3.2. Model Predictions Compared with Satellite Retrievals 

The CMAQ model prediction of NH3 was compared with the TES satellite retrieval of 

concentrations measured at the CalNex aircraft measurement heights (Table 2, Figure 7a). 

The average TES NH3 concentration was 14.8 ± 11.8 µg m-3, with a maximum retrieved 

concentration of 40.5 µg m-3 and a median concentration of 10.4 µg m-3, while the 

associated average CMAQ model concentration was found to be 3.3 ± 1.0 µg m-3, with a 

maximum predicted concentration of 4.9 µg m-3 and a median concentration of 3.4 µg m-3. 

As Figure 7a shows, the majority of the NH3 retrieval measurements fall above the one to 

one line (where the modeled NH3 = the TES NH3 retrieval), which suggests that the TES 

retrieval measurements are higher than the concentrations predicted by the model. This 



   

212 

 

normalized mean bias of the TES retrieval was found to be -77%, which corresponds to a 

ratio of the average measured NH3 value to the average NH3 TES retrieval of 4.5. Similarly, 

the ratio of the median measured value to median modeled value was 3.1. The average total 

column loading (mg m-2) measured by TES was 7.2 ± 6.7 mg m-2, with a maximum total 

column loading of 40 mg m-2 and a median value of 5.1 mg m-2. In contrast to this, the 

average total column loading predicted by the CMAQ model was 0.002 ± 0.002 mg m-2, 

with a maximum total column loading of 0.008 mg m-2 and a median of 0.002 mg m-2 (Table 

2, Figure 7b). This corresponds with a NMB of -99% and a ratio of the average measured 

NH3 value to the average NH3 TES retrieval 3600. The ratio of the median measured value 

to median modeled value was 2550. Because the satellite samples a larger volume of air than 

the CIMS, it is expected that the retrieved range of concentrations of ammonia would be 

narrower than those observed by the aircraft due to the fact that there is much more 

variability on a smaller spatial scale. In addition to this, it would follow that the satellite 

retrievals would also be lower than those observed by the aircraft (assuming the aircraft was 

targeting emission sources), due to the fact that the concentration of atmospheric ammonia 

drops exponentially with increasing distance from the source, thus returning values that are 

similar to the volume modeled by CMAQ.  While the authors tried to pair the 

CMAQ/aircraft measurement data with the TES retrievals such that they were as close as 

possible, a potential reason for the discrepancies between the TES NH3 retrieval and the 

CMAQ model estimates, could be due to the fact that the measurements did not align 100% 

in time and space.   
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Figure 6. The agricultural and point source emissions (obtained from the US EPA’s National 

Emissions Inventory) plotted with relation to the model bias. Figure 6A shows all the model 

biases obtained from the CalNex study while Figure 6B shows only the largest model bias. Note 

that major under estimates occurred in close proximity to both NH3 point sources as well as 

agricultural sources of NH3.  

 

Figure 7.  The CMAQ model prediction of NH3 compared with the TES satellite retrieval at the 

aircraft measurement level plotted on a log-log scale plot (A) and the model the total column 

loading compared with the TES total column loading retrieval (B). The red line in Figure 7A 

A. 

B. 
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shows where the TES retrieval points should have fallen if the model predictions were exactly 

correct. Looking at the order of magnitude, it is evident that the modeled ammonia 

concentrations were much lower than the retrieved ammonia concentrations at the aircraft height. 

This was also found when comparing the modeled total column loading of ammonia with the 

total column loading of ammonia retrieved by TES. 

Table 2. Comparison of CMAQ model predictions at the aircraft level and the total column 

loading with the corresponding TES retrievals for NH3.  

  

NH3 

At aircraft 

level (µg m-3) 

 NH3 

Total column 

loading 

  (mg m-2) 

TES retrievals    

Average  14.8  7.2 

Standard deviation  11.8  6.7 

Maximum  40.5  40.4 

Median 10.4  5.1 

Model predictions       

Average  3.3  0.002 

Standard deviation  1.0  0.002 

Maximum  4.9  0.008 

Median 3.4  0.002 

Comparison statistics    

Normalized mean bias of TES 

retrieval 
-77% 

 -99% 

Ratio of average TES retrieval value 

to average modeled 
4.5 

 
3600 

Ratio of median measured value to 

median modeled value 
3.1 

 
2550 

Correlation coefficient (r) 0.28  0.54 

Coefficient of determination (r2) 0.08  0.30 

Number of observations 12  66 
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3.3. Satellite Retrievals Compared with In-Situ Aircraft Measurements 

In this study, only 12 satellite retrievals with adequate data quality lined up with the 

aircraft measurements taken during the CalNex study (Figure 8), therefore limiting the 

results. Table 3 and Figure 9 compare the in-situ aircraft measurements with the satellite 

observations obtained from TES. The average corresponding NH3 concentration measured 

from the CalNex campaign was found to be 33.1 ± 35.5 µg m-3, with a maximum NH3 

concentration of 108.8 µg m-3 and a median value of 10.2 µg m-3. In comparison to this, the 

average TES NH3 concentration was 14.8 ± 11.8 µg m-3, with a maximum measured 

concentration of 40.5 µg m-3. However, the median value observed for the TES NH3 

concentration was 10.4 µg m-3, which is similar to that of the NH3 aircraft measurements 

median. Thus, the ratio of the median measured value to the median modeled value is 0.98. 
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Figure 8. The 12 locations where the CalNex in-situ measurements could be compared with the 

TES satellite retrieval of NH3. The pink colored triangles represent the locations where the in-

situ and satellite measurements were compared while the blue polygons represent the major 

cities in California.  

 

As Figure 9 shows, the majority of the NH3 measurements fall above the one to one line. 

This normalized mean bias of the TES retrieval was found to be -55%, which corresponds to 

a ratio of the average measured NH3 value to the average NH3 TES retrieval of 2.2. The 

median of the in-situ aircraft measurements was 10.2 µg m-3, while the median of the 
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CMAQ measurements was 10.4 µg m-3 , which corresponds with a median ratio of 0.98. As 

mentioned in the previous section, a source of error when comparing the TES retrieval with 

the CMAQ data is the fact that the two data sources were not entirely aligned in both space 

and time. 
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Table 3. Comparison of in-situ aircraft measurements with TES retrievals for NH3. 

 

  

NH3  

(µg m-3) 

In situ aircraft 

measurements 
 

Average  33.1 

Standard deviation  35.5 

Maximum  108.8 

Median 10.2 

TES retrievals   

Average  14.8 

Standard deviation  11.8 

Maximum  40.5 

Median 10.4 

Comparison statistics  

Normalized mean bias of 

TES retrieval 
-55% 

Ratio of average measured 

value to average TES 

retrieval 

2.2 

Ratio of median measured 

value to median modeled 

value 

0.98 

Correlation coefficient (r) 0.25 

Coefficient of 

determination (r2) 
0.06 

Number of observations 12 
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Figure 9. Compares the in-situ aircraft measurements with the satellite observations obtained 

from TES on a log-log scale plot. The solid red line shows where the measured points should 

have fallen if the model predictions were exactly correct. The TES NH3 retrievals were much 

closer to the observed aircraft measurements when compared with the model output.   

 

3.4. Analysis of Model Bias in Relation to Previous Studies and the NH3 Emissions Inventory 

Several studies have been conducted to determine how well the CMAQ model can 

predict NH3 concentration. In general, it has been found that the CMAQ model has a 

tendency to under predict NH3 concentrations, particularly over large source regions  

(Gilliland et al., 2006; Kelly et al., 2014; Butler et al., 2015; Schifer et al., 2016; Battye et 

al., 2016). Gilliland et al. (2006) used an inverse modeling technique with CMAQ v4.4 to 

predict NH3 emissions for the continental United States (CONUS). The results of this study 

indicated that the emissions inventory is too high for the winter months and too low for the 

summer months. Similar results were found by Butler et al. (2015), who used CMAQ v4.7.1 
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to predict NH3 concentrations in Susquehanna River Watershed of New York and 

Pennsylvania. When comparing ambient concentration measurements of NH3 with the 

model predictions, it was found that the model under estimated concentration by 8-60%. In 

addition to this, it was also found that the NH3 under estimations were particularly high over 

the agricultural regions. Kelly et al. (2014) found similar results when comparing NH3 

measurements obtained from the California Research at the Nexus of Air Quality and 

Climate Change (CalNex) field campaign that occurred May-June, 2010, with model 

predictions from CMAQ v5.0.2. In addition to this, it was also found that the CMAQ model 

also predicted lower concentrations of NH3 in some urban regions as well. Battye et al. 

(2016) found comparable results to Kelly et al. (2014) when comparing NH3 measurements 

from the Deriving Information on Surface conditions from Column and Vertically Resolved 

Observations Relevant to Air Quality (DISCOVER AQ) field campaign (July-August, 2014) 

with NOAA’s NAQFC CMAQ model (v5.0.2) over the agricultural regions of northeastern 

Colorado.  Schifer et al. (2016) used GEOS-Chem (v9-02, driven by GEOS-5 assimilated 

meteorology) to simulate concentrations of atmospheric ammonia across the United States 

from 2008 to 2012 and found that the model tended to under predict ammonia 

concentrations near large source regions, under predicting concentrations by 26% when 

compared with surface sites. The current study found similar results to Gilliland et al. 

(2006), Kelly et al. (2014), Butler et al. (2015), Schifer et al. (2016) and Battye et al. 

(2016), where the CMAQ model (v4.6) under estimates NH3 concentration, with the results 

being most comparable to Kelly et al. (2014) and Battye et al. (2016).   

Meteorological factors can have a major impact on the emission and removal processes 

of ammonia. Both wind speed and relative humidity have been found to be inversely 
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proportional to ammonia concentrations (Flechard and Fowler, 1998; Kapoor et al., 1992; 

Parmar et al., 2001; Phillips et al., 2004; Sharma et al., 2010; Sharma et al., 2011), while 

temperature was primarily found to be directly proportional to ammonia concentrations 

(Flechard and Fowler, 1998). Ammonia concentrations tend to be lower during clear skies 

and when precipitation occurred (Kapoor et al., 1992). Schifer et al. (2016) also notes the 

importance of meteorology in atmospheric air quality. They found that meteorology 

contributed to 64% of the changes in the surface concentration of ammonia when compared 

with reductions air pollution. Therefore, errors in the meteorology used within the CMAQ 

model could have contributed to the large under estimations observed in this study.  

Another potential source of error in NH3 predictions is the absence of the bidirectional 

flux model within the CMAQ version used. Cooter et al. (2012) and Bash et al. (2013) 

found that the use of the bidirectional flux in the model increases NH3 concentrations on 

average by about 10% over the continental US. It is important to note that the flux will 

likely be higher over agricultural regions due to the abundance of NH3 in the agricultural 

cropping system. Error in the model processes used to handle NH3 emissions may also 

contribute to the observed bias. For example, the 12 km spatial resolution may lead to the 

model overlooking high concentrations that are smaller than the grid size. However, the 

similar results found by Kelly et al. (2014), who used an updated version (5.0.1) of the 

CMAQ model with a 4km vertical resolution and 34 vertical layers, suggest that this is not 

entirely the cause of the under estimation. Another likely source of error is the use of older 

National Emissions Inventories (NEI). For example, Gilliland et al. (2006) used the 2001 

NEI while Battye et al. (2016) and this current study used the 2005 NEI. Recall from the 

above discussion that the NH3 emissions increased 25% between the 2005 and 2011 (EPA, 
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2005; EPA, 2011). In contrast to this, NH3 emissions increased 85% from the 2005 NEI to 

the 2014 NEI after major changes were made to the methodologies used to calculate the 

agricultural emissions of ammonia. In addition, it is possible that an increase in animal 

activity could have contributed to the increase in NH3 emission. Because the majority of the 

under estimations, both in this study and the literature, tend to occur over agricultural 

regions, it is likely that a major contributor to this under estimation of NH3 concentrations is 

due to an under estimation of NH3 emissions from agricultural sources in the US National 

Emissions Inventories used in most research (i.e. inventories that are older than the current 

2014 NEI).  

 

 

4. Conclusion 

The NOAA NAQFC CMAQ model under predicted NH3 concentrations in California 

measured during the CalNex2010 field campaign by a factor of 2.4 (NMB = -58%), with a 

median ratio of 0.8. Similarly, the NOAA NAQFC CMAQ model under predicted NH3 

concentrations in California by a factor of 4.5 (NMB = -77%), with a median ratio of 3.1, when 

compared with measurements obtained from TES. In contrast to this, the CMAQ model had a 

fairly good handle on NH4+ concentrations, only over predicting by a factor of 0.7 (NMB = 

43%), with a median ratio of 0.7. When comparing the median values for NH3 and NH4
+, it was 

found that the median values were fairly similar for both modeled and measured values. Despite 

the model under estimating NH3 concentrations, particularly at high concentrations the NH4
+ 

projections were fairly accurate, which suggests that the issue lies within the prediction of 

gaseous NH3. These results indicate that while the NOAA CMAQ model represents the 
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partitioning of NH3, there is still uncertainty in predicting concentrations of gaseous NH3. This 

also suggests that the NH3 levels in California exceed the levels of the acidic species necessary 

for the gas-to-particle conversion. Therefore, this will have major implications for PM2.5 

reduction strategies. In addition to this, it is important to note that a portion of the error in 

comparing the TES retrieval measurements with the CMAQ model prediction is likely due to the 

fact that the retrieval and the predicted concentration did not line up completely in space and 

time.  

Recall that there are at least four potential sources of error within the CMAQ model: the lack 

of the inclusion of the bidirectional flux model, potential errors in the model processes used, 

errors within the NH3 emissions used in the model and errors in the meteorology used within the 

models. The addition of bidirectional flux to the model would increase NH3 emissions, 

particularly over the agricultural regions, and therefore likely contributes to the model bias 

observed in this study. Similarly, ammonia emissions in the 2014 NEI increased 85% from the 

emissions calculated by the 2005 NEI, primarily due to the update in the methodologies used to 

calculate agricultural emissions of ammonia. Because the majority of the highest model bias 

occur in areas of agriculture, it is likely that a major part of the problem lies within the 

agricultural emissions of NH3 in the 2005 NEI. Other potential sources of the observed bias 

include the changes made to the diurnal and temporal representation of ammonia emissions 

within the NEI as well as errors with the meteorology used within the models. Based on the 

results of this study, it seems that the two major sources of error within the model lies with the 

2005 NEI NH3 emissions and the lack of the bidirectional flux model used in the model. 
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Abstract 

This study compares the measured ammonia concentrations taken during the Colorado 

DISCOVER-AQ (2014) and the California CalNex (2010) field campaigns with the CMAQ 

model prediction of ammonia. The measured data was first analyzed and compared with different 

variables such as the altitude. In addition to this, particulate matter measurements were also 

analyzed both in 3D and at the surface in order to find the correlation between PM and high 

concentrations of ammonia. The model error was also calculated and analyzed in order to 

discover the accuracy of the CMAQ model. It was found that the CMAQ model greatly under 

predicts the concentration of ammonia in both the Colorado and California regions. While the 

largest under predictions were found to typically be in agricultural regions, other large under 

predictions are near large point sources of ammonia. It was also found that errors tend to decline 

with increasing altitude and that there did not seem to be a relationship between the time of day 

that the measurements were taken and the model error. 

 

 

 

 

 

 

For presentation at the Air and Waste Management Annual Conference and Exhibition,  

Raleigh, NC, June 2015.  
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Impact of wildfires on atmospheric ammonia concentrations in the US: Coupling satellite 

and ground based measurements 
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Abstract 

Gaseous ammonia plays a crucial role in the earth’s atmosphere. Major sources of atmospheric 

ammonia include agriculture and fires. As the climate continues to change, the pattern of fires 

across the US will also change, leading to changes in ammonia emissions. This study examines 

four major science questions using satellite and in-situ data from 2010-2014: 1) How have 

concentrations of ammonia changed across the US? 2) How have the strength and frequency of 

fires changed? 3) How has this change in fires impacted ammonia emissions? 4) How does the US 

EPA NEI compare with the emissions calculated in this study? Satellite and in-situ data were used 

to evaluate the annual concentrations of ammonia and to calculate the total ammonia emissions 

across the continental US. The results of this study showed that ammonia concentrations have 

slightly increased over the five-year period. The total fire number and the average fire radiative 

power have decreased, while the total yearly burn area has increased. The calculated ammonia 

emissions from fires on a national scale show an increasing trend and when compared with the US 

EPA NEI for ammonia emissions from fires, annual ammonia emissions are, on average, 49% 

higher than the NEI estimate. 

 

 

 

 

 

 

 

For presentation at the Air and Waste Management Annual Conference and Exhibition,  

New Orleans, LA, June 2016.  
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Reactive Nitrogen Emissions from Biomass Burning in the US 

 

Casey D. Bray, William Battye, and Viney P. Aneja 

Department of Marine, Earth, and Atmospheric Sciences 

North Carolina State University, Raleigh, NC 27695-8208, U.S.A. 

 

 

Abstract 

 

Gaseous ammonia (NH3) plays a crucial role in the earth’s atmosphere. Major sources of 

atmospheric ammonia include agriculture and fires. However, emissions of ammonia from 

biomass burning are poorly quantified both on a national and global scale. The objectives of this 

study are to quantify reactive nitrogen (NH3, NOx, N2O) emissions from biomass burning from 

2005 to 2015 on a national scale. These global emissions will then be compared against global 

emissions inventories (the Fire Inventory from the National Center for Atmospheric Research 

(FINN) and the Global Fire Emissions Database (GFED)) and emissions for the Continental United 

States (CONUS) will be compared against emissions from these aforementioned global inventories 

as well as the US Environmental Protection Agency (EPA) National Emissions Inventory (NEI). 

As the climate continues to change, the pattern (frequency, intensity and magnitude) of fires will 

also change, leading to changes in emissions. Therefore, statistical regression models for each 

pollutant have also been developed in order to help quantify the impact climate change will have 

on reactive nitrogen emissions and thus allow us to predict future NH3, NOx and N2O emissions 

on a global scale from biomass burning using both fire and meteorological data.  

 

 

 

 

 

 

For presentation at the Air and Waste Management Annual Conference and Exhibition,  

Hartford, CT, June 2018.  
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Abstract 

 

Gaseous ammonia (NH3) plays a crucial role in the earth’s atmosphere. Major sources of 

atmospheric ammonia include agriculture and fires. However, emissions of ammonia from 

biomass burning are poorly quantified both on a national and global scale. The objectives of this 

study are to quantify NH3 emissions from biomass burning from 2001 to 2015 on a national scale. 

These emissions will then be compared against other major emissions inventories (the Fire 

Inventory from the National Center for Atmospheric Research (FINN), the US Environmental 

Protection Agency’s National Emission Inventory (NEI) and the Global Fire Emissions Database 

(GFED)). As the climate continues to change, the pattern (frequency, intensity and magnitude) of 

fires will also change, leading to changes in emissions. Therefore, statistical regression models for 

each pollutant have also been developed in order to help quantify the impact climate change will 

have on ammonia emissions and thus allow us to predict future emissions on a global scale from 

biomass burning using both fire and meteorological data.  

 

 

 

 

 

 

For presentation at the American Geophysical Union Annual Conference,  

Washington, DC, December 2018.  

 

 

 

 


