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ABSTRACT 

Laboratory and field experiments were conducted in a petroleum-contaminated aquifer located at 
the Arvida site in Pender County, North Carolina. Experiments were designed to examine the 
anaerobic biodegradation of benzene, toluene, ethylbenzene, and xylene isomers (BTEX) under 
ambient conditions. Destructive microcosm experiments were conducted by following the U. S. 
Environmental Protection Agency (USEPA) protocol for estimation of anaerobic microbiological 
transformation rate data (Fed. Reg. Vol. 53, No. 115). Aquifer material was collected from 
source, mid-plume, and end-plume locations; incubated under ambient conditions; and monitored 
for disappearance of the test compounds. 

All BTEX components biodegraded under ambient, anaerobic conditions. In the mid-plume 
microcosms, m-xylene biodegraded first followed by toluene, o-xylene, and benzene under iron- - 

reducing conditions. None of the compounds biodegraded in the source area microcosms. In the 
end-plume microcosms, biodegradation was erratic with extensive biodegradation in some 
microcosms and little or no biodegradation in others. In all microcosm sets where biodegradation 
was measured, the problem compound degraded to a low but detectable level (5 to 30 pgll), after 
which biodegradation slowed or stopped. Biodegradation rates for m-xylene and benzene in the 
in situ columns from the mid-plume location were similar to microcosm rates. 

Anaerobic biodegradation of individual BTEX components often consisted of three distinct 
phases: (1) a lag period with little or no biodegradation, (2) a rapid degradation period, and (3) 
an asymptotic period where contaminant concentrations remained essentially constant. This 
pattern of biodegradation cannot be accurately described with a simple first-order decay function. 
In contrast to the individual compounds, biodegradation of total BTEX appears to more closely 
approximate a first-order decay function. 

Characterization of the microbial ecology of the mid-plume sediment showed that there was little 
variation in closely spaced (2 to 3 cm) sediment samples, but there was substantial variation in 
sediment samples that were 0.3 m apart. Anaerobic protozoa were detected in the contaminated 
zone, and data suggest that protozoan grazing could be regulating the size of the bacterial 
population. The variation in contaminant concentration and microbial populations at 0.3-m 
intervals suggest that there may be zones of high and low biodegradation activity in the plume. 

key words: groundwater, petroleum, biodegradation, underground storage tanks 
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SUMMARY AND CONCLUSIONS 

The anaerobic biodegradation of alkylbenzenes (benzene, toluene, ethylbenzene, and xylene 
isomers or BTEX) leaking from underground storage tanks (USTs) was studied to evaluate the 
biodegradation rates for these contaminants as well as factors controlling their biodegradation 
under natural conditions during subsurface transport. The contaminant plume was in a shallow 
coastal plain aquifer in Rocky Point, North Carolina. A preliminary investigation by the N.C. 
Division of Environmental Management determined the source of the contamination to be two 
underground storage tanks (2082 and 3785 1; 550 and 1000 gal.) and that BTEX contamination 
had migrated approximately 320 m fiom the source area. 

The hydrogeology and contaminant distribution immediately downgradient of the source was 
characterized by short-term pumping tests and periodic groundwater sampling. A series of wells 
was monitored over an 18-month period to determine the spatial and temporal variation in BTEX 
and other indictor parameters. Short-term (1 5 minutes) constant rate pumping tests were 
performed on wells screened in the sand aquifer. By using the average water table gradient and 
an effective porosity of 0.25, the average groundwater velocity was estimated to be approximately 
30.5 mlyr. 

Groundwater throughout the study area is contaminated by BTEX, and field monitoring suggests 
that dissolved hydrocarbons are being degraded. Along the plume centerline, concentrations of 
the various BTEX compounds decreased at different rates, and some compounds are removed at 
even greater rates at the fringes of the plume. Groundwater within the study area is highly 
reduced. The plume is characterized by the depletion of dissolved oxygen, a negative redox 
potential, and high concentrations of dissolved carbon dioxide and iron. 

Laboratory and field studies were conducted to (1) document that anaerobic BTEX 
biodegradation was occurring in the aquifer, (2) estimate the BTEX biodegradation rate under 
ambient conditions, and (3) study the microbial ecology of the contaminant plume. 

BTEX biodegradation rates under ambient conditions were measured in aquifer sediment 
recovered fiom three locations (source, mid-plume, and end-plume). Microcosms were designed 
to simulate ambient conditions to the maximum extent possible. In the source area microcosms, 
none of the BTEX components degraded after 388 days of incubation. Both dissolved sulfate and 
iron concentrations remained constant. However, the pH of these microcosms dropped by one 
unit during the course of incubation, the cause of which is unknown. In the mid-plume 
microcosms, m-xylene biodegradation began with no lag, followed by toluene, o-xylene, and 
benzene. By day 140, both toluene and o-xylene had degraded to between 0.03 and 0.10 pM and 
then remained constant for the duration of the experiment. Benzene degradation began after day 
180, and by day 403, the benzene concentration was between 0.10 and 0.15 jA4 in each replicate. 
First-order biodegradation rates ranged from 0.045 day'' for toluene to 0.002 day" for 
ethylbenzene. Biodegradation was erratic in the end-plume microcosms. Some microcosms 
exhibited clear evidence of biodegradation while others did not. Estimation of first-order decay 
rates was not appropriate at this location, since the calculated rate would be more a function of 
the random order of microcosm sampling than the actual rate of biodegradation. 

... 
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In situ biodegradation rates were measured by using in situ test columns. Two experiments were 
conducted, each by using two live columns and one abiotic column. In the first experiment, the 
columns were loaded with groundwater fiom one of the monitoring wells where the water 
contained all the dissolved hydrocarbons. In the second experiment, columns were loaded with 
anaerobic groundwater spiked with benzene. In the first experiment, m-, p-xylene decreased by 
over 90%, benzene decreased by 50%, and pseudocumene decreased by 75 to 90%. There was 
no evidence of toluene, o-xylene, ethylbenzene, or mesitylene biodegradation in either live 
column. The absence of measurable toluene and o-xylene biodegradation was likely due to the 
low initial concentration of these compounds (< 50 pg/l). In the second experiment benzene 
biodegradation began after a 4 1 -day lag period, and by day 18 1 benzene had declined fiom over 
1,000 pgll to 180 pgll in column 1 and 18 pgll in column 2. 

Two experiments were conducted to study the distribution of microorganisms in the contaminated 
aquifer. Populations enumerated included total microbes by acridine orange direct count 
(AODC), aerobic and anaerobic protozoa, iron reducers, and sulfate reducers. The objective of 
the first experiment was to evaluate spatial heterogeneity in closely spaced aquifer sediment 
samples fiom contaminated and pristine sections of the aquifer. In the second experiment, 
population distribution was measured in contaminated sediment samples spaced 0.3 m apart. 

While there was little variability in microbial populations in closely spaced samples, there was 
significant variability in samples that were 0.3 m apart. Microbial populations were higher in the 
contaminated region than in the pristine region. In both experiments, the total bacterial 
population was on the order of lo6 per gram sediment, and no sulfate reducers were detected in 
any of the samples. The highest numbers of aerobic and anaerobic protozoa were 198 and 105 
protozoa per gram of sediment, respectively. Iron reducers varied between 10' and 1 o5 per gram 
sediment. 

The conclusions of this study are as follows: 

Destructive microcosms yield only one concentration measurement for each independent 
experiment (microcosm) and are poorly suited to generating the data required to fit a two- 
parameter model. Consequently, use of destructive microcosms, as specified in the USEPA 
protocol for estimation of anaerobic microbiological transformation rate data, is not 
appropriate when the lag period prior to the start of biodegradation is significant. 

Based on the laboratory microcosm and in situ column experiments, benzene, toluene, 
ethylbenzene, and xylene isomers are anaerobically biodegradable under ambient subsurface 
conditions. 

A distinct order of biodegradation is often observed, with toluene being the most rapidly 
biodegraded compound. 

The more easily biodegradable compounds (toluene, o-xylene, m-xylene) appear to 
anaerobically biodegrade to low but detectable concentrations (0.1 to 0.4 pM) after which 
biodegradation slows or stops. It is not clear whether biodegradation of these compounds will 
continue once the more difficult to degrade compounds are depleted. 

xiv 



Use of a simple first-order model does not adequately describe the anaerobic biodegradation 
of individual compounds in laboratory microcosms or in situ columns. To accurately simulate 
the anaerobic biodegradation of individual compounds, a model that includes two variables 
will be required: (1) the lag period prior to biodegradation and (2) the rate of biodegradation. 

The lag period prior to the start of anaerobic BTEX biodegradation varies fiom compound to 
compound. Until the source of this variability is better understood, it will not be possible to 
use laboratory microcosms or in situ columns to accurately predict the time required for the 
field biodegradation of individual compounds. 

Among the microbial populations monitored, protozoa (aerobic and anaerobic) and iron 
reducers showed significant differences between the contaminated and pristine regions of the 
aquifer. However, the total bacterial populations (AODC) were the same in both the pristine 
and contaminated regions of the aquifer. No sulfate reducers were detected in any of the 
samples. 

Spatial variability in microbial populations is not significant in closely spaced samples. But in 
samples separated by a distance of 0.30 m, the variability is significant. 

The presence of protozoa could indicate that they play a key role in the biological activity of 
the contaminant plume. 





RECOMMENDATIONS 

Additional studies should be performed to determine the process and the factors that control 
anaerobic benzene biodegradation and to verify that benzene is completely oxidized to carbon 
dioxide when aquifer sediment is used as the only source of bacteria. 

The microbial population of the contaminant plume consists of protozoa and iron reducers 
whose densities vary greatly with depth. Additional studies should be performed to determine 
if they have any correlation with the in situ biodegradation rates of the contaminants. 

xvii 





1.0 INTRODUCTION 

In North Carolina and nationwide, petroleum released from underground storage tanks (USTs) 
and associated piping is the largest single source of groundwater contamination. In North 
Carolina alone, the N.C. Department of Environment, Health and Natural Resources has identified 
over 2,000 incidents of groundwater contamination fi-om USTs. At the vast majority of these 
sites, the primary groundwater contaminants are benzene, toluene, ethylbenzene, and xylene 
isomers (BTEX). These compounds are relatively water soluble and toxic. 

The time and cost of UST cleanup are truly staggering. There are over 100 pump and treat 
systems currently in operation in North Carolina. Some of these systems have been in operation 
for over ten years. Yet to date, not a single pump and treat system has been shut down in North 
Carolina. While existing systems can be effective in containing a contaminant plume, these 
systems are not effective in meeting cleanup standards. A more effective approach is needed to 
manage the large number of UST releases. 

Intrinsic bioremediation is a process in which contaminants are degraded by the indigenous 
microbial population. Where it can be applied, the remediation cost is lower than active 
remediation approaches such as pump and treat, air sparging, or soil vapor extraction. 

Ongoing research has shown that, while dissolved BTEX plumes do biodegrade under ambient 
conditions in the subsurface, the rate and extent of biodegradation are usually limited by the type 
and quality of electron acceptors. Oxygen is the preferred electron acceptor but is available in a 
very limited supply in the subsurface. Recent research has shown that other electron acceptors 
can be used by microorganisms to degrade some hydrocarbons (Kuhn et al., 1988; Grbic-Galic 
and Vogel, 1987; Beller et al., 1991). Most research has focused on use of NO3, COz, and to a 
lesser extent So4, in part, because the microbiology of these compounds is better understood. 

Large amounts of femc iron-Fe(II1)-are present in the subsurface and could provide an 
enormous reservoir of electron acceptor for pollutant biodegradation. Unfortunately, little is 
known about the microbiology of BTEX biodegradation via iron reduction. Large amounts of 
reduced iron4Fe(II)---are commonly observed in contaminant plumes containing BTEX, 
creosote, and other hydrocarbons which are undergoing natural bioremediation (Baedecker and 
Back, 1979; Borden et al., 1994; Ehrlich et al., 1983; Longmire, 1986; Lovley et al., 1989; 
Schwille, 1976; Wilson et al., 1986). However, we do not understand what compounds are being 
degraded via iron reduction, the rate and extent of anaerobic biodegradation, or the significance 
of different iron mineral forms. 

The overall objective of this research is to evaluate the significance of BTEX biodegradation at a 
site where iron is a significant electron acceptor. The site is in the coastal zone of North Carolina 
and is contaminated by a leaking UST that contained gasoline. The site (referred to as the Arvida 
site) is located in Rocky Point, North Carolina. Specific objectives include: 

Measure the rate and extent of BTEX biodegradation in laboratory scale microcosms 
designed to simulate ambient conditions at the Arvida field site. 



Measure the rate and extent of BTEX biodegradation in in situ testers under natural 
conditions at the Arvida field site. 

Study the microbial ecology of the contaminant plume. 

A number of experiments were conducted to evaluate the objectives listed above. The 
experimental design, methods, and results performed for each objective are presented in separate 
chapters. 



2.0 LITERATURE REVLEW 

2.1 NATURAL BIOREMEDIATION 

The basic concept of natural bioremediation is to use the capacity of naturally occurring 
microorganisms to degrade contaminants that have been released into the subsurface and at the 
same time minimize risks to public health and the environment. Currently, there is almost no 
operating history to judge the effectiveness of natural bioremediation. Early attempts at aquifer 
remediation focused on using conventional remediation techniques to remove or permanently 
immobilize contaminants at the highest priority sites. At many low priority sites, regulators 
appear to have assumed that natural bioremediation would be adequate to control the migration of 
dissolved contaminants. However, these sites have not been monitored sufficiently to determine if 
this approach is actually effective or to identify those factors that influence the efficiency of 
natural bioremediation. At present, there are no well-documented full-scale demonstrations of 
natural bioremediation, although there has been some limited research into the processes that 
control the natural biodegradation of dissolved hydrocarbon plumes (Barker et al., 1987; Borden 
et al., 1986; Borden et al., 1994; Chiang et al., 1989; Franks, 1987; Hult, 1987; Kemblowski et 
al., 1987; Wilson et al., 1986; Wilson et al., 1994). 

2.2 SUBSURFACE MICROORGANISMS 

The ability of microorganisms to degrade a wide variety of hydrocarbons is well known. In an 
early review, Zobell(1946) identified over 100 microbial species from 30 genera that could 
degrade some type of hydrocarbon. These organisms are widespread in the environment and 
occur in fresh and salt water, soil and groundwater. Litchfield and Clark (1973) analyzed 
groundwater samples from twelve aquifers throughout the U. S. that were contaminated with 
hydrocarbons. They found hydrocarbon-utilizing bacteria in all samples at populations up to 1 x 
lo6 cells per ml. After a gasoline spill in Southern California, McKee et al. (1972) found at least 5 
x lo4 hydrocarbon-degrading bacteria per ml in samples fiom gasoline-contaminated wells, while 
an uncontaminated well had only 200 such organisms per rnl. 

Recent studies have shown that an active and diverse microbial population exists in the 
subsurface, often at great depth. The organisms present appear to be predominantly bacteria, but 
hngi and protozoa have been identified (Ghiorse and Wilson, 1988). The native organisms 
appear to be well adapted to low nutrient conditions. Many of the organisms identified grow very 
poorly or not at all under high nutrient conditions, yet thrive at low levels of organic carbon 
(Ghiorse and Balkwill, 1 985). 

2.2.1 Bacteria. Ghiorse and Wilson (1988) presented a comprehensive review of the microbial 
ecology of the subsurface. Most of the organisms identified are aerobes, but strict anaerobes have 
been identified from a few sites. Microbially mediated denitrification was observed in a sand and 
gravel aquifer contaminated with treated sewage (Smith and Duff, 1988). Van Beelen and 
Fleuren-Kemila (1989) identified anaerobic bacteria from two sandy aquifers, a saturated peat 
soil, and a river sediment. Chapelle et al. (1 987) identified methanogenic and sulfate-reducing 
bacteria fiom sediments collected 20 to 180 m below grade in the Maryland Coastal Plain. 
Similarly, Jones et al. (1989) reported the presence of both methanogens and sulfate reducers in 



most sediments throughout a 300-m depth profile in an aquifer near Aiken, South Carolina. 
Aerobic microorganisms dominated the microbial community, and the methanogen population 
was very low. The organisms that were present were capable of degrading a wide variety of 
organic substrates under anaerobic conditions, including benzoate, phenol, lactate, formate, and 
acetate (Jones et al., 1989). However, the presence of oxygen stimulated carbon mineralization in 
sediments that were both active and inactive under anaerobic conditions (Madsen and Bollag, 
1989). 

2.2.2 Protozoa and Predation. Protozoa are unicellular, eukaryotic organisms that range in size 
fiom 2 to 2,000 p.m. Their major food is bacteria (Couteau and Pussard, 1983), but many species 
also consume detritus (Schonborn, 1965), spores (Old and Darbyshire, 1978), and kngal hyphae 
(Alabouvette et al., 198 1; Couteau and Pussard, 1983). Most protozoa are motile and use this 
trait to support predation (Brock and Madigan, 1991). The study of soil protozoa has been 
primarily concerned with (1) determining the nature of the fauna and its relation to different soil 
conditions, (2) estimating the population size, and (3) the relationship among protozoa, the 
microflora, and other microfauna. 

The impact of protozoa on microbes and thus indirectly on soil fertility was a matter of debate at 
the beginning of the twentieth century and inspired a long series of experiments designed to 
elucidate the relationship between soil protozoa and bacteria (Cutler and Crump, 1920; Cutler et 
al., 1922; Cutler, 1927 cited in Fenchel, 1987). These studies showed that protozoa, in particular 
the flagellates and amoebae, control the bacterial population in soils. Thus, predation has been 
recognized as a significant factor affecting bacterial survival in soil for more than 60 years. Of 
soil organisms that feed on bacteria, protozoa appear to be the group that has the most significant 
effect (Acea et al., 1988; Acea and Alexander, 1988; Danso et al., 1975; Heijnen et al., 1988). 

The distribution of eukaryotic microorganisms, especially protozoa, has been studied in pristine 
aquifer sediments at a number of sites (Beloin et al., 1988; Federle et al., 1986; Hirsch and Rades- 
Rohkohl, 1983; Sinclair and Ghiorse, 1987). Protozoa have been found in the subsurface at a 
variety of geographical locations and appear to be widely distributed (Sinclair and Ghiorse, 1987, 
1989), although they are typically found in low numbers (<1 to 100 per gm) at pristine sites 
(Sinclair and Ghiorse, 1987). It has been suggested that protozoan populations may be important 
bacterial predators in aquifers contaminated with organic pollutants (Harvey and George, 1987) 
and play an important ecological role at such sites (Sinclair et al., 1993). Sinclair et al. (1993) 
reported that protozoan populations increased in the presence of oxygen and he1 relative to 
uncontaminated zones and suggested that this increase could be due to grazing on bacteria. 
Elevated concentrations of protozoa were also measured in a sewage-contaminated aquifer on 
Cape Cod, Massachusetts (Novarino et al., 1994). 

Biological equilibria govern both protozoa and bacteria. In the predator-prey relationship 
between protozoa and bacteria, a change in either group will bring about a qualitative and 
quantitative change in the other (Alexander, 198 1). The presence of a nutrient supply in the form 
of bacteria is essential for the growth of soil protozoa, and often large numbers of bacterial cells 
must be ingested to generate enough protoplasm to permit a single-cell division. Thus, protozoan 
populations are limited by the availability of bacteria in both soil ecosystems (Alexander, 1977) 
and planktonic environments (Massana et al., 1995). Bacterial abundance may in turn be limited 



by the availability of organic carbon, their growth rate, and protozoan grazing. Protozoan grazing 
may also provide some stimulation for bacterial growth. In one study, Wright et al. (1995) 
suggested that nutrients released during predation may have stimulated bacterial growth. Another 
factor influencing the rate and extent of predation is soil pore structure. Larger predators, such as 
soil protozoa, may have difficulty in moving into small pores, hence allowing prey to persist 
(Darbyshire, 1976). This limitation on predation was demonstrated by Wright et al. (1995), who 
showed that bacteria in smaller pores (< 6 mrn) were protected fiom predation. 

Certain species of Sarcodina may consume several thousand bacteria per protozoan cell division 
(Danso and Alexander, 1975). Estimates of growth rates in soil suggest that small amoebae and 
ciliates may divide once or twice each day (Stout and Heal, 1967) so that the bacteria in soil must 
reproduce at a rapid rate merely to keep pace with their predators. On the other hand, some of 
the Sarcodina-bearing shells may have generation times of about a week (Lousier, 1974). 
Evidence for a direct influence of protozoa on bacteria has been obtained in investigations in 
which large numbers of bacteria cells were added to soil (Danso et al., 1975; Habte and 
Alexander, 1975). Under such conditions, the population density of the introduced species fell 
rapidly, and the only group whose multiplication coincided with the decline of the soil bacteria 
was the protozoa. The marked decline in bacteria did not occur when a protozoan inhibitor was 
added to the soil. Such results suggest that protozoa are a key factor in limiting the size of 
bacterial populations. 

While protozoa are most commonly associated with aerobic ecosystems, they are also known to 
inhabit anaerobic ecosystems. Protozoa living in the intestinal or urogenital tracts of animals have 
so far attracted the most attention. However, anaerobic protozoa have also been detected in 
aquatic sediments, the water column of stratified lakes, anoxic marine basins, anaerobic sewage, 
and landfills (Fenchel, 1969; Fenchel et al., 1977; Finlay, 1980; Goosen et al., 1988; Finlay et al., 
1988). Among the free-living forms, most is known about the anaerobic ciliates, but 
heterotrophic flagellates and rhizopods also occur. 

Anaerobic protozoa are less diverse than their aerobic counterparts. This is not surprising since 
the spectrum of food particles is less diverse in anaerobic environments. The population density 
of anaerobic phagotrophs is also lower relative to aerobic phagotrophs because of the lower 
growth efficiency of anaerobes. Since the growth efficiency of anaerobes is about 25% of that of 
aerobes, the biomass ratio between phagotrophs and their food organisms in anaerobic 
environments is also about 25% of that in aerobic environments. 

2.3 PETROLEUM HYDROCARBON BIODEGRADATION 

Hydrocarbon biodegradation is essentially an oxidation-reduction reaction where the hydrocarbon 
is oxidized (donates electrons) and an electron acceptor (e.g., oxygen or nitrate) is reduced 
(accepts electrons). There are a number of different compounds that can act as electron 
acceptors, including oxygen (0& nitrate (N03'), iron oxides (e.g., Fe(OH)3), sulfate (SOJ, and 
carbon dioxide (C02). Aerobic bacteria use molecular oxygen as the electron acceptor. 
Anaerobic bacteria use other compounds such as NO;, Fe(OH)3, and SOL as electron acceptors. 
Oxygen is the most preferred electron acceptor because microorganisms gain more energy fiom 
aerobic reactions. Carbon dioxide is the least preferred because microorganisms gain the least 



energy from these reactions. In the subsurface, the supply of oxygen, nitrate, and sulfate is often 
limited, but very large supplies of oxidized iron are potentially available. 

2.4 BIODEGRADATION USING FERRIC IRON 

Once the available oxygen and nitrate are depleted, subsurface microorganisms may use oxidized 
ferric iro*Fe(III)--as an electron acceptor. A microorganism (GS-15) has been identified that 
can couple the reduction of amorphous iron oxide with the oxidation of aromatic compounds, 
including toluene, phenol, p-cresol, and benzoate (Lovley and Lonergan, 1990; Lovley et al., 
1989). Large amounts of femc iron are present in the sediments of most aquifers and could 
potentially provide a large reservoir of electron acceptors for hydrocarbon biodegradation. This 
iron may be present in both crystalline and amorphous forms. Amorphous and poorly crystalline 
Fe(II1) hydroxides, Fe(II1) oxyhydroxides, and Fe(II1) oxides are the forms most easily reduced 
(Lovley, 1991). A possible reaction coupling the oxidation of toluene to the reduction of Fe(II1) 
in ferric hydrox ideFe(0H)ean  be approximated as: 

C&-CH3 + 36 Fe(OH)3 bacteria > 7 CO2 + 36 ~ e + ~  + 72 OH- + 22 H20 + Energy 

The reduction of Fe(II1) results in high concentrations of dissolved Fe(I1) in contaminated 
aquifers. Lovley et al. (1989) found that in an aquifer contaminated by a crude oil spill, the 
selective removal of benzene, toluene, and xylenes from the plume was accompanied by an 
accumulation of dissolved Fe(I1) and depletion of Fe(II1) oxides in the contaminated sediments. 
Although the exact mechanism of microbial ferric iron reduction is poorly understood, the 
available evidence suggests that iron reduction may be a very important mechanism in the 
subsurface biodegradation of dissolved hydrocarbons. 

2.5 SOLID IRON FORMS 

The form of ferric iron present in a sediment is an important determining factor in the rate and 
extent of ferric iron reduction. Fe(II1) is most common in various oxides, oxyhydroxides, and 
hydroxides. A multitude of these species exists and they exhibit a wide range of crystallinity in 
nature (Lovley, 1991). These include hematite (a-Fe203), maghemite (g-Fe203), goethite 
(FeOOH), lepidocrosite (g-FeOOH), magnetite (Fe304), and several amorphous phases. 
Amorphous iron h~droxideFe(0H)~---does not normally exist in nature as a solid phase but has 
been used to indicate any easily reducible hydrous-free Fe(1II) oxide (Van Breeman, 1988) and is 
the form most commonly referred to in the literature involving iron reduction. Ferric hydroxide is 
defined as a "metastable, poorly crystalline material, having a standard free energy of formation of 
-1 66 kcal/mol, and a Ksp of for the reaction Fe(OH)3 = ~ e "  + 30K" (Longmire, 1986). 

Amorphous femc hydroxide is often considered in iron reduction studies because the amorphous 
and poorly crystalline femc forms are more readily reduced by microorganisms (Ghiorse, 1988). 
In a study by Lovley (1987), thermodynamic analysis indicated that the Fe(II1) reduced was from 
either amorphous Fe(OH)3 or an ill-defined Fe(II1) oxide with a stability between amorphous 
Fe(OH)3 and FeOOH. Generally, the degree of crystallinity determines the degree and/or rate of 
organic material biotransformation, with less crystalline phases being more readily microbially 



reduced (Lovley, 1987). This ease of reduction is usually attributed to poor ordering in these 
phases (Ghiorse, 1988). 

The physical form of the oxide may also affect reactivity. Iron oxide minerals are usually 
concentrated in the clay size fraction (< 2mm) of most soils (Lindsay, 1988). The small particle 
size and large surface area of clays should increase the reducibility of these iron oxides (Lovley, 
1991). Fe(II1) oxide coatings on other grains have been shown to be a more effective oxidant 
than discrete grains (Lovley, 1987), although most Fe(II1) forms in clays exist as discrete grains 
(Lovley, 1991). Nicholson et al. (1983) found that iron oxide coatings on sand grains may be a 
significant source of dissolved ~ e ~ '  and heavy metals in landfill leachate. 

Direct contact between the Fe(1II) phase and the iron-reducing microorganism is probably 
required. Studies with Fe(II1)-reducing bacteria showed considerable iron reduction when direct 
contact was allowed, but none when the Fe(II1) oxide phase was enclosed in dialysis tubing 
(Munch and Ottow, 1983). This presents another possible explanation for the ease in reduction of 
some Fe(II1) oxides over others; bacterial enzymes might recognize specific binding sites at the 
surface of different mineral types (Ghiorse, 198 8). If this were the case, cellular binding to 
amorphous phases would again be preferred because nonspecific enzymes could perform the 
reduction. Generally, the degree of crystallinity determines the extent of mineralization (Lovley, 
1987). Amorphous Fe(II1) oxides and hydroxides are the most easily reducible, while more 
crystalline forms such as hematite, goethite, and magnetite are not reducible to any great extent 
(Lovley and Phillips, 1986a). Magnetite is a mixed Fe(I1)-Fe(II1) mineral (Fe(II)Fe(III)204) that 
can be the product of microbial iron reduction of amorphous iron oxides (Lovley et al., 1987). 
Geobacter metallireducens, a pure bacterial culture, has been shown to anaerobically degrade 
toluene, phenol, and p-cresol with the reduction of amorphous iron oxide to magnetite (Lovley 
and Lonergan, 1990). In fact, magnetite is often found in association with degraded crude oil 
bodies (Elmore et al., 1987; McCabe et al., 1987). Since magnetite itself is not readily reducible, 
the remaining Fe(II1) is not reduced once the magnetite grain is formed. Coarsely crystalline 
Fe(II1) phases are not reduced rapidly in laboratory experiments, but the slow reduction of these 
phases over time may be important (Lovley, 199 1). 

In summary, there is substantial evidence in support of the presence of both prokaryotes and 
eukaryotes in the subsurface, as well as biodegradative activity under both aerobic and anaerobic 
conditions. While the presence of protozoa has been documented, their effect on contaminant 
biodegradation rates in the subsurface has yet to be determined. The abundance of solid phase 
iron suggests the potential for iron reduction to represent a significant electron sink in support of 
contaminant biodegradation. However, an understanding of the availability and role of various 
iron forms is only just emerging. 





3.0 STUDY SITE 

3.1 SITEHISTORYANDDESCRIPTION 

The Arvida research site is located in Pender County, North Carolina (Figure 1). Groundwater 
contamination was discovered at the site in 1987 when a property owner downgradient of the site 
complained of objectionable tastes and odors in his water. A preliminary investigation indicated 
that an UST present at the site had leaked gasoline and contaminated the shallow aquifer. 
Pertinent information on the site has been published previously and is reviewed here (Borden et 
al., 1995). 

The primary water-soluble contaminants at the site consist of BTEX compounds. Along the 
plume centerline, concentrations of the various BTEX compounds decrease at very different rates, 
and some compounds are removed at even greater rates at the fringes of the plume. The different 
attenuation rates cannot be explained by dilution, sorption, or volatilization. In the area of the 
plume where contaminant removal is most evident, there is a complete removal of dissolved 
oxygen and an increase in carbon dioxide concentration. This indicates that biodegradation is 
occurring. In this same area, there is a decrease in ferric iron in the aquifer solids, accompanied 
by an increase in dissolved ferrous iron. Since other electron acceptors are not present in 
significant concentrations, this suggests that anaerobic oxidation of the petroleum hydrocarbons is 
coupled to dissimilatory reduction of ferric iron in the aquifer solids. Mineralogical analysis 
shows that most of the ferric iron is present in glauconite, a mixed Fe(II1)-Fe(I1) clay mineral. 
The structure of glauconite may inhibit the availability of the iron for reduction, relative to a 
typical iron oxide grain coating. This inhibition may be responsible for the seemingly slow rate of 
biodegradation apparent from field monitoring data presented here and elsewhere (Borden et al., 
1995). The reduction and dissolution of femc iron in glauconite may lead to the formation of an 
altered clay mineral with a higher Fe(II):Fe(III) ratio, such as berthierine. 

3.2 GEOLOGY 

The research site is located in the outcrop area of the Peedee Formation which has been 
interpreted by Swift and Heron (1969) as having been deposited in a shallow marine open shelf 
environment during the late Cretaceous period. The geology of the Arvida site consists mainly of 
dark gray and green rnicaceous fine sand, overlain by 1.5 to 4.6 m of silts, clays, and clayey sands. 
These sands and clays are typical in the Peedee Formation. The lower permeability clays and 
clayey sands form a surface-confining layer over the sand aquifer in the area of the plume. In the 
contaminant source area north of Arvida Road (Figure 2), there are 3.6 to 4.6 m of interbedded 
clays and silts overlying the sand aquifer. South of Arvida Road, the ground elevation drops 
about 3 m and the clays and silty clays are generally absent. Overlying the fine sand in this area is 
0.9 to 1.5 m of medium to coarse, often gravelly, clayey sand. 

The sand that comprises the aquifer at the Arvida site is mostly fine grained, dark gray or greenish 
gray, rnicaceous, glauconitic, slightly silty, and compact quartz sand. The sand appeared to be 
very homogeneous throughout the site with only a few exceptions. In the southern portion of the 
site (south of well A1 8), a 2.5- to 5-cm layer of shell material and carbonate-cemented sand was 





Figure 2. Study Site: Arvida. 
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encountered at a depth of about 4.6 m. Below this layer, rare shell fragments were scattered 
throughout the sand. A deep exploratory boring completed near well U2, roughly 15 m to the 
west of the source area, showed 4.6 m of gray clay overlying about 12.2 m of fine gray sand 
interbedded with occasional thin black clay lenses. The boring log shows that interbedded gray 
sand and clay, with occasional shell-rich layers, extends to a depth of 122 m. 

3.3  HYDROGEOLOGY 

The uncomplicated geology and geomorphology of the Arvida site simplify the hydrogeologic and 
contaminant transport analyses. The fine-grained sand is the primary transmissive aquifer and 
pathway for contaminant migration. The overlying clays and clayey sands form a leaky surface- 
confining layer throughout the site. In the area north of Arvida Road, the piezometric surface 
varies from 0.6 to 1.8 m above the sand-clay interface depending on the amount of recent 
precipitation. South of Arvida Road, the piezometric surface varies between 0 and .46 m above 
this interface. 

The water table has a relatively gentle, constant slope in an almost due south direction. 
Groundwater levels in monitoring wells changed significantly in response to recharge events. In 
the upgradient wells, water levels dropped 2.1 m from February to July 199 1, and then rose 0.9 to 
1.8 m in August after several weeks of rainy weather. These large changes in water table 
elevation are presumably due to the low specific yield (high water retention) of the clay-confining 
unit. The average water table gradient from March 1991 to October 1992 was 0.0065. 

Short-term (15 minutes) constant rate-pumping tests were performed on wells screened in the 
sand aquifer (wells A9, A1 1, A1 8, A20, A2 1 in Figure 2). Hydraulic conductivities were 
calculated by using Jacob's semi-logarithmic approximation (Domenico and Schwartz, 1990). 
Results from these tests indicate the hydraulic conductivity of the sand aquifer varies from 0.9 to 
7.6 m/d with a mean value of 3 m/d. By using the average water table gradient and an effective 
porosity of 0.25, the average groundwater velocity is estimated to be approximately 30.5 m/yr. 

Equilibrium retardation factors were estimated by using the measured soil organic carbon content 
(0.1 %) and an empirical relationship between the soil partition coefficient and the octanol water 
partition coefficient (Schwarzenbach and Westall, 198 1). Estimated retardation factors range 
from 1.6 for benzene to 4.7 for m-, p-xylene. (Since our analytical method did not distinguish 
between m-xylene and p-xylene, we used the term m-, p-xylene throughout the report to describe 
this unit.) 

3.4 RESULTS OF PREVIOUS GROUNDWATER MONITORING 

Dissolved BTEX and related parameters were monitored seven times from July 199 1 to 
December 1992. Monitoring well locations are shown in Figure 2. Average concentrations for 
BTEX components and indicator parameters are shown in Table 1 for representative wells. 
Statistical analyses indicated that the dissolved BTEX plume is stable with no significant increase 
or decrease in concentration over the monitoring period. Thus, average concentrations are 
presented. 





Table 1.  (Continued) 

Monitoring Well U11 m a )  U9(?ha) U1O(0ha) A7(%3 A19Wa) A12(%3 A18(%3 

Distance from Source (m)b -55 -3 9 0 91.5 183 244 327.5 

Sulfate (mg/l as S) 

Total Sulhr (mdl as S) 

Alkalinity (mg/l as CaCO,) 

Carbon Dioxide (mdl as C) 

C-r 
Total Dissolved Solids 

A (mdl) 

Temp ("C) 

Calcium (mgll) 

aCoef5cient of variation. 

b Distances are measured in a longitudinal transect along the plume centerline. Negative distances are upgradient of U10; positive 
distances are downgradient. 

'BQL: Below quantitation limit. 



The BTEX plume has a long, narrow shape and appears to become narrower as it migrates 
downgradient. Although the concentrations in individual wells varied significantly from one 
sampling event to the next, the plume shape and distribution of contaminants were very 
consistent. Concentrations of toluene and o-xylene declined most rapidly in a downgradient 
direction, followed by benzene and then m-, p-xylene and ethylbenzene. This pattern is somewhat 
surprising because o-xylene and m-, p-xylene have very similar physical and chemical properties. 
The only apparent explanation for this pattern is preferential biodegradation of the o-xylene 
isomer by subsurface microorganisms. Such preferential biodegradation of isomers of substituted 
aromatics has been documented previously (Smolenski and Suflita, 1987), although in the 
referenced work the ortho isomer was the slowest to degrade. The observed loss of BTEX is 
believed to be primarily a result of biodegradation and this stimulated the laboratory work 
described in Section 4.0. Dispersion cannot explain the observed decline in BTEX since the 
plume actually becomes narrower with travel distance. Volatilization could result in some loss of 
BTEX. However, this mechanism would not result in preferential removal of toluene and o- 
xylene. The first-order decay rate for the combination of toluene, ethylbenzene, and the xylenes 
was estimated to be 0.15% day-'. The analogous rate for benzene was only 0.02% day-'. The 
apparent degradation rates at the Arvida site are significantly lower than have been observed at 
other sites. The cause of this difference is not yet clear. Several factors could result in a lower 
biodegradation rate at this site, including (1) the overlying clay-confining layer, which would 
reduce oxygen exchange with the unsaturated zone and (2) a low background pH, which could 
inhbit methanogenic biodegradation of some BTEX components. 

Average concentrations of electron acceptors and indicator parameters are also shown in Table 1. 
Dissolved oxygen and redox potential are both reduced in the plume because of BTEX 
biodegradation. The background dissolved oxygen concentration varies &om 2 to 3 mgll, while in 
the center of the plume dissolved oxygen approaches the field detection limit of 0.1 mgll. 
Dissolved carbon dioxide is highest in the downgradient portion of the plume, indicating that 
significant oxidation of BTEX components has occurred. An electron balance indicates that the 
dominant electron acceptors are iron and sulfate, followed by nitrate and dissolved oxygen. 
Methanogenesis does not appear to be an important process at the site, because only a small 
amount of methane was detected at the most downgradient monitoring well. Immediately 
upgradient of this well, the aquifer geochemistry changes (carbonate appears in significant 
amounts), as evidenced by the sudden rise in calcium in the most downgradient well. The increase 
in carbonate and the accompanying rise in pH appear to cause conditions more favorable for 
methane production. 

In summary, the field monitoring data indicate that a gasoline plume in the shallow aquifer at the 
Arvida site is undergoing natural bioremediation. The geochemistry of the site suggests that both 
sulfate and iron serve as terminal electron acceptors for BTEX biodegradation. Sulfate is 
depleted hrther upgradient, after which iron appears to be the dominant electron acceptor. 





4.0 MEASUREMENT OF BTEX BIODEGRADATION UNDER 
AMBIENT CONDITIONS 

4.1 INTRODUCTION 

Groundwater monitoring data from the Arvida site suggested that BTEX was degrading under 
anaerobic conditions. However, given the natural variability associated with field monitoring data 
and the uncertainty with respect to the groundwater flow velocity, more closely controlled 
experiments were required. The objectives of these experiments were (1) to document that the 
compound attenuation measured in the field was the result of a biological process, (2) to develop 
an understanding of the biological processes involved, and (3) to estimate biodegradation rates by 
using a laboratory procedure. 

Microcosms were constructed with sediment from three locations in the contaminant plume. At 
each location, microcosms were constructed to mimic ambient conditions to the maximum extent 
possible as described in the USEPA Protocol for Estimation of Anaerobic Microbiological 
Transformation Rate Data (Fed. Reg. V. 5 3 No. 1 1 5). The results of the laboratory microcosm 
studies are presented in this section. 

4.2 EXPERIMENTAL ?VETHODS 

4.2.1 Sample Collection. Aquifer sediment was obtained from three locations at the Arvida site: 
adjoining the source area, approximately halfivay between the source area and the end of the 
plume, and near the end of the plume. Sediment was collected below the water table in sterile 
coring tubes. Once brought to the surface, cores were immediately capped with sterile butyl 
rubber stoppers and transported to the laboratory on ice for extrusion within 24 hours. In an 
anaerobic chamber (Ray Products, El Monte, California), the first and last 10 cm of the core were 
removed and the outer portions of soil pared away. The remaining sediment was anaerobically 
transferred into sterile mason jars and stored at 4°C. Prior to use, soil from each core was mixed 
and passed through a No. 8 sieve in an anaerobic chamber (Coy Laboratory Products, Inc., Ann 
Arbor, Michigan). 

Groundwater was collected anaerobically from adjacent wells screened at the same depth as each 
sediment core. The well headspace was continually sparged with oxygen-free argon during 
sample collection. Groundwater was pumped from the well through a closed system of 
polyethylene tubing equipped with a 0.45-pm filter (Gelman Sciences, Ann Arbor, Michigan) and 
collected in a nitrogen-sparged 2.3-1 bottle. The water was transported to the laboratory on ice 
where it was stored at 4OC prior to use. 

4.2.2 Microcosm Construction. Microcosms were designed to simulate ambient conditions to 
the maximum extent possible. Multiple replicate microcosms were constructed in an anaerobic 
chamber within two weeks of sample collection. The microcosms were constructed in 35-1111 
working volume serum bottles and contained 35 g saturated sediment and 16 ml additional 
groundwater (dry sediment:water = 1.8 g/ml). All microcosms were spiked with a stock solution 
containing sterile anaerobic deionized water, resazurin (0.0002% final concentration), benzene, 
toluene, ethylbenzene, o-xylene, and m-xylene (BTEX) to yield final concentrations representative 



of field conditions (10 to 30 p M  of each compound). No reducing agent was added since the 
groundwater contained 1 to 2 mM Fe(I1). After adding the spike solution(s), microcosms were 
filled with groundwater to eliminate all headspace and then sealed with Teflon-lined gray butyl 
rubber stoppers (West Co., Phoenixville, Pennsylvania) and aluminum crimps. Microcosms were 
incubated in the dark at 16°C in anaerobic incubation jars with oxygen-scavenging catalyst 
envelopes (BBL Gas Pak Jar System, Fisher Scientific, Raleigh, North Carolina) and dry redox 
indicator strips. The incubation jars were evacuated and refilled with nitrogen three times 
whenever microcosms were removed for sampling. The resazurin redox indicator remained 
colorless throughout every experiment, indicating anaerobic conditions were maintained. 
Triplicate live and abiotic microcosms were destructively sampled approximately once per month. 
All bottles, caps, and instruments coming in contact with the sediment or water were autoclaved 
prior to use. Abiotic controls were amended with 1 to 2 mM mercuric chloride and autoclaved at 
121°C for 30 minutes on two consecutive days prior to adding the BTEX spike solution. 

4.2.3 Microcosm Sampling and Analysis: Aqueous Phase. Microcosms were sampled in the 
anaerobic chamber by simultaneously removing approximately 2 ml of free liquid in a gas-tight 
syringe while puncturing the stopper with a needle so a vacuum did not develop. The first ml was 
stored at 4°C in a 10-ml vial sealed with a black butyl rubber stopper (Geomicrobial Technologies, 
Inc., Ochelata, Oklahoma) and analyzed for methane within 48 hours. Methane was analyzed by 
injecting a 1-ml headspace sample into a Shimadzu 9A GC equipped with a 1.5-m by 3.2-mm 
stainless steel column packed with Hayesep T 1001120 kesh (Altech, Deerfield, Illinois) and a 
flame ionization detector (FID). The dissolved methane concentration was calculated assuming 
all methane volatilized into the vial headspace. Between 0.25 and 1.0 ml of the remaining sample 
was immediately diluted to 5 ml and analyzed for BTEX by using a Tekrnar Purge-and-Trap 
Model LSC 2000 and a Perkin Elmer autosystem gas chromatograph equipped with a 75-m DB- 
624 Megabore capillary column (J & W Scientific, Folsom, California) and flame ionization 
detector. Our analytical method did not differentiate between m- and p-xylene. 

An additional 3 ml of liquid was removed for analysis of dissolved iron, total sulhr, sulfate, 
thiosulfate, and sulfite. This liquid was filtered through a 0.2-pm filter (Gelman Sciences, Ann 
Arbor, Michigan) into vials containing 0.5N HC1. Samples were stored at 4OC and analyzed 
within 2 weeks. Total dissolved iron and sulfur were analyzed by using a Perkin Elmer I1 
Inductively Coupled Plasma-Atomic Emission Spectrometer (ICP-AES). Sulfate, thiosulfate, and 
sulfite were analyzed by using a Dionex 2010i ion chromatograph with a Dionex AS4A column. 
The mobile phase flow rate was 2 d m i n  and contained 1.8 mM Na2C03 plus 1.7 mM NaHC03. 
The pH of the microcosms was measured in the anaerobic chamber after liquid was removed for 
all other dissolved analyses. 

4.2.4 Microcosm Sampling and Analysis: Solid Phase. Changes in solid phase Fe(I1) and 
Fe(II1) were monitored by extraction with 0.5N HCl for 1 hour. After all liquid sampling was 
complete and after allowing the free liquid to evaporate for 24 to 48 hours, the sediment was 
mixed. All sample processing was done in the anaerobic chamber. Three subsamples (- 1 g each) 
of the mixed sediment from each microcosm were then extracted with 10 ml of OSN HCl for 1 
hour, and the extract passed through a 0.2-pm nylon acrodiscR filter (Gelman Sciences, Ann 
Arbor, Michigan). The Fe(I1) concentration in each extract was determined by triplicate 
adsorbance measurements at 562 nm after reaction with ferrozine. Total Fe was measured in a 



second 4-ml portion of the filtered acid extract by adding 4 ml of 1% hydroxylamine 
hydrochloride and incubating in the dark for 18 hours to reduce Fe(II1) to Fe(I1) (modified from 
Phillips and Lovley, 1987). Total Fe was then determined by triplicate adsorbance measurements 
at 562 nrn after reaction with ferrozine. Fe(II1) was calculated as the difference between Fe(I1) 
and total Fe. Separate solid samples were oven-dried at 105°C for 24 hours to determine the dry 
weight. Standard curves were generated using ferrous ethylenediarnrnonium sulfate. In 
preliminary work, approximately 4 pm Fe(I1I)lg and 6 pm Fe(I1)lg were added to sediment from 
each location as ferric chloride and ferrous ethylenediarnmonium sulfate, respectively. The spike 
sediments were then analyzed according to the procedures described. Spike recoveries for Fe(I1) 
and Fe(II1) in the source area samples were 99 and 107%, respectively, and in the mid-plume 
were 100 and 101%, respectively. Consistent spike recoveries were not obtained for the end- 
plume samples, and solid-phase Fe data are not reported. In separate experiments using both 
microcosm sediment and fresh core material, evaporation of the free liquid had no measured effect 
on Fe(I1) and Fe(II1) concentrations or on spike recoveries. Whole rock geochemistry was 
determined by ICP-AES (Chemex Labs, Inc., N. Vancouver, British Columbia, Canada). Samples 
were hsed with lithium metaborate, then dissolved in acid before analysis. 

Stronger extractants (3.0 N and 6.0 N HCI) were examined in preliminary work but were 
discontinued because they were not sensitive enough to detect the relatively small changes in 
Fe(I1) and Fe(II1) produced by biodegradation of 50 to 100 pM of BTEX. 

4.2.5 BTEX Degradation Rates. Effective first-order decay rates for BTEX were calculated 
over the time period in which biological losses were measured by using a linear regression of the 
log transform of the equation, C=Coexp(-kt), where k is the apparent first-order decay rate, t is 
time, and C. is the initial concentration. Biodegradation rates were calculated as the difference 
between the decay rates in the live and abiotic microcosms (containing sediment and 
groundwater). Student t tests, assuming unequal variances, were performed to determine the 
statistical significance of differences between live and abiotic decay rates. 

4.3 RESULTS AND DISCUSSION 

4.3.1 Source Area Microcosms. Field monitoring data indicated that concurrent BTEX 
biodegradation and sulfate reduction were occurring 10 to 20 m downgradient of the gasoline spill 
(Borden et al., 1995). Consequently, sediment and groundwater were collected from an area 
immediately adjoining the spill with significant concentrations of BTEX (1 50 vM) and sulfate (- 
0.3 6 mM) in the groundwater. In rnicrocosms constructed with this material, none of the BTEX 
components degraded, and dissolved sulfate remained constant at approximately 0.26 mM (sd= 
0.05) during 3 88 days of incubation (data not shown). The pH was low (3 to 5), dissolved iron 
remained constant, and methane was not produced in these microcosms. In retrospect, it appears 
that we specifically targeted an area where active sulfate reduction was not occurring, since 
significant concentrations of sulfate were still present in the groundwater. 

4.3.2 Mid-plume Microcosms. Field monitoring results (Section 5, Borden et al., 1995) 
suggested that the various BTEX components biodegrade in a sequential process where toluene 
and o-xylene biodegrade first, followed by benzene and m-, p-xylene and finally ethylbenzene. In 
the mid-plume microcosms, this pattern varied somewhat. m-Xylene biodegradation began with 



no lag (m-xylene decay rate k= 0.051 d " for days 0 to 37), then slowed (0.008 d for days 37 to 
120) when the toluene and o-xylene biodegradation rates increased (Figure 3a). Once toluene and 
o-xylene were depleted to below 0.2 pM on day 120, the m-xylene biodegradation rate increased 
to 0.023 d-l, and by day 245 m-xylene was less than 0.15 pM. Prior to microcosm construction, 
sediment from the mid-plume location had been continuously exposed to moderate m-, p-xylene 
concentrations 0 1 0  pM) and much lower concentrations of toluene and o-xylene (-0.50 pM). 
These results suggest that m-xylene degradation was occurring in-situ at the time of sediment 
removal. However, m-xylene biodegradation was presumably inhibited by the addition and 
subsequent use of the more easily biodegradable toluene and o-xylene. 

There was an extended lag period prior to benzene biodegradation (180 days). However, once 
biodegradation started, benzene biodegradation rates were similar to toluene and o-xylene and by 
day 403, the benzene concentration was between 0.10 and 0.15 pM in each replicate (Figure 3 b). 
At this time, we do not hlly understand the various factors that control the lag period prior to 
biodegradation. The lag period for benzene cannot be explained by the absence of prior exposure 
since the sediment had been continually exposed to dissolved benzene for at least five years prior 
to microcosm construction. The presence of other more easily biodegradable substrates (acetate, 
amino acids, and propionate) has been shown to inhibit anaerobic degradation of toluene and o- 
xylene (Edwards and Grbic-Galic, 1994). Here, toluene and the xylene isomers were depleted to 
less than 0.10 p M  prior to the start of benzene biodegradation. However, in follow-up 
experiments using sediment from this same location, the lag period prior to benzene 
biodegradation was essentially identical in microcosms containing groundwater and BTEX or 
groundwater and benzene only (data not shown). It may be that the presence of other 
unidentified compounds influences benzene biodegradation. While only BTEX concentrations 
were quantified in our work, the gas chromatograms from the start of the experiment show that a 
large number of unidentified compounds were present at low concentrations in the groundwater 
used to construct the microcosms. Over the course of the experiment, these compounds also 
biodegraded. 

Two isolated replicates showed evidence of ethylbenzene biodegradation during the last 100 days 
of incubation; however, the average decay rate for ethylbenzene was minimal over the sampling 
period. In both of these samples, BTX had been depleted. The much slower degradation of 
ethylbenzene in the mid-plume microcosms is consistent with the field monitoring (Borden et al., 
1995). 

In the live mid-plume microcosms, the pH remained constant at approximately 5.0 until day 245 
when it began to increase, eventually reaching 6.8 to 7.0 at the final sampling. The pH did not 
increase from its initial value of 5.0 in the abiotic microcosms. Interestingly, the pH increase 
occurred concurrent with the period of most rapid benzene degradation. 

All available data indicate that the dominant electron acceptor for BTEX biodegradation in the 
mid-plume microcosms was Fe(II1). Over the course of the experiment, 0.5 N HCl extractable 
solid-phase Fe(I1) increased and Fe(II1) decreased in the live microcosms, indicating iron 
reduction (Table 2). Dissolved iron concentrations also increased with time (Figure 3c). 
However, the increase in dissolved iron was small in proportion to the increase in 



Figure 3. Results from Mid-Plume Microcosms: (a) BTEX, (b) Benzene, (c) Aqueous Iron, and 
(d) Aqueous SO4. 
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Data in Figures a, c, and d are the average of three replicates destructively sampled at each time 
point. Error bars are *1 sd. Benzene data in Fisure b are for individual microcosms. Abiotic 
benzene concentrations in (a) are representative of the behavior of the other BTEX components. 



Table 2. Results of 0.5 N HCl Iron Extraction in Mid-Plume Microcosms (pm Felgram dry 
sediment).' 

Fe(I1) Fe(II1) Total Fe 

Live Abiotic Live Abiotic Live Abiotic 

Initial 1.22(0.41) 1 .04(0.35) 0.33(0. 14) 0.97(0.45) 1 Ss(0.43) 2.01(0.4 1) 

Final (Day 403) 3.71(0.59) 0.95(0. 13) 0.07(0.09) 0.33(0. 10) 3.78(0.63) 1.28(0. 14) 

Initial - Final +2.49 N S ~  -0.26 -0.64 +2.23 -0.73 

' Data are the average of 3 separate microcosms, each sampled in triplicate. The standard 
deviation is shown in parentheses. Data represent the sum of aqueous- and solid-phase iron. 
%IS - not significant (a>O.O5). 

solid-phase Fe(1I) (Table 2). A statistically significant decrease in 0.5N HC1 extractable Fe(II1) 
was measured in the abiotic microcosms (Table 2). However, this decrease is believed to be an 
anomalous measurement not representative of actual changes in the microcosms. The time zero 
Fe(II1) concentrations in the abiotic microcosms were extremely variable and significantly higher 
than concentrations in the live microcosms. 

The measured increase in Fe(I1) in the live microcosms was 200% of the amount predicted based 
on biological BTEX losses and the non-mineral specific stoichiometry presented in Equations 1 to 
3. Biological BTEX losses were calculated as the difference in loss between the live and abiotic 
microcosms. The high Fe(I1) recovery indicates that femc iron was the dominant electron 
acceptor and that biodegradation of significant quantities of non-BTEX organic carbon probably 
occurred. 

Benzene: C6& + 12H20+30Fe(III) --> 6 C 0 2 +  30Fe(11)+ 3 0 ~ '  (1) 
Toluene: C7H8 + 14 H20 + 36 Fe(II1) ----> 7CO2+ 36 Fe(I1) +36 H' (2) 
Ethylbenzene and xylene: C8HI0 +16 H20 + 42 Fe(II1) --> 8 C02 + 42 Fe(1I) + 42 H' (3 )  

The presence of low levels of dissolved sulfate in the mid-plume microcosms makes it difficult to 
totally exclude sulfate as a potential electron acceptor. However, the experimental results indicate 
that if any sulfate reduction did occur, its role was very minor. Dissolved sulfate was initially 
present at 0.0625 mM (sd=0.0 10) and remained constant over the 403-day monitoring period 
(Figure 3d). Total sorbed sulfate and soluble sulfate were below the analytical detection limit (< 
0.06 pmlg) in the saturated sediment used for microcosm construction. The molar ratio of total 
su1fur:sulfate remained constant over the course of the incubation at 1.5, indicating that sulfate 
was the dominant aqueous sulfur species present and that reduced sulfur species were not being 
produced. Assuming that 50% of the aqueous SO4 was reduced and this loss was not detected 
because of variability in the analytical data, sulfate reduction could still only account for 12% of 
the measured BTEX loss. Finally, addition of 10 rnM sulfate to separate incubations of the mid- 
plume sediment did not affect BTEX degradation relative to unamended controls (data not 



shown). Nitrate and dissolved manganese concentrations were consistently below detection and 
methane was not produced in any live or abiotic microcosm. In summary, analysis of all potential 
electron acceptor data indicates that Fe(1II) is the dominant electron acceptor in the mid-plume 
microcosms. 

4.3.3 Fe(I1I) Source in Mid-plume Sediment. Prior studies have shown that amorphous and 
poorly crystalline iron oxides are most readily available for biological reduction (Lovley, 1987). 
However, in the mid-plume aquifer sediment, geochemical analyses and visual inspection suggest 
that Fe(III), present as an iron rich-clay mineral, glauconite, is being reduced during anaerobic 
biodegradation of BTX. 

Published reports describe the aquifer as consisting of "dark gray, finely micaceous, more or less 
glauconitic and argillaceous sands" (Stephenson, 1923). To confirm these reports, sediment 
samples were collected at the mid-plume location and in pristine areas outside the plume for x-ray 
diffraction analysis. The fine sediment fraction was concentrated by suspending the clays in 
water, filtering the supernatant, and applying the concentrate to a standard petrographic slide for 
analysis with a Rigaku DMax-B automated x-ray difiactometer using a copper source tube. The 
diffraction patterns were very similar in both the contaminant plume and the pristine aquifer. 
Significant peaks were observed representative of both 10 A (glauconite) and 7 A minerals 
(berthierine, an Fe(I1)-rich clay mineral), with the 10 A minerals dominating. Diffraction peaks 
indicative of iron oxides were completely absent. 

Comparison of the 0.5N HCl extraction results (Table 2) to the whole-rock geochemical analyses 
(Table 3) shows that the 0.5N HCl extraction dissolved less than 1% of total Fe(II1). This is 
consistent with previous studies that showed that a 1-hour extraction with 1 N HCl dissolved less 
than 5% of total iron bound to clays and silicates including glauconite (Canfield, 1988). The small 
amount of Fe(II1) extracted from the mid-plume sediment indicates that little or no Fe(II1) is 
present as amorphous iron oxide coatings on the sand or clay particles, since these coatings would 
be readily extracted with 0.5N HCl. In summary, our results demonstrate that significant amounts 
of crystalline and amorphous iron oxides are not present in the aquifer sediment. However, the 
sediment does contain significant amounts of Fe(II1) present in a form that is not extractable with 
0.5N HCl. Published reports, results from chemical extractions, and x-ray diffraction analyses 
suggest that the difficult-to-extract Fe(II1) is in the form of the clay mineral, glauconite. 

Table 3 .  Whole-Rock Geochemical Analyses of Aquifer Sediment ( p d g  dry sediment). 

Totals Fe(I1) Fe(II1) Total Fe Total Mn Ca 

Source 5.6 25.1 82.7 107.7 <1.4 17.8 

Mid-Plume 1.3 16.7 66.4 83.1 -4.4 17.8 

End-Plume 145.0 25.1 87.7 112.7 -4.4 62.4 



During incubation of the mid-plume microcosms, 0.5N HC1 extractable Fe(I1) increased from 1.22 
to 3.7 1 p d g ,  and 0.5N HC1 extractable Fe(II1) decreased from 0.33 to 0.07 p d g  (Table 2). The 
large increase in Fe(1I) relative to the small amount of Fe(II1) initially present indicates that 
microbes were reducing Fe(II1) that was not extractable with 0.5N HC1. This result contrasts 
with earlier work (Lovley, 1987) that indicated only the easily extractable amorphous and poorly 
crystalline oxides were available for iron reduction. However, more recent reports have shown 
that the iron-reducing organism ShewaneNaputrefaciens (strain MR-1) was able to grow with a 
feningous smectite as the sole electron acceptor (Kostka et al., accepted for publication). Field 
studies in a leachate-polluted aquifer also indicate that crystalline iron oxides can be reduced after 
chronic exposure to biodegradable organics (Heron and Christensen, 1995). 

At the start of the experiment, the mid-plume sediment was an olive green. During incubation, 
the sediment in the live microcosms turned a much deeper green. This color change is consistent 
with previous results where reduction of structural iron in a feningous smectite caused a color 
change to dark green (Kostka et al., accepted for publication). The fine sediment fraction also 
became highly dispersed during incubation and would not settle for several days in the live 
samples while it would settle in a few minutes in the abiotic samples. Scanning electron 
micrographs of the live sediment taken from microcosms destructively sampled on day 78 show 
numerous small fragmented clay particles. In contrast, the abiotic sediment contained primarily 
larger plate-like clay particles with many fewer fragments. The production of a highly dispersed 
clay fraction consisting of small clay fragments and the color change in our incubations are 
consistent with microbial reduction of Fe(II1) present within the glauconite mineral lattice. 

4.3.4 End-plume Microcosms. Biodegradation in the end-plume microcosms was erratic. Some 
microcosms exhibited clear evidence of biodegradation by day 106, while other microcosms did 
not show any evidence of biodegradation after 327 days (Figure 4). Toluene and o-xylene 
degradation appeared to proceed concurrently starting at day 106 (Figures 4b and 4c). On days 
184 and 253, there was clear evidence for toluene and o-xylene degradation in all microcosms 
sampled. Yet on the last two sampling dates, the evidence was more ambiguous because toluene 
degradation was evident in only three of six microcosms sampled and o-xylene degradation was 
evident in only two of six. Benzene, m-xylene, and ethylbenzene also degraded in selected 
microcosms but usually only after toluene and o-xylene were depleted (Figure 4). Microcosms 
that showed evidence of anaerobic benzene biodegradation were respiked with neat benzene 
(effective concentration 15,000 to 30,000 pgA), topped with autoclaved groundwater from an 
adjoining monitoring well, capped with a mininert valve, and incubated in an anaerobic hood at 
25°C. Benzene continued to biodegrade without a lag and was below 100 p g L  in most of the 
respiked microcosms after 200 days (data not shown). These microcosms have been respiked 
several times and continue to degrade benzene with a gradual increase in the biodegradation rate. 

Large amounts of sulfate were present in the end-plume microcosms, and sulfate may have served 
as an electron acceptor for BTEX biodegradation. However, because of the small amount of 
BTEX (0.07 mM) degraded relative to the high dissolved sulfate concentrations in the 
microcosms (4 mM), it was not possible to determine if sulfate was being depleted. The sulfate 
originated in the sediment (Table 3), not the groundwater. The sediment also contained large 
amounts of other reduced sulfbr species as evidenced by the high molar ratio of total dissolved 



Figure 4. Variation in (a) Benzene, (b) Toluene, (c) o-Xylene, (d) m-Xylene, and (e) 
Ethylbenzene at the End-Plume Location. 
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Live ( 0 )  and abiotic (0) results are from individual destructively sampled microcosms. Three live 
and three abiotic microcosms were sampled at each time point, except the last time point, when 
no abiotic microcosms were sampled. 



sulfbr to sulfate (3 to 4.5) in the microcosms. This ratio was consistent between abiotic and live 
microcosms and did not vary over the sampling period. Approximately one third of the total 
dissolved sulfur was present as sulfate, one third as thiosulfate, 1 to 5% as sulfite, leaving up to 
one third of the dissolved sulfur form(s) not identified. Dissolved sulfide was not present due to 
precipitation with dissolved iron. 

There was no evidence of iron reduction in the end-plume microcosms. However, the data do not 
exclude iron reduction. Dissolved iron concentrations in the live and abiotic microcosms 
remained constant at approximately 89.5 @I (sd=53.7) over the incubation period (data not 
shown). Changes in solid phase Fe(I1) and Fe(II1) could not be evaluated because of an 
interference in the Fe analyses that was associated with the end-plume sediment. The pH 
remained between 6.7 and 6.8 throughout the sampling period. 

Biodegradation rates were not calculated for the end-plume microcosms because of the high 
variation in activity between microcosms. The exact cause of this variability is not known but is 
believed to be related to variations in aquifer geochemistry. Analyses of aquifer material fiom the 
sediment collection area indicated sulfate concentrations varied fiom 100 to 1000 pM in 
porewater from a 3 m3 area. Prior to construction of the microcosms, the sediment from each 
location was blended and passed through a No. 8 sieve to homogenize the sediment. The highly 
variable response in the destructively sampled microcosms from the end-plume location indicates 
that this procedure was not sufficient to eliminate differences between replicate microcosms at the 
end-plume location. 

4.3.5 Comparison of Field and Microcosm Results. Field monitoring data suggest that the 
BTEX components are anaerobically biodegraded in the aquifer with rapid degradation of toluene 
and o-xylene immediately downgradient of the source area; degradation of m-, p-xylene and 
benzene in the middle of the plume; and slower degradation of ethylbenzene at the end of the 
plume (Borden et al., 1995). Accumulation of high concentrations of dissolved Fe in 
groundwater at the mid-plume location suggests that iron reduction is a major process in this area. 
At the end-plume location, dissolved iron concentrations are low and sulfate concentrations are 
higher, suggesting that sulfate reduction may be a more important process in this portion of the 
plume. 

Results from the microcosm experiments generally support the field interpretations. In both the 
mid- and end-plume experiments, toluene and o-xylene were the most rapidly depleted 
contaminants. Results from the mid-plume microcosms indicate that m-xylene degradation was 
occurring in situ at this location, but degradation was inhibited by toluene and o-xylene additions. 
In the mid-plume microcosms, ethylbenzene biodegradation was very limited. However, at the 
end-plume location, ethylbenzene biodegradation occurred concurrent with m-xylene 
biodegradation in selected microcosms. In the mid-plume location, the dominant electron 
acceptor was Fe(II1) present as a difficult-to-extract iron mineral form. At the end-plume 
location, the dominant electron acceptor could not be identified. However, a black precipitate, 
characteristic of iron-sulfur minerals, formed in microcosms that degraded TX. In the source 
area, there was no evidence of anaerobic BTEX biodegradation. This result also matches the field 
results at the specific location where the sediment core was obtained. 



The field and microcosm results suggest that a threshold concentration may exist below which 
contaminant biodegradation does not occur at this site. In the field, toluene and o-xylene rapidly 
decline immediately downgradient of the source. However, low but detectable levels of both 
compounds (0.1 to 0.9 pM) persist throughout the length of the plume. In the mid-plume 
microcosms, toluene, o-xylene, and m-xylene degraded to between 0.03 and 0.10 pM and then 
remained constant for the remainder of the experiment. Results from the end-plume microcosms 
also suggest that biodegradation slowed once the concentration dropped below 0.2 pM. 
However, it was not possible to identify a true threshold because of the high variability in the 
degradation results. 

4.3.6 Comparison of Results with Other Sites. Over the past decade, there have been numerous 
reports of anaerobic TEX biodegradation, while benzene has often been found to be recalcitrant 
(Hutchins, 1991; Beller et al., 1992; Thiemn et al., 1995; Barbaro et al., 1992; Ball and Reinhard, 
1993). However, these results are not consistent from site to site or even from the same aquifer. 
In an early study, Major et al. (1988) observed anaerobic benzene degradation under denitrifying 
conditions in aquifer material from the Canadian Forces Base Borden. In a follow-up study using 
an inoculum from the same site, no benzene degradation was measured (Barbaro et al., 1992). 
Haag et al. (1991) found benzene to be recalcitrant under sulfate-reducing conditions in aquifer 
material from Seal Beach, California. However, later work (Edwards and Grbic-Galic, 1992) 
demonstrated complete mineralization of benzene using an inoculum from the same site. In 
studies using aquifer material from a petroleum-contaminated aquifer in Michigan, benzene was 
recalcitrant (Borden et al., in press). However, others (Caldwell and Suflita, 1995) have reported 
methanogenic biodegradation of benzene using aquifer material from this same site. At one 
location in the Rocky Point site benzene was biodegradable, at a second location benzene was 
totally recalcitrant, and at a third location biodegradation was highly erratic. 

High variability in biodegradation activity against benzene appears to be the norm. At present, the 
source of this variability is unknown but could be due to variations in microbial populations, 
aquifer geochemistry (pH and electron acceptors) and the presence or absence of other more 
degradable carbon sources. Until we can reliably predict when and how BTEX compounds are 
degraded in the subsurface, we will not be able to effectively use natural biodegradation to 
manage subsurface petroleum contamination. At present, biodegradation rates measured in 
laboratory microcosms cannot be applied to field-scale problems. 





5.0 IN SITU TESTERS 

The trends in biodegradation were generally consistent between the field (Section 3) and 
laboratory (Section 4) measurement techniques. However, it is not at all clear that the laboratory 
measured rates can be applied to the field given the unpredictable lag time. In this section, the 
results of experiments to measure biodegradation rates using a field technique are presented. The 
biodegradation rate was measured by using an in situ column. Such columns isolate a portion of 
an aquifer for measurement of intrinsic bioremediation. Thus, naturally occumng processes can 
be monitored with minimal disturbance of the aquifer sediment, unlike laboratory microcosms 
where sediment and groundwater are mixed during the processes of sample recovery and 
microcosm construction. At the conclusion of this section, rates measured using the field data, 
microcosm data, and in situ column data are compared. 

5.1 EXPERIMENTAL DESIGN 

Three in situ columns were installed at the mid-point of the dissolved BTEX plume at the 
Arvida site. Two experiments were conducted, each containing one abiotic control column 
and two live columns. In Experiment I, groundwater from monitoring well A-19 at the mid- 
point of the contaminated plume was used to load three columns (IS-1, IS-2, and IS-3). This 
groundwater contained benzene, m-, p-xylene, ethylbenzene, mesitylene, and pseudocumene. 
Hydrocarbon concentrations and geochemical parameters were monitored over time to 
determine biodegradation rates. In Experiment 11, anaerobic groundwater spiked with 
benzene only was injected into the same testers as used in Experiment I. 

5.2 E X P E m N T A L  METHODS 

5.2.1 In Situ Column Construction. The design of the in situ column is similar to the system 
used by Gillham et al. (1990). Each column consisted of a 1-m-long chamber where sediment 
and groundwater were isolated from the surrounding aquifer for controlled observation 
(Figure 5). Each column was placed in the aquifer by drilling a pilot hole and then by 
installing a 15-cm-diameter by 3-m-long section of polyvinyl chloride (PVC) casing. Stainless 
steel tubing and 3 m of drill rod were attached to the equipment chamber. Argon was pumped 
into the casing to displace any oxygen present. Each column was then pushed into the aquifer 
while applying suction to the stainless steel feed line to ensure that the chamber completely 
filled with aquifer material. The columns were then filled with anaerobic groundwater 
containing BTEX (Experiment I) or spiked with benzene (Experiment 11). The abiotic control 
column was prepared by adding an irhbitor to the injection water (final concentration was 
either 0.1N HCl [Experiment I] or 1 55 mg formaldehydeL [Experiment 111). Tracer tests 
were conducted on all columns prior to the start of each experiment to ensure that they were 
properly installed. 

Sodium chloride was added to the groundwater added to each column as a conservative 
tracer. About 150 mg/l of chloride was added. However, in Experiment I, the chloride 
concentration of the abiotic column was considerably higher because of the added HCl. The 
chloride concentration was then measured at each time point to verify that the water sampled 
was the groundwater added to the column at the beginning of an experiment. A decrease in 



chloride concentration indicated that the added water had been completely sampled and that 
groundwater was entering the in situ columns. An experiment was terminated when the 
chloride concentration decreased. All columns were monitored for BTEX, dissolved iron, 
sulfate, chloride, pH, and dissolved oxygen (DO). 

Figure 5. Schematic of In Situ Test Column. 
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5.2.2 Groundwater Sampling. Prior to sampling, all flexible tubing and groundwater filters were 
autoclaved. Flexible tubing was attached to the stainless steel tubing of the columns, and routed 
through a Masterflex pump and a 0.45-pm filter. Groundwater was then slowly withdrawn at 
approximately 20 d m i n .  Before sample collection, water was wasted so that the sample was 
representative of water in the column. In IS-1, the 0.32-cm id tubing was estimated to hold 25 ml 
of water, while in IS-2 and IS-3, the 0.16-cm id tubing held only 6 ml of water. Prior to sample 
collection, 125 ml of water were wasted fiom IS-1 and 60 ml fiom IS-2 and IS-3, respectively. 

After the system was purged, one prelabelled 20-ml vial with HCl preservative was filled for later 
analysis of iron, sulfate, and sulfur. A second vial with no preservative was filled for later analysis 
of hydrocarbons and chloride. Vials were filled to eliminate all headspace and then secured with 



Teflon-lined setpa and plastic caps. An additional 20 ml of groundwater was withdrawn for 
analysis of DO and pH in the field. All samples were transported to N.C. State University 
(NCSU) on ice and refrigerated at 4 ' ~ .  BTEX analyses were completed within 48 hours. 

5.2.3 Laboratory Analytical Methods. BTEX, mesitylene, pseudocumene, iron, and sulfur 
analyses were performed by NCSU personnel as described in Section 4.2.3. DO was measured by 
using CHEMetrics coloimetric analysis with self-filling ampoules. The pH was measured by using 
a portable Orion model 920 ISE meter with an Orion pH triode. Biodegradation rates were 
calculated as described in Section 4.2.5. 

5.3 RESULTS AND DISCUSSION 

Two sets of column experiments were performed at the mid-plume location. In each set of 
experiments, two live columns were operated in parallel with one abiotic control. All live and 
abiotic columns exhibited an initial concentration decrease of several hundred pg/l because of 
sorption to the aquifer sediment. The concentrations of hydrocarbons in the abiotic columns 
remained constant or declined slowly after the initial drop, indicating neither biological activity 
nor short-circuiting occurred in the control columns (Figures 6 and 7). Key data are summarized 
in Figures 6 and 7, and all data are presented in the appendix. 

The first set of experiments was performed by using groundwater from a nearby well that was 
depleted in toluene and o-xylene but contained higher concentrations of benzene, ethylbenzene, 
and m-, p-xylene. Samples were collected monthly for approximately 250 days when the 
experiment was terminated because of limited sample volume, as indicated by an increase in the 
chloride concentration. The m-, p-xylene and benzene biodegraded after initial lag periods that 
varied from 85 to 121 days. By day 25 1, m-, p-xylene had decreased by over 90% (Figure 6) and 
benzene had decreased by 50% (Figure 7a). In the abiotic column, m-, p-xylene had decreased by 
48% and benzene had decreased by 22%. Based on a t-test to compare the live and abiotic loss 
rates, there was no evidence of toluene, o-xylene, or ethylbenzene biodegradation in either live 
column (p = 0.01). The absence of toluene and o-xylene biodegradation was likely due to the low 
initial concentration of these compounds (< 50 pg/l). In the live columns, DO remained below 
detection (< 0.2 mgll), sulfate declined from 1 -3 mg/l to the detection limit (- 0.3 mg/l), and the 
pH remained constant at 6.3. In the first live column, dissolved iron increased from 11 1 to over 
200 mg/l; while in the second live column, dissolved iron increased from 99 to 140 mgl. 

In a second set of experiments, the columns were reloaded with groundwater that contained 
higher concentrations of benzene (1,000 to 1,300 pgh) and very low concentrations of TEX (- 20 
pg/l ) to determine if benzene biodegradation would continue. Benzene biodegradation began 
after a 4 1-day lag period, and by day 18 1 benzene had declined from over 1,000 pg/l to 180 pg/l 
in Column 1 and to 18 pg/l in Column 2 (Figure 7b). The groundwater used to reload the in situ 
column was obtained from a nearby multilevel sampler. Previous monitoring had indicated that 
the sulfate concentration of this groundwater was very low (- 1 mgll). However, after reloading 
the columns, sulfate concentrations in live Columns 1 and 2 were 85 and 65 mg S04/L, 
respectively. Additional monitoring confirmed that a pulse of high sulfate groundwater had 
migrated past the multilevel sampler intake at the time groundwater was collected for injection 
into the in situ columns. Over the course of this experiment, sulfate remained constant in Column 



Figure 6. Variation in m-, p-Xylene in the First Set of In Situ Test Columns. 
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2 but declined by 25% in Column 1, and dissolved iron remained constant in both columns. Data 
are insufficient to positively identify the electron acceptor in the in situ column experiments. 

Biodegradation rates were calculated for all compounds except toluene and o-xylene for which 
the initial concentrations were too low to quantify biodegradation. These rates are presented in 
Table 4. The biodegradation rates in Experiment I followed the order of m-, p-xylene > benzene. 
However, the benzene degradation rate should be interpreted with caution because the experiment 
was terminated prior to benzene depletion. In Experiment 11, where only benzene was added, the 
benzene biodegradation rate was greater than the m-, p-xylene degradation rate measured in 
Experiment I. 

Table 4. Comparison of First-Order Decay Rates Measured Using In Situ Columns, 
Microcosms, and Field Monitoring Data. 

Mid-Plume In Situ Columns Mid-Plume Microcosms Field 

Compound Decay Ratea Decay Period Decay Ratea Decay Period Decay 
  ate^ 

( 0  (days) (d- l) (days) 
( 0  

Benzene Expt. 1: 0.0049 155-251 0.024 184-403 0.0002 

Expt. 2: 0.023 41-181 

Toluene NSc 0.045 22- 120 0.0021 

Ethylbenzene NSc NSc 0.0015 

Total BTEX 0.0029 121-251 0.0066 0-403 0.001 1 

"Rates represent the difference between the live and abiotic loss rate over the period of decay. 
%eld decay rates were calculated over the entire length of the plume. 
'Live and abiotic loss rates were not significantly different at the 99% level. 
d Only m-xylene was present in the microcosms. 



5.4 COMPARISON OF CONTAMINANT BEHAVIOR AND FIRST-ORDER 
BIODEGRADATION RATES AMONG MEASUREMENT TECHNIQUES 

First-order biodegradation rates from the in situ column experiments are compared to the 
biodegradation rates fiom the laboratory microcosms and field measurements in Table 4. 
Biodegradation rates for m-, p-xylene in the in situ columns and m-xylene in the microcosms were 
similar. However, the lag period prior to the start of biodegradation was longer in the in situ 
columns. The lag period prior to benzene biodegradation in the microcosms and first in situ 
column experiment was similar. However, the rate of benzene biodegradation in the first in situ 
column experiment was a factor of five lower than the microcosm rate. During this experiment, 
benzene biodegraded concurrently with m-, p-xylene. However, in the microcosms, m-xylene was 
completely degraded before the start of benzene biodegradation. In the second in situ experiment, 
only benzene was present and the benzene biodegradation rate was similar to the microcosms. 

In most cases, the measured biodegradation rates for individual compounds are comparable in 
both columns and microcosms but are one or two orders of magnitude higher than rates estimated 
from field investigations (Borden et al., 1994). One likely cause of this difference is the procedure 
used to calculate biodegradation rates. In the laboratory microcosms and the in situ columns, 
there is a definite lag period prior to the start of biodegradation. The laboratory and in situ 
column rates were calculated during the period of active biodegradation after the lag period had 
ended. In the field, it is not possible to identify the zones where biodegradation is most active, 
and the reported degradation rates are for the travel time over the entire plume. 

The large differences between laboratory microcosm, in situ column, and field-scale 
biodegradation rates for individual compounds could be reduced by using a grouped parameter 
such as total BTEX. In the laboratory microcosms, one or more BTEX components were 
degrading throughout the experiment, so a simple first-order decay model closely matched the 
total BTEX results for the entire experiment with no observable lag in total BTEX 
biodegradation. In the field, one or more BTEX components are biodegrading at any location, 
and consequently a first-order decay fbnction more closely matches the field data throughout the 
entire length of the plume. When laboratory microcosm, in situ column, and field rates are 
compared, biodegradation rates for total BTEX are much more consistent than the rates for 
individual compounds. For example, the laboratory biodegradation rate for benzene was 120 
times the field rate, while the laboratory rate for total BTEX was only 6 times the field rate. The 
highest benzene degradation rate in the in situ columns was 11 5 times the field rate, while the 
total BTEX degradation rate in the columns was only 2.6 times the field rate. 

A second potential cause for the observed differences between laboratory microcosm, in situ 
column, and field biodegradation rates is spatial variations in biological activity. The rates 
reported in Table 4 were calculated From column and laboratory measurements at a single location 
(mid-plume). At a second location (source area) there was no evidence of BTEX biodegradation, 
and at a third location (end-plume) the results were erratic. In contrast, the field degradation 
rates were estimated from monitoring well data collected along the length of the plume and should 
represent the large-scale spatially averaged rate. 



While direct comparison of biodegradation rates is difficult because of the large variation in 
activity among the microcosms from different locations, we can make some comparisons about 
the overall extent of biodegradation. In the aquifer, approximately 12 years are required for 
benzene to travel from the source area to the end of the plume. Over this time, benzene declines 
by slightly over half In the mid-plume microcosms, benzene declined by 99.7% over a 403-day 
incubation period. Clearly, the laboratory microcosm rates are much higher than the field rates. 
While the microcosms contained only anaerobic groundwater and sediment from the contaminated 
portion of the aquifer, some factor must have been altered during microcosm construction. Until 
this factor can be identified and controlled, it will not be possible to use rates from laboratory 
microcosms to predict field behavior. 

5 . 5  SUMMARY 

To reliably use intrinsic bioremediation for hydrocarbon plume management, techniques are 
required to measure a rate of biodegradation that is applicable in the field. Development of such 
techniques requires a more thorough characterization of the factors that control biodegradation 
rates. In the following section, we report on a limited set of measurements designed to improve 
our understanding of subsurface microbial community. Recommendations for improved 
techniques to measure subsurface biodegradation rates will require a more detailed understanding 
of the processes controlling these rates and how they may be simulated in laboratory and small- 
scale field systems. 





6.0 MICROBIAL ECOLOGY OF THE CONTAMINANT PLUME 

The importance of microorganisms to the fate of organic contaminants in the subsurface has been 
established by the results of this study as well as many other studies of subsurface biodegradation 
referenced throughout this report. As described in Sections 4 and 5, current techniques for 
measurement of intrinsic biodegradation are not adequate. To propose improved techniques, a 
more detailed understanding of the distribution and activity of microorganisms in the subsurface is 
required. For example, if microbial populations vary over small distances, then sediment mixing 
prior to microcosm construction will result in a more even distribution of microorganisms than is 
present in an aquifer. The biodegradation rate measured in a microcosm containing blended 
sediment will reflect the activity of the sediment that is rich in microorganisms. This rate will not 
be representative of sediment sections containing reduced microbial populations. 

In this section, the results of a characterization of the microbial ecology of the mid-plume area of 
the Arvida site are reported. The objective of this work was to understand the distribution and 
spatial variability of microbial populations in both the contaminated and pristine regions of the 
aquifer, with the expectation that such data would provide insight into factors controlling 
biodegradation in the aquifer. 

6.1 EXPERIMENTALDESIGN 

Two experiments were conducted to characterize the microbial population in the aquifer at the 
Arvida site and to evaluate spatial heterogeneity. In the first experiment, variability in microbial 
populations was evaluated in both contaminated and pristine sediment samples spaced 2 to 3 cm 
apart. Six contaminated and three pristine samples were analyzed. In the second experiment, 
variability in microbial populations was evaluated in six samples collected at 0.3-m intervals in 
contaminated aquifer sediment. In both experiments, the contaminated sediment was collected 
under anaerobic and aseptic conditions from a region of the plume where Fe(II1) is the dominant 
electron acceptor. The populations enumerated included the total population by acridine orange 
direct count (AODC), iron reducers, anaerobic and aerobic protozoa, and sulfate reducers. 

In Experiment I, sediment was collected by using the techniques described in Section 4. 
Contaminated and pristine sediment samples were collected in December 1994 and June 1995, 
respectively. Sediment cores from the contaminated region were collected at two intervals: 2.1 3 
to 2.74 m and 2.74 to 3.3 5 m. During extrusion of the sediment cores into mason jars, three 
adjacent samples from each core, each 2 to 3 cm long, were collected. Each sample was blended 
separately and used for population enumeration. One core from the pristine region was collected 
between 2.74 and 3.35 m and processed in a similar manner. 

In Experiment 11, contaminated sediment was collected in February 1995 from the same location 
as in Experiment I. Sediment samples were collected in sterile plastic sleeves (3.8-cm-diam x 1.2- 
m-long) and transported to the laboratory. In the laboratory, the sleeve was cut open and divided 
every 0.3 m. The sediment was placed in autoclaved mason jars with sterile spatulas. Prior to 
inoculum formation, the sediment from each interval was blended separately. 



6.2 EXPERIMENTAL METHODS 

6.2.1 Total Bacteria (AODC). The total bacterial population was estimated by AODC by using 
the method described by Wilson et al. (1983). Three 2.5-g subsamples were removed from the 
original sample with an alcohol-flamed spatula and weighed into 3-tared, sterile 250-ml stoppered 
Erlenmeyer flasks. The samples were diluted aseptically in 22.5 ml of filtered sterilized 0.1% 
sodium pyrophosphate. Each diluted sample was shaken for 30 minutes, and the resulting 
suspension was decanted into a 25-ml scintillation vial where large particles were allowed to settle 
for 2 minutes. Next, 9.0 ml of suspension were removed from the top of the vial, mixed with 1.0 
ml molten 1% agar, and fixed by adding 0.1 ml of 50% glutaraldehyde solution. Two 5-pl 
samples from each vial (6 smears in total) were spread uniformly with a micropipet onto a glass 
microscope slide to cover a 1.0-cm2 area. The smears were air dried and then stained with 0.01% 
acridine orange and examined by Nikon Optiphot-2 microscope set up for epifluorescence with 
the filters to view the acridine orange stains (40X magnification). Fields were counted 
approximately 1 rnrn from the border of the circular area. Ten test fields for each subsample were 
first counted. For samples with less than 1 celVlO fields, 50 fields per smear were counted. For 
samples with 1 to 2 cells/lO test fields, 25 fields were counted per smear; and for samples with 
greater than 2 cells/lO test fields, 15 fields per smear were counted. 

6.2.2 Inoculum Formation. The first step in enumeration of microbial populations in sediment is 
formation of a liquid inoculum. A sediment extract was made in sodium pyrophosphate (0. I%), 
and serial dilutions were made in phosphate buffer (16.1 gA of KH2P04 and 3 1.87 g/l of 
Nam0i7Hz0) .  A 1-ml portion from each dilution was used for inoculation of MPN tubes for 
iron and sulfate reducers and protozoa. 

6.2.3 Iron Reducers. Iron reducers were enumerated by a ten-tube MPN assay by using the 
medium described by Chapelle (1992). The medium contained the following constituents ( g d  
deionized water): CH3COONa (6.9, Fe(OH)3 (10.6), m C 1  (IS), NaHP0iH20 (0.6), KC1 
(0. l), NaHC03 (2. S), CaC12.2H20 (0. I), MgS04 (3.0), MnS04 (0.9,  NaCl(1.0), CoC12 (0. l), 
ZnC12 (0.13), CuS04 (0.00 I), AIK(S04)2 (0.0 I), H3B03 (0.0 I), Na2Mo04 (0.025), NiC12 (0.024), 
NaW04 (0.025). The medium also included a vitamin solution described in the above reference. 
Amorphous Fe(II1) oxyhydroxide was prepared by neutralizing a 0.4-M solution of FeC13 to pH 7 
with NaOH. The Fe(II1) oxyhydroxide was then washed with deionized water until the chloride 
concentration was less than 1 mM. After addition of all constituents to deionized water, the 
medium was bubbled for two hours with nitrogen to remove dissolved oxygen. A 9-ml volume of 
the medium was then dispensed into anaerobic pressure tubes sealed with black butyl rubber 
stoppers and an aluminum crimp and autoclaved (12 1 "C, 20 minutes). Tubes were incubated at 
25°C for 2 months and then analyzed for Fe(I1) as described below. 

Tubes were considered positive for iron reduction if Fe(I1) was produced after 2 months. 
Because the sediment extract used to inoculate the tubes contained sediment, there was some 
carry-over Fe(I1) in the inoculum. In addition, there was a small amount of Fe(I1) present in the 
Fe(OH)3 as prepared. Triplicate control tubes were inoculated at each dilution and analyzed for 
Fe(I1) within three hours of inoculation. These tubes served to quantify Fe(1I) that could be 
attributed to either the sediment or the Fe(OH)3. MPN tubes were considered positive for iron 
reducers if they produced more Fe(I1) then the controls at the 99% confidence level. 



Iron (Fe) in each MPN tube was analyzed by using a modification of the procedure described by 
Lovley and Phillips (1986b). Briefly, 0.5 rnl of liquid from each MPN tube was added to a tube 
containing 5 rnl of 0.75 N HC1. This was performed in the anaerobic chamber to ensure that 
anaerobic conditions were maintained. The tubes were then mixed for 30 seconds and allowed to 
settle for 3 hours until the liquid became clear. At this point, tubes were removed from the 
anaerobic hood and 5.5 ml of phenanthroline solution (1 powder pillow/25 ml) in phosphate 
buffer (1 12.7 g =04/1 and 144.9 g K2HPOdl) was added. The tubes were then mixed for 30 
seconds and absorbance (5 10 nm) was read after 15 minutes. This absorbance was compared to a 
standard curve to determine the Fe(1I) concentration. 

6.2.4 Sulfate Reducers. Sulfate reducers were enumerated by a five-tube MPN assay by using 
the PBB medium described by Chartrian and Zeikus (1986). The medium included a phosphate 
buffered mineral salts solution, 20 mM sodium lactate, 20 rnM of FeS04, 0.05% yeast extract, and 
0.02% sodium ascorbate as a reducing agent. The PBB medium contained the following 
constituents: (grams per 1 liter deionized water) m04 (1 S), K2 mO4'3H20 (2.9), 
MgCli6H20 (0.2), CaCli2HzO (0. I), NaCl(0.9), IQ&Cl(l.O). The medium also contained 
vitamins (pgll) and trace minerals (mgll). The vitamins were biotin (lo), pantothenic acid (25), 
lipoic acid (25), folic acid (lo), thiamine (25), riboflavin (25), pyridoxine HC1(50), B 12 (0.05), 
nicotinic acid (25), p-aminobenzoic acid (25). The trace minerals were nitrilotreacetic acid 
(1 5OO), FeS047H20 (1 O), MnC12 (1 O), CoC1i6H20 (1 7), CaC12.2H20 (1 O), ZnC12 (1 O), 
NiSOi6H20 (2.6), CuCl2 (2), H3B03 (I), NaMo0i2H20 (I), NaC1 (loo), NazSe03 (1.6), 
Na2W04 (3.3). After mixing all of the above components except the ascorbic acid, the medium 
was adjusted to pH 7 and boiled under N2. The ascorbic acid was then added, and the medium 
was dispensed into the pressure tubes, sealed with black butyl rubber stoppers and aluminum 
crimps, and autoclaved. Tubes were incubated at 25OC for 2 months and scored positive if a 
black precipitate formed. 

6.2.5 Protozoa. The population of anaerobic protozoa was enumerated by using the five-well 
MPN procedure described by Sinclair and Ghiorse (1987) and Sinclair et al. (1993) who measured 
protozoa in pristine and hydrocarbon-contaminated aquifers. The procedure is based on the 
addition of an inoculum to a glass ring immobilized with agar in a petri disk Enterobacter 
aevogenes is grown separately on trypticase soy agar and added to each cylinder as a food source 
for protozoa. A liquid sample from each well is inspected microscopically for protozoa after an 
incubation period. 

One ml of the inoculum formed by the extraction of sediment with groundwater was added to 
each of the five replicate cylinders or rings at each dilution. Inoculations were made at each of 
three dilutions. Petri dishes were incubated in anaerobic jars at 25OC. Starting 10 days after 
inoculation, samples were taken From each ring and inspected microscopically for the presence of 
protozoa. If no protozoa were present, then a second sample was taken after one month at which 
time a ring was considered to be negative if no protozoa were found. 

The number of encysted protozoa was enumerated by treating a separate subsample of the initial 
sediment extract with 10 ml of 0.55 N HC1. After 15 minutes, the acid was neutralized. This 
treatment will la11 the vegetative protozoa. A greater MPN in the untreated sample relative to the 
treated sample indicates the presence of vegetative protozoa. 



6.3 RESULTS AND DISCUSSION 

The results of Experiments I and I1 are presented in Tables 5 and 6, respectively. Sulfate reducers 
were not detected in any sample, so there are no data reported in Tables 5 and 6. In Experiment 
I, variability in microbial populations was evaluated in closely spaced samples. As indicated in 
Table 5, Samples A, B, and C were closely spaced as were samples D, E, and F and a ,  P, and y. 
The data indicate that there was little variability among the closely spaced samples. By using 
MPN techniques, 95% confidence limits typically include a range that varies by a factor of eight. 
Thus, populations within about an order of magnitude of one another are not likely to differ 
significantly. Both aerobic and anaerobic protozoa were measured as were iron-reducing 
bacteria. The protozoan population in non-acid-treated samples exceeded that in the acid-treated 
samples, indicating that the protozoan population was dominated by vegetative cells as opposed 
to cysts. The total microbial population, based on AODC, was on the order of lo6 per gm, which 
is consistent with previous reports (Ghiorse and Wilson 1988). 

Comparing populations from the contaminated (A to F) and pristine samples ( a  to y) in Table 5, 
populations of protozoa and iron reducers were consistently higher in the contaminated sediment, 
suggesting that the populations increased as a result of carbon availability. In the case of iron 
reducers, this carbon is presumably BTEX or a biodegradation intermediate thereof. The 
increased protozoan populations may be due to the higher bacterial population available for 
grazing. This observation agrees with the concept of using protozoan abundance as an index of 
pollution, a concept that dates from the early part of this century (Sandon 1927). These data are 
also similar to the trend reported by Sinclair et al. (1993) with respect to elevated concentrations 
of protozoa in contaminated sections of an aquifer. 

Aerobic protozoan populations in the contaminated samples declined with depth. Aerobic 
protozoa in Samples A, B, and C are much higher than in Samples D, E, and F. This decrease 
cannot be attributed to a change in the redox conditions, since the numbers of anaerobic protozoa 
and iron reducers show no significant change. However, the vertical decline of protozoan. 
population densities corresponds to previous reports by Sandon (1927) and Sinclair and Ghiorse 
(1 987). 

In contrast to populations in the samples that were spaced 2 to 3 cm apart, there was substantial 
variability in both protozoa and iron reducers in samples spaced 0.3 m apart (Table 6). The iron- 
reducing population varies by about three orders of magnitude in samples from 0.3-m intervals 
and is clearly highest in Intervals I11 and V. While the magnitude of the variability is less, 
anaerobic protozoan populations are clearly higher at two of the intervals relative to the other 
four. The lower variability in protozoan populations is likely due to their lower absolute 
populations relative to the iron reducers. As in Experiment I, vegetative cells dominated cysts, 
and the AODC was consistently about lo6 cellslgm. 

Vertical variation in several aromatic hydrocarbons (benzene; ethylbenzene; m-, p-xylene; 
pseudocumene [1,2,4-trimethylbenzene]; mesitylene [1,3,5-trimethylbenzene)]), iron reducers, and 
anaerobic protozoa over a vertical interval from 3.3 to 4.9 m below grade are presented in Figure 
8. The dissolved hydrocarbon measurements were obtained from multilevel samplers (MU) and 
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Experiment I (contaminated) 

1 Aerobic protozoa 

Untreated Treated 

Anaerobic protozoa 

Untreated Treated 

Total 

bacteria 

Fe reducers 

not converging 

Experiment I (pristine) 

a Numbers in parentheses are 95% confidence intervals. 
b 
Samples A, B, and C are closely spaced individual samples (2 to 3 cm apart) taken between 2.13 and 2.74 m (contaminated zone). 

Samples D, E, and F are closely spaced individual samples (2 to 3 cm apart) taken between 2.74 and 3.35 m (contaminated zone). 
'samples a , P, and y are closely spaced individual samples taken between 2.74 and 3.35 m (pristine zone). 



Table 6. Microbial Populations in Aquifer Sediment Samples at 0.3-m Intervals (cellslgm-dry ~ t ) ~ .  

Experiment 11 

Sample C Fe reducers Aerobic protozoa 

Untreated Treated 

Anaerobic protozoa 

Untreated Treated 

Total 

bacteria 

a~umber s  in parentheses are 95% confidence intervals. 
b~amples: I(2.90 to 3.20 m), I1 (3.20 to 3.51 m), I11 (3.51 to 3.81 m) IV (3.81 to 4.12 m), V (4.12 to 4.42 rn), VI (4.73 to 5.03 m) 
(contaminated zone). 



are the average of four measurements obtained over one year. Toluene and o-xylene results are 
not shown since concentrations were close to the detection limit. 

The dissolved hydrocarbon data suggest that contaminant biodegradation rates in adjoining layers 
are very different. Relatively high concentrations of benzene and pseudocumene persist in the 
4.9-m interval where the number of iron reducers and anaerobic protozoa are low, suggesting 
little biological activity. However, in the 4.3-m interval, m-, p-xylene is depleted relative to 
benzene and pseudocumene is depleted relative to mesitylene, suggesting more rapid 
biodegradation in this layer. This layer also has the highest number of iron reducers. 

The correlation between anaerobic protozoa and iron-reducing populations is less clear. While 
protozoan and iron-reducing populations were both high in the 3.7-m interval, protozoa were 
relatively low in the 4.3-m interval where iron reducers were highest. It may be that iron reducer 
numbers were highest here because some factor was limiting protozoan grazing. However, it is 
also possible that the iron reducers and protozoa were out of phase because of cyclic variations in 
populations. The data clearly show large variations (lo4) in bacterial populations over short 
vertical intervals (0.6 m). These variations in population can be expected to result in large 
variations in small-scale biodegradation rates. Kinner et al. (1992) also reported data in which the 
distribution of dominant protozoa did not correlate with the concentration of dissolved organic 
carbon or the size of bacterial population. 

Environmental factors such as soil texture, permeability, and organic and inorganic nutrient 
concentrations may influence the distribution of protozoa and bacteria. Studies on predator-prey 
interactions in aquatic systems have shown that the predator-prey numbers oscillate and that there 
exists a phase difference between the two oscillations. It is possible that there may be different 
predator-prey interactions at different zones because of different environmental conditions. All 
natural environments show temporal and spatial variations or patchiness. Environmental 
heterogeneity is an important aspect of protozoan ecology (Fenchel 1987). Because of this 
heterogeneity, growth rates and life cycle characteristics are important components of the 
ecological niches of the organisms involved. Therefore, differences in populations between 
samples taken at 0.3-m intervals may well reflect differences in soil and geochemical 
characteristics as well as different phases of a predator-prey relationship. Of course, substantial 
additional data would be required to confirm the importance of grazing. 

6.3.1 Predator-Prey Relationships. There have been numerous studies of predator-prey 
relationships in aquatic systems. Theoretical models of steady-state phagotrophic food chains 
suggest that there is a characteristic ratio between the biomass of predators and their prey (Kerr 
1974; Platt and Denman 1977). The value of this ratio is derived from the ratios of individual 
predator and prey sizes and the size-dependent rates of metabolism and growth, making this ratio 
a fbnction of growth efficiencies. Specifically, the ratio between predator and prey biomass is 
proportional to gross growth efficiency of the predator (i.e., yield = assimilated Clconsumed C). 
In (aerobic) plankton food chains with a fairly simple community size structure, theory predicts a 
predator-prey biomass ratio of slightly less than unity (Kerr, 1974; Platt and Denham, 1977). 
Fenchel and Finlay (1990) calculated the biomass ratios between protozoa and their food 
organisms in plankton in water bodies with anoxic bottom waters and compared these values with 
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the aerobic counterparts. The ratio: [predator-prey].nox/[predator-prey]ox was calculated to be 
about 0.24 (sd = 0.07, range = 0.14 to 0.36). The reason for a lower predator-prey ratio in the 
anaerobic system is due to the lower growth efficiency of anaerobic metabolism relative to aerobic 
metabolism. However, an alternate explanation could be feeding rates among anaerobic protozoa 
are lower than the feeding rates among aerobic protozoa. 

The average total bacteria population for all samples in Experiment I1 was approximately 2 x lo6 
per gram sediment. Assuming the biovolume of a bacterium to be 0.58 pm3 (Massana and 
Pedros-Alio, 1994) and a biovolume to biomass empirical conversion factor of 0.35 pg/pm3 at 
50% carboddry wt (Bjornsen, 1986), the total bacterial biomass would be 4.06 x mglgram 
sediment. 

Foissner (1987) measured the density and biomass of wheat fields/meadows that were 
conventionally farmed and found the density and biomass of testacea (protozoa) to be 75 1 
protozoafgm-dry weight soil and 0.0279 mg cells/g dry weight soil, respectively. Assuming the 
anaerobic protozoa have the same biomass as testacea, then the predator-prey biomass ratio 
would be 0, 0.23, 9.62, 4.3 6, 0.22, and 0.04 for Samples I-VI in Experiment 11, respectively. 

These calculations indicate that Samples I1 and V have a predator-prey biomass ratio typical of 
other anaerobic environments (Fenchel and Finlay, 1990). Fenchel and Finlay (1990) also 
concluded that bacterial numbers are controlled by protozoan grazing in at least some anoxic 
environments. However, Samples I11 and IV have a predator-prey ratio that is 20 to 40 times 
higher than what has been typically measured. This is suggestive of significant grazing on the 
bacterial population. Even if the protozoan biomass was overestimated by a factor of 10, these 
data suggest that protozoa are controlling the bacterial population in Samples III and IV. Sample 
VI has a very low predator-prey biomass ratio that would suggest that protozoa are not 
controlling bacterial populations at this depth. However, the low iron-reducing population 
suggests that some physical or chemical factor may be limiting microbial growth. 

6.4 SUMMARY 

In summary, a limited microbiological characterization of the mid-plume sediment at the Arvida 
site has shown there to be substantial heterogeneity in populations that are 0.3 m apart but not in 
samples that are 2 to 3 cm apart. The contaminated sediment contains elevated populations of 
iron reducers and anaerobic protozoa relative to the pristine sediment and biological and 
contaminant profiles suggest that there may be a number of zones with varying degrees of 
biological activity. If most biological activity is occurring in relatively thin layers of the aquifer, 
then the vertically averaged contaminant concentrations obtained from traditional monitoring 
wells with 1.67-m screens will be misleading as only contaminants exposed to specific layers of 
sediment will biodegrade. Finally, calculations indicate that our data are consistent with the 
possibility that bacterial populations are controlled by protozoan grazing. 
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Table A- 1.  Analytical Results for IS- 1 (Experiment I). 

SAhPLE SAMP1.E WATER DATE TIME 
NUMBER I l l  REMOVED SAMPLED 

ml days 

SAMPLE SAMI'1-E TIME 
NUhlBER ID 

days 

A R-4- I - 3 
AR-4-2 -2 
AR-4-3 - 1 
A R-4-4 0 
AR-4-5 15 
AR-4-6 54 
AR-4-7 121 
AR-4-8 155 
AR-4-9 203 
AR4-10 25 1 
AR4-11 3 24 
AKA-12 3 24 
AR4- 13 3 24 

TOTAL TOTAL 
BTFX HYDROCARBON 

BENZENE TOLUENE E-BENZENE M-P-XYLENE 0-XYLENE 

ugfl ugfl ugfl 

1732.29 687.74 23.64 
1846.64 726.90 14.62 
1790.81 71 0.79 7.47 
1260.63 486.30 BDL 
1383.71 621.93 54.05 
1414.01 544.68 5.15 
1536.77 489.21 9.15 
1398.79 4 16.20 23.20 
1195.47 307.78 13.5 1 
1182.91 253.82 15.86 
1219.36 236.40 7.59 
1266.64 240.80 6.49 
1357.52 252.26 B DL 
11 10.50 157.94 BDL 

IRON SULFATE NON-SULFATE CHLORIDE DISSOLVED 
S S OXYGEN 

mgfl 

BDL 
BDL 
B DL 
BDL 
1 .oo 
BDL 
BDL 
BDL 
BDL 
BDL 
0.90 

< 1.23 
< 1.50 



Table A-2. Analytical Results for IS-2 (Experiment I). 

SAMPLE SAMPLE WATER DATE TIME 
NIJMBER 11) REMOVED SAMPLED 

ml days 
-3 AK-5-1 . 0 11/18/93 -3 

SAM'I-E SAMPLE TIME 
NUMBER ID 

days 

-3 AR-5-1 - 3 
-2 AR-5-2 -2 
-I AR-5-3 - 1 
0 AR-5-4 0 
1 AK-5-5 15 
2 AR-5-6 27 
3 AR-5-7 54 
4 AR-5-8 85 
5 AR-5-9 12 1 
6 AR-5- 10 155 
7 AR-5- 1 1 186 
8 AR-5-12 203 
9 AR-5-13 22 1 
10 AR-5- I 4 25 1 
1 1  AR-5-15 3 24 
12 AR-5- 16 3 24 
13 AR-5-17 3 24 
14 AK-5-18 3 24 

TOTAL TOTAL 
BTEX HYDROCARBON 

BENZENE TOLUENE E-BENZENE M-P-XYLENE 0-XYLENE 

6.51 
7.30 
BDL 
14.15 
3.70 
BDL 
7.05 
BDL 
BDL 
32.13 
7.62 
8.53 
22.04 
BDL 
8.51 

47.67 
9.83 

IRON SULFATE NON-SULFATE CHLORIDE DISSOLVED 
S S OXYGEN 

mgfl mgn mg fl mg" mgfl 

59.20 1.96 BDL 235.00 0.40 
59.20 2.16 BDL 236.00 0.20 
58.10 2.10 BDL 240.00 0.20 
55.80 1.33 BDL 242.00 0.40 
111.00 1.30 1 .OO 240.00 0.10 
196.00 0.79 BDL 246.00 0.10 
204.00 0.36 BDL 275.00 0.20 
206.00 BDL BDL 239.00 0.10 
200.00 0.50 BDL 300.00 0.10 
209.00 0.23 BDL 244.00 0.10 
201 .OO B DL BDL 25 1 .OO 0.10 
182.00 0.28 BDL 198.00 0.20 
163.00 BDL BDL 208.00 0.10 
153.00 0.30 B DL 179.00 0.20 
75.93 < 0.50 < 1.50 105.00 0.20 
73.41 < 0.50 < 1.50 61.60 0.30 
51.89 < 0.50 < 1.50 28.70 0.10 
80.83 < 0.50 < 1.50 14.00 0.10 



Table A-3. Analytical Results for IS-3 (Experiment I). 

SAMPLE SAMPLE WATER DATE TIME 
NlJMBER ID REMOVED SAMPLED 

ml days 
11/18/93 -3 

SAMPLE SAMPLE TIME 
NUMBER ID 

days 
-3 AR-6- 1 - 3 

TOTAL TOTAL 
BTEX HYDROCARBON 

BENZENE TOLUENE E-BENZENE M-P-XYLENE 

IRON SULFATE NON-SULFATE CHLORIDE 
S S 

mgn m g ~  m g ~  mgn 
59.90 2.26 BDL 184.00 
61.00 2.40 BDL 183.00 
61.00 2.43 BDL 179.00 
55.60 2.50 BDL 189.00 
98.80 1.86 1.47 183 .OO 
154.00 0.80 0.53 195.00 
134.00 0.50 BDL 199.00 
151.00 0.27 BDL 184.00 
139.00 0.3 1 BDL 21 1 .OO 
149.00 BDL BDL 192.00 
143.00 BDL BDL 166.00 
141.00 BDL BDL 180.00 
131.00 BDL BDL 165.00 
122.00 BDL BDL 150.00 
75.40 c 0.50 < 1.50 95.50 
69.90 c 0.50 c 1.50 52.40 
72.70 < 0.50 c 1.50 29.00 
76.10 < 0.50 < 1.50 14.40 



Table A-4. Analytical Results for IS-4 (Experiment II). 

SAMPLE SAMI'1.E WATER DATE TIME 
NlJMB13R ID REMOVED SAMPLED 

ml days 

0 AR-1-2 180 
1 AR-1-3 295 
2 AR- 1-4 410 
3 AR-1-5 525 

SAMPIX SAhfl'1,E TIME 

NUMBER ID 

days 

- 1 AK-1-1 - 1 

0 AR-1-2 0 

1 AR-1-3 4 1 

ch 
e 2 AR-1-4 126 

3 AR-1-5 181 

TOTAL TOTAL 

BTEX Hydro-C 

ug fl ugfl 

1161.15 1167.54 

720.19 738.35 

1568.31 1592.10 

1430.97 1454.64 

16 15.03 1636.87 

BENZENE TOLUENE E-BENZENE M-P-XYLENE 0-XYLENE MESITYLENE PSEUDOCUMENE 

ugfl ugfl ugn ugfl ug fl ugh ugn 

1151.41 1.57 8.17 0.00 0.00 0.00 6.39 
708.09 1.34 10.76 0.00 0.00 7.53 10.63 
1525.05 7.40 26.24 6.65 2.97 15.31 8.48 
1397.46 5.54 23.32 4.65 BDL 14.87 8.80 
1566.91 7.82 33.16 7.14 BDL 8.62 13.22 

IRON SULFATE NON-SUIFATE CHLORIDE DISSOLVED PH 

S S OXYGEN 

mgfl mgfl Wfl mgfl mgfl 



Tahlc A-5. Analytical Results for IS-5 (Experiment n). 
SAMPLE SAMTILE WATER DATE TIME 
NIJMBER I D  REMOVED SAMPLED 

ml days 

- 1 AR-2- I 0 10/29/94 - 1 
0 AR-2-2 180 10/30/94 0 
1 AR-2-3 295 1 21 10194 4 1 
2 AK-2-4 410 3/5/95 126 
3 AK-2-5 525 4/29/95 181 

SAMPLfI SAhIPl .I< 'TIME 

N ~ T M B E R  rn 
days 

TOTAL 

BTEX 

ugn 

1 964.99 

1 187.58 

1579.26 

601.33 

188.87 

TOTAL 

HYDRO-C 

ugn 

1974.26 

1205.74 

1607.67 

608.19 

188.87 

BENZENE TOLUENE E-BENZENE M-P-XYLENE 0-XYLENE MESITYLENE PSEUDOCUMENE 

ugfl ugfl ugfl ugn ugn ug fl ugfl 

1944.05 2.67 13.44 4.83 0 3.74 5.53 
1 146.99 3.84 22.49 14.26 0 7.75 10.41 
1490.79 27.75 41.17 10.62 8.93 10.98 17.43 
592.56 5.8 1 2.96 B DL BDL 2.66 4.20 
182.06 3.81 BDL BDL 3.00 BDL B DL 

IRON SULFATE NON-SULFATE CHLORIDE DISSOLVED PH 

S S OXYGEN 

mg" mgn mg fl mgn mgn 



Table A-6. Analytical Results for IS-6 (Experiment II). 

SAMIYE SAM1'1-13 WATER DATE TIME 
NIJMBER 111 REMOVED SAMPLED 

ml days 

- 1 AR-3- 1 0 10129194 - I  
0 A R- 3-2 180 10130194 0 
1 AK-3-3 295 1 2/ 1 0194 4 1 
2 AK-3-4 410 3/5/95 126 
3 AR-3-5 525 4/29/95 181 

BTEX 

11gn 

TOTAL 

HYDRO-C 

ug fl 

1406.64 

11 13.84 

1535.48 

130.36 

42.50 

BENZENE TOLUENE E-BENZENE M-P-XYLENE 0-XYLENE MESITYLENE PSEUDOCUMENE 

ugn ugfl ug fl ugfl ugn ugfl ugn 

1381.29 1.65 7.99 8.90 3.31 3.50 0.00 
10 17.47 9.51 35.65 14.92 2.39 22.90 1 1 .OO 
1355.82 33.77 81.04 21.60 26.88 9.28 7.09 
1 1  1.61 5.44 13.3 I B DL B DL B nr, BDL 
18.26 3.77 4.77 3.1 1 B DL 3.81 8.78 

IRON SULFATE NON-SULFATE CIKORIDE DISSOLVED PI-I 

S S OXYGEN 

mg fl mg fl mgn mg fl mgfl 

94.90 65.30 17.70 146.00 0.20 6.00 

63.70 64.70 16.30 133.00 0.00 6.10 

97.90 54.90 22.10 132.00 0.00 7.30 

8 1.20 38.50 3.50 149.00 0.20 6.60 

86.60 54.40 0.00 140.00 0.10 6.61 




