ABSTRACT

PEEL, HANNAH RUTH Influence of Mn and Fe on the Chemistry of Msbilization in North
Carolina PiedmonAquifer Solids (Under the direction of DOwen Duckworth.

Consumption of groundwater contaminated by geogenic As is a global public health
concern that can increase the risk of developing cancers, neurological disorders, and metabolic
disorders, such as Type Il diabetes. Despite its importance, there are gaisah our
understanding of geochemical mechanisms by which As can be mobilized from agjlidfeto
groundwaterin this study, the chemistry of As mobilization is explored via its redox
transformations, its sorption potential, and its relationship with native Fe and aduifer
materialstaken from the Piedmont of North Carolina, a region in the United States known to
have widespread geogenic As groundwater concentrations that exceed drinking water standards
(10 pg/L).Saprolites from two sites were collected, one from Redlair Observatory Groundwater
Monitoring station (RLO) and one from Jesse Helms Park (JHP) and were determined to have
contrasting Mn and Fe ratios (RLO= 0.007 vs JHP = 0.028se materials were incubated to
determine the mass of As solubilized under different experimental conditions, including
additives with contrasting redox potentidsotherms were utilized to determine the capacity of
the saprolites to adsorb both As(V) and As(lll), anda}{ absorption spectroscopic anKgray
fluoresce spectroscopy were utilized to determine the elemental associations and Fe mineralogy
in the postincubation materiaDrilled cores of geologic materials were collected from three
sites across the Piedmont, and the materials characterized by their elemental concentrations and
average oxidation states to determine if redox and concentration trends seen in the experimental
results could be paralleled to field observatidngias determined that As mobilization and
sorption from experimentaiprolitescould be linked to their Mn:Fe ratidhe redox chemistry

of Mn was identified controlling factor for both Fe and As solubilizatidre redox potential of



the incubations had to reduce below the range of Mn reduction and each saprolite had to
experience a threshold amount of Mn mobilization (~50 pg/g in the JHP and ~20 ug/g in the
RLO) before Fe and As would begin to dissolee JHP saprolite, with its Mn:Fe ratio of 0.02,
produced concentrations of As as great as 0.5 uM (37.5 pg/L) under conditions with dissolved
organic carbon and microbial activiffhe RLO saprolite had the lower Mn:Fe radiod proved

to have much higher capacity for As sorption than the JHP saprolite (As(V) = 636 mg/kg, As(lIl)
=1310mg/kg)Thi s hi gh capacity was deterhghned to be
concentration of Fe, particulary the form of ferrihydriteThe investigation of the redox

conditions of the core geologimaterialsconfirmed that Mn reduction was necessary to see both

Fe and As reduction, and that the extent of reduction was dependent on other macroscale factors
suchastha qui f er depthtrae isoladidn fadn the atmosphere, and the chemistry of the
groundwaterThe results show that the solubility of As is highly dependent on the redox
interactions between Mn and Fe: a large fraction of Mn can prevent As mobilization by
preventing As reduction, but a large fraction of Fe can prevent As mobilization by reabsorbing

As as it solubilizes during reductiofhis finding is crucial for understanding As mobility in
groundwater systems and potentially modeling and predicting where As contamination to

drinking water wells may occur in the Piedmont region.
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CHAPTER 1: Introduction
1.1 Background

Groundwater contamination by metals and metalloids known to be hazardous to human
health can arise not just from anthropogenic sources, but also from ubiquitous geochemical
processes that occur in soils and aquifer solids (Borch et al, 2010; Belit2@2@),These can
include hexavalent chromium, a known carcinogen, teratogen, and mutagen, and vanadium,
which an emerging contaminant, but of particular concern is arsenic (As) (Vinson et al, 2011;
Wright and Belitz, 2010; Oze et al, 200A&)senic is a metalloid that is known carcinogen for a
number of cancers (skin, liver, lungs, kidney and bladder), and chronic exposure is associated
with cardiopulmonary disease, neurotoxicity, and metabolic disorders, includinglTdipbetes
(Sinha etal, 2020; Farkhondeh et al, 201&roundwater contamination by geogenic As is
thought to affect greater than 2 billion people (Sahiji et al, 2021 geogenic As of water in
Bangl adesh alone has been called the fl argest
between 35 and 77 million people potentially exposed (Smith et al, 20@dijional regions
with groundwater As concentrations that exceed WHO guidangeg(L) exist on all
continents, including Central, South and Southeast Asia, parts of Africa, Central Mexico,
Argentina, and parts of the United States (Podgorski and Berg, 2020).

The Piedmont region of North Carolina is one such area in the United States that has
widespread As contamination in drinking water wellsis becomes more concerning knowing
that the region has a large population that relies on private wells as the primary source of
drinking water (Eaves et al, 2022parge scale studies of pexisting well water data found tens
of thousands of wells across the state with concentrations of As that exceeded the world health

organization guideline (1ag/L), with some wells reaching concentrations as high as nearly 800



Mg/L (Sanders et al, 2011; Eaves et al, 2022; Coyte and Vengosh, Rég®ns containing
concentrations have been linked to the underlying geology of the Carolina Slate belt, particularly
high arsenic geologic formations in and related to the Cid formation and the Albemarle arc
(Coyte and Vengosh, 2020; Alvarado et al, 20B#wever, geologic factors beyond As, such as
concentration and mineralogy Fe and Mn, are crucial to considerand Mn have documented
influences on the mobility of As, commonly through adsorption (Fe) or direct oxidation (Mn)
(Oscarson et al, 1981; Ravenscroft et al, 200@jthermore, the hydrology of the region is
dominated by unconfined aquifers, which can haflaence on the redox chemistry of the
groundwater (Daniel et al, 2002). unconfined aquifers, groundwater can form redox gradients
with depth, meaning that reducing conditions can occur that can favor As mobilization
(McMahon et al, 2011)'hese shallow unconfined aquifers are also vulnerable to contamination
stemming from land use, and these leached chemicals such as nitrate or dissolved carbon
materials can alter tiredox chemistrypf the substrate, and the potential for geogenic release
(Daniel et al, 2002)The underlying geology is generally composed of both metamorphic and
igneous rock types, which have a composition ranging from felsic (high in silica) to ultramafic
(high in magnesium and iron) (Daniel et al, 2002), and groundwater associated witlotdsic r
and mafic rocks can have very different characteristics in terms of pH, hardness, dissolved solids
concentrations, and calcium vs sodium concentrations (Harden et al, 2009), which can affect the
release of geogenic and hazardous elements like As.
1.2 Dissertation Goals and Structure

With the potential of large populations being at risk of exposure from geogenic As, there
is an urgent need to explore the release of As to groundwater in the North Carolina Piedmont

region specificallyTo that end, the goal of the research was to use both experimental and field



3
methods to investigate the interactions between and solubilization of Fe, Mn and As in saprolites
and geologic materialX-ray adsorption spectroscopy was to examine the oxidation state of the
redoxactive elements in both before and after experimental alterdtenresults of this study
will enable future work in identifying areas in the Piedmont that may be susceptible to natural As
contamination, with an aim to prevent hazardous exposures and aid in remediation strategies.

Chapter 1 of this work consists of a literature review to lay out the state of knowledge on
not only the chemistry behind As solubilization in groundwater, but also Cr and V, two other
geogenic contaminates with known human health haziardsldition to geochemical concerns,
it will also cover hydrogeochemical processes, the mineralogical sources of contamination, and
the current state of mechanistic and macroscale modeling of geogenic rEtessbapter was
published in Water (Peel et al., 2022) as an invited article for the Arsenic in Drinking Water and
Human Health issue that was guest edited by National Institute of Environmental Health
Sciences (NIEHS) scientists.

Chapter 2 studies the redox transformations in and the timing and extent of As
mobilization from Piedmont saprolites in incubations meant to simulate additions of surficial
inputs.The redox transformations and solubilization of As, Fe and Mn, as well as redox changes
to thesaprolitesoverall, are predicted to be driven by the redox properties of the additives used
(i.e. nitrate or citric acid) and the potential for microbial activitye study found that the
addition of reducing additives (the citric acid) in microbially active incubations could lead to
aqueous As concentrations that surpassed water quality limits of 10Tjhg/ltiming and
correlations of the released elemental mass indicated that some portion of the Mn in each
saprolite are required to dissolve prior to Fe and As solubilizing, which tended to occur together.

The extent of As mobilization could also be linked to the original Mn:Fe ratio of the material,



suggesting one saprolite had a more favorable condition for As release than theamther.
chapter also discusses further steps and experiments that could be conducted to advance the
investigation of the chemistry of As mobilization.

Chapter 3 studies the mechanisms and extent of As sorption to these saprolites. To
complement isotherm measurements and modelirgy>absorption and-X-ray fluorescence
spectroscopy were used examine elemental associations and mineralogy linkedseitptias
in the saprolitelt was predicted that the Mn:Fe ratio could be used as an indicator for which
saprolite would be more likely to adsorb As, and that the Fe minerology would be determinative
of the extent and oxidation state of the As adsorthedhs found that one saprolite with the
lesser Mn:Fe ratio and a large fraction of ferrihydrite could adsorb nearly double the As of the
other.Furthermore, both saprolites could adsorb both As(lll) and As(V) and spectroscopic
techniques revealed a mixture of As oxidation states sorbed to the surfaces, suggesting that
oxidation is not the only mechanism for reduced As solubility.

Finally, Chapter 4 uses bulk data on oxidation state and elemental concentration from six
drilled geologic cores from three sites to connect experimental resthsse naturahaterials
from across the Piedmont regidhis hypothesized that the oxidation state of the elements will
reducewith depth, and that the oxidation state of Mn will act as a control on the reduction of
both Fe and AsThe Mn:Fe ratios of the cores will basessetbr the ability to predict the
concentration of soligghase AsThe results of this study found that the Mn oxidation state did in
fact act as a limiting factor for how much Fe and As reduction occurs in the natural aquifer
solids, while the Mn:Fe ratios proved to be a less reliable predictor for As content than the Fe

concentration alone.
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This work focused on evaluating the redox transformations and solubility of native Fe,
Mn, and As in North Carolina Piedmont materials, and how these properties interact with each
other to either promote or inhibit As mobilizatidrhe Mn was found to be the controlling factor
for both the reduction and solubilization of Fe and As in the aquifer solids, and that Mn:Fe ratios
can be a useful if incomplete metric for assessing the capability of the material to solubilize As.
The sorption of As the material was also found to be a limiting factor to its mobility, and heavily
dependent on the minerology of thedades presentn the natural geologic cores, the
concentration and oxidation states of Fe, Mn and As could be linked to depth, weathering
patterns and the conditions of the groundwatkese factors together are important for future
work in determining As release in groundwater settings, and could be used to model and predict

where in the region As contamination to drinking water wells may occur.
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SU, Vinson DS, Duckworth OW. Towards Understanding Factors Affecting Arsenic, Chromium,
and Vanadium Mobility in the Subsurface. Water (Basel). 2022 Nov 2;14(22):3687.
10.3390/w14223687.

2.1 Introduction

Potentially toxic metal(loid)s in groundwater pose a significant threat to human health. A
number of potentially toxic elements can be released from geomaterials into groundwater,
including arsenic (As), chromium (Cr),vanadium (V), selenium (Se), flu¢ihenolybdenum
(Mo), manganese (Mn), and boron (B)1Q]. The most welknown geogenic contamination of
groundwater occurs in Southern Asia, where up to 75 million people are estimated to be at risk of
increased disease burden due to drinkirgdjs drawng from a shallow aquifer containing high
As concentrations, a situation that has been
[11]. Worldwide, more than 150 million people drink water from wells with arsenic (As)
concentrations greater tharetUSEPA and WHO maximum level of 10 pg/L [12,13]. Arsenic is
a welkdocumented carcinogen, affecting the skin, liver, kidneys, lungs, and bladder. Chronic
exposure is frequently associated with skin lesions, cardiovascular and respiratory disorders,
repraductive failures, insulin resistance, and neurotoxicity142 Although As is often used as
an example of an element that exhibits chronic toxicity and is globally widespread, related
oxyanionforming trace elements (e.g., Cr and V{1, which, alongvith As, we focus on in
this work), are also naturally elevated in specific regions across the globe. For example, Cr (as

hexavalent Cr) is a dangerous carcinogen, teratogen, and mutagen that has been found to occur
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naturally in groundwater systems, including in the continental US [7,19]; although the toxicology
of V is less understood [20], this element can be very mobile under naturally occurring
conditions [21] and is emerging as an environmental concern [22]it®#p catastrophic size
of the problem, global sustainable development goals do not consider As [23], or other geogenic
contaminants, as a factor in supplying drinking water to communities worldwide.

Drinking water is a primary route of exposure for As, often from groundwater, which
more than 2 billion people worldwide use as their primary domestic water source [24,25]. This
dependence, along with the fact that >99% of accessible freshwater regjdmsidwater [26],
makes understanding, predicting, and managing of groundwater of foremost importance.
However, subsurface processes are notoriously poorly understood, and controlled by coupled
hydrogeochemical and biogeochemical processes, often invdiviatic or transport
limitations, microbial processes, and interfacial reactions. In general, the solubilization of the
potentially toxic contaminants in aquifers, be they geogenic or anthropogenic in origin, are
thought to be controlled by phase transfations that are mediated thought redox, precipitation,
dissolution, and (de)sorption reactions, all influenced by pH, ionic strength, and the presence of
other constituents [3,5,9,16,18]. Beyond chemical reactions, physical considerations, such as
lithologic heterogeneity or hydrologic complexity, limit our understanding of subsurface
processes impacting contaminant behavior.

These complex physicochemical factors limit our ability to produce comprehensive and
robust conceptual models, and hence reliable quantitative models, that represent our
understanding of geogenic contamination in the subsurface and guide managemeetto prot
human health. The goal of this work is to review the current state of knowledge, identify key

challenges, and provide an outlook for resolving issues associated with assessing and modeling
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inorganic geogenic contaminants, including As, Cr, and V, in subsurface environments that are
sources of drinking water. This article aims to: (1) consider the groundwater hydrology and its
effect on transport and distribution; (2) discuss geogenic sooftiesse contaminants; (3)
investigate geochemical mechanisms affecting contrasting contaminant behavior of metal(loid)s;
(4) describe methods for determining the concentration and speciation of metal(loid)s in water
and geomaterials; (5) discuss appraactor deriving mechanistic models of contaminant
transport and fate; and (6) conclude with a reflection on our needs and an outlook for future
activities. Understanding and creating conceptual models of the release, retention, and transport
of geogenic cotaminants in groundwater systems, will ultimately enable the creation of
guantitative models that can be used to predict future states and guide efforts to remediate
contaminated groundwater to protect human health.

2.2 Framing Subsurface Hydrogeochemical Processes
2.2.1. Groundwater Flow and Its Relationship to Chemical Evolution

To understand the chemical release and mobility of contaminants in aquifers, it is first
necessary to develop conceptual models of groundwater flow and how physical factors such as
flow velocity, mixing, and topography influence its geochemical evolutigu¢e 1). Different
scenarios are needed to understand how the master variables Eh and pH change over space and
time, as these parameters often exert dominant control over the geochemical processes that result
in contaminant solubilization or sequestratio the subsurface.

Groundwater in confined and unconfined aquifers occupies distinct environments for
oxic-anoxic relationships and trace element behavior. In unconfined aquifers, the water table is
an interface between saturated and unsaturated zones where inputs ofitresttey and soill

gases can occur along the flow path. Therefore, as an interface between saturated and unsaturated



12
conditions, the water table is also an interface that modulates the redox state and pH of shallow
groundwater via open system inputs of oxygen (O2) and carbon dioxide (CO2). However, anoxic
groundwater is not unusual in unconfined aquifers where eleabrmorsl such as organic carbon
can scavenge O2 [ZB)]. In contrast, the upper interface of a confined aquifer is defined by a
relatively impermeable formation, rather than the water table. Therefore, age and redox
conditions in confined aquifers are asstemiawith distance along the flow path, with
groundwater becoming more reducing away from the recharge zone as it encounters electron
donors.

Groundwater chemistry evolves in terms of pH, redox state, and major ion
concentrations. From the water table, recharging waters are predominantly oxic, with acidic pH
and low alkalinity [31,32] but become more alkaline and reducing after encounteringfacaes
materials (including organic matter or reduced mineral phases), which in turn impact the
speciation and movement of As, Cr and V (Figure 2). However, specific flow paths may be
complex, incorporating mixtures of groundwater from different sources.

The topography of a landscape impacts groundwater flow patterns and may also have
some association with groundwater redox gradients. Where confining units are absent,
groundwater recharge augments flow along a flowpath. Accordingly, waters-abrhigh
elevations on a landscape are dominated by recharge water whereas watersodbmid
elevations on a landscape represent a mix between recharge and existing flowpath. Increasing
distance blow the water table can promote development of more suboxaxto @md more
alkaline conditions, as reductants and other reactive minerals are encountered (Figure 1). In

discharge zones characterized by low topography in unconfined aquifers, groundwater flow can
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be significantly upwardlirected, bringing more evolved, anoxic waters closer to the land surface
[29].

Oxic and anoxic groundwater can be separated by centimeters to tens of meters
vertically capable of mixing across the scal e
meters along a flow path (although key microscale redox variation may occur at thegbere s
[37,38]). Groundwater evolves toward redox interfaces both vertically where groundwater flows
predominantly downward (e.g., hilltop areas) and laterally where groundwater predominantly
flows toward local stream valleys. These trends suggest the peesitine oxieanoxic interface
as a third critical interface along with the regelitbdrock interface and the water table, which
together contribute to landscapeale heterogeneity of groundwater chemical conditions [15,39].
This pattern also suggeshkat depth and topographic position (hilltop vs. valley) could be master
variables for approximating groundwater chemical evolution in an unconfined aquifer [40]. In
addition to flow direction, there is nominal evidence that groundwater flow velocity gatim
the concentration of redox constituents in groundwater; for example, a study in a shallow aquifer
in Greece found that slower groundwater flow was correlated with higher concentrations of
Cr(IV) due to a longer period of watesck interaction [41].

Although the geology and hydrology of an area sets up the transition between oxic
surficial inputs and electron donors hosted in the aquifer and forms the framework for
groundwater redox evolution, anthropogenic inputs can alter groundwater redox evolution
Mixing can introduce oxic waters into a reduced environment, or reduced waters into an oxic
environment, altering the overall chemistry. In pumped aquifers, mixing of disparate redox states
can occur across long well screens [28]. Additional sourcegadfen acceptors (e.g., O2 or

nitrate (NO3)) or donors can result from surficial inputs by human land use activities. These can
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include organic materials, fertilizers, inorganic contaminants, petroleum, etc., and each will
impart their own effect on the redox environment by their reactions and interactions with
agueous substrates, microorganisms, and existing groundwater cor{difia@g.
2.2.2 Limitations and Challenges

Recent studies on occurrence and health effects suggest that a large number of wells and

aquifers are of concern for As or another naturally occurring elegii@h(This situation is
suited to probabalistic modeling approaches (e.g., probability of exceeding a water quality
standard15]), but mechanistic interpretation and modeling that could inform prediction at the
scale of a water well are significantly more challenging. Several gaps in knowledge and practice
are apparent for translating element occurrence to improved understaneiggpctied trace
element behavior in well water. First, sepillase geochemistry and mineralogy may only be
known from a few sites in a region that contains many wells. In practice, thepbake level of
an element of interest might be represented gompyaximately, for example by a magale
geologic unit in which a well is located. Second, vertical heterogeneity can be considerable at the
scale of a well és open interval, which woul d
concepts derived die microscale/pore scale to the redox evolution that occurs along the scale
of a realistic flowpath. Third, groundwater in a shallow unconfined aquifer represents a mix of
multiple water sources of different residence times and flow lengths. This probangflow
and vertical heterogeneity is apparent in studies showing spatial variability of As, Cr, or other
el ements across the | andscape, as discussed a
might be especially significant when analyzinguemped water sample across a large open
interval, which can induce mixing of different water sources and chemistries. Groundwater

flowpaths and mixing relationships can be inferred broadly from regional and topographic
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generalization$40], but the flow path or mixing relationships of a pumped water sample may
not be known for wells outside of walharacterized research sites. Collectively, these factors
imply that the multiple geochemical parameters within a water sample (e.g.-seulbive
solutes, trace element concentrations, speciation) are encoded with richer geochemical process
information than the other more general attributes ingsged studies, such as well depth,
landscape position, megeale geological unit, or solghag composition from limited solids
analysis. Therefore, there is a gap between understanding the cumulative net geochemical
processes that resulted in a water sampl eds
aquifer, and at what rate these effectsiarparted on groundwater.
2.3 Mineralogical Sources of Geogenic Contamination

Anthropogenic activities, such as electroplating, metallurgy, chemical production, energy
production, pest control, and waste disposal, are common activities that result in contamination
by metal(loid)s [46]. However, in the last two decades, there hassbg®wing recognition of
the widespread importance of geogenic sources of these contaminants in groundwater [8]. This
evolution in thinking is critical; a relatively low concentration of an element in geomaterial has
the potential to contaminate grounderafor thousands of years under normal conditions [9].
However, the relative mobility of these elements is strongly controlled by what phases harbor
contaminants, as well as the water chemistry of aquifer. Mineralogical information has not
historically ben considered by regulators, who are primarily concerned with the composition of
the groundwater, and the presence of aqupbase hazards [47]. Generally, aquifer solids
consist of multiple minerals, each containing different levels of As, Cr, or Vharidg a wide
range of weathering rates. We thus discuss the mineralogical sources of geogenic As, Cr, and V

as a prelude to reviewing biogeochemical processes associated with their solubilization and
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transport. It should be noted that the factors that solubilize the elements may also redistribute
them to more dilute, labile solid phase associations, such as adsorbed to clay mineral or

(oxhydr)oxide phases, resulting in potentially new, potentiallpsgéfsources of contamination

[48].
2.3.1. Arsenic
As is a ubiquitous el ement in the Earthoés cru

igneous and sedimentary rocks are typicall$ ghg/kg, but concentrations can be higher in
clayey sediments, phosphorites, and reduced marine sediments [49%n{&eg)is often hosted
mainly by mineral phases in metavolcanics, mudstones and their alteration products. There are
over 500 As bearing minerals, including sulfides, oxides, arsenates and arsenites [50]. Because
As can be coprecipitated with iron (Fexybydr)oxide and sulfides in sedimentary rocks, and
sedimentary Fe ores and Mn nodules are considereitisaterials [49]. The most common
and most studied are arsenopyrite (FeAsS) anbessing pyrite (FeS2), where As can substitute
for S in the pyri¢ crystal structure. Globally, As rich ore deposits are found in China and
Morocco, as well as the US, Russia, Japan, Iran and Belgium [51,52].

Arsenic contamination to groundwater derives not just from mineralized deposits, but
also from hydrothermal activity (as could be found in Yellowstone, USA) and from aquifer
sediments associated with silicic volcanic aquifers, and tuffaceous sedimeitsadunentary
basins derived from these volcanic rock types [48R The conditions under which As in
released from minerals into a groundwater system are varied based on the source material. Thus,
contamination that results from reducing groundwatgirenments has occurred in Northern
China, Taiwan, Vietnam, Hungary, Romania, Slovakia, Bangladesh, southwestern US, and India.

Conversely, in Mexico, Chile, Argentina, and the southwestern US, arid and oxidizing
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environments trigger the release of As to groundwater, highlighting the need to understand the
biogeochemical processes associated with contamination in an aquifer [51,52].

2.3.2. Chromium

Cr, the 21st most abundant el ement in the
concentration of around 100 mg/kg [41], typically as oxides and silicates [7,19]. In rock forming
minerals, Cr pyroxenes, amphiboles, diopside, serpentine and chlorite atedf hosts of Cr,
where up to 1.5% Cr203 have been reported [56,57].4pe@ring spinels, commonly chromite
(FeCr204), magnesiochromite (MgCr204), and magnetite (Fe304), the percentage Cr could be
up to 35%, often presenting as Cr203 [41,56]. Alterabf primary silicate minerals during
metamorphic events may produce minerals such as fuchsite, uvarowvitécaCand tawmawite,
where Cr substitutes for Al in the octahedral site through isomorphism [19]. Globally, chromite
is the most common deposit©r, found circurpacific and the Mediterranian [7] as well in
South Africa, Khazahstan, Zimbabwe, and India [55]. It is generally associated with ultramafic
rocks and their hydrothermally altered equivalents [19,41]. Though considered to be of low
solublity and relatively chemically inert, dissolution of a small fraction of chromite can release
elevated levels of Cr.

There have been reports of elevated levels of Cr in groundwater systems worldwide, most
at levels exceeding the 50 pg/L maximum contaminant level (MCL) set by the World Health
Organization (WHQ). Concentrations up to 700 pg/L have been reported in stibisslin
phosphatdertilized soils in Greece, but geogenic Cr levels around the world are usually at least
an order of magnitude below this value [56,58]. In the US, high concentrations of total Cr,
mostly occurring as Cr(VI) have been detected at layek® 60 pg/L in the Mojave Desert [59].

A combination of pH as high as 9 and dissolved O2 > 1 mg/L and fluctuating redox conditions
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dictated Cr speciation in groundwater sourced from alluvial aquifer materials weathered from
mafic rocks in such areas [59].

2.3.3. Vanadium

Vanadium occurs in the Earthés crust at an
generally widely dispersed; concentrated mineral deposits are rare [60]. V tends to be present in
large quantities in mafic igneous rocks, in lesser quantities in ultranoaks, and in very small
guantities in felsic rocks [61]. There are more than 8fe¥ring minerals present in bedrock
materials occurring as sulfides, sulfates, silicates, oxides, phosphates and vanadates [21]. Due to
its affinity for organic rich sedients, V is also found in high concentrations in crude petroleum
and shales [62]; an average concentration of 790 mg/kg have been reported in black shales
around the world [63]. Major V deposits tend to occur as sandbimsted V, shakhosted V,
vanadateor vanadiferous titanomagnetite, occurring in China, Russia and South Africa, as well
as the US, Canada, and Australia [61]. Dispersion of V in the environment occurs due to its
sensitivity to O2 and acidity, as well as its ability to readily substitrtedth Fe and Al in both
primary and secondary materials, such as clays, due to the size and charge of its trivalent ion in
the environment [62]. Anthropogenic activities such as steel production, coal, petroleum
production, rock phosphate fertilizerspsuphosphate fertilizers and mining are also major
anthropogenic sources of V into the environment [64].

In groundwater, the occurrence of V is highly dependent not only on potential
anthropogenic sources, but also on the geology and aqueous conditions, and as such will be
highly variable. For example, the average V concentration in California groundwatfErunes
to be 5 pg/L. However, up to 70 pg/L V have been reported in groundwater in the northeastern

San Joaquin Valley [5,6]. In some drinking water sources in Italy, values as high as 180 ug/L
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have been detected [5,65]. In general, higher concentrations in groundwater occur where the
agueous conditions are either alkaline, oxic, or both. [6]. High groundwater V concentrations
have been documented in oxic as well as suboxic;maaral groundwr [6]
2.3.4. Challenges

Despite asophisticated understanding of the mineralogy associated with Cr, V, and As,
there are many challenges associated with understanding the sources of subsurface
contamination with these elements. Although elements of interest can be broadly dispersed on
aqguier rocks throughout geologic unit or region (as is often the case for As, Cr, and V), the
elemental distribution or solighase speciation may be quite heterogeneous at a small scale,
pointing to Ahot spotso wher easeahddeneme aveilakder e c o
for release to groundwater. It is worth noting that all Cr, V, and As, though ultimately derived
from the sources above, are often associated as secondary deposition with Fe or Al
(oxyhydr)oxides [19,49,62], and may be influencgdhe distribution of solid oxidants and
reductants, like Mn oxides and organic matter [66,67]. As a further complication, trace element
release from (oxyhydr)oxides can be dominated by desorption, which is much more rapid than
mineral dissolution, resuitg in a larger element release rate relative to groundwater flow rate
through the aquifer solids. The distribution of these elements in primary and secondary minerals
may vary over short horizontal or vertical differences in spatial location. Such dlgpatia
variable distribution results in an uncertain source region that is in the subsurface is the norm,
not the exception, for geogenic contaminants. Consequently, most of the required information for
developing a quantitative understanding of sources arlimation mechanisms is initially
laborious and site specific, whereas a reguite synthesis to reduce populatiscale exposure

should evaluate and encompass a range of possibilities both in terms -phsg@contaminant
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occurrence and the hydrogeochemical mechanisms that control contaminant levels in
groundwater.

2.4 Biogeochemical Processes

Biogeochemical processes can couple with the hydrological and mineralogical factors
above to result in the solubilization of geogenic As, Cr, and V. The evolution of groundwater
composition (viz. Eh and pH, but also the dissolution other solutes) isidiyva complex array
of transport and chemical reactions that together dictate the interactions between the major solid
(e.g., Fe (oxyhydr)oxides and silicate minerals) and dissolved phases within the aquifer. This
evolution also drives the solubilizatiamd mobilization of lower abundance species, including
geogenic contaminants. It is worth noting that contaminants often have contrasting redox
controls on their solubility and mobility, meaning that conditions that favor mobilization of one
element may feor sequestration of another.
2.4.1. Redox Controls on Speciation

A predominant factor that controls the speciation therefore the solubility, mobility, and
bioavailability, of As, Cr, and V is the oxidation state of the elements and pH (Figure 3). For
these elements, a variety of oxidation states is possible unded mgueaus conditions (slightly
acidic to slightly alkaline in most settings), and the different states result in species that can have
very different solubilities. The similarities in the solubilizing conditions for Cr and V and the
opposite solubilizing @nditions for As help to explain the concurrences andcamtelations of
certain elements in water supplies [15,16,68].

Inorganic As, under natural conditions, is typically found as either As(lll) or
As(V).Pentavalent arsenic occurs predominantly as oxyanions abhea@al to alkaline pH,

whereas As(lll) commonly occurs as the uncharged As(OH)3. In comparison to otheionisy
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including Cr and V, As retains more mobility across a wider range of groundwater pH and redox
conditions, particularly under mildly reducing conditions where As(lll) predominates as soluble
As(OH)3 [70].

Chromium typically occurs in one of two oxidation states, Cr(lll) and Cr(VI). In contrast
to As, in which the reduced state is more soluble, Cr(VI) is known to be significantly more
mobile than Cr(lIl), and thus Cr(VI) is more likely to be found in grouaigwwhen conditions
are oxidizing and alkaline [71].

Vanadium can occur under typical groundwater redox conditions as two different
oxidation states: V(IV), dominant under low pH and suboxic conditions, and V(V), which
dominates under high pH or oxic conditions. Both oxidation states can be soluble and can ¢
occur depending on the pH and@ocurring constituents of the groundwater [21]. However,

V(IV) has been much less documented than V(V) in groundwater studies, V(IV) has been
inferred based on indirect evidence [6].
2.4.2. Redox Transformations

Fluctuations in redox conditions, or the presence of other radidxe materials, can
result in redox reactions that change the oxidation state of As, Cr, or V from a mobile form to an
immobile form, or vice versa. The presence and concentration of-eatioe elements can have
an outsized effect on the redox potential of the groundwater system, which in turn affects the
redox state and speciation of trace elements. Geologic or soil systems can have high
concentrations of Fe and Mn [9,72], which can ach aedox buffer due to their relatively high
abundance compared to other redexsitive elements, poising the system to a steady potential,
and altering the transformations, and therefore the solubility, of trace elements such as a As, Cr

orV[43,73].
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Iron and Mn, in dissolved or solid forms, may also directly participate directly in redox
reactions with Cr, V, and As (Figure 4). Manganese oxides, a primary subsurface oxidant, will
oxidize As(lll) to the less mobile state of As(V), a reaction that goawre quickly, and
therefore more favorably, than oxidation by Fe (oxyhydr)oxides [72]. These reactions can take
seconds to days and are generally influenced by concentration of As(lll), temperature, and pH.
Clays can also act as reaction surfaces fooxiation of As(lll) to As(V), again, strongly
influenced by pH, ionic strength, and composition of clay surfaces [49]. Likewise, Cr(lIl) and
V(IV) can also be oxidized to Cr(VI) and V(V) by naturally occurring mineral oxidants, most
commonly Mn oxides [4,75]. For Cr(lll), the reaction with Mn oxides is dependent on the pH
of the environment; where the pH is less than 6, the reaction occurs with dissolved Cr(lIl)
adsorbing onto the surface of solid Mn oxides, whereas for a pH greater than 8 the reaction
occurs by the redox cycling of Mn the surfaces of solid Cr(lll) surfaces [74].

Reduction reactions are also significant. Cr(VI) can undergo reduction to its more
insoluble Cr(lll) form via redox reactions with dissolved Fe(ll), Fe(ll) minerals (pH > 5.5),
sulfides (pH < 5.5), and organic matter [74[76]. Similar to reactions witma<Ca, Fe(l}
bearing minerals have also been suggested to actively reduce V(V) to V(lll), another oxidation
state that typically is only found in anoxic systems, though this reaction occurs over the course of
months [77].

Although redox transformations controlling the solubility of elements can occur
abiotically, microorganisms often mediate redox reactions because they utilize these
transformations for energy synthesis and/or the breakdown of organic material [3,43}hAs su
redox transformations tend to occur in a thermodynamically predicted sequence that corresponds

to a progressively more reduced redox potential, with microbes preferentially utilizing reactions
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that will provide the most energy for their metabolism. This preferential order and the associated
redox potential of each transformation is known as the redox ladder [78]. In enganic
aquifers, the predominant electron donor driving microbialgdiaed redox reactions is organic
matter. Microbially mediated reactions can directly drive the redox environment of the
groundwater system by consuming electron acceptors (02, nitrate, Mn oxides, Fe
(oxyhydr)oxides, and sulfate), sustaining anoxic conditiomgoundwater separated from the
water table, and farther along flowpaths promoting reducing conditions characterized by
detectable Mn2+, Fe2+, sulfide, or methane.

Along this redox trajectory, As, Cr, and V also undergo oxidation state changes (Figure

2). In addition to interactions with abiotic species, specific organisms also oxidize or reduce As,
Cr, or V, indicating that trace elements can be converted througbbially-mediated processes
(in addition to overall microbialiynediated control of the redox state of groundwater or
sediments). In some cases, this can lead to radtixe contaminants being utilized by microbes
directly as an energy source. Vanaditnaving a high reduction potential and a relatively low
bacterial toxicity, has been shown to act as an electron acceptor for the respiration of a number of
microbial species, including Pseudomonas vanadeoctans 71, Pseudomonas isachenkovii
A-1, and @&obacter metallireducens, among others [62,79]. Arsaptabolizing species have
also been found in both contaminated and-camaminated sediments [79,80]. In addition to
oxidation and reduction, detoxification of As via methylation is a widespreadrizacapability
[80,81]. Microbial interactions with Cr tend towards detoxification mechanisms as well; Cr(VI)
adsorption by the cell membrane and subsequent reduction to Cr(lll) has been shown to occur in

both fungi and bacteria [81].
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Microbes can also influence the solubility and mobility for redottve elements by
mediating the formation of other materials in the groundwater system. Microbially created
amorphous Fe and Mn (oxyhydr)oxides can directly contribute to the reactioaff¢lcaithe
redox potential of the groundwater system. In turn, these metal (oxyhydr)oxides can be utilized
by microbes for their metabolic activities, releasing materials that are bound to the
(oxyhydr)oxide surfaces, i.e., reductive dissolution. Becatisgédespread association of As
with Fe (oxyhydr)oxides, reductive dissolution is a common mechanism of As release into
groundwater, where the decay of organic matter consumes O2, creating anoxic conditions that
promote reduction of the Fe (oxyhydr)oxidedaAs to the more soluble As(lll) form. Similarly,
V will strongly sorb to Fe (oxyhydr)oxides, and can undergo reductive dissolution in a manner
analogous to As; this process can lead to an increase in both dissolved V and dissolved Fe under
reduced condibns [64]. The oxidation of sulfide minerals to Fe (oxyhydr)oxides can also
concomitantly release As and sulfate into the groundwater environment [13,49]. Microbes will
create organic materials that can change the mobility of As, Cr, and V by actingrals ligr by
directly reducing or oxidizing the element; the redative element can also be released into
groundwater systems when the organic materials are degraded for microbial metabolism.
2.4.3. Sorption and Desorption Reactions

In addition to redox reactions, interfacial interactions such as adsorption and desorption
reactions, can affect contaminant mobility. Both As(lll) and As(V) will sorb to Fe and Al
(oxyhydr)oxides (particularly high surface area or poorly ordered mir@@j)s depending on
the pH and competing ions. In addition to oxidizing As(lll), as noted above, both Mn oxides and
clays will also sorb As [49,72,83], further limiting the mobility of As. Generally, As(lll) is

thought to bind weakly as an outer sphere glemwhereas As(V) is more likely to form strong



25
inner sphere complexes [84]. Sorption of V is influenced also by its differently charged oxidation
state. Although both the anions and cations will sorb to mineral surfaces over a wide range of pH
conditions, V(IV) cations will sorb more strongly to thegagvely charged (oxyhydr)oxide
surfaces than the V(V) anions[5], but this is pH dependent and V(V) is known to form inner
sphere complexes [84]. Adsorption and desorption to aquifer materials have been shown to be
the primary control on V concentrationfi@re groundwater conditions are oxic [6]. In contrast
to As and V, the limiting factor of Cr mobility is the weathering of Cr(lll) materials. Weathering
enables a small amount to dissolve into the aqueous phase, where it can be adsorbed onto clay
mineralsor precipitated out of solution with either with (oxyhydr)oxide (Al and Fe) or with free
cations (Fe(lll) and Mn(ll) [74,76]. In acidic environments (pH < 6), Cr(IV) oxyanions can
become adsorbed by cationic colloids (usually as an-spieere complex [§% an effect
enhanced with increasing total organic carbon content in soil or sediment[74].

In addition to adsorption and desorption, the effect of competition between different ions
can affect mobility via surfaces preferentially adsorbing one ion over another. This has been
studied with As in particular, as it is ubiquitous and toxic to hummaaging its sorption
chemistry of particular interest. Of the common ions that appear in environmental aqueous
environments, phosphate and carbonate oxyanions stand out as being competitive with As(V) for
binding to the surfaces of Fe (oxyhydr)oxides-883. When phosphate and carbonate are
present in the groundwater system, they may be able to outcompete arsenate-fphiarer
complexation to the surface, resulting in more As in solution [85,86]. Sulfate ions also shows
competitive behavior, but to adser extent and at least partially dependent on pH, suggesting
outersphere complexation [85]. Coexisting major ions also modify adsorption sites, in addition

to competing with As for adsorption sites. For example, sodium modifies the surface charge of
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As adsorption sites, resulting in higher As concentrations being founddofaated
groundwater rather than €mminated groundwater. Ndominated major element chemistry is
common to groundwater in volcarsource basins [4,88,89]. Dissolved organidtara
particularly humic and fulvic acids, have also been found to compete with As for mineral surface
binding sites. How effectively these organic acids inhibit As adsorption has been shown to be
dependent on the pH of the aqueous phase [90]. Howevaniomaterials can also form
ternary complexes with arsenate via an intermediary bridging cations, such as Fe(lll), which can
favor retention of As rather than release [91]. Sulfate and phosphate have also been shown to
compete with Cr for adsorption sitf2], V has been shown to have differing competitive
behaviors, specifically coordinating with biogenic ligand and compounds, depending on its
oxidation state. Its anionic form resembles and competes with phosphate, whereas its cationic
form more closelyesembles the behavior of transition metal ions [93].
2.4.4. Challenges

From the sections above, it is clear that a large set of biotic and abiotic reactions control
the evolution of groundwater chemistry, and thus the speciation and solubilization of As, Cr, and
V. This, along with our understanding of source mineralogy aodngiwater flow, allows
formulation of a multiscale conceptual model (Figure 1) in which groundwater becomes
contaminated with geogenic contaminants as it travels through the subsurface. In general, we
have a reasonable understanding of the reactionari@nportant to this evolution; however, in
many cases, the kinetics of these reactions are unknown or at least poorly constrained. This is
made even more difficult by noting that many of the processes are: (1) strongly Eh and pH
dependent; (2) involve nonly oxyanionic but sometimes cationic (e.g., V(IV)) or uncharged

(e.q., As(lll)) species; (3) heterogenous reactions involving interactions between aquatic species,
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minerals, and/or soligphase organics; (4) microbially mediated processes; and (5) kinetically
controlled in the natural setting (that is, slow and may be observed at disequilibrium), which
severely limits quantitative approaches to modeling of geogentamination of groundwater.

2.5 Measurement Methods

Critical to the study of metal(loid) distribution and fate in the natural environment is being
able to determine concentration and speciation of the metal(loid) in both the aghasaground
water and the soliphase aquifer substrates. When groundvwssteiples are analyzed for the total
concentration of metal(loid)s, there are number of standard procedures (in the US these are often
proscribed by regulatory agencies) that typically involve an instrumental method using inductively
coupled plasma (ICP) teaporize and excite elements coupled to deception by optical emission
spectrometry (OES) or mass spectrometry (MS). Detection byOE® utilizes individual
elements specific interactions with electromagnetic radiation wheread8Betermines the
concetration of an element in a sample by converting elements into gas phase ions and using a
series of electromagnets to sort them by their r@sbarge ratio. Selecting for the appropriate
method depends on the sensitively needed, and the occurrenceytitahnaiterferences [94].
Determining the speciation and oxidation state, of metal(loid)s in water can be conducted by
coupling one of the previous analytical methods with ion chromatography, eiiires inith the
analytical instrument [9897] or utilizing field-based separation techniques [98]. It should be noted
that for some species (viz. Cr(VIl)), specific approaches may be required to obtain adequate
sensitivity quantitation in groundwater [99].

Total concentrations of metal(loid)s in aquifer solids can be achieved in several ways,
depending on the elements of interest and their abundancBay XFluorescence (XRF)

spectroscopy utilizes highnergy Xrays to excite electrons in atoms at the s@fata solid
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phase sample, and emitted fluorescence radiation is used to determine the concentrations elements
in the sample. XRF has the benefit of being-destructive and a range of instruments are
available, from handheld field instruments to more precise ands#ére laboratorybased
systems; however, XRF may be limited by penetration depth of the incidarysXlack of ability
to quantify elements with low atomic weights, and challenges in building calibration curves for
guantifying elemental concentrationa complex, natural materials. Other advanced,-non
destructive analytical techniques for measuring total concentrations of elements in solids, such as
neutron activation analysis [100,101], are effective but often have limited availability for routine
analysis of environmental samples. In contrast, total concentrations may also be assessed following
total dissolution of the solighase material, often utilizing concentrated acids, heat and high
pressures [13103]; once dissolved, resulting aqueous samp@ase analyzed by IGCBES/MS
and concentrations of elements of interest in aquifer solids may becalackated. Such
destructive dissolution techniques have advantages of high throughputs but may be limited by the
risks associated with strong acids (madrly HF) and the frequent inability to completely
dissolve the solighhase sample [104].

Approaches to understanding elemspécific metal(loid) speciation in geologic materials
are limited, with sequential extractions, spectroscopic methods, or microscale chemical imaging
typically employed. Sequential extractions typically involve remowrtgrget analyte (such as
As, Cr, or V) using a series of extractant solutions that target increasing recalcitrant pools, often
including catiorexchange extractants, carbondissolving extractant, and strong acid extractants
that target poorly order aratystalline minerals [105]. However, it is well established that these
extracts do not exclusively solubilize materials from their target pool [106,107]. Nonetheless, this

approach allows for quantitative assessment of how much of a specific elementiatad with
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the operationally defined extractions, providing an insight on the relative availability [108]. In
contrast, Xray spectroscopic methods (commonly conducted at synchrotrons) utilize a
monochromatic Xray, probing all atoms a single element in a samplerd$éting spectra consist
of two regions: an O6edged rrayg inagease rapidiyeandeis t h e
characteristic of the element of analysis, and an extended region, characterized by longer
oscillations following the edge. Analysis ahrcted in the edge region is known asray
adsorption neaedge structure spectroscopy (XANES), and is commonly used to determine the
valence, and sometime fingerprint the local coordination environment, of an element. In the
extended region, extended-ray absorption fine structure spectroscopy (EXAFS), which is
suitable for more concreted elements, is used to determine local coordination environment around
an element [109]. Finally, mapping elemental associations and local speciation of elements in solid
phases can be accomplished by a wide array of laboratory instrumentation; commonly used
approaches include electron microscopy with energy dispersive spectroscopyE(SEIV
electron probe micro analysis (EPMA), micrordy fluorescence spectroscopy-XiRF) and
secondary ion mass spectrometry (SIMS). Each of these approaches allows for spatially resolving
the distributions of metal(loid)s in relation to other elements (and by association, mineral phases)
of interest; however, synchrotrdrased pXRF elemetal mapping has the added benefit that
specific metal(loid) oxidation states may be discerned when images are generated across a range
of incident Xray energies [110]..
2.6 Mechanistic Modeling

Mechanistic modeling is the gold standard for describing environmental systems because
it integrates understanding of fundamental processes into a mathematical representation of how

the subject system behaves [1111I7]. Such approaches have the promisenpfoving
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fundamental understanding of system behavior, predicting unobserved spatial or temporal states,
and supporting design, management, and policy approaches to meet a set of constrained
objectives. However, formation of incisive models, particularly thosedootfirst principles, is
complicated even for relatively simple systems. The development of such models in the
subsurface is at the forefront of the state of science. In this section, we discuss the steps to
formulate mechanistic models seeking to boitdconceptual models that incorporate
hydrogeochemical heterogeneity, mineralogical diversity, and biogeochemical complexity
2.6.1. Fundamental Concepts

Subsurface systems have been modeled using mechanistic approaches both as individual
systems and as components of coupled systemsi[14,117123]. The weHestablished nature
of mechanistic modeling of subsurface systems suggests a mature state oflyadide belies
the challenges associated with the mechanistic description of certain complex systems, such as
those of focus herein. Because mechanistic models mathematically represent our fundamental
understanding of a system, realistic models are uimdeg by such a mature understanding
[112-114,116,117,120]. When that mature understanding does not yet exist, limitations with the
ability of mechanistic models to describe the system of concern naturally follows.

Even for cases in which fundamental understanding of the operative processes are well
understood, challenges with mechanistic modeling can exist. For example, mechanistic models
are systems of partial differential algebraic equations that necessarilserignfial and
boundary conditions, and model parameters (e.g., material properties, reaction rates). When these
conditions vary in space and time in such a way that specification of the necessary model inputs

are stochastic, uncertainty in the resultantlel is a natural consequence [114,117.123].



31
Such uncertainty in mechanistic models of subsurface systems is universally the case, but often
ignored by purely deterministic modeling approaches.

The issue of scale also introduces an important challenge to mechanistic modeling of
certain subsurface systems. Letbdbs presume t ha
microscale (Figure 5), the location and properties of the solid and fluid gisasieutions are
fully resolved in space and time, and all processes are described accurately using mechanistic
approaches. Under such conditions, a mechanistic microscale model can provide an accurate
description of the system [113,2121]. However, natral subsurface systems of concern have
length scales and media complexity that preclude the use of microscale models [111
113,116,117,133,134]. To produce mechanistic representations that are tractable, a larger scale
representation, called the macroscatest be used. At the macroscale, the mechanistic
representation is based upon an averaged behavior of the underlying microscale representation of
the system [11-113,116,117,119,133,134]. Such a representation can be approached with
varying degrees ofgbr ranging from phenomenological to detailed fpsnhciples mathematical
approaches for deriving such models. Regardless of the rigor of the chosen approach, macroscale
models require approximations of underlying microscale behavior that can intraldlithenal
sources of error [114,116,117,133,4B%/]. This error, referred to as modeling error, poses a
challenge to macroscale modeling even if perfect knowledge of auxiliary conditions and model
parameters exists.

2.6.2. Modeling Metal(loid)s

With this brief introduction into the important fundamentals of mechanistic modeling of

subsurface systems, |l et 6s consider the specif

Observations of both laboratory and fisdale systems reveal the importamd geogenic
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sources and biogeochemical reactions as dominant factors influencing human exposure to these
compounds in drinking water [83,13812]. Mechanistic models can bridge these disparate
observational scales to produce insight into system behavior that cagda® ypsotect human
health. What follows is a discussion of the contributions and challenges associated with
mechanistic modeling of metal(loid)s systems that considers a range of scales that successively
increase in complexity. Each successive increasedle contributes new complexity and
challenges.

2.6.3. Batch Models

Batch systems, depicted in Figure 5a, are zero dimensional in space afichensional
in time, making them an ideal starting point for our discussion. At the batch scale, advanced
spectroscopic techniques can be used to elucidate metal speciation| suirfaces
characteristics, and binding mechanisms [11414k5. Relatively refined descriptions of
solution composition are also accessible for such systems. With such data imaxeel|
system, a mechanistic chemical species, reaction, and massrtrandé can be deduced based
upon conservation of mass equations [114,1411¥8. Mature publicly available software
exists for such purposes, such as PHREEQC, TOUGHREACT, and CrunchFlow, among others
[134,147,148]. Parameters and a representative meldétd to mass transfer to the solid phase
are needed, but the homogeneous water phase reactions and corresponding rate coefficients exist
in available databases [1449]. In short, at the batch scale, mechanistic modeling of the
systems of concern islagively straightforward. The precise form of such a model will depend
upon the characteristics of the solid phase and the total set of species and reactions that are
considered. Such approaches lead to a large number of species and component reactions tha

must be considered [83,118,124,1¥4,150]. In some cases, the solid particles can be further
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divided into a set of minerals and organic components, leading formally to a set of solid phases
[114,118,141,145,146,151]. The goal of a mechanistic model is thus to describe the species
phase composition in the batch system as a function of time, amdgtiddeconditions must be
specified to render such a system solvable.

Batch models are made up of a set ordinary differealggbraic equations with the
number of equations dependent upon the number of uniguequilibrium speciephase
combinations [134,141,147]. Given the totality of subsurface andgloéide biocheroal
complexity, the number of equations in such a model can number in the dozens
[83,118,123,141,143,146,152]. Despite the system complexity, success in modeling the time
evolution of the system and the final equilibrium state can be expected for mestsyRBatch
modeling is a typical starting point when modeling complicated biogeochemical systems.
Agreement to batch system data is the first validation one would seek for a biogeochemical
model, and such models can provide additional insight. For examgystematic study can be
used to reduce the complexity of a problem by eliminating relatively unimportant species and
reactions. Such model reduction informs the model formulation and mechanistically based
correlations for larger scale systems.

2.6.4. Microscale Models

Microscale models, schematically illustrated in Figure 5b, are an extension to batch
models that do not require that the system is-métled. In addition to not being well mixed, in
most microscale systems motion of the fluid phase relative to the bals® s permissible, such
as for the case of water flowing through a
case in which the solid phase is relatively immobile compared to the fluid phase [111,418,153

155]. In this case, the motion of the fluid ghdaransports dissolved species through an advective
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process [118,148,15658]. A model of this system would simulate fluid flow using conservation
of mass and momentum equations, along with a state equation relating the fluid density to other
state variables (e.g., pressure, composition, and temperatute)13,155,158.60]. Such a
model is embodied in the celebrated NaxBéokes equations, and readily available solvers exist
to solve for a microscale velocity field for complicated fluid distributions typical of porous
medium systems [154,155,160,161].d@ra velocity field is available, a set of species transport
and reaction equations must be formulated and solved to model the fluid composition
[118,124,141,157,162,163]. The set of species composition equations will mimic the form of the
batch model and/ould include diffusive transport mechanisms. The key point here is that
extension of the batch model to a porous medium system described at the microscale follows a
well-established path that has relatively few open questions.

The firm theoretical footing of microscale models notwithstanding, challenges remain.
First, the model form is challenging to solve because of the need to solve both theStzkesr
eguations and a potentially large system of coupled, nonlinear transgagaction equations
[118,124,141,148,153,157,161,2686]. Coupling occurs through both homogeneous phase
reactions and interphase mass transfer [118,124,141,148,153,162,163,166]. If the computational
challenges associated with solving a microscaleahcah be overcome, a model of roughly
equivalent maturity and fidelity with the underlying batch model is expéctstending the
mechanistic representation to porous medium systems. Mechanistic microscale modeling can be
used to study the evolution of cptax geochemical systems in space, for example informing the
evolution of a system along a flowpath [126,155,158,16311&). A limitation is that the
computational burden for solving such a system will limit the domain to a size on the order of

typically less than a 20 times the characteristic length of the system in each spatial dimension,
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and usually much less than this for readily available computational resources
[148,154,155,157,171]. For an unconsolidated porous medium system, the characteristic length
is often taken as the Sauter mean grain diameter [158,44]2 Thus, practically spding,
microscale models of complex geochemical systems are restricted to very small domains
compared to the length scale of natural systems of concern [129,14%533%7,162,167,171].
Because microscale models are based onaeekpted fundamental undwnding, they can
provide highfidelity descriptions of a system that can also be used to advance macroscale
models needed to represent fislthle systems [113,119,153,155,157;162,175].
2.6.5. Macroscale Models

The limitations on modeling at the microscale means that macroscale models are needed
to simulate fieldscale systems of concern, which are depicted in Figure 5c¢,d. The transition from
microscale to macroscale models is an area of active research. Miecnesdaling of single
fluid-phase flow is well established and routinely performed in practice with abundant practical
benefits well documented [111,113,148,159]. For the geochemical systems of focus in this work,
a large system of transport and reactiqnations must also be formulated and solved, mirroring
the process of developing microscale models based upon batch systems. The increased length
scale at which macroscale models are resolved means thatdaédsimulations may be
possible, though thesame with their own computational challenges [157,159,165,176].

Formulation of an accurate macroscale representation of the complex nonlinear reactions
that occur at the microscale is one of the biggest challenges facingda&imechanistic
modeling [124,137,157]. Currently, no one macroscale approach has beenHaucan
produce reliable simulations of complex nonlinear geochemical fate and transport in all porous

medium systems of interest [124,136,137,156,157]. What has been well established is that
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macroscale models do not follow a similar form to their microscale counterparts, and assuming
so can introduce large errors [2337,157,177]. Mathematically, the issue arises when
attempting to represent averages of nonlinear microscale quantitiesraireeapcombination
of macroscale averaged quantities that is of the same functional form as the microscale form
[114,135,136,177]. Put another way, assuming that each region of a macroscale model can be
modeled as a batch system with known inputs angutsiintroduces significant errors. A
parallel exists with the representation of turbulence, wherdinear velocity deviation effects
have been studied for over a century without complete succes§3078Modeling errors
introduced by macroscale modés a serious impediment to the development of useful
macroscale simulators for complicated geochemical systems [124,137,157]. Additional obstacles
exist when the geochemical system of concern includes both a region above and below the water
table. Suchwo-fluid flow problems come with their own model formulation issues
[153,158,159,176], although recent advances suggest a new generation of macroscale models
may resolve these deficiencies [133,1&1].

Even if accurate macroscale model formulations are developed, further issues related to
the establishment of accurate initial conditions for geogenic contaminant sources and
complicated redox conditions would remain [126,152,169,171,184]. This would terleaxted
by longstanding issues of the identification of material parameters such as permeability and
porosity that vary significantly in space but can only be observed coarsely
[123,124,132,152,184]. These issues have been found to have a greateomypestties
transport compared to simpler flow problems [118,124,126,129,130,152,155,171,177]. This
inevitably leads to models of subsurface systems that are best represented stochastically,

reflecting existing uncertainty [123,126,132,152,177,184].
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2.6.6. Conceptual lllustration: Bimolecular Reactive Transport

To illustrate the modeling approaches discussed above, as well as their limitations, we
will describe the case of bimolecular reactive transport, which has been extensively discussed in
the literature [126,155,157,163,170,177]. The significance of thss ofaproblem stems from
the recognition that band monomolecular reaction cases have been identified as the building
blocks of many significant reactions of interest [170,185,186], including metal(loid)s reactions in
the environment [141,187]. With thmsotivation, batch, microscale, and macroscale model
formulations will be discussed to illustrate the general principles described in the previous
sections. Modeling errors that accompany the jump from each scale to the next will also be
discussed to illusate the limitations of common modeling approaches and to highlight research
opportunities.

A general bimolecular reaction may be described by the following chemical equation:

A + B VYAB, 1)

where the concentration distribution of species A, B, and/or AB might be of interest in
environmental systems' ' implying that the conce
modeling at any scale. The first step taken to describe reactive fatermubttan a porous
medium is reaction rate characterization using batch experiments. A batch system is fully mixed

and may be modeled using a system of reactive conservation of mass equations given by

0 mh (1)

where Gy is the concentration of species i in the fluid phasews the reaction rate, subscripts
indicate quantities that are not at the macroscale, and i is a species index that may be A, B, or AB
for the example considered here. Equation (2) is not solvable without a closure relatign for r

which will depend upon the specific form of the reaction rate law [157,164,167]. Here, a-second



38
order reaction rate law will be used based upon Equation (1) and written for species AB, given
by
i Q 6 6 h @)

where k_ABw is the rate constant, and r_Aw=r_Bw=ABw.

For a batch system, the concentrations of the species of interest as a function of time is
the desired solution. A weplosed batch model requires thfa initial concentrations of all
species, C_Aw0, C_BwO0, and C_ABwWO be specified. Although the model involves three species,
the batch nature of the system allows for simplifications and only a single differential equation
needs to be solved for this simmpase, either analytically or numerically, from which the
concentration of all species can be retrieved. 188w is unknown, experimental observations
can be used to solve an inverse problem to determine this rate parameter [157]. For many
geochemicateactions, the necessary reaction rate parameters are known and tabulated in
available databases [14A49].

The next level of complexity in the hierarchy of scales is the microscale. At the
microscale, the concentration of dilute species is distributed in both space and time, with spatial
contributions due to advective and diffusive fluxes. A common microsaadelnsonsists of a

system of advectivdiffusive-reactive equations (ADRE) [118,157,164,177], given by

~
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where D_(# )is the molecular diffusion, and v_w is the velocity of the water flowing
through the system. The reaction rate expression in a microscale model corresponds to the batch
model for all microscale points in the domain. Additionally, the trawi#ti ADRE relies on the
assumption of Fickian diffusion at the microscale [126,157,159,161,164,177]. Although each of

these assumptions could be checked, the microscale ADRE has been found to model effectively
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many singlefluid phase systems of interest [155,157], and would be expected to apply similarly
to the fate and transport of metal(loid)s in the environment. To render the microscale model
complete, v_w must be known, which in general requires a solutitie dNavierStokes
eqguations, a continuity equation [119,152,157,161], and an equation of state for the fluid density
[111-113,159,188]. Although the batch model simplified to a one equation solve, the situation is
more complicated at the microscale bessaaf the field nature of the quantities, and the need to
solve for the fluid motion.

Macroscale modeling within a porous medium is ideally developed based on microscale
conservation principles. Macroscale models can be formulated either by posing the model
phenomenologically, such that they have a form that is similar to the correspomdiogcale
model, or they can be derived by direct averaging of microscale equations. Although the former
approach is encountered often enough to be considered standard [114,134,137,189], the latter
approach can result in models that are consistent asxrakes. Careful averaging from the
microscale to the macroscale provides a verifiable link between scales that can allow one to
check any assumptions or approximations that have been used to derive and close the model at
the macroscale [113,119,157]. Althgh such an endeavor is technical, it has been accomplished
for many systems of interest [113,115,119,122,183], including for systems experiencing reactive
transport [130,190,191].

The use of phenomenological macroscale continuum models has led-tawgthented
modeling error [114,117,130,135,137,155,157,177,189], and some in the literature to question
whether continuum models are viable for reactive transport [114,158]. Toatkrigie sources

of error, we will describe the commonly used macroscale ADRE, which has been
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phenomenologically posed, followed by a discussion of modeling error that results from this

approach. The standard macroscale ADRE is given by

~
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where DMwids the assumed Fickidarm of hydrodynamic dispersion experienced in the
averaging region, and superscripts indicate macroscale quantities. Equation (5) relies on the
standard assumption that the averaging region for the macroscale model is well mixed
[135,136,155,159] and thmorosity is constant in space and time. A result of this assumption is
that the reaction rate may be expressed for species AB in our case as

rABw=k _ABw C"Aw C"Bw , (6)

where k_AB would be the same as in Equation (3). The Fickian approximation is not applicable
in general for natural systems [130,155,157,161,170] and open questions exist regarding the
dispersive term for reactive systems even for the limiting case wieFfackian approximation
is reasonable [130,155,157,170]. These approximations lead to modeling error, and their
individual contributions to error are still an open question [126,130,155,157,177]. Additionally,
Equation (5) cannot be used in cases wh&solution/precipitation leads to changes to the
porous medium [118,129,164,175,192], which is possible for some systems [141,187].

The phenomenological macroscale ADRE essentially amounts to treating each
macroscale averaging domain as a batch system with known inputs and outputs, which is not an
accurate treatment in most field cases. A classic experiment that investigated the errors
introduced by Equation (5) for bimolecular reactive transport is available in the literature [135].

It was found that the macroscale ADRE regularly predicted a mass production of the bimolecular

product species that wasd @0% higher than what was obsedvélthough this level of error
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may be acceptable for laboratory experiments that are on the order of centimeters, this error
would accumulate rapidly, becoming intractable in fistdle simulations that have length scales
on the order of kilometers, which would be expected when mapeiatal(loid)s fate and
transport in the environment [137,148,155,170,187]. Model solutions that maintain the
phenomenological framework of the ADRE have been proposed, but most are based on
hysteretic models [124,136,157]. Such models are not ideal 4oy meetal reactive transport
modeling, where often the history of the system is not known, where the system is
heterogeneous, and/or where inverse modeling is the explicit goal of the model [124,170,187].
The next generation of macroscale simulators requarreactive transport model that only
requires knowledge of the current state of the system, as well as accessible medium parameters.
Vigorous work on these issues is underway in the geochemical modeling community
[116,118,134,155,185,189].

Despite the prevalence of toxic metals such as As in the environmengdaéd
mechanistic reactive transport models are rarely reported in the literature, and when they are
reported they rarely incorporate all relevant physics. Typically, attemptattase As fate and
transport in groundwater are based on statistical models [39,40,193,194], or they are
phenomenologically based on posited macroscale extensions tsgadeghysics [193,195
197]. Some of the most common methods that are used irettiedday rely on coupling
reaction modeling using PHREEQC with some other macroscale solver [19BTP%however,
these macroscale simulators often make use of the traditional ADRE, which does not apply to
most reactive transport scenarios. Recent &sflosive been made to more rigorously develop
mechanistic fielescale models for As adsorption by averaging up from the geake [198], but

the resultant models cannot be considered mature.
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2.6.7. Challenges

Barriers to the development of reliable mechanistic models include theoretical issues
related to upscaling nonlinear reactive transport models from the microscale to the macroscale,
managing the complexity associated with biogeochemical systems thatchaeidozens of
species and hundreds of reactions, and the stochastic aspects of subsurface systems, including
source conditions for Ar, Cr, and V that can be in a variety of mineral forms that vary markedly
in space in a manner that cannot be identifietganinistically. Despite the significant
challenges, work toward mechanistic modeling should continue to demonstrate the maturity of
our level of understanding and to make inroads toward reliable predictive modeling of these
complex systems. Potential patforward include considering walharacterized model systems,
complexity analysis to determine and represent the leauitgy biogeochemical reaction effects
as a starting point, and theoretical advancements to reduce modeling error for nonlingart trans
and reaction problems in general.
2.7 Outlook and Conclusions

The release of geogenic contaminants to groundwater is controlled by the chemistry of
the subsurface environment, which is in turn controlled by the hydrology and composition of the
aquifer substrates. Interactions between these two result in a widg vhpetential recation
involving the contaminant metal(oid)s, including: acid/base and redox transformation,
solubilization, precipitation, sorption and desorption, among others. Here, we explored the
common and contrasting release and retention mechaufisms, Cr, and V. As is known to be
more soluble and toxic in its reduced form, As(lll), rather than its oxidized form, As(V);
conversely, both Cr and V are more mobile and toxic in their oxidized forms, Cr(VI) and V(V),

rather than their reduced forn@;(I1l) and V(lll). The contrasting geochemistries illustrate how
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challenging it can be to account for all the factors that may contribute to their release,
particularly in environments with multiple potential contaminants and groundwater conditions
(i.e., pH, redox potential, etc.) that can alter over both distancena@dHowever, in many
cases interactions with mineral surfaces, such as sorption, dissolution, and oxidation, have
commonality among the key drivers of the processes (e.g., Fe and Mn minerals). Modeling these
interactions is important for determine howe hotential hazardous metal(oid)s mobilize and
move in the subsurface environment, which requires connecting the hydrology, geology, and
geochemistry at scales ranging from the microscale to the macroscale.

The understanding of the hydrogeochemistry, and thus efforts to model, the subsurface
are hindered by the heterogeneous nature of the subsurface. It is difficult to specifically
determine the concentrations and distributions of As, Cr, and V in the asplifgrates, the
exact flow of the groundwater, how the groundwater conditions evolve, and what biotic or
abiotic interactions are occurring to mobilize or hinder contaminants. The complex nature of the
subsurface in turn makes scaling mechanistic modats the microscale to the macroscale
difficult. Constructing and validating such models is an ongoing area of research, with
improvements being made in technique, approach, and computation power, as well as the
expansion of basic kinetic and sorption daten related laboratory experiments.

Moving our understanding and modeling of subsurface metal(oid) contamination forward
will likely require a crossliscipline effort in research. Being able to understand the complexity
of the subsurface requires a variety of complementary expertise (hygrgeochemistry,
guantitative modeling), so designing projects that bring together members of different fields will
facilitate the transfer of information. Drawing from experts across disciplines also reduces the

potential for gaps in fundamental knowlegd@nd address the challenges to developing a
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comprehensive body of basic knowledge around the hydrogeochemistry and creating robust
guantitative models. Furthermore, an important portion of this research will be making the
information available to those outside of the scientific community who wik laaneed for it.

This will include not only the general public who may need to be aware of potential issues with
groundwater should they utilize it, but also stakeholders in adjacent fields. This may be as varied
as public health officials, who would netdknow what communities might be impacted by
potentially hazardous contaminants, to land managers and environmental regulators, who would
need to know where surficial inputs or spills might cause release of geogenic metal(oid)s in the
groundwater. Abovall, research into the solubilization and transport of metal(oid)s into
groundwater, and potentially the drinking water of millions of people, is an urgent need, in order

to remediate and prevent human exposure to potentially toxic, geogenic contaminants.
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Figure2.5. Mechanistic modeling approaches: (a) weiked batch system; (b)
microscale modeling approach where the colored dots indicate regmtieies; (c) a macroscale
point, which can be resolved using microscale methods or averaged over at the macroscale; and

(d) a fieldscale system with a macroscale point denoted.
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CHAPTER 3: Impacts of surfacederived redox active species on arsenic solubilization
from North Carolina Piedmont saprolites
3.1 Introduction

Arsenic is a carcinogen, neurotoxin, and metabolic disruptor (Sinha and Prasad, 2019;
NavasAcienet al, 2006; Farkhondeh et al, 2018)jorldwide, 94 million to 220 million are
estimated to be exposed to As concentrations in drinking water above the World Health
Organization limit (10 pg/L) (Podgoski and Berg, 2020), with much of the exposure stemming
from groundwater that is contaminatiedm naturally occurring processes (geogenic
contamination) (Shaji et al, 2021; Belitz et al, 20RRikherjee et al, 208. In North Carolina,
geogenic contamination has been linked to specific geologic formabiattsgterogeneity
convolutes thalistribution of contaminated wells within individual geologic units (Alvarado et
al, 2024). As such, there is a crucial need to understand the subsurface biogeochemical processes
that result in As solubilization from geomaterials.

The mobility of the As is tied to its redox chemistry, and thus the redox potential and pH
of the subsurface environment in which it resides (Peel et al, 28&2nic is typically found as
As(lll) and As(V)oxyanions in natural systemsyder typical natural pH condition&s(lIl)
tends tdbepresent as As(Il) Oz and BAs(IIl) Oz, andAs(V) is commonly found as
H2As(V)Os and HAS(V) 042 (Goldberg,2002) Because the redox transformations of As in the
subsurface are slow, both As(lll) and As(V) can be found in natural systems (GoRDi2y,

In general, As(V) is thought to be less soluble and mobile than As(lll) (Masscheleyn et al, 1991,
Goldberg, 2002), although this preferential adsorption is mineralogy depeRd&en(et al,
1998; Dixit et al, 2008 and recent work has challenged this long held assumgimng et al,

2020. For redox potentials between 200 and 500 mV, the Ag@&)ominatesat redox
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potentials between 0 and 200 mV, dwubilizationof As was linked to the reduction of As(V)
and Fe minerals (Masschelegal, 1991; Ravenscroft, 2009\dditionally, pH can impact As
adsorption, with both As(lll) and As(V) sorbed more strongly at acididpdeed, desorption,
surfaces into groundwater with high pH, low Fe and Mn concentrations, and with some oxygen,
nitrate or sulfate present, is considered one of the most important As release mechanisms
(Ravenscroft et al, 2009).

Fe and Mn have both been found to regulate redox conditions and the biogeochemical
cycling of As Fe oxides are an important sorbent for As in natural environments (Oscarson et al,
1981). Because of this association, the most common mechanism for As release is reductive
dissolution of Fe oxides with concomitant As release (Ravenscroft et al, Fe0®3ides are
able to oxidize As(lll) to As(V)butMn oxides are a moreffectiveoxidizer of As Importantly,

Mn oxideshavea greater redox potenti@ndarelikely to be reduced prior to both Fe and As
(Oscarson et al., 1981 large enough concentrations, Mn can act as a redox buffer, poising the
system at a potential that inhibits Fe and As reduction and solubilization (Keimowitz et al, 2017

The ratio between Mn and Fe (as either Mn/Fe or Fe/Mn) is a metric that has been widely
noted in literature with regards to trace element mobility and transformations, including that of
As. In groundwater, MfiFeratios are used to indicate whether the groundwater is more reducing
(lesserratio) or oxidizing(greateratio), due to the difference in solubilization between the two
elementgdue their different redox potentiglglerz et al, 200p and in turn would indicate the
likelihood of reduction driven Adissoluton. Similarly, Mn/Feratio has been used as a variable
to describe the redox conditions of sedimebtgh at present and historicalfsto the pair
experiencing redox transformations at different rates and redox potentials, with the Mn

considered to be more sensitive to Eh changesilla et al, 2006; Marki et al, 2020At least
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one additional study considered the role of adsorption as well as oxidation with regards to As
mobility; it was found that with aquifer solids with high Mn:Fe ratios (>0.1), the removal of
As(Ill) from solution was dependent on oxidatimnthe less soluble As(Vyvhereasn solids
with low Mn:Fe ratios (<0.02), removal of As(lll) was more dependent on adsotptkem
minerals(Amirbahman et al, 2005

Theredox environment of the subsurface can alsmthigenced bysolutesthat enter the
groundwater system from the surface. Common redox aatifigial inputs to aquifersiclude
nitrate, which can occur in high concentrations in groundwater due to its use as a fertilizer
animal wasteand dissolved organioatter.Nitrate transformations are known to be tightly
coupled to Feycling, with nitrate reduction being coupled to Fe(ll) oxidation and precipitation
by both biotic and abiotic mechanisnidgtinez et al, 2024; Zhan§ Furman,2020. Nitrate
reduction has also been linked to As(lll) oxidation in eduenvironmentsHang et al, 2021
Organic mattemay serve as agectron donor, as an electranceptefor microbial respiration,
and an electron transfer mediator for dissimilatory microbial Fe redu@i@n& Furman
2021). Because organic matteragtremelydiversein nature, its reactivity and contribution to
redox transformations is dependent orsfiecific chemistryln laboratory experiments, organic
materials that are used to model the effect of organic matter to subsurface reactions include
humic acids, fulvic acids, lactate, acetate, eitrdite among othersBalogun et al, 2023;

Gillispie et al, 2016Wang et al, 2006

The Piedmont region of North Carolina has areas with elevated As concentrations in
geologic materials, which can result in As contaminated groundwater, posing increased risks to
populations utilizing wells as their main source of domestic water (Alvataalp2024; Sanders

et al, 2012; Eaves et al, 2022; Coyte and Vengosh, 2020). To better investigate the potential for
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release of As from geomaterials in the area, two sapralitbssarying Mn, Fe, and As content
were utilized to perform batch incubations to determine bimogical activity and surfial
inputs with constraining redox chemistries (viz. nitrate eitrdte will influence redox
transformation and solubility of the elemerithe saprolite materiadirom the end of the
experimental period will be analyzed usinga§ adsorption techniques to determine the
oxidation state of major redeactive elements, Fe driMn. It is expected that changes to the
oxidation state of redeactive elements in postcubationmaterialwill reflect the oxidizing or
reducing character of the additive used during the experiffieatresults of these experiments
will help to elucidate the conditions under which As dissolves from agofetsto groundwater
in the NC Piedmont, with the goal of better understanding where such hazardous contamination
may occur.
3.2 Materials and Methods
3.2.1Reagents

Solutions were prepared using ASTM Type 1
otherwise noted, all chemicals were reagent grade or greater purity, and sourced from Acros
Organics, Fisher Scientific, Fisher BioReagents, or Sigidach.
3.2.2 Saprolite Samples

Saprolites weresollectedfrom two sites irNorth Carolina PiedmontSaprolite was
chosen becausei# both a chemically active portion of the soil and a part of the Piedmont
aquifer system that has been implicated as a source of metals to groundwater (Gillispie et al,
2016).0ne saprolite was collected from the wall of an incised creek in Jesse Helms Park (JHP),
in Union County, NCThis site in particular was chosen due to its overlaying geology composed

of metavolcanic mudstorad the Cid formation, paiof the Carolina terrandatis known forthe
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common of occurrence @fs concentrations in groundwater above drinking water standards
(Pippin et al., 2003; Alvarado et al., 202%ihe other saprolite was collected from above felsic
metavolcanic rocks associated with the Battleground formation at the Redlair Observatory
(RLO) in Gaston County (Horgan et al, 2024ndis not associated wittvidespreadis
contaminabn of groundwater (Alvarado et al, 2024)

The saprolites were transported back to the laboratory, divided into portions in polymer
sleeves (Mitsubishi Gashemical Company, Inc.), which were heat sealed with an oxygen
scavenging AnaeroPack (Mitsubishi Gas Chemical Company) and refrigerated fterong
storage to preserve its redox conditiofise polymer sleeves were transferred to an anaerobic
chamber (Coy Lab Products) to be opened for sampling, analyses, and experimestakuss.
were resealed with a new AnaeroPack for additional refrigerated storage.

2.2.3 Saprolite Characterization

The saprolite samples were characterizgdlemental composition, particle size, and
specific surface are®rior to these analyses, ssmples of each saprolite were oven dried
overnight, ground, and sieved to <2 nfParticle size analysis was conducted by hydrometer
method (Gee et al, 2002) was performed by the North Carolina State University Environmental
and Agricultural Testing Servic&ghe surface areageredetermined byBrunauerfEmmettTeller
(BET) analysis on a Quantachrome Autosorb iQ Station 1.

Two approaches were used to determine elemental composition. Acid digestions were
carried out using the EPA method 3050B (USEPA, 1996), utilizing concentrated nitric acid and
hydrogen peroxide to extract the environmentally available fraction of elerietsesulting
digestate was analyzed for Fe, Mn, and As by inductively coupled plasiss spectrometry

(Agilent 8900 ICPMS with Agilent SPS4 autosampler; detection modes included no gas,
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hydrogen, high energy hydrogen, helium, high energy helium and oxygen rirod#)e minor
redoxactive element, As, the limit of detection (LOD) for analysis by-M®was 0.02 uM.
Additional subsamples were processed for analysis-bgyXluorescence spectroscopy (XRF)
by oven drying the saprolites, grinding the material to a fine powder using a ball mill grinder
(8000D Mixer/Mill, SPEX Sample Prep), and pressing the materiahbiptllet with a smooth
flat surface needed for analysithese pelleted saples wereanalyzedoy using a Bruker Tracer
5i handheld XRF scanner at the North Carolina State University Paleoclimatology Laboratory,
yielding total concentrations of elements, rather than the environmentally available fraction per
the acid digestions.

3.2.4 Batch incubation sefp

To determine release of As and other metals from saprolite, batch incubation studies were
developed (Balogun et al, 2024; Gillispie et al, 2026) and conducted @-apl€hese studies
were meant to simulate the behavior of As when the saprolite materials were inundated, and
when that inundation included amendments that are known to leach into groundwater systems,
specifically nitrate and dissolved organic carbon, here tadd®y citrate

Solutions of 25 mM HEPES buffer and 10 mM KCI were prepared with deoxygenated
MilliQ water, and one of two concentrations (20 mM or 50 mM) of nitfaseKNQ) or citrate
acid (asanhydrousNaGsH7O7). For abiotic experiments, 10 mM bronopol was included as a
microbial inhibitorbecause itd a noroxidizing, broad biocide that is less likely to affect the
redox chemistry of thEein the sample than sodium azide (Parsons et al, 18988)tiors were
prepared iran anaerobic chamber to prepare with the deoxygenated water under a nitrogen
atmosphere. The pH of each solution was adjusted to 6.5 £+ 0.3 by addition of deoxygenated 0.1

M NaOH or HCI, with the pH and oxidation reduction potential (ORP) measured byRisirey
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Scientific Accumet excel XL25 equipped with apen pore glassody pH combination
electrode (Fisher Scientific, 13620130) and a combination Ag/AgCl redox/ORP electrode
(Thermo Scientific, 9778BNWPPRP was converted to redox potential to Standard Hydrogen
Electrode (SHE) potentials specified byhe manufacture New lutions weregoreparedor
each incubation

To initiate experiments, a sleeve of saprolite was opened in the anaerobic chamber,
wherein saprolite was removed and passed through a 2 mm sieve, then used for the batch
incubation without dryingOne hundred and eighty 30 mL glass vials were filled with 2.5 g of
saprolite, and then transferred to the glovebox to receive 25 ml of experimental solutions.
Samples were crimp sealed in the nitrogen atmosphere to preserve their redox condition and
agitated by either oscillating table or carousel in the dattdrdark for up to 50 days.
Incubations with each solution were sampled destructively in triplicate on days 1, 3, 7, 14, 28,
and 50Upon sampling, the pH and ORP of each incubation was recorded, then the entire
incubation slurry was transferred to a centrifuged tabd centrifuged at 4000 rpm for 20
minutes taseparate theolidsfrom the agueous phaskne aqueous phase was decanted in the
glovebox and the diluted with 2% nitric acid for elemental analysis by inductively coupled
plasma mass spectraspy. The remainingolidswere retaineadentrifuge tube, packaged in a
Mylar bag under nitrogen with an oxygen scavenging pack, and frozen to preserve their redox
conditionfor subsequerdnalysis.The aqueous phase was retained and diluted with 2% nitric
acid for elemental analysis by inductively coupled plasmaas spectroetry, as described in

section 2.3.3
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3.2.5 XANES characterization of saprolite materials

Mn and Fe Kedge Xray absorption near edge structure (XANES) spectra were collected
for selected treatment®llected on dy 50 to determinthe oxidation statelSse and Mnin solids
Onereplicate was selectddr analysidrom the buffer, the buffer + bronopol, the 20 mM nitrate,
the 50 mM nitrate, the 20 mM CA, and the 50 mM CA incubati@nsortion of theincubated
solidswas placed in weigh boats and allowed to dry under the nitrogen atmosphere to reduce the
amount of liquid and improve sample handliBamples were packed into a sample holder and
sealed with Kapton tape, and shipped overnight on ice to the Stanford Synchrotron Radiation
Lightsource(SSRL)in Menlo Park, CA.

K-edge Fe and Mn XANES of the unreacted saprolite and the day 50 samples were
collected at room temperature at beamlin€1d fluorescence mode. The beam was energy
calibrated by setting the maximum of the first derxeabf an edge spectrum corresponding of
the corresponding metal for to 6539 V (Mn) or 7112 (Fe). For Fe, signal was detected with a
passivated implanted planar silicon (PIPS) detector with Soller slits and a Mn filter. For Mn, a
100-element germanium detectwas used. For Mn, multiple sgea were collected to improve
signal to noise ratio. The spectra were averaged to improve-signaise ratio, calibrated,
baseline corrected and normalized according to the approaches described by Kelly et al. (2008)
using Sixpack (Webb, 2005). To detene the average oxidation state, the spectra were
analyzed by I inear combination fitting using
al, 2004; Duckworth et al, 2017; Sowers et al, 20ZBgse standard spectra can be found in
Figures 3.1hrough 3.3Additionally, the spectra were fit with standard spectra and the

corresponding unreacted saprolite specttoithe determination of how much residualreacted
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saprolite remains (Gillispie et al, 2016). All reported data were normalized to 100%, with raw
summati ons ranging frolo7farmMa.1711. 02 for Fe and
3.3 Results and Discussion
3.3.1 Saprolite characteristics

Physiochemical propertiesf the JHP and RLO saprolites are shown in TaB2sand 3.

Based on texture analysis, both saprolites were classified as loams, with the RLO saprolite found
to have a greater percentage of clay compared to the JHP saprolite (23% compared to 13%).
Consistent with clay content, the surface area of the RLO saprolite was neadig&ith the
surface area of the JHP saprolite was @ nAlthough concentrations of Fe and Mnboth
saprolites wergypical of most Piedmont soils ageologic material§Daniels et al, 1999), the

RLO saprolite had greater total and available concentrations of both Fe and Mn than the JHP
saprolite (Table.3). The JHP saprolite had greater total (9.86 mg/kg compared to 5.5 mg/kg)
and available (1.98 mg/kg compared to 1.62 mgAgigoncentratioathan the RLO.

Additionally, the JHP saprolite has a greater percentage of available Mn (56.3% compared to
40.2%)whereaghe RLO saprolite has a greater percentage of available As (29.5% compared to
20.1%).

Ratiosof Mn:Fewere calculated using the total, available and oxide content of the
saprolite, but to make comparisons to other studies, the available concentrations were chosen for
comparison, as the acid digestion method was closest to the methods used to determine
conentrations in literaturd?reviousstudies (Maguffin et al, 2020; Gillispie et al, 2016)
incubated aquifer solids amitte paddy soils of different Mn:Fe ratios in a similar manner to this
work to determine the extent of Fe, Mn and As mipailon. The JHP saprolite had a greater

Mn:Fe ratio(0.020 thanthe RLO saprolit€0.007). Comparing these to literature sourdbg,
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results oMaguffin et al (2020suggesthat the JHRaprolitewould adsorb more As, as it has a
greater Mn:Fe ratidn contrastthe results oGillispie et al (2016) suggest that the JHP saprolite
would be more likely to release As, as its Mn:Fe ratio closely matches that of the microcosm in
the study that experienced the greatest As dissolUtlmeseseeminglycontradictory predictions
will be further discussed later in the study.
3.3.2 pH and ORP conditions

Redox conditions (ORP) and pH are shown for the RLO and JHP saproliteationsn
Figures3.4and3.5, respectivelyln the RLO incubations, pMasconstant (pH .0+ 0.5)
throughouthe course of the experimg(itigure3.4). In contrastfor the JHP incubations
containing bothhe bufferonly and nitrate, pH lowered to between 5 and 5.5 by the end of the
incubation period, both with and without the bronopol addifidre pH of allJHPincubations
containing citrate acid maintained circumneutral ptdtigh the experiment (JHP pH = 6.7 +
0.3) (Figure3.5). For both saprolites, treatments without bronopol showed more variability in the
ORP over the course of the incubation period. In general, the greatest ORP values without
bronopol for both saprolisavere found in treatments containing nitrate, limiting the overall
reduction of the experiment in the microbially active nitrate incubatlarontrast, all
treatments containing bronopol had ORR19+ 40mV for the RLO andt20+ 20 mV for the
JHP saprolite across the entire experiment, which generally were greater than the treatments
without bronopol for theitrateand control experiments.is worth noting that the ORP of
brornoprol in deoxygenated water was measured to be 430Tim¥ .steady ORP suggests that the
presence of the microbial inhibitor limited reduction through the entire periodufation It is
also within the redox potential range wherein Mn reduction is seen iEbi#&s520 m\) butis

greater thaFe redution would typicallyoccur(Eha 0 mV) (Strawn et al, 2015).
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3.3.3 Element solubilization and aqueous conditions

Figures 3671 3.9show the aqueous concentrations of Fe, Mn, and As over the course of
incubation experiment he concentration of Mn experiments with both saprolites increased
monotonically, with the greatest incesaoccurringluring the first seven days of the incubation.
The addition of CA to the incubations led to an increase in dissolved Mn concentrations for both
saprolitesThe JHP incubations without and with bronopol had similar element concentrations
over the course of the experiment, whereasih® incubations with bronopol had greater Mn
concentrations than those withotihe similar behavior of dissolved Mn in both incubations
suggests that the Mn solubilization is driven primarily by the redox potential of the experiment,
as the ORP across all treatments was reliably within a range where reductive dissolution would
be fawred (Strawn et al, 2015; Maguffin et al, 2020).

Average oxidation numbers of the elements, as determined by LCF analysis of XANES
spectradescribed in section 3.2.&te listed inTables3.4 and3.5. The experimental spectra with
XANES fits are shown in Figures10-3.14. LCF analysisshowed that average Mn oxidation
number for JHP saprolite was dependent on the treatment; by day 50, the high nitrate incubation
had a Mn averagexidation numbeof 2.6, whereaghe high CA incubatiosaw an average Mn
oxidation Number o2.2. These changes in oxidation may be reflected in the aqueous chemistry
(Tables3.6 and3.7), which showed greater statistical difference in dissolved Mn concentrations
based on theharacter of the additive, rather than whether the incubations were microbially
active or inactiveThis change reflected the expected changes based on the redox character of the
additive.The average Mn oxidation number for the incubated RLO saprolite, in contrast, was

greater than the unincubated saprolite.



89
Additional LCF fitting utilizing spectra from the unincubated saprolites as a standard
(Figures 3.5 - 3.18) showed how the saprolitebanged duringhe incubation period (Tables
3.8 and3.9). The RLOspectrdits all hadloss of original saprolite material, and an increase in
the fraction of Mn(1V) spectralhe JHP saprolitéts also had lessdractionsof original
material, andvith an increase in the fraction of Mn(lIl) spectra (buserite) or in the fraction of
Mn(Il) spectra (MnS@), consistent with increase and decrease of the average oxidation number.
Aqueous concentrations of Fe during incubation experiments are shown in Figures 3
3.9. In contrast to Mn, Fe concentration does not increase monotonically with time in all
incubations without bronopol, and in the incubations with buffer + bronopol and nitrate +
bronopol.This is consistent with the observations of Maguffin et al. (2020), who note similar
fluctuations in porewater Fe concentrations of microbially active microcosm experiments that
were attributed to precipitation of iron mineralfie additon of nitrate generally resulted in
suppressed Fsolubilization most notably in the RLO incubations, which may be attributed in
literature to the direct oxidation of Fe(ll) by nitrate, ordsgductsof microbial denitrification
(Fang et al, 2021; Martinez et al, 2028)trate addition for both saprolitéscreasd the Ehto
values greater thahethresholdvhere Faeductionwould be expectet(b100 m\), and
potentially poises the Eh there in the case of the JHP sag&tlitavnet al, 2015)CA addifons,
in contrast, resulted in statistically significant greater aqueous Fe concentrations in both
saprolites compared to both the buffer and nitrate treatments (Bebkasd3.7). The Fe
concentrations in the JHP incubations suggest microbial reductive disstletaaseot only
was there greater overall release of Fe in the CA incubations without bronopol than with, the

greater redox potential in the CA+bronopol incubations suggest a poising of redox state above
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that which is favorable for Fe reductive dissolutiMagscheleyretal, 1991; Keimowitz et al,
2017).

Conversely, the RLO incubations with CA had greater Fe concentrations in the bronopol
incubation, despite having a greater redox potential and similar pH to the CA incubation without
bronopol; this would suggest that the RLO Fe dissolution had a significatribution from
abiotic mechanism in addition to the microbial processes. Despite the variability in the Fe
dissolved, all incubated saprolites had an average Fe oxidation number at 50 days within error of
the original oxidation numbégFigures 3.1 ard 3.12; Table 3.4. and 3.5)

Using the original saprolites as a stand&elspectra, the fraction of original Fe was
much lesser than the fraction of original Mine change in both saprolites were dominated by
an increase in the fraction of Fe(lll) mineral spectra; ferrihydrite and goethite for the RLO
saproliteand nontronite and chlorite for the Jid&prolite(Table3.8). This may reflect both the
greater dissolution and potential transformations related to precipitation compared to Mn in the
saprolite.

Concentration of dissolved As during incubation experiments are shown in Figlires 3
3.9. Importantly, As was commonly undetected in the aqueous phase (<0.02 uM) of the
incubation in most experiments. However, the addition of CA also resulted in detectable As
concentrations though incubations with and without brondpg. greatest As concentrations
were in JHP wittcitratewithout bronopol, with maximum concentrations that exceeded the EPA
drinking water standard of 0.13 uM (10 pg/.the RLO incubatios, As concentrations were
not statistically different between the microbially active and inactive incubations. In contrast, As
concentrations in the JHP saprolite showed statistical difference between the microbially active

and inactive incubations, pauiarly in the incubations with CA (Tab&6).
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3.3.4 Element correlations

Pooling the aqueous datar each saprolitenay be useful for examining the underlying
geochemical mechanisms that control elensehibilization(Gillespie et al, 2016)The
dissolved elemental concentrations from each replicate were converted from its agueous
concentrations to mass dissolved per mass of saprolite, and used to create correlation plots
between the Mn, Fe and As concentratidghigures3.19 and3.20 show these correlations for
each saprolite incubation, with blue circles and orange squares showing the element release of
the incubations with and without bronopol respectively (i.e., microbially inactive and active
incubations)Overall, the correlations illustrated that the JHP saprolite released routyimgs
and 10 times more Fe and As, respectively, than the RLO saprolite.

The correlations between the Mn, Fe and As in the JHP saprolite showed a threshold
effect(Figure3.19), whereinminimal As and Fe dissolution occurred until dissolved Mn
concentrations approached ~50 ug/ge RLO saprolite, with a lesser concentration of available
Mn, had detectable dissolved As and Fe concentrations at a lower dissolved Mn threshold (~20
pg/g) than the JHP saproli(Bigure3.20). The As and Fe themselves exhibifesitivelinear
relationships in both saprolites compared to the As and Mn relation€lailgsllating with only
the detectable As concentrations, the JHP without bronopol incubatioas e 0.77 (p <
0.01), and the bronopol incubation$-R0.53 (p <0.01)Fe and As concentrations did not
correlate in the RLO saprolite without bronopof é®.06, p = 0.19), with the concentrations
found consistently low and close to the limit of detection (~0.015 plgyghbations with
bronopol had an = 0.30 (p<0.01) and dissolved Fe concentrations comparable to that in the
JHP incubations with bronopol, but with significantly less As releBEss.pattern agrees with

literature findings that th®In may act as a buffer to the reduction or solubilization of As and Fe.
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Maguffin et al. (2020) found that Mn must be reduced prior before Fe and As reduction and
solubilizationcan occurThe redox potentials of the JHP incubations with and without bronopol
further suggest a buffering effect by Mn, as those with bronopol are poised atealiving
potentialwith little Fe and As reduction (Figud®). Moreover, the linear relationship between
Fe and As solubilization supports the findinlyat the Fe fraction of th@aterialacts as the
carrier phase for the A€onsidering tis with thelower Fe and As mobilization when the
incubations are effectively redox poised with bronpauggest thatreductive dissolutiomas
thedominatemechanism for As mobilizatioim the JHP incubation3he trends in the RLO
incubations were similar, but less defined due to the lesser dissolved concentrations of Fe and
As.

As previously explored, the difference in As dissolved from the saprolites may be

explained irnterms of their element ratios (Gillispie et al., 2016; Maguffin et al., 202{@).
Mn:Fe ratio in these studies werdiged in these studies as they are a common indicator for
redox conditions, and As mobilization is predominately driven by redox reactions and
transformations, which can be limited by the abundance of Mn in the sydtaguffin et al.
(2020) found that Asnobilizationdecreased with increasing Mn:Fe ratisgsggesting that
oxidation was the limiting factor of As solubilitlowever, in thé study greater Mn:Fe ratios
had greater dissolved As concentrations than the saprolite with a lesser Mn:FehealidP
saprolite had a Mn:Fe ratio of 0.020 andreAs solubilization compared to the RLO saprolite
(Mn:Fe ratio = 0.007)Thisresultwasin agreement with theesults ofGillispie et al(2016)
where thehighest releasef As occurredn a microcosm with Mn:Fe = 0.02&nd microcosms
with a higher and lower Mn:Fe released lessTss discrepancy might be accounted for by the

differencesm Fe concentration and speciatibie saprolites. Not only does the RLO material
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have a high fraction of Fe than the JHP material, XANES indicated that it formed additional
ferrihydrite over the course of the experiment, as noted previdtesighydriteis known to bind
both As(V) and As(lll) (Raven et al., 1998), and could act as sorbent for released As that is
otherwise being released by the RirOubation. Togethethe results of the incubations likely
illustratehow the solubilization of As is dependent on both the redox potential (Mn oxide
content) and sorption capacity (Fe oxatmtent) of the aquifer solids.

The above compares the ratios calculated using an acid digestion method that extracts the

environmentally available fraction of elements to compare it to literature sodm&syver,
different methodsvereutilized in this study to determine total element concentrations and
element oxide concentrations, and these may also be used to calculate Mn:FEhatiasos
calculated using the oxide fraction of the saprolites (JHP = 0.012; RLO = 0.002) reflect a similar
pattern to the environmentally available ratios, and reflect the fact that the oxides are both the
chemically active fraction of Mn and Fe aval@loncentration, and the fraction most likely to
act as a sorption substrate. In contrast, ratiaztatbed using the total concentration data are
flipped, with the JHP having a lower ratio than the RLO (JHP = 0.030; RLO = 0.149); reflecting
the fact that the RLO appears to have a large fraction of recalcitrant Mn associated with the
silicates portion ofhe saprolite. This illustrates that the Mn:Fe ratio is dependent on what
method is used to determine the concentration, and what fraction of the Fe and Mn is actually
being measured. It is also limited in taking into account the effecténafralogythat may arise,
as is suggested by the low release of As from the RIb@3.could make the Mn:Fe ratio a
starting point for future experimental work and the development of models, building from simple
ratios to incorporate the differences in chemically active concentrations and ovasklogy

Overall, this study suggests tlathoughthe ratio between the solid phase concentrations of Fe
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and Mn is an importanbut simplisticjndicator for As release, the speciation and binding
affinity of the Fe minerals for As can counteract otherwise favorable indicators for release.
3.4 Conclusions and Further Research

The two saprolites showed very different dissolved As concentrations over the course of
the50-dayincubation periodThe RLO saprolite produced lesser As concentrations than the JHP
saprolite, which produced As concentrations that exceeded EPA regulatory limitggt.10
The addition of redox activ@lutes mean to simulate surficial inphtsisignificant effects on
the solubilization of As from the saprolite, with nitrate (an oxidizing agent) diminishing the
solubilization of both As and Fe, and CAr@lucing agent) increasing @mphasizinghe
importance of MAmediated redodpouffering to As biogeochemistrfyfhese experiments confirm
that threshold levels of Mn need to be reduced prior to the reduction and solubilization of Fe and
As, and that this threshold is dependent on the concentration of Mn preserdapritige(more
Mn leading to a higher threshold, and less Mn leading to a lower thresiiidjeas the Mn:Fe
ratio was found to be an important indicator of As susceptibility to solubdizatiwas not
found to be a simple case of decreasing As concentrations with increasing Mn:Fe ratio, as was
suggested by Maguffin et al. (202That the saprolite with a higher Mn:Fe ratio had the greatest
As concentrations suggests that the charactdrsorption capacityf the Mn and Fe minerals
involved is also determinative of the ability of thegroliteto release As, and cause produce
hazardous As concentrations in groundwakbe utility of a Mn:Fe ratio in the future would be
dependent on furdr research that would take minerology into account to determine-the co
effects of redox transformations and adsorption.

There are several avenues for future research to study the implaetlohracteristicef

aquifer solidsand additives on As solubilizatiobsing differentmaterialswith a wider range of
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Mn:Fe ratios would be ideal, especially if the mineralogy of the Fe could be exploxed, s
different Fe minerals have different capacities for bindingTAss could explore the interplay
between dissolution of As driven by redox changes and sorption to other miGeoalsdwater
systems in North Carolina are usually unconfined, and water levels can fluctuate in addition to
experiencing recharge from the surfaCenducting experiments to study how the flow of liquid
changes the solubilization of As and other redox active elements, as well as the redox
characteristics of both the aqusaand solid phases of the microcodris could include
flowing liquid downward through a column afjuifer materialso mimic recharge, as well as

inundating a column from the bottom to simulate a fluctuating water table.
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Table 3.1:Experimental conditions for incubations.All solutions also contained 25 mM
HEPES buffer and 10 mM KCI. Experiments were sealed and reopened under a nitrogen
atmosphere

Solution Bronop KN mM) Cit ¢( mMp
(mM)
Buffer
Buffer + Bro 10
Low Nitrate 20
Low Nitrate + 10 20
Hi gh Nitrat 50
Hi gh Nitrate - 10 50
Lowi t( @A) 20
Lowi t(r@A) Brono 10 20
Hi g¢ght( @A)e 50
Hi gh t(r@A)e + Br « 10 50

Table 3.2: Physical Properties of Experimental Saprolites

Surface area
(m?g)
RLO Loam 31.8 45.2 23.0 24.9

Saprolite USDA Class % Sand % Silt % Clay

JHP Loam 37.5 49.4 13.0 9.6
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Table 3.3: Chemical composition of saprolite sample3.otal concentrations determined by

XRF analysisAvailable concentrations determined by acid digestion using EPA Method 3050B
and ICRMS analysisPercent available calculated by dividing the available concentration by the
total concentration.

Saprolite Fe Mn As Fe:Mn Mn:Fe
Total (mg/kg)  74207.14 11087.42 5.5 6.693 0.149
Avalable oo oo oo o0 162348 139.600 o o
(mg/kg) 7 2
RLO
CBD extractable 5,4 32 472281  0.002
(mg/kg)
%available  82.30056 40.23107 29'2179
% oxide 20366  0.29
Total (mg/kg)  31006.29 924.2857 9'82714 333462 0,030
Available pe6807 500450y 198563 493576
JHP (mg/kg) 3 3
CBD extractable ;4606 19 132.99 80355  0.012
(mg/kg)
% available 82.85319 56.31167 20.1441
% oxide 34.4655  14.388

Table 3.4: RLO Saprolite and Incubation XANES Analysis.Uncertainty on oxidation number
andon the fraction of original saprolite is assumed to be 0.1 and 5%, respe@uwelgnation of
standards was 1.011.02 for the Fe spectra, and 0i9Q.95 for the Mn Spectra

Fe Aver Fracti Mn Aver Fract.

Oxi dat i Origir Oxidat Ori gin

Number Saprol.i Number Saproli
Saprol it 3.0 2.3
Buffer 3.0 0. 78 2.4 0.70
Buffer + 3.0 0. 44 2.5 0.60
Low NOS3 3.0 0. 44 2.5 0.65
Hi gh NO3 3.0 0. 44 2.5 0.60
Lowitrat: 3.0 0.67 2.5 0.65
Hi ch trat 3.0 0.54 2.5 0. 67
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Table 3.5: JHP Saprolite and Incubation XANES AnalysisUncertainty on oxidation number
andon the fraction of original saprolite is assumed to be 0.1 and 5%, respe@uwelgnation of
standards was 1.01 for the Fe spectra, andi01987 for the Mn spectra.
Fe Ave FractiMn Ave Fraction
Oxi dat Origit Oxidat Saprol it

Numbe Saprol Numbe
Saprolite 2.7 2.3
Buffer 2.8 0. 35 2.3 0. 88
Buffer + 2. 8 0. 32 2. 4 0.73
Low NO3 2.8 0. 26 2. 4 0.75
Hi gh NOS3 2.8 0. 26 2.6 0.49
Low®witrate 2.8 0. 34 2.3 0.80
Hi Chtrate 2.8 0.39 2.2 0.91
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Table 3.6: Redlair Observatory saprolite ttest p-values T-tests conducted using the calculated

Fe Mn As
Br%r;g;r)]cglp\;sl No Dayl Day3 Day7 Dayl14 Day28 Day50( Dayl Day3 Day7 Dayl1l4 Day28 Day50| Dayl  Day3 Day7 Day14 Day28 Day50
Buffer 0.2936 0.00582 2.4E-05 0.00078 8.2E-05 0.11628 0.32045 0.14297 0.74034 0.0197 0.12608 0.00101 - - - 0.3739 3.7E-05 0.3739
Low NO3 0.00859 0.33884 0.04382 0.05182 0.14746 0.46409| 0.00161 0.01244 0.00198 0.02725 0.00102 0.00289| - - - 0.3739 0.11809 0.3739
High NO3 0.06683 0.63649 0.01828 0.07586 0.00028 2.9E-06| 0.18092 0.0307 0.05963 1.9E-05 8.2E-05 0.00015[ - - 0.3739 - 0.96002 0.3739
Low CA 0.00538 0.00098 0.00741 0.00038 0.00086 0.12363] 0.21319 0.46112 0.06045 0.00016 1.6E-05 0.67365( 0.91616 0.1155 0.4916 0.0508 0.54851 0.11625
High CA 0.20808 0.48121 0.0149 0.07295 0.01114 0.00024] 0.14004 0.76617 0.36392 0.00525 0.00152 0.01296( 0.11819 0.17779 0.30127 0.40051 0.00728 0.00585
Buffer vs
additives
Low NO3 0.04565 0.00062 6.4E-06 2.6E-05 4.9E-05 0.60509| 0.44082 0.00189 0.00727 0.01102 0.13784 0.00067| - - - 0.98674 0.11809 -
High NO3 0.03585 0.00053 9E-06 0.00024 4E-05 0.08955 0.00741 0.00078 0.00547 8.3E-05 0.17589 0.00103( - - 0.3739 0.3739 0.3739 0.3739
Low CA 0.01136 0.00249 1.8E-05 0.69153 0.13273 0.69709 0.0001 8E-06 2.5E-06 0.00923 0.07513 0.00363( 0.3739 0.11644 9.4E-05 0.97208 0.05796 -
High CA 0.01395 1.5E-05 6.1E-07 0.00023 0.76856 0.2945| 8.5E-06 1E-06 9.7E-07 3.9E-10 0.00837 0.02494f 0.11819 0.13628 0.00066 0.33582 0.0013 -
Buffer +
bronopol vs
additives
+bronopol
Low NO3 0.03027 0.01056 0.00574 0.00826 0.20678 0.03834| 0.00022 0.00012 0.00058 0.00039 0.0006 0.00664 - - - - 3.7E-05 0.96598
High NO3 0.00525 0.00556 0.00022 0.02196 0.05049 0.0331|0.00098 4E-05 6.4E-05 4.8E-07 5E-05 4.1E-05 - - - - 0.13861 0.3739
Low CA 2.5E-06 4.9E-06 6.3E-06 9E-08 6.6E-06 0.13853| 1.7E-07 8.9E-06 3.5E-06 1.3E-06 1.5E-06 0.19618 0.3739 4.1E-08 0.0006 0.0003 0.00857 0.26882

High CA

1.1E-06 2.7E-05 6.5E-06 2.9E-06 0.00487 3.4E-05

2.7E-09 8.8E-05 3.8E-07 1.6E-06 8.7E-05 5.4E-05|

- 0.00016 0.00028 0.0003 0.00198 0.04982



Table 3.7: Jesse Helms Park saprolite-test pvalues T-tests conducted using the calculated ug/g

Fe Mn As
Bronopol vs No
Bronopol Dayl Day3 Day7 Dayl14 Day28 Day50( Dayl Day3 Day7 Dayl4 Day28 Day50| Dayl Day3 Day7 Dayl14 Day?28 Day50
Buffer 0.32914 0.27967 0.28568 0.47487 0.35669 0.03652| 0.4806 0.4891 0.44227 0.12103 0.1  0.2281 - - - 0.93587 0.00115
Low NO3 0.5993 0.51042 0.1555 0.43015 0.08753 0.29731] 0.13222 0.84831 0.52579 0.88812 0.15426 0.41062 - - - 0.11613 0.00058
High NO3 | 0.00219 0.01257 0.57504 0.36236 0.37614 0.18098 6.2E-05 0.00149 0.03882 0.01009 0.11279 0.00772 0.00068 0.00225 - - - 0.47394
Low CA 0.00082 4.3E-06 0.00195 0.31677 0.71991 0.57233 2.1E-05 0.00369 0.00076 0.0297 0.00235 0.16453| 0.0041 0.00023 0.00303 0.28053 0.44291 0.89462
High CA 0.21697 0.29673 0.00095 0.00591 0.00026 0.0009 | 0.45784 0.30768 0.09321 0.00941 0.00645 0.00297| 0.02488 0.03688 0.01121 0.00419 0.02695 0.0056
Buffer vs
additives
Low NO3 0.41895 0.62952 0.81344 0.4844 0.18103 0.03864{ 0.0029 0.01053 0.00139 0.01656 0.73619 0.80004 - - - 0.3739 0.00058
High NO3 | 0.65096 0.28654 0.57188 0.9392 0.18691 0.17337 0.00648 0.00185 0.05834 0.03203 0.9975 0.95725 - - - 0.3739 0.13082
Low CA 0.25786 0.56583 0.00118 0.15985 0.00309 0.09126{ 0.0011 0.00121 3.9E-05 0.00058 0.00033 0.00139 - - 0.00068 0.04991 0.01609 0.00286
High CA 0.00126 6.9E-05 0.00026 0.00389 0.00018 0.0004 | 1.7E-05 0.00563 0.00038 0.00034 0.00074 4.8E-05| 0.00053 0.00106 0.00397 0.00196 0.0164 0.00224
Buffer +
bronopol vs
additives
+bronopol
Low NO3 0.2454 0.61054 0.03359 0.38031 0.50126 0.23667| 0.00064 0.00171 0.03496 0.00691 0.0184 0.01507 - - - 0.69757 0.00115
High NO3 | 0.00222 0.01259 0.00058 0.0885 0.6601 0.36578 2.1E-05 0.00108 0.00652 0.00025 0.0251 3.6E-05|0.00068 0.00225 - 0.3739 0.12148
Low CA 4.8E-05 4.5E-06 3.2E-07 2.2E-05 3.1E-06 0.00072| 5E-06 0.00102 0.00021 0.00034 2.1E-05 0.00491) 0.0041 0.00023 1.5E-09 1.3E-06 0.00402 0.00162

High CA

9.9E-07 5.6E-05 4E-06 1.3E-09 4.6E-06 2.6E-06

7E-05 6.5E-06 2.7E-05 0.003 3.9E-05 0.00125

0.00065 0.0001 0.00048 9.9E-06 0.00091 0.00033
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Table 3.8: Post incubation material with residual saprolite Fe.
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Fe-

Incubation RLO FeCI3  Catechol FePO4 FePeal  p OH3  HFO-Si  Nontronite Chlorite  Geothite
Saprolite Complex
complex
Buffer 0.78 0.08 0.06 0.09
+
Buffer 0.44 0.05 0.36 0.16
Bronopol
Low NO3 0.44 0.38 0.20
High NO3 0.44 0.39 0.19
Low CA 0.67 0.18 0.17
High Ca 0.54 0.31 0.17
JHP Fe- Fe Peat
Incubation : FeCl3 Catechol FePO4 ) Fe(OH)3 HFO- Si Nontronite Chlorite
Saprolite Complex
complex
Buffer 0.34 0.09 0.12 0.19 0.28
Buffer +
e 032 0.13 0.10 020 027
Bronopol
Low NO3 0.26 0.10 0.09 0.20 030
High NO3 0.26 0.12 0.13 0.22 0.30
Low CA 0.34 0.07 0.13 0.19 0.28
High Ca 0.39 0.09 0.09 0.17 0.28




Table 3.9: Post incubation material with residual saprolite Mn.
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Incubation RLO Buserite DMnO2 Groutite MnCI2 MnSO4 Pyrolusite
Saprolite
Buffer 0.70 0.07 0.17
+
Butfer 0.60 0.04 0.06 0.24
Bronopol
Low NO3 0.64 0.04 0.03 0.23
High NO3 0.60 0.09 0.02 0.23
Low CA 0.65 0.06 0.22
High Ca 0.67 0.02 0.23
. JHP . . .
Incubation . Buserite DMnO2 Groutite MnCI2 MnSO4 Pyrolusite
Saprolite
Bufter 0.88 0.01 0.03 0.07
Buffer +
Bronor 0.73 0.15 0.04 0.07
ronopol
LowNO3 0.75 0.22 0.06
High NO3 0.49 0.27 0.18 0.10
Low CA 0.80 0.11 0.15
High Ca 091 0.15
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Figure 3.1: Standard Fe spectra used for XANES analysis.



111

——Buserite

I —DMn02
—Groutite

/\/—‘ —MnCL2

—MnS04
N’ —Pyrolusite

__J_—/

6520 6540 6560 6580 6600
eV

Figure 3.2: Standard Mn spectra used for XANESanalysis.



——As(lll)-Ferrihydrite

_J\’_\ —As(V)-Ferrihydrite

—As203

} —As205

11850 11860 11870 11880 11890 11900
eV

Figure 3.3: Standard As spectra used for XANE@nalysis.
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Figure 34: Average Oxidation Reduction Potentiall ORP) and pH for the Redlair
Observatory Saprolite. Measurements taken undenitrogen atmosphere and at room
temperature.
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Saprolite. Measurements taken under a nitrogen atmosphere and at room temperature.
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Figure 3.6: Redlair Observatory Saprolite and the release of Fe, Mn, and As with timé.ines do not represent a model fit and are
meant to guide theye.
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Figure 3.7: Redlair Observatory Saprolite and the release of Fe, Mn, and As with time when incubated with bronopalines do
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Figure 3.8: Jesse Helms Park Saprolite release of Fe, Mn, and As with timénes do not represent a model fit and are meant to
guide the eye.
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Figure 3.9: Jesse Helms Park Saprolite release of Fe, Mn, and AS with time when incubated with bronopoehes do not
represent a model fit and are meanguade the eye.
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Figure 3.11: Fe XANES of incubated JHPmaterial with fitted standard spectra.
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Figure 3.12: Fe XANES of incubated RLO material with fitted standard spectra.
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Figure 3.14.: Mn XANES of incubated RLO material with fitted spectra from standards.
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Figure 3.15: Fe XANES spectra of post incubation JHP materialvith original saprolite as a

standard.
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Figure 3.16: Fe XANES spectra of posincubation RLO material with original saprolite as
a standard.
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Figure 3.17: Mn XANES spectra of post incubation JHP materialwith original saprolite as

a standard.
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Figure 3.18: Mn XANES spectra of post incubation RLO materialwith original saprolite as

a standard.
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CHAPTER 4: The effect of native Fe and Mn on the adsorption of As(V) and As(lll) on
aquifer materials from the North Carolina Piedmont
4.1 Introduction

Groundwater contamination by naturally occurring arsenic (As), a trace metalloid known
to cause cancer, neurological disorders, and metabolic disorders like Type Il diabetes (Sinha et
al, 2019;NavasAcienet al, 2006; Farkhondeh et al, 2018), has been recognized as a global
health emergency, putting between 94 and 220 million people at risk of exposure to
concentrations that exceed drinking water limits set by the WHO (10 pg/L) (Podgoski and Berg,
2020).The Piedmont of North Carolina contains areas wattncerning As concentrations in the
geologic materials and groundwater (Alvarado et al, 2024; Sanders et al, 2012; Eaves et al, 2022;
Coyte et al, 2020)Vith the potential hazard to human health, particularly to those who use
groundwater wells as their primary source of household water, the dissolution of As from aquifer
material into groundwater has been widely studied to determine the risk factorsiwénce,
including the pH and redox potential of the groundwater system (Gillispie et al, 2016;
Masschéeyn et al, 1991; Smedley et al, 2002).

Although dissolved As is commonly linked to the more soluble and mobile As(lll), both
solubilizedAs(lll) and As(V) can be foundiater associated witoils and aquifer solids
(Masscheleyn et al, 1991Groundwater conditions undahich As solubilization has been
known to occur can vary widely around the world, from reducing, to oxidizing, to mixed
oxidizing and reducingonditions(Smedley and Kinniburgh, 200Z}lays, such as kaolinite,
montmorillonite, and illite, can sorb both As (lll) and As(V), ahditsorptioncapacityis

dependent on the pH of the system (Goldberg, 2G@2ineralsn part controkhe occurrence
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of As in groundwater, acting as a common adsorption site in natural environments (Oscarson et
al, 1981; Ravenscroft et al, 200Fhey can adsorb both As(lll) and As(V), but different Fe
minerals may preferentially sorb one oxidation state over the &tbeihydrite, for example,
absorbsnore As(lll) than As(V) (Raven et al, 1998; Zheng et al, 2028greas other Fexides,
hematite and goethite, Ya greater capacity for binding As(V) (Zheng et al, 20R0)-oxides
and Mnmineralshavebeen investig&d fortheirrole in inhibiting As release (Gillispie et al,
2016; Maguffin et al, 2020and have beeshown not only to act as a sorption site for As, but
also as an effective oxidant Ag(lll) to As(V) (Ying et al, 2012).

Just as the for As dissolution from soil (Gillispie et al, 2016; Maguffin et al, 2020), the
combined effects of Fe and Mn on the sorption of As has $tedral. The effect of binary Fe
Mn oxides has on sorption capacity is not straightforward: the addition of Mn has been shown to
have both synergistic and antagonistic effects on As sorption capacity of Fe oxides, depending
on the Fe oxide (Zheng et al, 2020; Zhabhgl, 2012)Additionally, the ratio of Mn:Fe in As has
been suggested as an indicator tdase potential (Gillispie et al, 2016; Maguffin et al, 2020),
and can alter the adsorption capacity of th@¥des (Zheng et al, 2020; Zhang et al, 2012).

To experimentally explore the contribution adsorption has to the mobility of As in Mn
and Febearinggeologic materialsa series of sorption isotherm experimentagisioth As(l11)
and As(V) were conducted witdaprolite from two different sites in the North Carolina
Piedmont Saprolite,a material from a zone of chemical weathering and a common part of the
Piedmont aquifer system with a high surface area to water ratio, may be a source of geogenic
metals to groundwater (Gillespie et al, 20I8)ese sapiides were the subject of previous study
that linked As solubilization to their Mn:Fe ratio (ChapterThe extent of the sorption, and

whether one oxidation state is preferred over the other, is hypothesized to be determined by the



132

Mn:Fe ratio and-e mineaogy, as determined by-¥ay adsorption spectroscoginally, the
reactedsotherm materials will be investigated usingKRF and #XANES to determine spatial
correlations between the concentrations of As, Fe and3i#en the heterogeneous condition of
natural materials, it is expected that As sorption will not be uniform, and that there will be
significant spatial correlations between high concentrations of As and high concentrations of Fe
and Mn, as the sorption 8 is heavilyinfluenced by the redox transformations and sorption
between both.
4.2 Materials and Methods
4.2.1 Reagents

Unless otherwise noted, all chemicals were reagent grade and sourced from Fisher
Scientific or SigmaAldrich.Sol uti ons wer e prepared using ASTN
deionized water.
4.2.2 Saprolite Characterization

Saprolite from two sites in the North Carolina Piedmont was collected from incised
streambedsand banksThe first saprolite was collected from the Jesse Helms Park (JHP) in
Union County, NC; this site was particularly chosen because the area is located on the Cid
formationof the Carolina Terran@ metavolcanic mudstone associated with groundwater
contamination by As (Pippin et al, 2008; Alvarado et al, 2024; Coyte et al, 20#03econd
site was located at the Redlair Observatory (RLO) in Gaston Z,du6Y and is underlain by the
Battleground formationf the Charlotte Terran@iorgan et al, 2021 5amples were taken back
to the laboratory, packed into polymer sleeves with an oxggawenging pack, and heat sealed
for redox preservation. Prior to analysis, the sleeves were opened in an anaerobic chamber under

a nitrogen atmosphere to extract sapeadind be resealed. Prior to use, the saprolite was passed
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through a 2 mm sieu® remove any stones or roptse saprolites were fine textured and most
material passed through the sieve

Physicochemical characterization of the saprolites included particle size analysis by the
hydrometer method (Gee et al, 2002), Brundu@mettTeller (BET) surfacearea analysis
(Quantachrome Autosorb iQ Station 1), and elemental composition determunsitigrboth X
ray fluorescence (XRF) spectroscopy (Bruker Tracer 5i handheld XRF scanner at the North
Carolina State University Paleoclimatology Laboratory) and strong acid digestion (EPA Method
3050B, 1996)Sodium citratebicarbonatedithionite (CBD) extactions to estimate the
concentration of elements associated with oxides in saprolites (Mehra et al, 2013) are also cited
in Table 2.

4.2.3 Sorption Isotherm Experiments

Isotherm experiments were conducted to determine the capacity of the saprolites to sorb
As(lll) and As(V).A series of As solutions were created using either an As(lll) salt (AsNaO
>90%) or a As(V) salt (N&AsO, - 7H20, >99.7%), with As concentrations of 0, 20, 60, 100,

150, 200, 250, and 300 pMhesolutions also contained 20 mM NacCl as a background
electrolyte 40 mL of each solution was placed into a centrifuge tube with 1 g of saprolite to
incubate, and the pH adjusted to circumneutral (6.8 = 0.3) using 0.01 N NaOH q@HH€hs

recorded directly after addition of solution to saprolite, after the pH was adjusted to

circumneutral, and directly after the end of the experinldm.solutions were agitated end over

end on the benchtop using a sample carousel in the dark fouv& Imcubations were

conducted in triplicate. Preliminary kinetics experiments found that both As(V) and As(lIl)

reached equilibrium sorption after three days of incubation, and these were used to determine the

end of the isotherm experiments (data not shondhe end of incubation period, the tubes
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were analyzed for pidsing a Fisher Scientific Accumet excel XL25 and an open pore glass
body pH combination electrode (Fisher Scientific, 136201&Mtrifuged for 20 minutes at 4000
rpm and the supernatant filtered using a 0.2 pum syringe filter to remove any remaining colloidal
material.The filtrate was diluted and preserved for analysis using 5% nitric acid and analyzed for
remaining aqueous As using inductively coupled plasmass spectrometry (Agilent 8900
ICP-MS with Agilent SPS4 autosampler; detien modes included no gas, hydrogen, high
energy hydrogen, helium, high energy helium and oxygen m8deg)tion data was modeled
with Langmuir and-reundlichlsotherms using a preprogrammed excel spreadsheet (Boster et al,
2007).After incubationsthe remaining saproliteollected by centrifuging were packaged into
mylar pouches with oxygen scavenging packs and frozen to preserve for lat@hseid
analysis by Xray absorption spectroscopy (XAS) andga§ fluorescence spectroscopy.
4.2.4Solid phase analysis byrdy Spectroscopy

X-ray absorption near edge structure spectroscopy (XANES) was utdiziedermine

the average oxidation number of target elements (Fe, Mn and As). The saprolites were
subsampled under a nitrogen atmosphere and packed into a sample holder without drying or
grinding. The sample holder was sealed with Kapton tape and shipped to the Stanford
Synchrotron Radiation Lightsource (SSRL) where analysis was conducted at Beandline 11
Incident beam energy was selected using an Si(220) double engstathromatoand spectra
were collected in fluorescence mode using both a Ge defémtés and Mn) and a PIPS
detector equipped with Soller slits and an Mn filter (for Fe). Spectra were normalized and
analyzed by linear combination fittiriglelly et al., 2008; Manceau et al, 201}h published

spectral standard# Mn and Fe minerals, as well as As oxyanions, both alone and sorbed onto

ferrinydrite( O6 Day et al , 2004, Duckworth et al, 201"
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software SixPack (Web, S.M., 2009he standard spectra used for analysis can be found in
Chapter 3, Figures 3.1, 3.2 and 3 Be spectra and LCF fitting for both saprolites can be found
in Chapter 3Figure3.10.

To better identify As binding minerals in theactedsaprolites pu-X-ray fluorescence
spectroscopy ((IXRF) and ¢pXANES were conducted at the Stanford Synchrotron Radiation
Lightsource (SSRL) Beamline2 Fresh saprolite, andhe replicate from each of the 300 uM
incubation pellets (JHRASs(III), JHP-As(V), RLO-As(lll), and RLOAs(V)) werethawed and
allowed to dry under a nitrogen atmosphere to remove excessive remaining maistime.
layer ofreactedsaprolitewas placed into a silicon mold, and a tpart epoxy resin (Epotek 301)
was poured over thaterialand dowed to cure for 24 hour©nce dry, the epoxy block was
glued to a quartz microscope slide (Chemglass) witlsdpeoliteside downThese samples
were thinsectioned by cutting off excess epdxgck andgrinding the remainder ca. 20800
nm in thickness.

At beamline 23, incident beam energy was set to 12000 eV using a Si(111)
monochromatoand fluorescence data was collected for As, Fe, and Mn using a CCD detector.
Discrete areas were scanned in fluorescence mode using a vortex detector; scans were collected
with a step size of 7 um and a 15 ms dwell tifftee dimensions of the areas selected for
analysis wer@.1x 1.8 mm (JHP saprolite), 2:61.5 mm (RLO saprolite),.7 x 1.9 mm
(RLO/As(lI) incubation), 1.7 x 2.0 mm (RLO/As(V) incubation), 1.9 x 2.0 (@MP/As(lII)
incubation), and 1.7 x 2.0 mm (JHP/As(V) incubatidrije (tXRF spatial maps were used to
identify points of high As concentration whereXANES spectra for As, Fe, and Mn were
collected using a Vortex silicon drift detectbhese pXRF maps and {XANES spectra were

analyzed using SMAK (for the analysis 6{RF spatial maps of the three elements) and
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SixPack (for the normalization and leasjuares fitting of standards to theXANES spectra)
(Webb, S.M., 2005; Web S.M., 201Tpgether, the softwameasused to determine the spatial
correlations between the three elements, and to compare their average oxidation number at
discrete, high concentration areas in the saprolite to the average oxidation number in the bulk
saprolites.
4.3 Results
4.3.1 Saprolite characteristics

Particle size and surface area analysis of the saprolites is shown il Taflee RLO
and JHP saprolites both classify as loams. The RLO saprolite has more thartluesixeific
surface of JHP, consistent with a greater clay conidrg.As, Fe and Mn contents of the
saprolites are also shown in Tadl&. The JHP saprolite had a higher concentration of As than
the RLO saprolitethis wasconsistent withthe JHP site being associated with the high As
concentrations of the Cid formatigRippin et al2008; USGS, 2015)The lower As
concentration in the RLO saprolite was consistent with the study site being asswittated
terrane with low ambient A3he RLO saprolite had higher concentrations of not only Esal
but also available Fe and#e&ides, as compared to the JHP saprolitee RLO saprolite
additionally had higher concentrations of total Mn tl@JHP saprolite, but the JHP saprolite
had higher concentrations of both environmentally available and CBD extractaliRaNbs of
available Mn/Fe were lesser in the RLO saprolite (0.007) than the JHP saprolite (0.02).

XANES analysis of thenreactedaprolitegChapter 3, Figure 3.)@undthat both
saprolites had predominately oxidized Fe and As: the average oxidation numbers of the bulk Fe
was found to be 2.7 in the JHP saprolite, and 3.0 in the RLO; the bulk As was found to have

average oxidation numbers of 5.0 in the JHP and 4.5 inltkedaprolitesThe average
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oxidation numbers of Mn in both bulk saptes were much more reduced, 2.3 in the JHP and
2.2 in the RLOXANES analysis of the Fe spectra was used to gain insight into the minerology
of the Fe present in the saprolit€her methods more traditionally used to identify minerology,
such as extended-bay absorption fine structure spectroscopy (EXAF8)egonsidered but
was not conducted due to the limited time available to conduct said analysis.

4.3.2 Sorption Isotherms with As(V) and As(lIl) oxyanions

The pH for each isotherm over the course of the experiment (the initial pH, the adjusted
pH just prior to the @lay incubation period, and the pH at the end of the incubation period) is
shown in Figures 4.and 42. Figures4.3 and4.4 show the sorption of As onto the saprolite
samples as a function cbncentrationOver the concentration range studies, the RLO saprolite
has greater mass normalized sorption maxima for both As(lll) and As(V) sorption that the JHP
saprolite, consistent with greater surfapeasof the RLO saprolite. The isotherms were analyzed
using both Langmuir anBreundlichmodels, and the results can be found in Tat8eUsing the
summation of square error (SSE) as a comparative statistical tool, it was determined that the
better fits for each isotherm was the Langmuir model. Interestingly, the RLO sagffirtiis
for both As(lll) (KL = 0.13 and As(V)(KL = 0.43 was of similar magnitudeyhereas JHP has a
lower affinity for As(lll) (KL = 0.16) than As(V) (K= 1.9). Comparing thenaximum sorption
parameter¢Smax), it was found that the Smax increased in the following order: JHP/As(V)
isotherm (43.3mg/kg) < JHP/As(IIl) isotherm (total 441 mg/kg) < RLO/As(V) isotherm
(636.3mg/kg) < RLO/As(lII) isotherm (1310.mg/kg).
4.3.3 #tXRF and pXANES Analysis

Tricolor multi-elemental pXRF spatial maps of Fe, Mn and As are shown Figusdor

unreactedsaprolites, and the saprolites after incubation with 300 uM of both As(lIl) and As(V).
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Correlations between the element counts across the entire spatial maps, and the Mn/Fe count
ratio, are found in Figures6 and 47. The distribution of As differed between saprolites, with
the JHP saprolite As presenting more in concentrated hotspots and the RLO having a more
diffuse As distributionpoth for thereactedand umeactedsaprolite Figure 4871 4.11). At As
hotspotsm bothreactedsaprolites, As counts positively correlated witsthMn and Fe, and
with Mn/Fe countatio. The As hotspots in the JHP saprolite (points A through E) were
associated with Mn:Fe between 0.03 and Balyever the variation in the correlations at each
point suggest that As was forming a variety of associations witkejhr@lite The As hotspots in
the RLO saprolites were associated with Mn:Fe count ratios up to ~0.16, and had strong and
similar correlations with counts of As (point F-R0.74, point G R= 0.87, point H R= 0.68,
all p-values < 0.01), suggesting a uniformity in what associattmm#s was forming with the
RLO saprolite It should be noted that the count ratio does not directly translate to ratio derived
from guantitative chemical analysis but provides a convenient measure within samples.

The average oxidation numbers of Fe, Mn and As fronpRANES analysigFigures
4127 4.14), with the fractions of each standard can be found in Td®4é4.6, along with the
average oxidation numbers and spectra fractions of the original bulk saprolite for comparison.
Low As concentrationprecludedcollection ofu-XANES spectra othe unreacted saprolites, so
thisanalysis was limited to the As hotspots of tbactedsaprolitesAt each of the selected As
hotspots, th@i-XANES analysis of Mn generglifound an increase in the average oxidation
number compared to the original bulk saprolitee JHP hotspots showed higher oxidation
numbers than the RLO saprolites; this is reflective of the increase in fraction of Mn(1V) oxides

buserite and pyrolusite in theXANES spectra.
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The Fe XANES aAs hotspots varied in the degree of change in the average oxidation
number.The JHP hotspots had either more reduced or more oxidized Fe than the original bulk
saprolite, while the RLO hotspots were more reduced than the original bulk saprolite. The JHP
points generally exhibited a greater fraction of both poorly ordered feritiéyohd silicon
bearing hydrous ferric oxide than was found in the bulk saprolite RLO points, in contrast,
had lower proportions of these same standards caaparthe original RLO saprolitét all
points, the XANES spectra indicated fhresencef reduced Fe species, particularly pyrite
(FeS) and siderite FeCO

The As XANES largely showed more reduced character at each of the As hotspots
compared to the original bulk saprolites, with the exception of Point D, where As was best fit
with only As(V). The XANES spectra generally had were beset fit mix of both As(lll) and
As(V), particularly the arsenate spectra (As¢ly) and arsenate bound to a synthetic
ferrinydrite (ferrinydritei As(V)20s) (Sowers et al.,2020).
4.4 Discussion
4.4.1 Bulk saprolites and As sorption

The sorption isotherms showed that both saprolites have the capacity to sorb of both
As(V) and As (lIl).Although the Langmuir binding constants_jKor JHP exceed the
correspondindl. for RLO, the RLO saprolite showed a much greater capacity for both species
of As over the JHP saprolitelowever, when Smax is converted using the specific surface area
of each saprolite, the order of capacity changes to RLO/As(V) (0.02543ngdRP/As(V)
(0.0457 mg/m) < JHP/As(I11) (0.0466 mg/R) < RLO/As(II1) (0.0524 m¢m?). This observation

suggests that the RLO capacity for As(V) is largely a result of its greater surface area.
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The ratio of Mn to Fe has been considered a factor for both As release and sorption in
sorption (Gillispie et al, 2016; Maguffin et al, 2020; Zhang et al, 2012; Zheng et al, 2020).
Previous work examining the solubilization of As from these saprolites (Chapter 1) found that
the JHP saprolite exhibited up to 10x greater dissolved As than the RLO saprolite under
favorable conditions (microbially active, additional dissolved carborcedurhis was
rationalized in termsf its Mn:Fe ratio (0.0Rby noting thagreater Mn:Fe ratios indicate a
system with sufficient oxidized Mn remaining to buffer the redox potential above that which
favorable for Fe and As reductidbhhas also been noted that Mn oxides may oxidize As and
promote its sorption Mn phases (Masscheleyn et al, 1991; Zheng et al, 2020). Here, the RLO has
a large Mn:Fe total ratio with a small Mn:Fe available ratio, and a large difference in sorption
capacites between the As(V) and As(llIn contrast, the JHP has a similar Mn:Fe total and
availableratios and similar As(lll) and As(V) sorption capaciti€be differences in Mn:Fe
ratios from differing measurement techniques and in the relative adsorption of As(lll) and As(V)
between the samples suggest additional controls on As sorption.

Although it was originally thought that Mn would uniformly enhance the sorption of As
by oxidizing As(lll) to the less soluble As(V), that view has been expanded to reflect how Fe
speciation and mineralogy plays a vital role in determining a substratetydéf sorb either
As(lll) or As(V), and whether the addition of Mn oxides leads to enhanced or reduced As
sorption.The bulk XANES analysis of the teactedRLO saprolite found that the Fe fraction of
thesaprolitewas dominated by Fe forms that either were or were similar to poorly ordered
minerals, including ferrihydrite (42%) and a silica bearing hydrous ferrous oxide,(24%)
lesser occurrence 46% hematitend12% goethite. Ferrihydritkasa greatecapacity to

adsorb As(lll) Raven et al, 1998whereaghe silicahydrous ferric oxide only showed a
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preference for As(lIl) adsorption when the pH <@ix(t et al, 2003. As the RLO isotherms
usually had a pH>7.0 at the end of the incuba
capacity for As(lll), and comparatively smaller capacity for As(i)contrast, the JHP had a
more varied composition of Fe minerals (33% chlorite, 24% magnetite, 17% nontronite).
Chlorite was found to have a greater sorption capacity for As(V) over As(ll) (Lin et al, 1999).
Nontronite was found to sorb both As(V) and A§(lbut at near neutral pH has been found to
have a greater capacity for As(lll) (Ghorbanzadeh et al, 2015), and the pH JHP isotherms was
between 6.5 and 7 by the end of the incubation period. Similarly, magnetite was found to have
pH specific binding capties, but had roughly equal capacities for As(lll) and As(V) at pH
between 5.6 and 6.8 (Su and Puls, 200@yether, the Fe minerals and pH conditions explain
the JHP saprolites more moderate and roughly equal sorption of As(lll) and As(V) compared to
the RLO saprolite.

4.4.2 Microscale sorption

Considering the element correlations for the full elemental map of both thactedand
thereactedsaprolites, As appeared to have multiple sorption associations with the JHP
saprolites, based on the apparent multiple linear correlations visible in the correlation data
(Figures4.54.6). In contrast, the RLO saprolite appeared to have only one dominate sorption
relationship with As, again based on the uniformity of the count correlations (§#yGird.6).
This difference can likely be attributed to faeger variety of Fe minerals in the JHP compared
to the RLO saprolites, which would lead to a larger variety of sorption associations with the
saprolite minerals.

For the elemental correlations at the As hotspots ingetedsaprolites, the variation in

the As correlations with the Fe and Mn was greater in the JHP than the RLO, further suggesting
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that different Fe minerals had different affinities and binding relationships witim As
hotspotsn all saprolite incubations commonly found significant (p < 0.001) correlations
between As and both Fe and Mn (Figurgg)4The variability in correlations and?Ralues also
reflects the fact that there may be more than one kind of association between As and the
substratesThe relationship between the Mn/Fe count ratio and As at the hotspots typically
showed a linear correlation, with increasing counts of As with increasing MPrE@ous
studies have identifiethe relationshipetween the Mn/Fe and the amount of As either adsorbed
from or released to solution; this analysis shows that the Mn/Fe ratio also has a relationship with
As in thesolid phaseat the micoscale At the microscale, for these particutaprolitesthe
overall positive correlation between the As counts and the Mn:Fe ratio suggests a general
synergistic trend at these hotspots, rather than an antagonistic laftecbnfirmation of this
may require additional{XANES analysis oklemental maps ather points of interest to isolate
effects of Fe minerology

U-XANES analysis at the hotspdispectra found in Figuresi2i 4.14) showed

microscale heterogeneity in the elemental average oxidation number between the, vatégiots
can be found in Tables 4i44.6. The Mn was found to have a higher average oxidation state
every As hotspot than the iactedoulk saprolite This may be the result of local concentrations
of Mn(1V) oxides,reflecting literature findings that Mn oxides can enhance As binding in a
number of iron riclgeologic materialsdepending on thFe minerology (Zhang et al, 2012;
Ying et al, 2012; Zheng et al, 2020he average oxidation number of Fe at the As hotspots had
different trends, with the JHP hotspots experiencing both Fe oxidation and reduction, and the
RLO hotspots only showing Fe reductidime XANES analysis for both saprolites showed that

the Fe spectra increabim the proportion of pyrite and siderite standards at these points,
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suggesting that the localized areas may be experiencing both Fe reductive dissolution and
potentially precipitation over the course of the isotherm experiment (Maguffin et al, 2020).
Interestingly, all JHP points had local concentrations of ferrihydrite and-$iv@here the bulk
saprolite did not, both of which tend to have high capacities for As (Dixit et al, 2003; Zheng et
al, 2020).

The average oxidation state of Amyvary significantly even within the sansample as
in the JHPAs(V) isothermwhere the As oxidation number was 5.0 at point D, 4.1 at point E and
3.3 at point BThis agrees with the newer interpretation of isotherm studies that the sorption of
As can involve a mix of both reduced and oxidized As, rather than the earlier model wherein the
transformation to and sorption of As(V) was the primary mechanism of Agioet€¢dheng et
al, 2020; Raven et al, 1998; Goldberg,Z02).This mix is also likely to be very dependent on
the Fe, or Mn, minerals that tlAe can sorb to at the microscale environment. Notably the only
point where the As was uniformly oxidized had the lowest fraction of ferrihydrite, which has a
higher capacity for As(lll), and a higher fraction of chlorite, which prefers AsTidjether, the
XRF and XAS analysis of microscale chemical illustrate the complex interactions that occur on
the microscale that contribute to the overall affinity ofghprolitefor As sorption, and
additional analysis more geared towards determining the speciation of Fe, Mn and As at the
microscale would be warranted to elucidate more specific affinity between As and different Fe
and Mn minerals (Zhang et al, 2012; Ying et all20Zheng et al, 2020).
4.5 Conclusions and Future Research

This study found that the RLO saprolite, which bagn foundo havelesser
solubilization of As in previous experiments (Chapter 1), had a 1.5 to 3 times greater capacity for

binding As than the JHP saprolies the JHP saprolites high solubilization of As in previous
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study was attributed tib having a favorable Mn:Fe ratio, the results of this study may provide
additional insights into the mechanisms for this potential geochemical inditheogreater
proportion of Fe minerals in the RLO saprolite may havgréateradsorption of Asteducing
the effect ofAs dissolution.The results of the XANES analysis suggest that the minerology of
Fepresent, not just the concentration, has influence on the adsorption capacityagrtite
The mineralogy of Fe minerals sggpted the RLO had a large fraction of ferrihydrite, potentially
explaining its preference for the sorption of As(Ilhe JHP had a variety of Fe minerals that
could favor either As(lll) or As(V) sorption, depending on environmental factors, particularly
pH. Microscale analysis by-XRF and pXANES showed that the As in the saprolite primarily
occurred in hespots of highsorption andhad close associations with both Mn and Fe.
Importantly, the high counts of As had very close correlations with higties &t Mn:Fe,
which suggests that a pattern found in sorption and release studies in literature may also carry
over the microscaldy combining the results of both isothexandX-ray asorption analysis,
this study has elucidated the connections between As adsorption at the macroscale and the
chemical associations at the microscalas information will be crucial for future study and
development of biogeochemical models that may be used for the prediction of hazardous As
release into groundwater andriking water wellsFurther study on the retention of As in
Piedmont aquifer materials is necessaiyis may include sorption studies involving materials
from deeper portions of the aquifer system, such as regolith or bedrock material, which would
need to include more definite characterization of the Fe and Mn minerals to determine how the
speciation efcts the As affinitylt might also include using groundwater samples for the
isotherm experiments instead of deionized water, to better understand hexyudloeis chemical

conditions affecttha q u i f e ability 0 sorbds 6
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Table 4.1: Physical Characteristics of Redlair Observatory Saprolite (RLO) and Jesse
Helms Park Saprolite (JHP)

Surface
Saprolite USDA % Sand % Silt % Clay area
Class 5
(m?/g)
RLO Loam 31.8 45.2 23.0 24.9
JHP Loam 37.5 49.4 13.0 9.6

Table 4.2: Elemental Concentrations of RLO and JHP Saprolites

Sapro Fe Mn As Mn: Fe
Tot al
(mg/k 74207 11087 5.5 0. 14!
Avail 1072 437.4 1.623 0.00°
( mg/ k
RL O CBD
extrac 1511°: 32 0. 00
( mg/ k
% avai 82.30 40.23 29.51
Total 31006 924.2 9.857 0.03
( mg/ k
Avai l
(mg/k 25689 520.4 1.985 0.02|
JHP CBD
extrac( 10686 132.¢ 0.01:
( mg/ k

% avai 82.85 56. 31 20. 14

Table 4.3: Sorption constants and statistics of each isotherm model.

Constants
Model and JHP/As(V)  RLO/As(V)  JHP/As(lll)  RLO/As(lI)
Statistics
KL 1.59 0.43 0.16 0.13
Langmuir Shax 437 636 a4 1311
SSE 3787 6600 15947 43500
Ke 237 210 844 163
Freundlich n 0.251 0.4 0.5@3 0.76
SSE 4822 8014 16360 45700
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Table 4.4: Standard Fe spectra fraction and average oxidation number for bulk saprolites and As hotspots.

Fe- Fe-Peat HFO- Average Ox
FeCI3 Catechol ~ FePO4 Complex Fe(OH)3 Si Nontronite ~ Chlorite ~ Geothite Fe203  FeOOOH  Fe304 FeS2 FeCO3  Number
complex OmpIEs
IHP. 0.06 0.12 0.17 0.33 0.24 0.06 2.7
saprolite
RLO
o 0.42 0.25 0.06 0.12 0.16 3.0
saprolite
Point A 0.22 0.06 0.09 0.28 0.10 0.28 2.5
PointB 0.06 0.13 0.19 0.29 0.27 0.08 2.9
Point C 0.45 0.32 0.14 0.11 2.8
PointD 0.12 0.09 0.20 0.16 0.26 0.07 0.11 2.6
PointE 0.46 0.26 0.05 0.15 0.12 2.7
Point F 0.35 0.23 0.30 0.16 25
Point G 0.40 0.17 0.07 0.06 0.15 0.17 2.6

PointH 0.12 0.32 0.33 0.23 23
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Table 4.5: Standard Mn spectra fraction and average oxidation number for bulk saprolites
and As hotspots.

Average Ox
Buserite DMnO2 Groutite MnCI2 MnSO4 Pyrolusite Number
JHP
. 0.30 0.18 0.61 23
saprolite
RLO 0.25 0.44 0.36 22
saprolite
Point A 0.37 0.51 0.12 2.6
PointB 0.48 0.47 0.06 2.6
Point C 0.61 0.19 0.21 2.8
PointD 0.312 0.18 0.55 2.3
PointE 0.54 0.49 2.5
PointF 0.44 0.39 0.17 2.4
Point G 0.44 0.31 0.27 2.4

PointH 0.39 0.20 0.43 24
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Table 4.6: Standard As spectra fraction and averagexidation number for bulk saprolites
and As hotspots.

JHP saprolite 1.14 5.0
RLO saprolite 0.29 0.92 4.5
Point A 0.44 0.31 0.59 39
Point B 1 0.03 0.03 0.12 33
Point C 0.81 0.37 3.6
PointD 0.13 1 5.0
PointE 0.50 0.68 4.15
Point F 0.86 0.42 3.6
Point G 0.51 0.43 3.9

PointH 0.81 0.49 38
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Figure 4.1: Progression of pH for the JHP isotherm experiments over the course of the
incubation period. Top: JHRAs(V) isotherm. Bottom: JHRAs(III) isotherm.
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Figure 4.5: uXRF elemental mapping of Fe (red), Mn (blue) and As (green) in both JHP
and RLO saprolites. Left: elemental maps of veactedsaprolites; Middle: elemental maps of
saprolitegeactedwith 300 uM As(lll); Right: elemental maps of safites reactedvith 300 uM

As(V).
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Figure 4.6: Elemental count correlations of full elemental mapsLeft: elemental maps of
unreactedsaprolites; Middle: elemental maps of saproliegsctedwrith 300 uM As(lll); Right:
elemental maps of sagites reactedwvith 300 pM As(V).
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Figure 4.7: Correlations between As counts and Mn/Fe counts fdull elemental maps.Left:
elemental maps of ueactedsaprolites; Middle: elemental maps of saproliesctedyith 300
KM As(lll); Right: elemental maps @&aprolitegeactedwvith 300 uM As(V).



